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With the rapid growth of the use of synthetic chemicals and the exceedance of the 

planetary boundary on novel entities, new tools and multi-disciplinary strategies are 

needed to understand the major drivers of human exposure to synthetic chemicals of 

concern.  

In this thesis, I summarize and link 20 studies that together provide a multi-faceted 

approach to improving our understanding of human exposure to chemical pollutants. The 

articles cover the development and improvement of sampling techniques for human 

exposure, the integration of multiple data sources to improve our understanding of 

exposure, and the integration of elements of policy, human behaviour and environmental 

impacts to provide a framework for human exposure evaluation. Results from original 

research highlight the development and optimization of sampling tools necessary to 

collect data in indoor and urban environments, and ensure comparability across studies. 

Integration of exposure estimation techniques allows us to contextualize and prioritize the 

broad set of chemical exposure data that is available from indoor and outdoor monitoring. 

The included studies also incorporate evaluation of environmental policy and regulation; 

this is critical in evaluating the implementation and effectiveness of policy actions to ensure 

a science-backed strategy for chemical management, with the ultimate goal of reducing 

our exposures to hazardous chemicals. 
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Human exposure to chemicals has been known to impact health since the 1700s – chimney 

sweep's cancer (later identified as scrotal cancer) was linked to exposure to chimney soot, 

in a paradigm-shifting insight by British doctor Percivall Pott (Dronsfield, 2006). While it 

was not until the 1920s that the implicated chemical was identified as benzo[a]pyrene, a 

polycyclic aromatic hydrocarbon (PAH) (Dronsfield, 2006), the identification of 

environmental exposure to chemicals as a trigger for health impacts was one of the first 

steps in exposure science, linking environmental causes with health outcomes. Over the 

past centuries, many links between chemicals and health impacts have been established, 

e.g., ingestion exposure to lead identified in Australian children in 1892 (Needleman, 2009), 

Minamata disease caused the discharge and biomagnification of mercury in the Japanese 

area of Minamata Bay in the 1950s (Budnik and Casteleyn, 2019), and the field of human 

exposure to chemicals continues to grow in complexity.  

Synthetic chemicals, a basis for so much development in modern society, pose one of the 

biggest challenges to exposure science today. Around 350 000 chemicals are being 

marketed globally (Fenner and Scheringer, 2021) and the diversity and quantity of synthetic 

chemicals have been increasing at rates surpassing the drivers of global environmental 

change (Bernhardt et al., 2017). Conventional strategies are challenged by this rapid 

increase in complexity: the constantly increasing number of chemicals in commerce and 

under development requires advanced tools and strategies for a comprehensive overview 

of human exposure to chemicals. The planetary boundary of Novel Entities (Steffen et al., 

2015) is estimated to have been passed as the increasing rate of production and releases 

of novel entities exceed society’s ability to conduct safety-related assessments and 

monitoring (Persson et al., 2022). 

This thesis presents a collection of 20 peer-reviewed papers published between 2014 and 

2023 related to human exposure to chemicals. The papers are grouped according to a 

focus on the development and improvement of sampling techniques for human exposure 

(Articles 17-20), integration of multiple data sources to improve our understanding of 

exposure (Articles 9-16), and synthesis, integrating elements of policy, human behaviour 

and environmental impacts to provide a framework for human exposure evaluation that 

can support the challenge of increasing chemical complexity (Articles 1-8). 

Currently, I have published 88 papers, including 78 articles and 10 conference proceedings. 

My contribution to the 20 articles selected for this habilitation thesis is summarized in the 

tables in the attached commentary document, giving my percentage contribution to 

different elements of the work. 
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Chemical exposure is typically categorized according to exposure route – for most 

chemicals this is distributed between inhalation, ingestion (including both diet and non-

dietary ingestion), and dermal uptake. However, a broader framework is necessary to 

understand the relevance of specific exposure pathways for individual substances or 

groups of chemicals, what factors lead to within-population differences in exposures, and 

more broadly, identify actions which can be taken to reduce exposure to harmful chemicals.  

Human chemical exposure sits at the junction of several key factors. To provide a 

framework for guiding research on chemical exposures, we consider a framework 

presenting the “lifecycle” of a chemical exposure, from product use involving direct 

exposures (also called “near-field” exposures in some exposure models), and indirect 

exposures from the wider environment (also called “far-field” exposures). A conceptual 

overview of this framework is presented in Figure 1  

Each element of this exposure framework can be influenced by three major types of 

determinants of exposure:  

• Chemical use, influenced by policy and regulations permitting/restricting chemicals, 

and industrial developments in the synthesis and production of new materials and 

products; 

• Human behaviour, and shifts towards certain lifestyle patterns, professions, dietary 

patterns and consumer choices; 

• Environment, combining the influence of near and far-field exposures on humans. 

While there are many overlaps and interlinkages between these factors, this thesis uses 

these three concepts as themes to highlight key scientific understanding in each area and 

show my contribution to the study of human exposure to synthetic chemicals, from the 

development of sampling techniques through to data synthesis. 
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Figure 1  A conceptual representation of key factors driving human exposure to chemicals 

 

 

At the fundamental level, for human exposure to a synthetic chemical substance to occur, 

there must be sufficient use of the chemical in some application that could lead either to 

its direct exposure to humans, or to its release into the environment and subsequent 

exposure. In practice, both these aspects often occur simultaneously.  

Therefore, a framework for understanding human exposure to synthetic chemicals must 

address the element of chemical use, through consideration of policy and regulatory 

aspects that lead to the use or restriction of a chemical, regulatory changes altering 

chemical use patterns over time, and broad societal level trends impacting exposures.  

A clear potential policy impact on chemical exposures is when a restriction of a chemical is 

introduced; restrictions to reduce risks of hazardous chemicals are introduced with the aim 

that the use of the restricted substance, and consequently exposure, should decrease over 

time. We see clear examples of this in environmental monitoring of persistent organic 

pollutants (POPs), which have been restricted through the Stockholm Convention on POPs 

(UNEP, 2017), entered into force in 2004 and now with 186 parties. For example, air 

concentrations of POP chemicals such as hexachlorocyclohexane, polychlorinated 

biphenyls (PCBs), dichlorodiphenyltrichloroethane (DDT) and polybrominated diphenyl 

ethers (PBDEs) showed continuous declining trends at Arctic monitoring stations from 

1992-2018, reflecting global decreases in chemical stocks and emissions (Wong et al., 

2021), and similar responses to restrictions and reductions of POP use have been seen in 
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other air (Kalina et al., 2018; Venier and Hites, 2010), sediments (Bogdal et al., 2008), and 

biota monitoring (Crimmins et al., 2012; Rigét et al., 2019).  

While the time trends generated from routine monitoring are indicative of overall 

reductions in environmental emissions, and provide a suggestion of human exposure 

trends, more direct evaluation of the effectiveness of restrictions on reducing human 

exposures can be achieved through human biomonitoring (Magulova and Priceputu, 2016). 

Many POPs are persistent, lipophilic compounds which are best monitored through lipid-

heavy matrices, e.g., blood serum and breast milk (Vorkamp et al., 2021). Human milk has 

been selected as a core medium of the Global Monitoring Plan of the Stockholm 

Convention, and has routinely been monitored through a strategic partnership between 

the World Health Organization (WHO) and United Nations Environment Programme 

(UNEP) to track patterns and trends of human exposure to chemicals (Magulova and 

Priceputu, 2016).  

A meta-analysis of human biomonitoring data reporting levels of PBDEs was one of the 

first analyses to generate alarm regarding PBDE exposures: the analysis found a doubling-

time of levels of PBDEs in human tissues of five years, translating to rapidly increasing levels 

in human populations (Hites, 2004). PBDEs are flame retardants - chemicals added to 

consumer products and building materials to reduce their flammability. They have been 

widely used in consumer products and building materials on a global basis (Abbasi et al., 

2015), and the concerns raised about PBDEs’ environmental persistence and toxicity 

(Darnerud, 2003), and specifically neurodevelopmental impacts related to children’s 

exposure (Hudson-Hanley et al., 2018), have led to a transition over the past 20 years away 

from PBDE flame retardants to alternative synthetic chemicals. Our recent meta-analysis of 

PBDEs identified clear evidence of a breakpoint in increasing time trends of PBDEs in 

human tissues, evidence of a positive impact of regulations on reducing human 

exposure to chemicals (Figure 2, van der Schyff et al., 2023a, Appendix 1). However, this 

decreasing time trend does not translate universally to all restricted chemicals; interfering 

factors can moderate the impact of restrictions on human exposures. In the case of PBDEs, 

we see evidence that differing chemical half-lives in the body delay the impact of 

regulations (notably seen in the lack of decrease in PBDE 153, which has a longer half-life 

in the human body), but additionally, we capture the lag-time between restriction of a 

chemical and the removal of the items containing that chemical from use. Most restrictions 

on a chemical eliminate the new production and sale of a chemical, but, for practical 

reasons, typically exempt existing uses. Without the effort to explicitly remove existing uses 

of a chemical, there will be a substantial lag between the restrictions on new use, and the 

elimination of chemical use as a source to humans and the environment. In the case of 

flame-retarded items, the product lifetimes vary widely, from smartphones (2-6 years) to 

building insulation (30-50 years), suggesting that responses to regulations will be 
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significantly delayed for flame retardants predominantly used in insulation (van der Schyff 

et al., 2023a). 

 

a) BDE 47 

 

b) BDE 99 

 
c) BDE 153 

 

d) BDE 209 

 
Figure 2  Results of breakpoint analysis for PBDEs in human milk for Europe for individual PBDE congeners: 

BDE-47, BDE-99, BDE-153 and BDE-209. The shaded area indicates 95th percent confidence interval. The 

dotted blue line indicates when regulation was implemented by the Stockholm Convention (2009: BDE-47, 

-99, and -153; 2019: BDE-209). From van der Schyff et al. (2023a). 

The differing impact of regulations restricting production vs. required removal from use 

are seen in a global evaluation of the impact of policy of the management of PCB stocks. 

PCBs were widely used in electrical equipment, and as plasticizers and flame retardants 

from 1930s to 1980s (Breivik et al., 2002). Due to concerns about their persistence and 

toxicity, restrictions were introduced in many jurisdictions over the 1970s and 1980s, 

eventually eliminating the intentional production of PCBs (Breivik et al., 2002; Melymuk et 

al., 2022). However, many existing uses remained, as early laws restricted only production, 

and did not include a requirement to remove existing PCB stocks from use. PCBs are 

included in the Stockholm Convention which includes a 2025 deadline for removal all PCBs 

from use. Therefore, parties to the Stockholm Convention are required to take active 

measures to remove PCBs from use, which in most regions has resulted in decreasing 

stocks of PCBs (Melymuk et al., 2022, Appendix 2). However, the USA, notably with the 

highest historical PCB use per capita, is not a party to the Stockholm Convention, and as 

such, has not enacted laws requiring removal of PCBs from use. A comparative analysis of 

the implications of this regulatory difference examined PCB stocks over the past 15 years 

in Canada and Czechia (parties to the Stockholm Convention) compared with the USA (as 
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a non-party). Our analysis identified that the active removal of PCBs resulted in a >90 % 

reduction in stocks of PCBs in Canada and Czechia, attributed to the active measures 

undertaken to ensure compliance with the Stockholm deadlines, while USA has had only a 

3 % decline, showing that without active policy measures to require chemical 

elimination, lag times between initial restrictions and eliminations of exposures can 

be very substantial (Melymuk et al., 2022). 

It is not only chemicals policy that directly impacts chemical use and therefore exposure, 

but other policies that trigger chemical use. The incorporation of flame retardants in 

products is primarily driven by regulations: the flammability standards to which an item 

must conform in order to be sold on a given market. Such flammability standards exist for 

building materials, vehicles, and in some jurisdictions, for upholstered furniture (Stapleton 

et al., 2012), and we can see evidence of regional differences in these flammability 

standards on human chemical exposure. 

An early decision introduced by the state of California in the 1970s has had widespread 

implications for human exposure to flame retardants. California introduced a standard 

called TB-117 which required a high resistance to flame in upholstered furniture (Stapleton 

et al., 2012). Because of shared markets, this flammability standard indirectly impacted the 

whole USA, and to some extent, Canada, as furniture manufacturers tend to conform to 

the highest standards (rather than manufacturing dedicated items for California). The 

introduction of this flammability standard resulted in the high use of synthetic organic 

flame retardants in upholstered furniture to meet this standard (Stapleton et al., 2012). For 

the period of 1970s-2000, this flammability standard was primarily met by the 

incorporation of a commercial mixture of polybrominated diphenyl ethers (PBDEs), 

specifically c-pentaBDE, a commercial mixture of tetra, penta- and hexabromodiphenyl 

ether isomers. The majority of the global use of c-pentaBDE was in the USA, in large part 

as additives to upholstered furniture (Abbasi et al., 2019).  
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Figure 3 . Box-and-whiskers (horizontal lines are medians, 95% confidence intervals, minima, and maxima) 

of individual PBDE congeners: A) BDE-47, B) BDE-99, C) BDE-153, and D) BDE-209 concentrations in 

different regions (CSA= Central- and South America and the Caribbean), in breast milk data collected after 

year 2000. Non-parametric ANOVA tests (Kruskal-Wallis with Dunn’s post-tests) were conducted to 

determine significant differences. From van der Schyff et al. (2023a). 

We see clear impacts of this flammability standard and the high use of PBDEs in USA when 

comparing measurements of PBDEs in environmental and human samples from USA vs. 

other countries. Our meta-analysis of existing biomonitoring data for PBDEs in human 

breast milk clearly identified that North American women had levels of PBDEs in their 

breast milk 1-2 orders of magnitude higher than other regions (Figure 3), attributed to the 

higher use of PBDEs in USA, resulting in higher direct and environmental exposures. 

Moreover, we noted similar variations in a comparison of American vs. Canadian and Czech 

homes: concentrations of PBDEs measured in surface dust from USA found levels that were 

consistently 1-2 orders of magnitude higher than in Czechia, and similar geographic 

differences were seen in other indicators of indoor contamination – surface wipes and 

indoor air (Figure 4, Venier et al., 2016, Appendix 3).  
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Figure 4 Boxplots of concentrations for selected PBDEs congeners. The plots share the same y-axis 

concentration scales although the units are different for each matrix: dust is ng/g, window film is ng/m2, 

and air is pg/m3. Within each matrix, boxes that share the same letter are not statistically significantly 

different at a 5% level in an ANOVA analysis using the Tukey's test. From Venier et al. (2016). 

 

The similarity in exposure profiles in many populations further emphasizes the importance 

of regulatory policy and other broad societal factors in driving exposures. In the recent 

HBM4EU (Human Biomonitoring for Europe) aligned studies, indicators of exposure to 

many chemicals were similar across populations from different regions (Govarts et al., 

2023). We found that a urinary metabolite of triphenyl phosphate (TPHP), an 

organophosphate ester (OPE) flame retardant and plasticizer widely used in consumer 

products (van der Veen and de Boer, 2012), was detected in >99% of the European 

children measured, with medians across all nine countries within the range of 1.43 to 2.43 

μg/g creatinine (Figure 5, van der Schyff et al., 2023b, Appendix 4). We noted similar 

homogeneity in a study of flame retardant and plasticizers in the homes and dermal wipes 
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of 51 Canadian women: a consistent similarity in the profiles of both chemical groups was 

noted in wipes from the hands of 51 unrelated women, demonstrating the ubiquity of 

the target chemicals in modern environments, regardless of the participants’ home 

contents, activities, or other personal characteristics (Diamond et al., 2021, Appendix 

5). 

 

Figure 5 Box plot of creatinine-adjusted concentrations of diphenyl phosphate (DPHP), a metabolite of 

TPHP, for Belgium (BE), Czech Republic (CZ), Germany (DE), Denmark, France (FR), Norway (NO), Slovenia 

(SI), and Slovakia (SK). The box indicates median, 25% and 75% percentiles. Whiskers indicate 5% and 95% 

percentiles. From van der Schyff et al. (2023b). The table on the right groups the countries according to 

where significant differences exist between urinary concentrations, e.g., DK is lower than all other countries, 

while DE and NO are similar concentrations. 

 

While policy and regulations have broader societal implications on chemical exposures, 

many of the differences in human exposure to chemicals are driven by individual variations 

in lifestyle and behaviour. For example, while our HBM4EU study found only a 50% 

difference in population medians of diphenyl phosphate (DPHP; metabolite of TPHP) 

across countries, the variation within individual populations far exceeds that, covering a 

10-fold range in most regions (Figure 5), suggesting the importance of individual factors 

in controlling exposures. 

Variations in the use of personal care products (PCPs) within a population is a clear source 

of within-population variations in exposures. Use of personal care products has been linked 

with exposures to synthetic chemicals used as additives in the products or their packaging. 

This includes exposure to TPHP from nail polish use (Mendelsohn et al., 2016), exposure to 

synthetic fragrance compounds from the use of perfumes (Nakata et al., 2015), and 

exposure to UV filters from sunscreen use (Krause et al., 2017). In Czech teenagers and 

young adults, we found that higher use of PCPs is associated with higher levels of 

phthalate ester metabolites in urine (Stuchlík Fišerová et al., 2022, Appendix 6), as 

phthalate esters are used as carriers and plasticizers in PCP formulations and 

packaging, and this link has been shown in other analyses of biomonitoring data for both 

men and women (Fruh et al., 2022; Nassan et al., 2017).  
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The case of PCPs is also an example of how shifts in personal behaviour can alter chemical 

impacts. In many markets, including the cosmetics market, there is an increasing share of 

“green” products and a societal shift towards what are perceived to be “safer” products can 

also translate into shifts in chemical exposures (Chin et al., 2018). Studies evaluating the 

impact of a shift to products “free-from” certain chemicals have shown impacts: when 

consumers intentionally replace products with those with lower levels of parabens, UV 

filters and biocides, indicators of exposure, in this case urinary metabolites, have been 

shown to decrease (Harley et al., 2016). However, there remains many elements of 

uncertainty in the shift towards “safer” products; one important one is the uncertainty 

associated with various green labels and other marketing elements suggesting green/safe 

products. The use of key phrases associated with “safer” products (e.g. eco, bio, free-from) 

can in some cases constitute “greenwashing”. In a set of 50 products available on the Czech 

market, we observed no significant difference in concentrations of parabens and triclosan 

between conventional PCPs and those with a “green”-indicating label, suggesting a 

disconnect between a societal shift towards interest in safer products, and actual human 

exposure (van der Schyff et al., 2022, Appendix 7). Thus, in some cases, shifts in personal 

behaviour may not have the expected or intended impact, and it is crucial that 

recommended actions to reduce exposure to hazardous chemicals have a clear 

scientific backing. 

Other individual/household behaviours can also impact chemical exposures, in the case of 

multiple flame retardants (TPHP, tris(1,3-dichloro-2-propyl)phosphate (TDCIPP), and BDE-

47), biomarkers of exposure in children were higher those whose homes had a lower 

cleaning frequency (van der Schyff et al., 2023b). Given that indoor dust is a known 

reservoir of flame retardants (Jílková et al., 2018; Venier et al., 2016; Vykoukalová et al., 

2017) removing dust from living spaces is a good way to limit exposure, and has been 

linked to lower levels of flame retardants in indoor environments (Sugeng et al., 2018). 
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Occupation is known to be a key determinant of 

exposure for many occupations associated with high 

chemical releases, for example, e-waste processing 

(Balasch et al., 2022; Julander et al., 2014; Nguyen et al., 

2019) and construction (Estill et al., 2020; Jarvholm, 

2006; Wingfors et al., 2006). However, with the ubiquity 

of synthetic materials containing additive chemicals in 

all indoor environments, it is not only industrial 

occupations that are associated with chemical 

exposure, but rather all time spent indoors. In 

developed countries, we spend an average of 90% of 

our time in indoor spaces (Figure 6), largely distributed 

between home and work/school, and consequently, 

these environments are key determinants of our 

chemical exposures (Matz et al., 2014; Schweizer et al., 

2007).  

When spending time indoors, we inhale indoor air, including indoor aerosols, and through 

hand-to-mouth behaviours, accidentally ingest settled dust particles, which can be a 

particularly large reservoir of lipophilic compounds (Weschler and Nazaroff, 2010). We 

additionally have direct contact with consumer products and dust particles, leading to 

potential dermal exposure (Weschler and Nazaroff, 2012). While initial concerns about 

indoor environments focussed largely on inhalation exposure, and this is often dominant 

in occupational exposure settings, non-dietary ingestion and dermal contact are important 

exposure pathways in residential and non-industrial settings (Lioy et al., 2002; Salthammer 

et al., 2018). Young children are particularly susceptible to high exposures to house dust 

given their increased frequency of hand-to-mouth behaviour and mouthing of objects 

(Moya and Phillips, 2014); ingestion of indoor dust is the dominant pathway for young 

children’s exposure to some flame retardants (Demirtepe et al., 2019; Johnson-Restrepo 

and Kannan, 2009). Dermal exposure, although receiving limited attention, also appears to 

be an important pathway. Comparisons of hand wipe profiles of Canadian women with the 

chemical profiles on the surfaces of their electronics found similarities in the profiles 

between the flame retardants in hand-held electronics and their hand surfaces (Diamond 

et al., 2021), although substantial uncertainty remains regarding dermal penetration. 

Estimates of the contribution of inhalation, ingestion and dermal exposure pathways in 

Slovak children found that dermal contact contributed ~30% of total exposures for 

PBDEs and halogenated OPEs (Demirtepe et al., 2019, Appendix 8). There is a large set of 

55%31%
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restaurant, etc)
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Figure 6  Typical distribution 

of time for adult, Prague. Data 

from Schweizer et al. (2007). 
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studies suggesting that the concentrations of air and dust in indoor spaces are associated 

with human exposure to a range of chemicals, notably for flame retardants, PCBs and 

phthalate esters (Coakley et al., 2013; Fromme et al., 2014; Herrick et al., 2011), and thus 

determinants of indoor environmental quality will also be determinants of human exposure 

to selected chemicals.  

The age of a building is frequently cited as a primary environmental factor impacting 

chemical levels in indoor air and dust. There are two layers to this age impact. One is related 

to chemical regulations as discussed in section 2.1. Older buildings can contain elevated 

residues of chemicals which are now restricted, particularly those that were built at the 

time of peak use of some legacy POPs of concern, e.g., PCBs and DDT. In some cases, this 

is related to documented past use of the chemicals indoors. For example, a wood 

preservative called pentalidol (2% DDT; 5% pentachlorophenol and 0.1% γ-

hexachlorocyclohexane (HCH)) was applied in the Baroque theater of Český Krumlov Castle 

in the 1970s and 1980s to address dry rot, and this resulted in acute health impacts in the 

1990s, before remediation removed 5 t of contaminated material (Holt et al., 2017, 

Appendix 9). However, even after this removal exceedances of exposure guidance 

values remained for DDT and HCHs, and indoor levels were orders of magnitude 

above background levels (Holt et al., 2017), indicating the persistence of these 

chemicals indoors, as well as their emission from secondary indoor sources. But in 

many cases, surveys of indoor air or dust find an association between levels of legacy POPs 

in indoor air and dust without documented sources, indicating past general use of the 

chemicals. For example, higher levels of OCPs were detected in dust and air from 

Slovak homes built before restrictions on the chemical use (Figure 7, Demirtepe et al., 

2019, Appendix 8). This is in line with what is the known about past use of both PCBs and 

DDT, as uses were very diverse, but were not well-documented.  
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Figure 7  Differences in indoor dust and air concentrations of ∑DDX (a and b) and ∑HCH (c and d) measured 

in homes built before (n = 18 for ∑DDX, n = 22 for ∑HCH) and after (n = 14 for ∑DDX, n = 10 for ∑HCH) 

OCPs controls were implemented in Czechoslovakia. Excerpted from Demirtepe et al. (2019).  

The properties of indoor environments are ideal for the long-term persistence of chemical 

residues. The potential for degradation is much lower than outdoors due to lower solar 

radiation, lower levels of atmospheric oxidants, high surface area-to-volume ratios, small 

variations in temperature, and low air exchange (Abbatt and Wang, 2020). As a result, 

chemical half-lives indoors can be substantially longer than what is estimated for outdoor 

environments, and these are poorly characterized (Abbatt and Wang, 2020). 

However, on top of differences seen due to regulations, in newer buildings we observe the 

impact of a transition to indoor environments based heavily on synthetic polymer-based 

materials. The past 70 years have seen a substantial increase in the amount of synthetic 

materials used in indoor spaces (Weschler 2009), and in conjunction, an increase in the 

amount of chemical additives found in these materials. Typical building materials and 

consumer products today have a heavy reliance on plastics (e.g., building materials), and 

consequently, higher use of chemical additives such as plasticizers, flame retardants, 

stabilizers and antioxidants in indoor spaces. Many of these chemicals are semi-volatile, 

and the exposure pathways are then multifaceted, as these semi-volatile organic 

compounds (SVOCs) are distributed through multiple phases in indoor environments, 
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leading to exposure through air, dust and surface contact (Weschler and Nazaroff, 2008). 

This wide range of synthetic chemicals used as additives in building materials and 

furnishings are now consistently detected in most indoor spaces, the most notable being 

phthalate esters, organophosphate flame retardants, chlorinated paraffins, and siloxanes 

(Lucattini et al., 2018).  

Building materials and consumer products have very large ranges in the presence of 

additive chemicals. In an examination of the chemical content of 126 Czech consumer 

products and building materials, we identified order of magnitude ranges even within 

individual product groups. For example, levels of perfluoroalkyl acids ranged from 

0.0068-34.3 µg/kg across 16 insulation materials (Bečanová et al., 2016, Appendix 10), while 

BDE-209 ranged from 1.77-626000 µg/kg (Vojta et al., 2017a, Appendix 11). It is clear that 

the chemical content of consumer products and building materials has a direct impact on 

indoor environmental levels and human exposures, however the larger variability in 

product groups creates a challenge in generalizing sources. Through the subsequent 

introduction of new materials and use of those materials in new buildings, we see an 

increase in the indoor environmental burdens of chemicals. During the construction phases 

of a university lecture room, the levels of flame retardants increased in steps with the 

addition of carpet, furnishings, and most substantially, with turning on of computers, 

suggesting the specific contribution of these items to the indoor environmental burden of 

chemicals (Vojta et al., 2017b, Appendix 12). We see in new indoor environments a 

transition from the older brominated flame retardants (Venier et al., 2016, Appendix 3) 

to the replacement chemicals, which today are found at levels 1-3 orders of 

magnitude higher than older BFRs (Vykoukalová et al., 2017, Appendix 13).  

Ventilation rates are another key factor impacting chemical levels indoors: for most 

synthetic chemicals, higher ventilation rates will lead to reductions in indoor chemical 

levels, as the primary chemical sources are in the indoor space. In urban areas, the impact 

of ventilation as a source to outdoors is substantial enough to one of the main factors 

driving outdoor air concentrations of synthetic organic chemicals (Björklund et al., 2012; 

Melymuk et al., 2012). In Czech homes, lower levels of novel flame retardants were 

observed in summer compared with winter, attributed to higher summer air exchange 

rates due to open windows (Melymuk et al., 2016, Appendix 14).  

However, many more indoor determinants are chemical-specific. The presence of PVC 

flooring in homes has been associated with higher levels of phthalates (Bornehag et al., 

2005), while the presence of TVs and electronics in general has been associated with higher 

levels of flame retardants (Harrad et al., 2009; Muenhor and Harrad, 2012; Yang et al., 2020). 

Reductions in indoor settled dust levels of bis(2-ethylhexyl)phthalate (DEHP), a phthalate 

ester that has now been restricted in many applications, suggest that stocks and indoor 

uses of DEHP are being rapidly removed from indoor environments, and provide evidence 
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of the effectiveness of restrictions in reducing individual chemical exposures 

(Demirtepe et al., 2021, Appendix 15). 

While for many chemicals the indoor environment is the dominant exposure determinant, 

outdoor exposures can be important for certain chemicals and lifestyle patterns. Of the 

exposure pathways outside, air inhalation is most often the focus, although soil ingestion 

can be substantial for young children (Özkaynak et al., 2023). Established air monitoring 

networks exist to track synthetic chemicals in outdoor environments. For SVOCs, these are 

notably the MONET networks (White et al., 2023) and the GAPS network (Pozo et al., 2006; 

Saini et al., 2020), both of which rely on passive air sampling to increase the spatial 

resolution of available data. Passive air sampling (PAS) relies on passive diffusion of 

chemicals from air to a sorbent (Shoeib and Harner, 2002; Wania and Shunthirasingham, 

2020), in the case of MONET and GAPS these sorbents are based on polyurethane foam 

(Harner et al., 2013; Melymuk et al., 2011), XAD resin (Armitage et al., 2013), or a 

combination of both (Schuster et al., 2012). They have the advantage in outdoor 

environments of not requiring electricity, being low-cost and easy to deploy, which has 

greatly increased the spatial resolution of outdoor air monitoring. However, even with the 

greater spatial resolution possible because of passive sampling, measurements are limited 

to point locations, which may not reflect the small-scale variations observed in populated 

areas (Melymuk et al., 2013, 2012). To supplement these air monitoring networks, data 

modeling techniques can be incorporated to provide better spatial resolution of air 

concentration estimates that can be incorporated into exposure assessment (Hoek et al., 

2008; Mikeš et al., 2023). Land use regression has proved to be a useful technique to 

translate coverage of passive air sampling networks into concentration maps providing 

better spatial resolution. For Czechia, outdoor ambient air concentrations of PCBs were 

found to be dependent on soil concentrations and topography, while PAHs were 

related to fuel consumption and industrial sources, as well as topography (White et 

al., 2021, Appendix 16); the identification of such relationships allows point passive sampler 

measurements to be extended to provide broader spatial coverage. The regression 

relationships generated by this analysis could be used to produce maps highlight regional 

variations in outdoor concentrations (Figure 8). Similar techniques have been applied for 

other air pollutants (Mikeš et al., 2023) and SVOCs in different locations (Melymuk et al., 

2013). 
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Figure 8 Application of the LUR models across all of Czechia, indicating the estimated gradient of low to 

high atmospheric levels of Σ7PCB, (R2 = 0.62). Cities with population > 100,000 are indicated on the map. 

From White et al. (2021) 

 

 

 

A comprehensive understanding of human exposure requires a diverse set of sampling, 

analytical, and data-handling tools. One fundamental step in characterizing human 

exposure pathways is selection of representative and unbiased environmental samples. For 

characterization of indoor environments, a set of sampling techniques unique to indoor 

spaces is often used. 

Passive air samplers, particularly polyurethane foam-based passive air samplers (PUF-PAS) 

have been a major innovation in indoor environments, with the significant advantages of 

being non-intrusive indoors and providing integrated concentrations, typically over one 

month (Bohlin et al., 2014; Vojta et al., 2024). While some uncertainty remains in the 

conversion of masses sampled to quantified air concentrations due to uncertainty in air 

uptake to the sampler (Wania and Shunthirasingham, 2020) indoor environments are 

actually ideal for PAS, as they are not subject to the large variations in temperature and 

wind speed, which are known to vary sampling rates outdoors (Bohlin-Nizzetto et al., 2020; 
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Chaemfa et al., 2009), and lower levels of atmospheric oxidants, which should minimize the 

within-sampler degradation that has been noted in outdoor PUF-PAS (Melymuk et al., 

2017). The applicability of PUF-PAS is broad, however some limitations exist. As a sorbent, 

PUF is best suited to lipophilic compounds of intermediate volatility – more volatile 

compounds may be susceptible to non-linear uptake or breakthrough (Melymuk et al., 

2014, Appendix 17), while polar compounds are not well-captured by the sorbent. This 

presents a particular limitation for their application to per- and polyfluoroalkyl substances 

(PFAS), as PUF-PAS have not been found to have consistent uptake of many PFAS over 

a typical deployment period, which precludes the conversion of masses sorbed to air 

concentrations (Karásková et al., 2018, Appendix 18). 

PUF-PAS were originally developed for use outdoors (Bidleman and Melymuk, 2019; 

Harner et al., 2006), and this remains the most substantial use (e.g., GAPS and MONET, as 

mentioned in above). The low cost and ease of use has led to many regional variations in 

the samplers with slight differences in sampler geometry, sorbent mass and density 

(Melymuk et al., 2021, Appendix 19). However, the sampler performance appears 

substantially robust that such small variations do not lead to large impacts on 

chemical uptake to the PUF; variations caused by sampler geometry are within the same 

ranges as uncertainties due to wind and temperature impacts on the samplers (Bohlin-

Nizzetto et al., 2020; Chaemfa et al., 2009; Melymuk et al., 2021).  

 

Many broad surveys of chemical pollution in indoor spaces use settled indoor dust as an 

indicator of indoor levels and human exposure (Lioy et al., 2002; Melymuk et al., 2020). 

Dust has the advantage of being easy to collect, a relatively stable matrix that can be easily 

transported, and typically has high levels of SVOC chemicals, making it a good screening 

matrix for a broad set of compounds. In addition, unlike PAS, it presents a reliable matrix 

for the quantification of indoor levels of PFAS (Karásková et al., 2016), which are of 

particular interest given the EU universal PFAS restriction proposal of 2023 (ECHA, 2024). 

However, in order to collect a dust sample representative of the average conditions of an 

indoor space, care must be taken to collect an aggregated sample: within an indoor space. 

Substantial variations in the chemical levels in indoor dust exist between different surfaces 

(Jílková et al., 2018, Appendix 20); samples from individual surfaces can be strongly 

influenced by individual products and not representative of the whole room 

conditions. For example, in floor dust from classrooms was substantially elevated in two 

flame retardants, TCIPP and DBDPE, relative to dust on surfaces, whereas in a flat, surface 

dust was elevated in the same compounds (Figure 9, Jílková et al., 2018). Given the small-

scale spatial heterogeneity in dust concentrations, composite or aggregated samples are 

needed to reflect average exposures; localized samples can show substantial bias.  
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Figure 9  Area density of TCIPP and DBDPE in a flat and a classroom floor dust and wipe samples. 

Horizontal lines show mean and whiskers show standard deviation. Extracted from Jilkova et al. (2018). SR 

refers to Seminar room and CR refers to Computer Room. 

 

While uncertainties in sampler configurations and implementation can impact data quality 

and comparability across studies, the greater source of uncertainty is consistently due to 

aspects of the laboratory analysis. In the global intercomparison of PAS configurations 

discussed in Section 3.1, while sampler configurations accounted for 50% variations 

between concentrations, laboratory analysis and quantification were responsible for 

up to four orders of magnitude variations in concentrations of some POPs (Melymuk 

et al., 2021, Appendix 19). Similarly, for FRs the variations in elements of the analytical 

method across laboratories lead to substantial variations in reported chemical 

concentrations and present challenges when comparing results across studies (Melymuk 

et al., 2018).  

Given the diversity of chemicals of interest in indoor environments, interest is growing in 

non-target and suspect screening analysis of chemicals. While these are starting to be 

more widely used on indoor dust in particular, a challenge still exists in the comparability 

and the ability to interpret this data at a sufficient quality necessary to understand 

exposures (Caballero-Casero et al., 2021; Hollender et al., 2023; Rostkowski et al., 2019). 

This will be one of the major future challenges as we develop the field of indoor exposure 

assessment.  

Moreover, interpretation of exposure data can rarely be effectively done in the absence of 

other supporting information, taking the form of questionnaires, chemical use databases, 

product content, and time-activity patterns. It is crucial that these datasets be given equal 

TCIPP DBDPE 
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consideration as the chemical datasets, as evidence of exposures in the absence of source 

information has limited value.  

 

 

Our framework for understanding the drivers of chemical exposure provides a structure for 

the identification of the most substantial drivers. The goal of exposure assessment is to 

contribute to an overall risk evaluation and reduction process to identify chemical risks, 

and provide the data needed to take actions to reduce such risks.  

These actions can take many forms, be it regulatory, behavioural or technological, however, 

the necessary fundament to selecting the correct actions is a sufficient understanding of 

the sources and key factors driving the exposure. Thus, our evaluation of exposures in the 

context of regulation, environment and personal behaviours provides a valuable resource 

for both evaluation exposure, and where needed supporting actions to reduce risks.  

Regulatory actions have been shown to have a clear impact on either increasing or 

decreasing exposures, and ongoing effectiveness evaluation is crucial to support the most 

effective implementation of chemical policy, and other regulatory actions that impact 

chemical exposures (Chapter 2.1). Behaviour and lifestyle provide an additional, more 

individual layer to understanding exposures, with the potential to lead to wide variations 

in exposures within similar populations (Chapter 2.2). Finally, our environment, particularly 

the indoor spaces where we spend the majority of our time, is a major driver of exposure 

to selected chemicals (Chapter 2.3), and the impact of the environment and, in particular, 

actionable solutions to improve environmental quality to reduce exposures, has not been 

fully exploited in the current scientific framework. 

We have developed a reliable set of sampling and analytical tools that can enable us to 

explore the links between environment, behaviour, policy and exposure (Chapter 3). Many 

of these tools have the advantage of broad applicability for chemicals of interest, and ease 

of use enabling widespread data collection. However, better interlinkages and integrations 

of techniques are needed to allow more comprehensive determinations and data gap-

filling. 
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ABSTRACT: Flame retardant (FR) exposure has been linked to
several environmental and human health effects. Because of this,
the production and use of several FRs are regulated globally. We
reviewed the available records of polybrominated diphenyl ethers
(PBDEs) and hexabromocyclododecanes (HBCDDs) in human
breast milk from literature to evaluate the efficacy of regulation to
reduce the exposure of FRs to humans. Two-hundred and seven
studies were used for analyses to determine the spatial and
temporal trends of FR exposure. North America consistently had
the highest concentrations of PBDEs, while Asia and Oceania
dominated HBCDD exposure. BDE-49 and -99 indicated
decreasing temporal trends in most regions. BDE-153, with a
longer half-life than the aforementioned isomers, typically exhibited
a plateau in breast milk levels. No conclusive trend could be established for HBCDD, and insufficient information was available to
determine a temporal trend for BDE-209. Breakpoint analyses indicated a significant decrease in BDE-47 and -99 in Europe around
the time that regulation has been implemented, suggesting a positive effect of regulation on FR exposure. However, very few studies
have been conducted globally (specifically in North America) after 2013, during the time when the most recent regulations have
been implemented. This meta-analysis provides insight into global trends in human exposure to PBDEs and HBCDD, but the
remaining uncertainty highlights the need for ongoing evaluation and monitoring, even after a compound group is regulated.
KEYWORDS: flame retardant, polybrominated diphenyl ether, hexabromocyclododecane, breast milk, biomonitoring, temporal trends,
effectiveness evaluation

■ INTRODUCTION
Flame retardants are added to a wide range of consumer
products and materials in order to reduce ignition or
flammability of a material or fulfill fire safety requirements.1

However, past efforts to reduce flammability through the
addition of synthetic organic flame retardants have led to
negative impacts on human and environmental health due to
exposure to harmful chemicals.2

Polybrominated diphenyl ethers (PBDEs) and hexabromo-
cyclododecanes (HBCDDs) were among the dominant FRs
used for decades.3,4 The three technical mixtures of PBDEs
(penta-, octa-, and deca-BDE) had multiple uses, including
polyurethane foam, electrical and electronic equipment,
building materials, and vehicle parts.5 Technical HBCDD (a
mixture of the stereoisomers, α-, β-, and γ-HBCDD, with γ-
HBCDD being the most abundant) was primarily used in
electronics, textiles, and especially in expanded (EPS) and
extruded polystyrene (XPS) applied as construction and
packing materials.6,7

PBDEs and HBCDDs are known to be persistent,
bioaccumulative, and subject to long-range transport in the

environment and are ubiquitous across environmental
systems.8,9 PBDEs have been reported in human blood,10−12

adipose tissues,13−15 and milk16−19 since the early 1990s, and
evidence of human exposure to HBCDDs arose shortly
thereafter.20−23

PBDE exposure has been associated with numerous adverse
health outcomes, including alterations to thyroid function,
reproductive systems, and breast cancer,24−26 with strong
evidence for neurodevelopmental impacts, including lower IQ
and ADHD.27,28 Elevated levels of PBDEs in breast milk have
specifically been associated with neurodevelopmental effects
and alterations to the gut microbiome in young children.29,30

Similar adverse effects are associated with elevated HBCDD
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concentrations, including endocrine disruption, specifically
thyroid, neurobehavioral, and developmental disorders.26,31

In response to concerns regarding the environmental and
human health impacts of certain FRs, actions were taken to
reduce production.32 In 2004, the European Union stated that
“in order to protect health and the environment the placing on
the market and the use of pentaBDE and octaBDE and the
placing on the market of articles containing one or both of
these substances should be prohibited”,33 and in the same year
these mixtures were voluntarily withdrawn from the U.S.
marketplace by their manufacturers.34 The lower brominated
PBDE congeners, tetra- and penta-BDE (main components of
commercial penta-BDE435) and hexa- and hepta-BDEs (main
components of commercial octa-BDE4)36 were listed in the
Stockholm Convention on Persistent Organic Pollutants
(POPs) in 2009, requiring parties to eliminate the production
and use of the compounds. Deca-BDE, the fully brominated
PBDE molecule and main component of the decaBDE
commercial product,37 was similarly listed in 2017.38 In
2008, HBCDDs were recognized as substances of very high
concern (SVHC) in the EU due to environmental and human
health risks39,40 and were added to the Stockholm Convention

in 2013.41 In specific cases, individual countries were permitted
continued production of HBCDDs until 2024.7

The evaluation of temporal patterns of a chemical’s
concentration in a predetermined medium is an effective tool
to determine the efficiency of policy in mitigating chemical
exposure.42 Recent studies have identified declines in
components of the penta- and octa-BDE technical mixtures,9

in air (1993−2018),43 soil (1998−2008),44 sediment (2002−
2012),45 sewage sludge (2004−2010),46 and fish (1980−
2009),47 while BDE-209 has been stable or increasing in many
matrices.46,48,49 In humans, declines in levels of less
brominated PBDEs and a more recent plateau have been
identified in several countries, however, this is not uniform
across regions or matrices:9,22,50,51 there is a lack of
understanding of how generalizable these regional trends are.
For HBCDDs, there is even less evidence of a global trend.
Although time trends of HBCDD concentrations in multiple
environmental matrices52−54 have been determined, analysis of
temporal patterns of HBCDDs has been limited to regional
scales. No consensus or clear global time trend of HBCDD
concentrations in humans has been identified,9 with some
studies reporting an increase of HBCDDs,54−56 others a
decrease57 or no trend.58,59

Table 1. Countries Used in This Study Grouped According to the United Nations Geoscheme

region countries included PBDEs HBCDDs

Africa

Congo South Africa South Africa

7 studies79−85 5 studies79−83

Cote
d’Ivoire

Mauritius Tanzania

Djibouti Morocco Togo
Egypt Niger Tunisia
Ethiopia Nigeria Uganda
Ghana Senegal Zambia
Kenya

Asia

China Japan Syria

53 studies18,81,86−136 15 studies81,89,95,132−135,137−144
Georgia Macao Taiwan
India Philippines Tajikistan
Indonesia Russiaa Vietnam
Israel South Korea

Central and South
America and
Caribbean

Antigua and
Barbuda

Chile Peru

3 studies73,81,145 2 studies73,81Barbados Haiti Suriname
Brazil Jamaica Uruguay

Europe

Belgium Greece Romania

61 studies1,19,29,30,59,81,146−200 25 studies23,59,76,81,146−151,153−159,167,185,189,193,201−204

Bulgaria Hungary Russiaa

Croatia Ireland Slovakia
Cyprus Italy Spain
Czechia Lithuania Sweden
Denmark Luxembourg Switzerland
Faroe
Islands

Moldova Turkey

Finland Netherlands UK
France Norway Ukraine
Germany Poland

North America Canada Mexico USA 25 studies17,51,70,77,81,205−222 5 studies51,77,78,81,83

Oceania
Australia Kiribati Tonga

7 studies223−228 2 studies81,226
Fiji New Zealand Tuvalu

aGeneral samples from Russia were included within the European category. When a study specified a geographic region that was within the Asian
part of Russia, it was included in Asia.
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Studying the effectiveness of policies concerning FRs
through time trend analysis of biomonitoring data presents
inherent complexities. Different FRs, each with distinct
chemical structures, are incorporated into diverse applications
such as furniture, electronics, and building insulation, which
are associated with different emission and exposure routes.4

After restriction, continued presence of FR-containing
products further complicates this, as different product types
have very different replacement rates (e.g., smartphones, 2−6
years60 vs building insulation, 30−50 yrs61). The environ-
mental persistence of compounds is generally longer in-
doors62,63 and indoor levels are sustained until active removal
of sources.64,65 Exposure to FRs is further influenced by
regional factors like building and cleaning practices and dietary
patterns.66 Moreover, the differing persistence of FRs within
the body complicates our understanding of exposure,67 with
some FRs possessing longer half-lives in human tissues68 and
partitioning within body tissues varying by compound/
congener.69,70 Concentrations of POPs in human tissues
typically reflect long-term exposures, for example, variations
of PCB concentrations in breast milk levels can be explained by
differences in early life exposures rather than current dietary
exposures.71 Despite the above-mentioned complexities, our
insight into the effectiveness of restrictions and the remaining
risks to human populations from legacy FRs can be improved
by multistudy analyses to understand and interpret the global
time patterns of PBDEs and HBCDDs in humans.
In this analysis, we first review available records of PBDE

and HBCDD in human milk to determine time patterns of
global human exposure to FRs. Second, we evaluate the impact
of regulations that were introduced over the past 20 years on
exposure to these legacy FRs. Finally, we investigate the
regional differences in exposure to FRs in relation to use. We
supplement this with a review of past studies evaluating
temporal patterns of PBDEs and HBCDDs in human matrices,
to provide a comprehensive review of trends in global
exposure.

■ METHODS
Rationalization of Study Matrix. It is impossible to select

a single biological matrix that encompasses the global
population, as well as all target compounds. Due to the
lipophilic nature of PBDEs and HBCDDs, they are best
evaluated through matrices such as blood serum or breast/
maternal milk.72 Breast milk has a high lipid content and can
be collected noninvasively, making it a reliable and accessible
matrix for assessing body burdens of PBDEs and HBCDDs, as
well as many other POPs. The Stockholm Convention, in
cooperation with the World Health Organization, has
identified human milk as a core matrix of its Global Monitoring
Plan and supported with routine quantification in pooled milk
samples.70,73

In addition to its importance in routine monitoring
programs, maternal milk is an ideal matrix for meta-analyses
of biomonitoring data because of the relative homogeneity of
the study population: all female, with an age range generally
spanning 18−45 years. Moreover, breast milk is not only an
indicator of human exposure but also represents a direct
exposure route to infants, and breast milk is typically the most
important exposure pathway of young children to POPs,
including PBDEs.74,75

Search Strategy and Selection Criteria−Human Milk
Meta-Analysis. A literature search of peer-reviewed studies

and reports produced by regulatory bodies (e.g., UNEP,
German Federal Environment Agency) was conducted using
ISI Web of Science and Google Scholar. The search was not
limited by years or language of publication. The search was
initially conducted in March 2020 and updated in September
2022. The following search terms were used.
For HBCDDs. All fields: [hexabromocyclododecane* OR

HBCD*] AND [(human milk) or (breast milk)]. This search
produced 168 results, which were evaluated for their
appropriateness. The criteria for inclusion were that the
studies provided lipid-standardized HBCDD levels in human
milk (either isomer-specific HBCDD or ∑HBCDD) and
included basic information on the study population (country of
residence, sampling year). Of the initial 168 studies identified,
49 met the criteria and were used for further analysis (Figure
S1, data sources listed in Table 1).
For PBDEs. All fields: [polybrominated diphenyl ether* OR

PBDE*] AND [(human milk) or (breast milk)]. This search
identified 1204 results, which were then evaluated for their
appropriateness. Only studies reporting individual PBDE
congeners were included, and four congeners were selected
as indicators due to their prevalence in literature: BDE-47,
BDE-99, BDE-153, and BDE-209. Studies also had to include
lipid-standardized concentrations for at least one of these
congeners and include information on the study population
(country of residence, sampling year). Of the initial 1204
studies, 158 met the criteria and were used for further analysis
(Figure S1, data sources listed in Table 1).
All available data (either primary data reporting individual

concentrations or all summary statistics) were extracted from
the articles to a spreadsheet database. Data reported from
pooled samples were treated as mean values.
Data Set Standardization. Statistical evaluation was

carried out by R software (version R 4.1.2). The data sources
were separated by compound, sampling location, and/or date
of sample collection. These records were aggregated by
country and date of sampling, characterized either by mean
or median value, minimum, 5th, 10th, 25th, 75th, 90th, and
95th quantile and maximum or any combination of these
descriptive statistics. If all primary data/summary statistics
within an aggregate record were taken during one year, the
aggregated record was assigned to that year. In the other cases,
the aggregated record was assigned to the middle point
between the years of the oldest and the newest primary data/
summary statistic.
For HBCDDs, 41 aggregated records included both α-

HBCDD and the sum of α, β, and γ-isomers. These 41 records
were used for estimating the contribution of α-HBCDD to the
sums. This contribution was 94.0%, showing clearly that α-
HBCDD dominates over the β and γ isomers. This 94.0% was
then used to extrapolate α-HBCDD from records where only
∑HBCDDs were reported for the original data set, resulting in
260 aggregated records for α-HBCDD.
Primary FR data from five locations76−78 were used to

establish that α-HBCDD and PBDE concentrations in breast
milk have a general log-normal distribution of primary data
within an aggregate data record. On the basis of the log-normal
distribution assumption, the maximum likelihood estimation
was used to apply a log-normal distribution for each aggregated
sample and thus estimate its median value in cases where only
other summary statistics were reported. In a few cases, the
maximum likelihood estimate was not directly applicable since
the only descriptive statistic characterizing the aggregated
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sample was an arithmetic mean. In such cases, a median
standard deviation based on the rest of the samples was used
(0.62 ng/g lipid weight; lw for α-HBCDD, 0.32 ng/g lw for
BDE-47, 0.23 ng/g lw for BDE-99, 0.35 ng/g lw for BDE 153,
and 50.15 ng/g lw for BDE-209) to derive quantiles describing
the expected log-normal distribution. Finally, since there are no
theoretical minimal and maximal values for the log-normal
statistical distribution, the min and max values were considered
as (1/n)th and (1−1/n)th quantiles for aggregated samples
with known n; for aggregated samples with an unknown
number of primary samples, n = 40 was used as it was the
median value of studies where n was specified (Figure S2).
Temporal Pattern Meta-Analysis. Data were grouped

regionally following the United Nations geoscheme (Table 1).
With the use of the aggregate data by region and sampling
year, a weighted Theil-Sen trend analysis was conducted,
assigning each aggregated sample a weight in the range of 0.1
to 1.0 for 10 to 100 primary samples and 1.0 for more than 100
primary samples. A weighted Mann-Kendall test was then used
for assessing the trends’ significance.
Breakpoint Analysis. An additional type of temporal

pattern analysis was applied to European and Asian data sets,
as these continents had the most complete records for both
PBDEs and HBCDDs and are of particular interest given the
early introduction of FR regulations. To evaluate whether this
early introduction of restrictions led to a change in the FR time
patterns over time, breakpoint analysis was applied to find a
time point when the slope of the trend breaks,229 i.e.,
suggesting a change in the rate of change of a given FR
concentration in human milk. The breakpoint analysis
identifies the breakpoint by aiming for normally distributed
residuals of both linear trends before and after the breakpoint,
which indicates an optimal fit. The method searches for all
possible breakpoints (in this case in increments of whole years
only) and selects the breakpoint with the smallest sum of
squares of residuals. Only significant results according to the
difference of halving times before and after the breakpoint are
considered.229

Analysis of Geographic Patterns. Additional compara-
tive statistical analyses were conducted using Graphpad Prism
8.0.2 using all studies after the year 2000. Data were grouped
according to geographic region (Table 1). The concentrations
from the different regions were compared using Kruskall-Wallis
nonparametric ANOVA tests, and individual regions were
compared with all others using Dunn’s multiple comparison
tests. For geographic patterns, significance was set at p < 0.05.
Limitations. The quality of the analytical work performed

in individual studies was not evaluated, in favor of allowing for
a greater breadth of data to be incorporated in the meta-
analysis. All studies were published in peer-reviewed journals
or as reports available from reputable national/international
organizations, leading to the assumption of an acceptable level
of data quality. Some reports (notably the UNEP/WHO data
included in the Stockholm Convention GMP reports) do not
include analytical information, although data are produced by
recognized, accredited laboratories, and exclusion of this data
would lead to a substantial loss in geographic coverage.
Additionally, older studies reflecting very early analyses of
PBDEs and HBCDDs may have more generous allowances in
terms of QA/QC; however, it was important for the temporal
analyses that these could be included. However, a consequence
of this is that not all studies will meet the most stringent QA/
QC standards.

While breastfeeding mothers present a relatively homoge-
neous population with respect to age and sex, some additional
factors can impact breast milk concentrations of FRs, and these
could not be incorporated into our meta-analysis, primarily
because of inconsistent data across studies.
Representativeness. Data from breastmilk only reflects the

chemical burden in the breast-feeding female population. The
prevalence of breastfeeding mothers also varies by socio-
economic status and cultural background.230

Parity. Some studies have shown that parity is related to
differences in levels of persistent compounds in breast milk.
Primiparous mothers have been shown to have higher
HBCDD concentrations than multiparous mothers,132 while
studies focused on PBDEs have not found a relation-
ship.84,187,207,231 As information on parity was not consistently
recorded for all data sources, we did not include this
confounder in our analyses and used all available data,
regardless of parity.
Duration of Lactation and Sample Collection. The timing

of breast milk collection within the lactation period varied
widely, from 1 week to 10 months after birth, although the
most typical was 3−8 weeks after birth, following the guidance
of the WHO/UNEP breast milk surveys.232 Whether this
impacts levels of PBDEs and HBCDDs in milk is unclear.
Some studies have reported variability166,207 or significant
decreases233 in PBDE levels in breast milk up to a year
postpartum; however, Harrad and Abdallah151 reported no
change in HBCDDs in milk over 12 months of lactation.
Maternal Age. This is often identified as a determinant of

breast milk levels; however, this is directly related to the
understanding of the persistence of these FRs in the body and
temporal changes in exposures within a country.234 Older
maternal age has been associated with higher PBDE levels in
some studies in breast milk129,204 and sera,235 while others
have found no association187 or an inverse association of lower
levels in breast milk from older mothers.84,207 Similarly for
HBCDDs, Fujii et al. identified age-dependency of γ-HBCDD
in milk,132 but not other HBCDD isomers, while Drage et
al.235 found no age-dependency in HBCDDs in sera.
Selection of Breast Milk as Biomonitoring Matrix. While

breast milk has the advantage of being noninvasive and widely
monitored, BDE-209 preferentially partitions to serum lipids
rather than milk lipids,69 leading to proportionally lower levels
in breast milk compared with exposures. However, while
milk:serum partitioning can vary by congener/compound,69

the relative geographic patterns and temporal trends (1227
samples from 1973 to 2019) should be appropriately captured
by either matrix, as milk and serum concentrations are typically
well-correlated.215 The limited number of spatial and temporal
studies conducted on certain compounds, such as BDE-209
and HBCDD in human breast milk is also a limitation for this
study.
Uncertainties Regarding Partitioning and Half-Lives of

PBDEs in Human Breast Milk. Very few studies have been
conducted on the human biological distributions and half-lives
of PBDE and HBCDDs. The existing evidence suggests higher
persistence of BDE-153 in the human body68,236,237 and
decreased partitioning to milk for higher molecular weight
FRs.69 As a result, comparisons of concentrations across
congeners would not necessarily reflect exposure trends;
however, the bulk of our analysis relies on trends built
individually for each congener and thus should not be
impacted by the uncertainty in partitioning and half-lives.
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Temporal Patterns: Search Strategy and Selection
Criteria. We supplemented our meta-analysis of temporal
patterns of PBDE and HBCDD exposure with a comprehen-
sive review of published time trends. A literature search was
conducted using ISI Web of Science and Google Scholar,
initially in March 2020, updated in September 2022. Search
terms for the temporal trend studies were a combination of
chemical-related terms (polybrominated diphenyl ether*,
PBDE*, hexabromocyclododecane*, HBCD*), matrix-related
(human, blood, serum, plasma, milk), and trend-related (time-
trend* or temporal*).

For the temporal trend analysis of PBDEs, 268 data sources
were identified, and the data were further examined to identify
only studies that reported any of the four indicator PBDEs
(−47, −99, −153, or −209), reflected the general population
(not occupational exposure), reported basic biomonitoring
parameters (e.g., geographic region, matrix, year of sample
collection, number of samples), and had at least two time
points with harmonized analyses (e.g., by the same laboratory).
This resulted in 24 studies which were included in the
overview of temporal trends (Table S2). For the temporal
trend analysis of HBCDDs, the literature search identified 88
data sources, and the inclusion criteria (reported either α- or

Figure 1. Box-and-whiskers (horizontal lines are medians, 95% confidence intervals, minima, and maxima) of (A) BDE-47, (B) BDE-99, (C) BDE-
153, (D) BDE-209, and (E) α-HBCDD concentrations in different regions (CSA = Central and South America and the Caribbean), in breast milk
data collected after year 2000. Nonparametric ANOVA tests (Kruskal−Wallis with Dunn’s post-tests) were conducted to determine significant
differences.
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∑HBCDD, not occupational exposure, reported basic
biomonitoring parameters) led to the inclusion of 20 studies
(Table S3). The trends from these studies were extracted,
using the interpretation of the study authors to determine
whether a trend is classified as increasing or decreasing over
time, or whether no time trend is apparent.

■ RESULTS
Spatial Patterns. Available data were not equally

distributed across all geographic regions. Most studies were
conducted in Europe and Asia, while Central and South
America, North America, and Oceania had only limited data
(Table 1). Very few studies on human biomonitoring of
HBCDDs have been conducted in North America, which is
surprising, considering that the region is known to have had
stringent flame retardant regulations and historically high use
of BFRs.3

Oceania had the highest median α-HBCDD concentration
in breast milk (2.7 ng/g lipid), followed by Asia (1.5 ng/g
lipid) and Europe (0.9 ng/g lipid) (Figure 1). The elevated
concentrations of α-HBCDD in breast milk from Oceania were
unexpected but may reflect a common market with many
products from Asian manufacturers and Oceania implementing
HBCDD regulations years later than Europe.238 Breast milk
from Asia had significantly higher concentrations of α-

HBCDD than milk from Africa, and Europe had significantly
higher concentrations than Central and South America (Figure
1).
The concentrations of BDE-47, -99, and -153 in breast milk

from North America were significantly higher than those from
Europe, Africa, Asia, and Central- and South America: BDE-
47, and -99 concentrations in North America were 39 and 65
times higher, respectively, than concentrations in Asia (Figure
1, Table S1). For the higher brominated compounds, North
America had 50 and 138 times higher concentrations than
Africa for BDE-153 and -209, respectively (Figure 1, Table
S1). Europe had significantly higher concentrations of BDE-99
than Africa, and Africa had significantly lower concentrations
of BDE-153 than all the other regions. For BDE-209, there
were fewer data records which limited the comparison. The
fact that BDE-209 is notoriously difficult to quantify due to
high molecular mass and chemical instability likely contributes
to the lack of data on levels in breast milk.239,240 For BDE-209,
concentrations in milk from Asia were substantially lower than
in North America, and no other regions had significant
differences (Figure 1).
Temporal Patterns. Africa, Oceania, and Central and

South America had limited or no data on BDE-209
concentrations in breast milk, and temporal patterns could
not be fully evaluated (Table 1; Figures S5, S7, and S8). The
most prominent differences in trends are seen between Europe

Figure 2. Weighted temporal trends of BDE-47, BDE-153, and α-HBCDD concentrations (ng/g lipid weight, lw) in breast milk from Europe and
North America from literature. Shaded area indicates 95% confidence interval.
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Figure 3. Results of breakpoint analysis for PBDEs in human milk for Asia and Europe for BDE-47, BDE-99, BDE-153, BDE-209, and α-HBCDD.
The shaded area indicates the 95th percent confidence interval. The dotted blue line indicates when regulation was implemented by the Stockholm
Convention (2009: BDE-47, -99, and -153; 2013: HBCDD; 2019: BDE-209). Please note that the Stockholm Convention date does not directly
indicate the introduction of restrictions in each country; these may be earlier due to national/regional initiatives, or later, as Stockholm Convention
parties enact regulations to implement the Convention. Thus, they are only indicative of the general timing of global restrictions.
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and North America for BDE-47, -153, and α-HBCDD. The
temporal trends of BDE-99 and -209 are depicted elsewhere
(Figures S3 and S4).
In Europe, BDE-47 and -99 decreased significantly (p =

0.0001; annual change of −9.3% and −10.1% respectively),
while BDE-153 and -209 had no change over time (Figures 2
and S3). α-HBCDD concentrations increased significantly in
the European population (p < 0.0001; 13.9% per annum)
(Figure 2).
No significant changes (p < 0.05) were observed for any

compound in North America (Figures 2 and S4), although we
note that North American data was generally very sparse,
limiting the ability to distinguish temporal trends. Notably,
North America was the region with the least available α-

HBCDD data points in breastmilk. The western hemisphere
regions were the only regions where BDE-47 and -99 did not
show a decreasing trend (Figures 2 and S4). The temporal
patterns of all other geographical regions are presented in the
Figures S5−S8.
Africa had a decrease in BDE-47 (p = 0.022; −7.8% per

annum). Africa was the only continent where a significant
decrease of α-HBCDD was observed (p < 0.0001; −33.6% per
annum) (Figure S5). A similar pattern to Europe was seen in
Asia. BDE-47 decreased (p = 0.002; −9.7 per annum), while
BDE-153 and BDE-209 both increased, with BDE-209
increasing by 12.8% per annum (p = 0.05). α-HBCDD
concentrations increased at a rate of 7.9% per annum (p =
0.006) (Figure S6).

Figure 4. Time trends reported in human matrices in literature for (a) BDE-47, (b) BDE-99, (c) BDE-153, (d) BDE-209, and (e) HBCDD. Red
bars indicate an increasing trend, yellow bars indicate no trend or a plateau, and green bars indicate a decreasing trend. Trends are classified based
on the interpretations of the authors of each study. References for all studies can be found in Tables S2 and S3.
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In Central and South America and the Caribbean, BDE-153
increased significantly (p = 0.08) with an annual change of
14.8% (Figure S7). Oceania was the only region with a
consistent decrease in all PBDE congeners. BDE-47 and -99
decreased significantly with an annual change of −13.1% and
−15.5%, respectively. BDE-153 decreased at a rate of −6% per
annum (p = 0.054) (Figure S8).
Breakpoint Analysis. Only Asia and Europe had sufficient

data for breakpoint analyses (Figure 3). Breakpoints were
calculated for other regions to identify the timing of
concentration peaks (Figures S9−S12), but the trends are of
limited value due to scarce data and are not discussed in detail.
In Europe, an increase in α-HBCDD of 13.9% per annum

was observed from 1980 to 2010. In 2010, there was a change
(breakpoint) in the temporal trends of α-HBCDD (Figure 3).
The post-2010 decrease is not statistically significant due to
limited data collected since 2010; thus, we cannot determine if
recent concentrations are stable or declining. Although the
breakpoint is not statistically significant, it represents the best
fit for the available data and suggests a shift in exposure post-
2010. In Asia, the α-HBCDD increase was even sharper
(+31.6% per year; p = 0.007 Figure 3) and the breakpoint was
identified earlier (1998), suggesting Asian concentrations
reached a plateau at this point. Like Europe, the modeled
decrease since the breakpoint in Asia is not statistically
significant.
In both Asian and European breast milk data, the breakpoint

in concentrations for BDE-47 and 99 was substantially earlier
than for HBCDDs, close to 1990 for BDE-47 and between
1995 and 2000 for BDE-99. In all cases, concentrations
decreased after the breakpoint for both congeners, but this
postbreakpoint decrease is only significant for BDE-47 and
BDE-99 in Europe (p > 0.0001).
However, there is a clear contrast between the breakpoints

and before/after trends for BDE-153. The breakpoint for BDE-
153 reflects only a change in the rate of increase of BDE-153
(Asia) or plateau (Europe) with no evidence of declining
breast milk levels. Temporal patterns for BDE-209 in Asia were
not significant, indicating no clear time trends. The European
breakpoint for BDE-209 indicated a shift from the significant
increase before 2004 to a current plateau or declining phase.
Comparison with Other Reported Time Trends. For

the PBDEs, clear differences in the time trends by congener
and by study timing are seen. For BDE-47 and -99 (Figure 4),
there is a clear shift from early increasing time trends to more
recent plateaus or decreasing time trends. The same pattern of
early increasing trends and more recent reports of decreasing
time trends is visible for BDE-153 (Figure 4), but the first
decreases are not reported until much more recently. Most
time trends for BDE-153 indicate a plateau. Relatively few
studies report time trend analysis for HBCDD and BDE-209.
For BDE-209 and HBCDD, no discernible time trend can be
derived from literature for human matrices; trends were
variable and not generalizable by region or duration of the time
trend (Figure 4).

■ DISCUSSION AND IMPLICATIONS
Temporal Patterns. The analysis of published studies

suggests that BDE-47 and -99 have a global decreasing trend.
Decreasing temporal patterns were found in Europe, Asia, and
Oceania. BDE-47 and -99 have human elimination half-lives of
approximately 0.37−3 and 0.77−8 years, respectively.68,236,237
In the time since the penta- and octa-PBDEs were included in

the Stockholm Convention in 2004, the population would have
been exposed to lower concentrations of the compounds, and
the existing compounds would have been eliminated from their
bodies. The United States is a signatory to the Stockholm
Convention but has yet to ratify or implement the convention
in national legislation.241 The North American region was the
only region with a continuous increase in BDE-47 and -99
(Figure 2).
While BDE-153 was also added to the Stockholm

Convention in 2004, it does not share the same decreasing
trends as the lower brominated congeners. All regions
exhibited either a plateau or an increase in BDE-153
concentrations. Beyond the reduction in exposure due to the
introduction of chemical restrictions, congener-specific differ-
ences in metabolism and storage in the body also affect breast
milk trends differently. The human elimination half-life of
BDE-153 is between 3.5 and 11.7 years.68,236,237 When
considering worst case scenario, a half-life of up to 11.7
years would result in a 4-fold reduction (in the absence of
continued exposure) of concentrations measured around 23
years ago, at the time of the implementation of the Stockholm
Convention. Therefore, a full elimination would not be
expected by the time of writing. This, coupled with continued
exposure from existing products, could explain the lack of a
decrease of BDE-153 in breast milk (Figures 2 and 4).
Global restrictions on penta- and octa-BDE technical

mixtures, which are dominated by lower brominated congeners
were generally between 2004 and 2013,33,242,243 whereas deca-
BDE/BDE-209 was restricted only in 2017.244 Conclusions on
BDE-209 are limited because of the lack of data and likely
because the temporal changes are not yet significant enough to
be identified in the generally short-time trend analyses that
have been performed (Figure 4). The short half-life of BDE-
209 in the body (e.g., 15 days in blood245), combined with the
lack of a visible decline in BDE-209 levels in milk, suggests
ongoing consistent BDE-209 exposures, despite recent
restrictions in production, particularly in Asia, where the
temporal trend (Figure S6) and the inverse breakpoint (Figure
3) indicated increasing concentrations in BDE-209 in breast
milk. This agrees with our understanding of the recent high use
of BDE-209 in consumer products and building materials on a
global scale and the lag time between chemical restrictions and
product replacements: emission of BDE-209 from in-use and
waste stocks is estimated to continue until 2050.3

It is concerning how few studies investigated HBCDDs in
residents from the Americas (n = 7), Africa (n = 5), and
Oceania (n = 2) (Table 1). A similar problem was observed
with PBDEs, where Africa (n = 7), Oceania (n = 7), and
Central- and South America (n = 3) had limited studies, while
Asia and Europe had more studies (n = 53 and 61,
respectively) (Table 1). Without the proper information on
the state of contamination in the Americas, particularly the
highly developed and industrialized North America (n = 25
studies on PBDE), it is impossible to determine a global
perspective on the state of human exposure.
Breakpoint analyses are useful tools to determine whether

the accumulation trend of a compound has increased,
plateaued, or decreased over time, highlighting the approx-
imate time when the change occurred. In Asia and Europe, the
broad time trends of FR concentrations in breast milk are
closely tied to the timing of chemical restrictions (Figure 3).
The European trend indicated a breakpoint in ∼2010 for α-
HBCDD (Figure 3), which coincides with the increase in
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restrictions in Europe (identified as SVHC in 2009 and listed
in Annex XIV of REACH in 2011)40 and provides evidence
that the restrictions impacted HBCDD use and thus exposures
in Europe. After 2010, it is unclear whether α-HBCDDs are in
a plateau phase or whether we begin seeing evidence of a
decrease in Europe and Asia (Figure 3), but it suggests
ongoing human exposure at levels close to the European peak.
It is important to highlight that in Figure 3, none of the

breakpoints observed for Europe or Asia align with the timing
of the Stockholm Convention’s implementation (represented
by the blue dotted line) but rather occurred earlier. This
observation suggests that regional restrictions likely had a more
pronounced impact than global restrictions. However, it should
be acknowledged that the number of studies conducted after
the implementation of the Stockholm Convention is limited
compared to those conducted before its implementation,
making it challenging to precisely assess the Convention’s
effectiveness, especially concerning HBCDD and deca-BDE.
Spatial Patterns. The strong contrast between PBDE

concentrations in North America, particularly the USA, and
most other regions is directly related to differences in
flammability standards and PBDE use. BFRs have been
quantified at higher concentrations in North America than in
Europe in multiple matrices, including human tissue,26 house
dust,246 and bird eggs.247 The USA has historically had higher
concentrations of flame retardants in its consumer products
compared with other regions due to stricter flammability
standards.248−250 The fact that PBDE congeners still show an
increasing time trend in North America (Figure 2) is likely
linked to the large past use of PBDEs, combined with the later
introduction of regulations. The United States has not ratified
the Stockholm Convention and does not have any federal
regulations on FR in existing uses, although 13 states have
internal, state-wide concentration limits on FRs in selected
products.251 Significant New Use Rules (SNURs), imple-
mented by the United States Environmental Protection Agency
in 2012, aim to ensure that any new uses of specific flame
retardant chemicals undergo a thorough review and approval
process prior to manufacturing or processing. The US EPA
implemented SNURs for Penta and OctaBDE in 2006,
ensuring no new use or manufacturing of these compounds.252

All manufacture, import, processing and distribution of
decaBDE was under the US TSCA in 2021; however,
significant exemptions remain, e.g., in motor vehicle parts
until 2036.253 Large numbers of products containing PBDEs
are likely still in use or circulation, which leads to continuous
exposure and a higher body burden.
Surprisingly, breast milk from the Oceania region was also

significantly higher than most other global regions, save North
America (Figure 1). While most of the world reduced PBDE
use in 2004, whether through regulation voluntary action,
Australia only began implementing regulation on PBDE use,
manufacturing, and import in 2007.238 Even though the import
of PBDEs is banned, no regulation exists for the import of
products that potentially could contain PBDEs, such as
automobile parts, textiles, or electronic products.254

BDE-47 and -99, both primary components of penta-BDE,
displayed similar spatial patterns (Figure 1), attributed to
patterns in the use of technical penta-BDE formula worldwide.
General Observations. A substantial lag-time exists

between cessation of production and cessation of use of FRs
because of the long half-lives of the compounds and the
lifespan of products that they are used in. Significant

reductions in production have a slower effect on use and
emissions because of the large stock of PBDE-containing
materials in use. Abbasi et al.3 estimated that the peak in PBDE
use occurred in 2003; however, thousands of tons of PBDEs
will remain in use in consumer products for decades. Plastic,
textile, and electronic products containing FRs are still in use,
to say nothing of buildings’ thermal insulation containing EPS
or XPS, which accounts for more than 97% of the global
HBCDD volume used.255 The ongoing human exposure to
HBCDDs will be further mediated by HBCDD exposure
through the renovation and demolition of buildings.
Demolition activity can release significant amounts of building
material-associated chemicals and demolition waste, including
EPS or XPS panels, which are estimated to stay in place for
∼50 years before renovation takes place.61 Thus, direct
exposures to HBCDDs in indoor spaces and environmental
release will continue for many decades,256 effectively slowing
the decreasing concentration levels through constant primary
exposures. These can either contribute directly to either
occupational or local population exposures, as well as increase
the burden of secondary environmental exposures through
landfill disposal and subsequent leaching of HBCDDs from the
products.31

Furthermore, as we move toward a circular economy, there
is significant potential for FRs to be incorporated into new
consumer products made from recycled materials.257,258 Abbasi
et al.3 estimated that 45000 t of PBDEs may reappear in new
products made from recycled materials, such as plastics, food
contact materials,259,260 and children’s toys.261,262 Due to the
persistence of FRs, all environmental releases can contribute to
secondary FR contamination in the surrounding air, soil, and
water sources and lead to human exposure via dietary
sources.263

The lack of recent biomonitoring studies on PBDEs and
HBCDDs limits the evaluation of current population exposures
and the impact of regulation on time trends. Of the human
biomonitoring studies (Table 1 and Figure 4), less than 10% of
the records cover the period after 2013, limiting our ability to
evaluate the effectiveness of legislation on the global exposure
trend of FRs. This may be due to the perception that once
chemicals have been regulated, the problem has been dealt
with, and it can be difficult to maintain interest and/or
financial support for chemicals that are perceived to have been
already addressed.110

Regulation has a quantifiable effect on the concentrations of
FRs in human breast milk. Regions such as Asia and Europe
where earlier regional regulations, prior to the Stockholm
Convention, have been implemented had the clearest decline
of most of the compounds that were considered in this study.
Australia, where regulations were implemented later still shows
elevated concentrations in human matrices, as does North
America, which had the historically highest FR use globally. On
top of use and regulation, the chemical characteristics of
specific PBDE congeners also affect the response to regulation
and can impact the time needed to evaluate the efficacy of
policy actions. Although PBDEs and HBCDD are regulated
through a ban on production, regulation will have different
outcomes for different individual compounds based on their
dominant use, the volume of historical use, and biological half-
lives. However, it is encouraging to see that existing regulation
and policy, when implemented early and comprehensively, had
a positive impact on the decreasing human body burden of
lower brominated flame retardants.
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(186) Erdoǧrul, Ö.; Covaci, A.; Kurtul, N.; Schepens, P. Levels of
Organohalogenated Persistent Pollutants in Human Milk from
Kahramanmaras ̧ Region, Turkey. Environ. Int. 2004, 30 (5), 659−666.
(187) Dimitriadou, L.; Malarvannan, G.; Covaci, A.; Iossifidou, E.;
Tzafettas, J.; Zournatzi-Koiou, V.; Kalantzi, O. I. Levels and Profiles of
Brominated and Chlorinated Contaminants in Human Breast Milk
from Thessaloniki, Greece. Sci. Total Environ. 2016, 539, 350−358.
(188) Croes, K.; Colles, A.; Koppen, G.; Govarts, E.; Bruckers, L.;
Van de Mieroop, E.; Nelen, V.; Covaci, A.; Dirtu, A. C.; Thomsen, C.;
Haug, L. S.; Becher, G.; Mampaey, M.; Schoeters, G.; Van Larebeke,
N.; Baeyens, W. Persistent Organic Pollutants (POPs) in Human
Milk: A Biomonitoring Study in Rural Areas of Flanders (Belgium).
Chemosphere 2012, 89 (8), 988−994.
(189) Colles, A.; Koppen, G.; Hanot, V.; Nelen, V.; Dewolf, M. C.;
Noël, E.; Malisch, R.; Kotz, A.; Kypke, K.; Biot, P.; Vinkx, C.;
Schoeters, G. Fourth WHO-Coordinated Survey of Human Milk for
Persistent Organic Pollutants (POPs): Belgian Results. Chemosphere
2008, 73 (6), 907−914.
(190) Chovancová, J.; Čonka, K.; Kocǎn, A.; Sejáková, Z. S. PCDD,
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ABSTRACT: Polychlorinated biphenyls (PCBs), “famous” as
persistent organic pollutants (POPs), have been managed
nationally since the 1970s and globally under the Stockholm
Convention on POPs since 2004, requiring environmentally sound
management (ESM) of PCBs by 2028. At most, 30% of countries
are on track to achieve ESM by 2028. Globally over 10 million
tonnes of PCB-containing materials remain, mostly in countries
lacking the ability to manage PCB waste. Canada (Ontario) and
Czechia, both parties to the Stockholm Convention, are close to
achieving the 2028 goal, having reduced their stocks of pure PCBs
by 99% in the past 10 years. In contrast, the USA, not a party to
the Stockholm Convention, continues to have a substantial but
poorly inventoried stock of PCBs and only ∼3% decrease in mass
of PCBs since 2006. PCB management, which depends on Stockholm Convention support and national compliance, portends major
challenges for POP management. The failure to manage global PCB stocks >30 years after the end of production highlights the
urgent need to prioritize reducing production and use of newer, more widely distributed POPs such as chlorinated paraffins and per-
and polyfluorinated alkyl substances, as these management challenges are unlikely to be resolved in the coming decades.

KEYWORDS: polychlorinated biphenyls, Stockholm Convention, chemicals management, persistent organic pollutants, PCB stocks,
environmentally sound management, Canada, Czechia, USA

■ INTRODUCTION

Polychlorinated biphenyls (PCBs) are the epitome of a
persistent organic pollutant (POP) because of their persis-
tence, bioaccumulative potential, and toxicity. Owing to their
environmental mobility and persistence, they are distributed
globally, from the high Arctic and Antarctic to the Mariana
Trench in the deep Pacific Ocean.1 PCBs pose risks to
ecosystems as they potently bioaccumulate through the food
web to reach levels of concern among top trophic level animals.
In utero exposures are associated with neurodevelopmental
toxicity, manifesting as learning, behavioral, or intellectual
impairment in children.2−6 PCB exposures are also associated
with impaired immunological function, auditory deficits, and
central nervous system disorders such as Parkinson-like
symptoms.7−9

PCBs were introduced for use in dielectric fluids to reduce
the risk of explosion in capacitors and transformers and saw
widespread use as plasticizers and flame retardants in products
such as building materials and paints.10 Breivik et al.11

estimated that more than 1.3 million tonnes of pure PCBs
were manufactured between 1930 and 1993 in at least 10
countries, primarily in the USA, followed by West Germany,
the USSR, and France (Figure S1). However, PCBs were
widely exported from manufacturing countries, resulting in use
in at least 114 countries.11 The ∼1.3 million tonnes of pure

PCBs, through dilution for use and subsequent poor
management, expanded to 17 million tonnes of PCB-
contaminated materials and waste (Figure 1), with an
estimated 20−35% of PCBs already released in the environ-
ment.17 Monsanto, in the USA, produced more than 50% of
global PCBs and recognized the toxicity of PCBs shortly after
the start of large-scale commercial production in the 1930s.13

According to Monsanto’s documentation, the company argued
that PCBs were of minimal risk in closed systems such as
capacitors and transformers, but the company intended to use
PCBs in a very wide array of products that would result in
environmental release and human exposure.12 Clear evidence
of their widespread environmental distribution came in the
1960s and 1970s, first in Baltic Sea biota,13 along with
indications of their toxicity.14

Global production of PCBs decreased with the introduction
of restrictions in the 1970s in Western countries (Figures 1 and
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S2). These were followed by restrictions implemented through
international agreements, notably the Stockholm Convention
on POPs, which entered into force in 2004 and currently has
185 parties (184 countries plus the European Union,
chm.pops.int). The Stockholm Convention bans the produc-
tion of PCBs and aims to phase out in-use PCBs by 2025 and
ensure environmentally sound management (ESM) of
materials with >0.005% (50 mg/kg) PCB content by 2028.
ESM largely constitutes chemical destruction by high-temper-
ature combustion methods where the PCB content of the
waste is destroyed, with exceptions for low PCB content wastes
with large volumes, in which case specially engineered landfills
or permanent storage in underground mines/rock formations
can serve as reasonable substitutes (Table S1).15 Each party
implements the Stockholm Convention through the enactment
of binding legislation. Parties have devoted considerable efforts
over decades to eliminating PCB stocks and controlling further
primary and major secondary releases. Much has been
accomplished. However, as of 2016, UNEP identified that
only 17% of PCB-containing materials have been eliminated, at
the rate of about 200,000 t/y since 2000. Addressing the
remaining 83% would require the elimination of ∼1 million
tonnes of PCB-containing oils and contaminated equipment
per year to reach the 2028 target.16

Today, despite restrictions, primary PCB emissions continue
from on-going use in products and materials: closed
applications (e.g., transformers, capacitors, electric motors,
and light ballasts), partially open applications (e.g., hydraulic
fluid, heat transfer fluid, switches, electrical cables, and vacuum
pumps), and open applications (e.g., paints, sealants, inks,

lubricants, flame retardants, insulation, dyes, and pesticides)
(see Table S2).21,22 This diversity of uses, combined with their
poor documentation, creates a global challenge for managing
primary PCB sources.
Although the greatest mass of PCB use has been in closed

applications, open applications of PCBs have received
increasing attention, particularly in relation to sensitive indoor
environments such as schools.23−25 Open applications have
been shown to result in direct exposure, particularly in schools,
and secondary exposure from emissions to the surrounding
environment; open applications were estimated to be the
primary contributors to global emissions up to 1980.29

Building materials have received the most attention, notably
joint sealants and paints, but >15 types of open applications
have been identified by UNEP,26 and previously undocu-
mented open source uses (e.g., floor waxes,27 book bindings28)
continue to be identified. Open applications were the first to
receive international regulatory attention through OECD
restriction on open applications in 1973.30 While reports
frequently state that approximately 21−26% of PCBs were
used in open applications,26,29 this is a rough global average,
and the type and amount of open PCB use varied substantially
by region: in Japan, the majority of open use was in carbonless
copy paper, while in Western Europe, it was in building
sealants.26,29 Open applications of PCBs present a unique
challenge as they are not typically included in national
inventories and are frequently not even recognized as PCB
wastes.26 Countries that have estimated stocks of PCBs in
open applications (e.g., Germany, Finland, Norway, Sweden,
and Switzerland) have identified amounts from hundreds to

Figure 1. Timeline of major policy actions on PCBs in the USA, Canada, and Czechia and in the Stockholm Convention. Rate of PCB production
and associated increase in stocks is estimated based on the study by Breivik et al.11 The Stockholm Convention estimates of remaining stocks are
obtained from refs 17−181920. The total stock of PCB-containing materials and waste (up to 20 million t) reflects how pure PCBs are diluted to
create this mass and how mismanagement spreads pure PCBs to create a larger contaminated mass. The variation in the estimated stock over
1994−2016 reflects how reported global inventories changed over time due to uncertainties in reported PCB stocks. Additional details on the
timeline of policies impacting PCBs are given in Figure S2.
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thousands of tonnes.26 For example, Germany had an
estimated 12,000 t remaining in open applications as of
2013, contributing 7−12 t of PCBs to the environment
annually.31

Global PCB contamination has many facets, from the legacy
use of PCBs in industrial and consumer products, to
unintentional production and releases from industries and
combustion32,33 and to emissions of unintentionally produced
nonlegacy PCB congeners from modern materials such as
paints and cabinetry.34,35 Here, we focus on the challenge of
managing primary legacy PCB stocks through a review and
analysis of current PCB management status globally. We assess
progress toward ESM of PCBs through a two-part analysis: (1)
challenges of PCB management on a global scale and (2) a
detailed case study comparison of the current status of PCB
management in three economically developed countries
(Canada, Czechia, and USA) with differing histories of
Stockholm Convention participation, PCB production and
use, and management capabilities.
The motivation for this analysis is two-fold. First, it is critical

to understand the scale of the future threat posed by PCBs to
human and ecosystem health. After countries enacted controls
in the 1970s and early 1980s, concentrations in air, water, and
relatively short-lived biota dropped rapidly.36 However,
decreases have slowed in recent years.37,38 Today, 40 years
after major production ceased, PCBs may cause the demise of
over 50% of the world’s killer whale populations.39 As a
neurotoxicant, PCBs contribute to the significant global
burden of disease attributable to widespread human exposure
to hazardous pollutants.40 Second, the analysis of successes and
failures in managing PCBs provides a clear cautionary lesson
on the long-term impacts of producing and widely using
persistent compounds and the inability of even wealthy
countries to manage and eliminate their on-going use.

■ METHODS
Global PCB Management. Historical PCB consumption

was adapted from Breivik et al.11 to reflect the total PCB mass
used (see Text S1). The status of PCB use and management of
all UN-registered countries was classified based on the most
recent information (Table S3). In most cases, this information
was the most recent Stockholm Convention status document
(National Implementation Plan or Conference of the Parties
update) and the responses to a 2018 questionnaire given to
Stockholm Convention parties on PCB management. Where
available, other reports were also used, particularly Global
Environment Facility (GEF) project reports (see references in
Table S3). Based on this information, we placed countries into
eight categories according to their PCB management, ranging
from no existing PCB management plan or inventory, to full
ESM. We also included countries that are not parties to the
Stockholm Convention.
Case Study: Canada. Data from Ontario, containing

nearly 40% of the Canadian population,41 were used as an
indicator of Canadian performance. Details of the Ontario
PCB inventory are provided in the Supporting Information
(Text S2). Briefly, the PCB stock in Ontario was estimated by
combining data from the Canadian federal “ePCB” database
and a provincial-level PCB Waste database maintained by the
Ontario Ministry of the Environment, Conservation and Parks.
The federal ePCB reporting system lists locations of PCB
holdings in-use and in-storage with concentrations >50 mg/kg.
Data as of December 31, 2016 for closed sources were used.

The Ontario database separately lists PCB waste storage sites
in Ontario; data used were as of 2013. Combined, the
databases reported a total of 270 unique sites with PCBs in
use, stored, or classified as wastes not yet subject to ESM.
Any values given in units of volume were converted to mass

based on assumptions of the density of the PCB-containing
material. The masses of PCB-containing materials were then
converted to estimates of pure PCB mass assuming average
concentrations per category of application.42 Askarel fluid was
assumed to have 600,000 mg/kg PCBs (range 400,000−
800,000 mg/kg) and mineral oil 250 mg/kg PCBs (range 50−
500 mg/kg).43,44 Concentrations in waste categories were
estimated based on their classification as either low- or high-
level waste. Assumptions are detailed in Table S4.
We also compared these 2013−2016 data with an inventory

of closed sources from 2006 before the enactment of revised
Canadian Federal PCB regulations in 2008. This comparison
was restricted to the Toronto (largest city in Canada) area
because of data availability.42

Case Study: Czechia. Data for Czechia were compiled
from the current inventory of PCB-containing products and
materials, maintained by the CENIAthe Czech Environ-
mental Information Agency. Since the itemized database is not
publicly available, our inventory relied on the totals of
individual application categories, which have been reported
to the Stockholm Convention45 and the European Union.46

Where available, exact reported masses of PCB-contami-
nated material were used, and when missing, the mass was
estimated based on the number of items and the median mass
of PCB-containing fluid per item in the category (Table S5).
The masses of PCB-containing fluids were converted to

estimates of pure PCB mass using assumptions specific to
Czech/EU regulations (Table S5). Czechia complies with the
European Council Directive 96/59/EC, which required
elimination of all materials containing >500 mg/kg PCBs by
2010; thus, all remaining large PCB equipment (>5 dm3)
should be <500 ppm PCBs. However, there is some ambiguity
in the reported information; thus, we have used a 10,000 ppm
upper threshold, based on Czech reporting to UNEP,45 to
account for a worst-case scenario of instances of non-
compliance.47

To evaluate progress since the ratification of the Stockholm
Convention, we compared the most recent inventory with
totals from the initial Czech National Implementation Plan
reflecting 2002−2004.48 As the original inventory preceded EU
legislation, we assumed higher concentrations of PCBs in
materials using the values of 20,000 mg/kg (range 10,000−
30,000 mg/kg).47

Case Study: USA. To estimate the current stock of PCBs
in use and waste in USA, we utilized publicly available
information from the US Environmental Protection Agency
(US EPA), specifically the PCB transformer registration
database49 (Table S6, as of Jan 2020) and the PCB Cleanup
and Disposal Program50 (up to 2020). The US EPA tracks
transformers and regulated PCB waste pursuant to regulations
under the Toxic Substances Control Act (TSCA). Owners of
PCB transformers must register details on transformer
location, ownership, and mass in the PCB transformer
registration database. PCB transformers that are removed
from use may be optionally deregistered from the database. We
extracted information on the number, location, and mass of
transformers to estimate the stock of PCBs currently held in in-
use and stored transformers. Incomplete records were assigned
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the median value of the complete records (median two
transformers per site; median mass 782 kg/transformer). A
transformer was considered to be 30% fluid by mass;51 this
factor was used to convert total transformer masses to masses
of PCB-containing fluids. Fluid masses were converted to
estimates of pure PCB mass using assumptions about the
concentrations in a typical transformer, as for the Canadian
inventory. We assumed that before Jan 1, 2000, all trans-
formers reported were askarel transformers, and after that date,
all were mineral oil, based on the assumption that transformer

owners would be aware of high-level PCB content and report
in compliance with the TSCA regulations. However, PCB-
contaminated mineral oil may be less thoroughly documented,
leading to delayed reporting.52 Average concentrations used for
askarel transformers were 600,000 mg/kg PCBs (range
400,000−800,000 mg/kg) and those for mineral oil trans-
formers were 1000 mg/kg PCBs (range 500−5000 mg/
kg).43,44,52 To evaluate the completeness of the transformer
registration database, we compared the total number and mass
of transformers reported to the PCB Cleanup and Disposal

Figure 2. Global PCB use and management. (A) Total PCB consumption by country throughout the period 1930−2000 based on data from
Breivik et al.11 extrapolated to total PCB mass consumption according to Text S1. Figure S6 presents the same data presented as per capita
consumption. (B) Current status of PCB management according to the latest reported status for each country, compiled from Stockholm
Convention reporting and other sources. Sources used are given in Table S3. NIP indicates Stockholm Convention National Implementation Plan.
A color-blind accessible version of this figure can be found in Figure S5.
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Program with the total number of transformers in the
registration database and the mass of deregistered transformers
from 1998 to 2018.
To evaluate changes in the USA stock over time, we

compared the current remaining stock of transformers to
records of PCB transformer deregistrations to calculate the
number of transformers and mass of PCBs that would have
remained in use/stored in 2006.
Uncertainty Analyses. Monte Carlo analysis was

performed for the Canadian PCB databases, which identified
that concentration levels (i.e., mg/kg PCBs per equipment/
waste category), particularly the concentration selected for the
high-level equipment/wastes, had the greatest impact on the
estimate of the total stock (Text S3, Figures S3, S4). Density
and other assumptions made to complete missing data had
negligible impact. Therefore, we addressed the uncertainties in
the conversion of database entries to pure PCB masses through
the inclusion of upper and lower concentration thresholds for
individual PCB equipment and waste categories according to
the regulations and database thresholds for each country, as
described above.

■ RESULTS
Global Management of PCB Stocks. Global use of PCBs

varies widely, and the current PCB management capacities of
countries also vary widely (Figure 2B, Table S3). One country
(Democratic People’s Republic of Korea) continues to
produce PCBs.17 185 parties (184 countries plus the European
Union) have ratified the Stockholm Convention, while 13
countries have not, notably the USA, Italy, Malaysia, Haiti,
Israel, and Turkmenistan; all other nonratifying countries have
<1 million population or are recently established (e.g., South
Sudan). We note that while Italy has not ratified the
Stockholm Convention, the European Union, of which Italy
is a member, is a party to the Convention, and the EU has
stricter regulations on PCB management than the Stockholm
Convention. Of the 184 ratifying parties, 10 have not
submitted any implementation plan. Greece and Malta, as
EU member states, should also follow EU PCB management
regulations, despite not yet submitting documentation to the
Stockholm Convention.
For the 174 Parties that have submitted reports, our analysis

highlights that 72 national PCB inventories (42%) are partial
or preliminary. Many inventories are limited to transformers
and/or only to the public electricity sector, which may capture
only half of the uses of PCBs (considering 48% of the PCBs
produced were used in transformers22). An additional 23
countries (13%) reported complete PCB inventories but no
capacity to achieve ESM, while 11 countries had inventories
and capacity to manage PCBs but had made no significant
progress toward ESM. The number of countries achieving or
progressing toward ESM was small; 34 countries (18%) are
progressing toward ESM through removal from use and
destruction of PCB materials. Only 23 countries (13%) have
achieved ESM of PCBs. With three exceptions (Nepal, Kenya,
and Micronesia), all of the 23 countries that have achieved
ESM are classified as “very high” in the UNDP Human
Development Index, or “high income” under by the World
Bank (Table S3). Only three countries classified as “low
development”/“low income” are currently making substantial
progress toward ESM of PCBs: Benin, Rwanda, and Uganda.
National reporting to the Stockholm Convention contains a

wealth of information about PCB management, but the quality

and quantity of information provided by individual countries
vary widely. A questionnaire from the Convention was
distributed to 182 parties to evaluate progress toward ESM
of PCBs. Fewer than 60 parties provided responses.53 Based on
these responses and additional Stockholm Convention
information sources, estimates of current PCB stocks could
be determined for 52 countries (see references in Table S3).
Many countries lacked recent information, with some countries
not submitting documentation since 2004. Therefore, our
analysis is uncertain for two reasons. First, we may be
presenting a worst-case scenario since countries may have
made unreported progress toward PCB elimination. Second,
and conversely, many countries reported incomplete invento-
ries (e.g., only inventories of transformers owned by a national
electricity provider), and thus most recent reports under-
record true stocks.
Many countries are challenged by weak institutions,

corruption, and mismanagement, making tracking PCB stocks
and limiting their misuse extremely difficult. There are multiple
reports of transformers being improperly recycled. For
example, Sri Lanka identified that PCB-containing trans-
formers were transferred to informal recyclers and that spilled
PCB-containing oils were cleaned up with sawdust of which
some were disposed of through burning.54 Nauru reported that
a transformer confirmed to contain PCBs was slated to be
shipped to Australia but was instead collected by a scrap metal
recycling company with an undetermined fate.55 In other
instances, transformer owners were reported to have actively
drained and disposed of PCB contents to avoid responsibility
for PCB materials. For example, in Malawi, numerous pieces of
equipment suspected to contain PCBs had their contents
poured directly onto the ground before they could be tested.56

The Dominican Republic reported that owners of transformer
shops, to avoid PCB disposal regulations, diluted the PCB
concentration in the fluids by continually removing them and
adding more mineral oils and sold the removed PCB oils to
illegal foundries.57 Ghana reported the use of PCB oils to
create beauty creams and to lubricate domestic sewing
machines,58 while in Montenegro, factory workers were
reported to have used PCB oils for handwashing and to heat
homes.59

Several initiatives, such as those funded by the Global
Environment Fund (GEF) and implemented by UNEP, have
made progress in addressing some of the challenges low-
income countries face in managing PCBs. For example, a
project, harmonizing efforts in Southern Africa to centralize
dismantling, draining, and accumulation of PCB oils/equip-
ment for disposal,60 was among more than 40 GEF-funded
projects on ESM of PCBs. Together, these projects have
eliminated 23,000 tonnes of PCBs.17 However, even these
specific projects can be hindered by unreliable national reports,
delays in laboratory analysis of suspected PCB materials, and,
most crucially, incomplete inventories. The technological and
financial capacities required to eliminate PCBs are not available
in many regions. GEF-funded projects on PCBs have received
∼$450 million USD to support the elimination of 88,000
tonnes of PCB-containing materials and waste (23,000 tonnes
eliminated and 65,000 tonnes planned), averaging USD 5,000
per tonne of PCB waste eliminated. It is noted that these
project costs include items not directly related to elimination
(i.e., capacity building and education).17 Currently, the cost
burden of managing PCBs lies with national governments or
international agencies (e.g., national environment agencies,
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UNEP, and GEF). Producer financial responsibility to date has
only been in the form of legal settlements. Funding PCB
elimination is clearly a problem, with the estimated need to
eliminate 1 million tonnes of PCB-containing materials and
waste per year to achieve Stockholm Convention compliance,
mostly in countries with minimal financial and/or technical
capacity. Yet despite the costs of elimination, there is also a
clear public health cost of inaction: toxic chemicals, including
PCBs, are neurotoxicants contributing to the “pandemic of
developmental neurotoxicity,” placing a significant burden on
societal resources.6,10

At most, 30% of countries are on track to achieve ESM by
2028, and the lack of capacities for PCB management is a
barrier to achieving this goal. With the specific examples of
Canada, Czechia, and the USA, we demonstrate successes and
barriers to ESM even in high-income/highly developed
countries.

Case Studies. Inventory Results: Canada. Based on the
combined provincial and federal databases as of 2013 and
2016, we identified a total of 12,200 tonnes of material in
Ontario with PCB content >50 mg/kg. These materials were
estimated to contain 32 t of pure PCBs (Figure 3, Table S11)
with a range of 21−44 t. The PCB sites were widely distributed
across heavily populated Southern Ontario and within or close
to urban areas. The stock of PCB materials in Ontario was
dominated by PCB-contaminated soil/gravel held at two sites,
making up 97% of the bulk mass of PCB materials but <10% of
the pure PCBs, which was largely held in transformers (77%)
and capacitors (12%) (Figure 3G).
According to a 2006 PCB inventory,42 Toronto had 455

sites containing 850 t of PCB-containing equipment and
materials, equivalent to 424 t (range 282−565 t) of pure PCBs.
A large proportion of this was located in Toronto’s central
business district in electrical transformers in large office

Figure 3. Inventories of PCBs for USA, Czechia, and Ontario, Canada. (A−C) Estimated stocks as of mid 2010s by (A) number of items, (B) bulk
mass of PCB-containing materials, and (C) pure PCBs, with error bars indicating the uncertainty of the estimates of mass. (D−F) Change over
time in PCB-contaminated items, bulk mass of PCBs, and pure PCBs. (G,H) Distribution of current stocks of pure PCBs in Ontario and Czechia
according to item categories. USA is not shown because only transformers are included in the inventory.

Environmental Science & Technology pubs.acs.org/est Article

https://doi.org/10.1021/acs.est.2c01204
Environ. Sci. Technol. 2022, 56, 9029−9040

9034

https://pubs.acs.org/doi/suppl/10.1021/acs.est.2c01204/suppl_file/es2c01204_si_001.pdf
https://pubs.acs.org/doi/10.1021/acs.est.2c01204?fig=fig3&ref=pdf
https://pubs.acs.org/doi/10.1021/acs.est.2c01204?fig=fig3&ref=pdf
https://pubs.acs.org/doi/10.1021/acs.est.2c01204?fig=fig3&ref=pdf
https://pubs.acs.org/doi/10.1021/acs.est.2c01204?fig=fig3&ref=pdf
pubs.acs.org/est?ref=pdf
https://doi.org/10.1021/acs.est.2c01204?urlappend=%3Fref%3DPDF&jav=VoR&rel=cite-as


towers.42 In 2016, Toronto had only 7 sites holding 31
separate PCB items, all located outside of the city center, of
which 3 sites had PCBs remaining in use (all others were
stored for disposal), constituting only ∼40 g of pure PCBs.
The remaining four sites stored 2.9 t of bulk PCB material,
equivalent to 0.8 t (range 0.6−1.0 t) of pure PCBs. Thus,
>99% of the 2006 stock of PCBs in Toronto was removed in
the 10 years between inventories and after 2008 legislation
mandating ESM, clearly showing progress toward elimination
of PCB stocks in Toronto (Figure 3F). This agrees with
Canada’s reporting to the Stockholm Convention61 which
states that 0.02% of the 2008 PCB stock remains today.
Inventory Results: Czechia. Based on the most recent

Czech records, we estimated a total stock of 6092 tonnes of
material with PCB content >50 mg/kg in 2016. This bulk mass
was estimated to contain 2.84 t (0.30−62 t) of pure PCBs
(Table S11). Most of the mass of PCB materials (74% of bulk
material and 79% of pure PCBs) was in transformers held by a
large electricity production and distribution company respon-
sible for more than 14,000 pieces of PCB-containing materials,
including close to 10,000 transformers (Figure 3A). However,
despite the large number of transformers, Czechia has
prioritized the removal of equipment containing high
concentrations of PCBs in compliance with European Union
and Stockholm Convention regulations. This has resulted in a
relatively low level of pure PCBs (∼2 tonnes) in these ∼10,000
transformers.
In 2005, 25,000 items contained ∼3000 t of PCB-

contaminated fluid/materials,48 equivalent to an estimated
460 tonnes of pure PCBs. An inventory in the intervening
years (from 2009) reported 9193 t of known PCB materials
and 3228 t of possible PCB materials.62 Later inventories
(2009, 2016) were more comprehensive, which resulted in a
higher reported bulk mass of PCBs (Figure 3E). The
prioritized removal of high concentration items has led to
the large decrease of pure PCBs since the 2005 inventory was
compiled (Figure 3F).48

Inventory Results: USA. The USA inventory was based only
on the US EPA transformer registration database49 (Table S6)
and, consequently, was incomplete in two respects. First, it
contained only records of transformersno inventories exist
in the USA for any other PCB-containing materials. Data from
the PCB Cleanup and Disposal program50 (Tables S7 and S8)
indicate the disposal of millions of kilograms of large low- and
high-voltage capacitors and bulk waste from 1998 to 2018,
none of which has been included in any inventory. Second, the
transformer registration database likely does not include all
PCB transformers. From 1998 to 2018, the registration
database listed 20,130 total transformers, but the PCB disposal
program data indicated that over 180,000 transformers were
disposed of over the same period, strongly suggesting that the
registration database did not, and likely still does not, include
all PCB-containing transformers. Therefore, our stock
estimates in Table S11 are a clear underestimate of closed-
source PCBs in USA.
As of 2020, the USA transformer database contained records

of 11,577 transformers, estimated to contain 13,755 tonnes of
PCB material with 776 (517−1040) tonnes of pure PCBs. To
provide a temporal comparison similar to Canada and Czechia,
the database was re-evaluated considering the stock of
transformers existing in 2006. In 2006, the USA had 14,457
transformers containing 47,500 tonnes of PCB material and
770 tonnes of pure PCBs. This suggests a 20% reduction in the

number of transformers and a 71% reduction in the mass of
bulk PCB material, but only a 3% reduction in pure PCBs over
∼15 years (Figure 3D−F).

■ DISCUSSION
Canada. PCBs were never manufactured in Canada, but an

estimated 40,000 t of PCBs were imported up to 1980,44

leading to the second-highest per capita use in the world (1.2
kg/person), behind only the USA (Figure S5). New uses of
PCBs were banned in 1977. Canada signed the Stockholm
Convention in 2001 and enacted legislation to comply with the
Convention in 2008. The purpose of the 2008 Canadian PCB
regulations was to accelerate the elimination of PCBs in
concentrations greater than 50 mg/kg by 2025 by stipulating
end-of-use deadlines, especially for PCBs near sensitive sites
(schools, daycares, hospitals, etc.).63

Of the three profiled countries, Canada has most successfully
managed PCBs. The mass of pure PCBs in Toronto, Canada’s
largest city, decreased by 3 orders of magnitude within 10
years, indicating that regulations were successful in phasing out
PCBs in Toronto. PCB material has been removed from all
transformers in large skyscrapers built in the 1960s and 1970s
in the downtown core and from sensitive sites such as
schools.42 The enforcement of PCB regulations in Canada
includes compliance strategies and environmental officers that
inspect PCB facilities. For example, in 2015, inspections were
conducted at 44 companies that were set to remove and
destroy their PCB equipment, finding 89% compliance.64

Some inventory data indicated a lack of compliance in a small
number of cases; three entries in Ontario databases reported
concentrations over 500 mg/kg for equipment that should
have been removed by 2009.
Canada’s database has only limited inclusion of open sources

of PCBs, although these were used in Ontario, for example, as
joint sealants in buildings constructed from the 1950s to
1970s.65 Past inventories estimated that the contributions of
PCB-containing building sealants were low relative to the total
amount of PCBs held in transformers,42,65 but with the
prioritized removal of closed PCB equipment and little
attention given to open sources, their relative importance
may now be greater. In countries that consider open sources in
their PCB inventories, they typically account for more than a
third of the remaining PCB bulk mass, for example, 37% in
Germany66 and 39% in Switzerland.67

Committing to national and international PCB agreements
has helped expedite Canada’s progress on phasing out PCBs.
The 2008 regulation was proposed to meet the targets and
commitments of the Stockholm Convention.68 If the current
trend continues across Canada, we suspect that Canada will be
well on track to meet the 2025 target set by the Stockholm
Convention.

Czechia. At the time of PCB production, Czechia was
Czechoslovakia, and PCBs were produced by the Chemko
Straźške factory in the east of the country (now Slovakia).
Chemko produced 21,481 tonnes of PCBs from 1959 to 1984,
of which 11,613 tonnes were used in Czechoslovakia, and the
rest was exported to other Eastern Bloc countries, primarily
East Germany.47 Per capita use in Czechoslovakia was 580 g/
person, the 20th highest in the world (Figure S6). It is
estimated that 7000−8500 t of pure PCBs were used in the
area that is now Czechia.48 Most PCB use was by three state
companies manufacturing PCB-containing paints and coatings,
electrical capacitors, and electrical equipment for transport and
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industry.46 These materials were then distributed to over 200
other companies/state agencies. PCB manufacturing ceased in
1984, and use restrictions were introduced in stages over the
1990s as Czechia moved toward compliance with EU
regulations with the goal of eventually entering the EU.
These late restrictions are the reason why the breast milk of
Czech and Slovak mothers contains, on average, the highest
concentration of PCBs among industrialized countries.69,70

The Czech PCB stockpile and waste management plan
covering 2003 to 2013 dictates that all PCB materials
exceeding 50 ppm be managed according to ESM provisions
of the Stockholm Convention. Czechia, as a member of the
EU, additionally follows the EU PCB regulations, which are
stricter than those of the Stockholm Convention for large
equipment, requiring that equipment with PCB volumes >5
dm3 was decontaminated or disposed of by 2010.
As with Canada, open sources were not considered in the

Czech inventory. PCB-containing building sealants had limited
use in Czechia and other former Eastern Bloc countries, unlike
in Western Europe and North America, due to their higher
cost. The major open use of PCBs was in paints, particularly on
bridges and in military applications, constituting approximately
21% of total use.45,47 PCBs released from paints have caused
significant environmental contamination, including of Elbe
River sediments with up to 6 mg/kg PCBs due to renovations
to a railway bridge that had PCB-containing paint.71

The biggest challenge in Czechia is not the documented
inventory of PCBs but rather the numerous abandoned
industrial/contaminated sites. This number is larger than
typical in Western countries due to the country’s transition
from a communist economy in the early 1990s, dissolution of
state-owned companies, and subsequent bankruptcies and
abandonment of these sites. Numerous facilities now remain
without responsible ownership and contain abandoned
industrial infrastructure, with possible PCB contamination, as
well as contaminated soils and other materials. The database of
contaminated sites maintained by the Czech Ministry of
Environment listed 387 sites with PCB contamination as of
2016; however, 88% remain only as suspected contamination,
still lacking a proper site survey.45

Since the early 2000s, the Czech PCB inventory appears to
have grown because of the “discovery” of many of these sites
and reporting from companies that had not initially disclosed
their stocks. The 2002−2005 database reported 25,000
contaminated or potentially contaminated items, with ∼3000
t of bulk PCB fluid/materials.48 By 2016, there were slightly
fewer PCB-containing items (21,300) but a much higher bulk
mass of PCBs (6093 t) compared to 2005. This discrepancy
arose because of the inclusion of small PCB items that were
not included in the original inventory. Most importantly, the
mass of pure PCBs has dramatically decreased: only 1% (0.1−
17%) of the 2005 stock of pure PCBs was estimated to remain
in 2016 (Figure 3). This large decrease in pure PCBs is
attributed to progress toward compliance with EU regulations,
with priority given to ESM of high-level and large-volume PCB
equipment.
Czechia has sufficient capacity for ESM of PCBs (e.g.,

annual hazardous/POP waste incineration capacity of >21,000
t46); however, the country requires action from both private
entities and the state, in case of the abandoned stock, and a
significant effort to remove PCBs from use if it is to achieve
ESM by 2028.

USA. The USA was the world’s largest producer and
consumer of PCB products with an estimated use of 500,000
tonnes of PCBs, or 1.9 kg per capita, the highest in the world
(Figures 2A and S5). The USA passed regulations in 1979
under the TSCA to prohibit the manufacture, processing,
distribution in commerce, and new use of PCBs. However, the
USA has not ratified the Stockholm Convention and does not
have national legislation that sets deadlines for PCB
elimination.72 This lack of national legislation is also reflected
in its fragmented and incomplete PCB data. While it is clear
from the PCB Cleanup and Disposal program50 that the USA
has removed a large stock of PCBs from use, the incomplete
current inventories prohibit the evaluation of the remaining
burden of PCBs in the USA. Our analysis strongly suggested
that the transformer registration database is missing a
substantial number of transformers, and no inventory exists
for other PCB materials (capacitors, ballasts, other electrical
equipment, and contaminated soil). In Canada, these materials
accounted for ∼25% of the total mass of pure PCBs and 99%
of the mass of bulk PCB materials; we expect similar
proportions in the USA. The US transformer database requires
responsible parties to self-report information, with limited
enforcement, and the concentration of PCBs is not reported.
The incomplete or erroneous information greatly limits the
accuracy of the inventory.
Our assessment of the US records as incomplete contrasts

with a recent UNEP report suggesting that US PCB records
are more comprehensive than those for other countries.17

While this may be the case in comparison to developing
countries, we argue that the fragmented and inconsistent
nature of reporting, limited mainly to transformers, coupled
with the highest global PCB manufacturing and use, presents
the USA as a worst-case scenario for PCB management in
countries with a capacity to do so.
Even based on incomplete information, the stock of PCBs in

the USA remains large compared to Canada and Czechia.
While the USA has removed 100,000 t of PCBs from use, the
impact of this removal on total PCB stocks is highly uncertain
because of poor record-keeping. Moreover, the USA did not
show a significant decrease in the mass of pure PCBs between
2005 and 2020 as was seen for Canada and Czechia (Figure
3F), which have prioritized removal of high-level PCB
materials (e.g., askarel transformers). Further, PCBs removed
from use in the USA are legally allowed to be disposed of by
methods not considered ESM by the Stockholm Convention,
such as landfilling. This is a major concern as landfills may act
as secondary PCB sources by contaminating surrounding
ecosystems with resulting ongoing human and environmental
exposures.73 The environmental and societal burden due to the
ongoing use and non-ESM disposal of PCBs in the USA is a
clear concern, given the country’s history as the world’s largest
producer and user of PCBs.
The per capita mass of pure PCBs in the USA inventory

(2.40 g/person for 2020) is comparable to Ontario, Canada
(2.41 g/person for 2013−2016), while Czechia is lower, at
0.27 g/person for 2016. However, of all three countries,
Canada has the most complete inventory, which includes large
masses of contaminated soil and gravel that are not included in
inventories in either Czechia or USA. The per capita stock in
the USA would be significantly higher if the inventory included
the additional categories of capacitors, other electrical
equipment, and contaminated waste materials that have been
significant portions of the Canadian stock (Figure 3G). It is
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estimated that USA has at least 26 million cubic meters of soils
contaminated with PCBs17 and 350 “Superfund” sites with
reported PCB contamination.

■ IMPLICATIONS AND LESSONS LEARNED FROM
PCB FAILURES

In 2016, UNEP completed an assessment of global efforts to
eliminate PCBs, with an update in 2019.17,53 The report
highlighted similar challenges as identified here: incomplete
inventories of PCBs in many regions and large uncertainties in
current stocks and extent of ESM. The report identified that
“the majority of countries (with some notable exceptions) are
currently not on track to achieve the ESM of PCBs by 2028.”
Our analysis of the progress, available infrastructure, and the
challenges within individual countries in managing PCBs
confirm the implausibility of achieving this goal without a rapid
change in actions. UNEP also reported that the PCBs
eliminated so far were likely “low-hanging fruit,” and further
elimination will present more logistical and technical problems,
challenging our ability to achieve the rates of elimination
needed to reach Stockholm Convention goals.17

One substantial challenge is PCBs remaining in open
applications, which are poorly documented even in countries
that report ESM. To date, Sweden has given the most
comprehensive attention to open applications through a
program of identification and decontamination of buildings
with PCBs in building materials.74 Also, a small number of
other countries have developed general estimates and
addressed contaminated buildings on a case-by-case basis.
The difficulty in managing open applications of PCBs is the
lack of documentation of use combined with their importance
to human exposure25,75 as well as the lack of coherent
strategies to manage PCB-containing/PCB-contaminated
building materials without increasing emissions of PCBs.
In addition to the challenge of ESM for the remaining global

stock of PCBs, we are faced with the challenge that some large
fraction of PCBs is no longer “manageable.” These
“unmanageable” stocks have been released to the environment,
landfilled without documentation, or, in arguably worst cases,
are “lost” due to a lack of labelling and documentation and
have entered the commercial sector as oils without identified
PCB content. The longer the use and improper storage of
PCBs persists, the greater the potential for environmental
releases and human exposures, particularly considering the
aging infrastructure that houses PCBs.
Strong regulation combined with financial and technological

capacity and enforcement, as demonstrated in Canada, can
successfully reduce stocks of PCBs and advance ESM. Many
countries face substantial challenges due to historical structures
(e.g., as in Czechia), and even with sufficient financial and
technological capacity, their progress toward achieving the
Stockholm Convention deadlines is hindered by legacies of
poor record keeping, environmental practices, and site
ownership. However, most troubling is the prevalent lack of
capacity to manage PCB stocks. The Stockholm Convention
plays an important role in education and capacity building
toward PCB elimination, motivating countries, particularly
those with the ability to implement the Convention, to
inventory and dispose of PCBs. Nonetheless, the inventory
quality is generally poor in many countries, compounding the
challenge due to the lack of resources and competing national
pressures.

The USA is absent from the Stockholm Convention and
lacks effective federal policies to remove and safely dispose of
PCBs despite being the largest producer, user, and likely holder
of the largest stock of PCBs. This is a clear challenge to the
global goal of achieving ESM of PCBs because, by their
properties of persistence and long-range transport, PCBs are a
global threat.
The global distribution of PCB use and stocks is not

uniform. The USA, Canada, Soviet Union, Japan, and Western
European countries dominated the use of PCBs (Figure 2A).
In contrast, today that legacy is shifting globally due to
transboundary transport of PCB-containing equipment and
wastes. While such movement of hazardous substances is
under the purview of the Basel and Rotterdam Conventions,
compliance remains a challenge. This global shift is particularly
problematic considering the lack of PCB management
capacities in lower income/lower development countries.
Global inequality is a major challenge in the implementation
of the Stockholm Convention objective of achieving ESM of
PCBs and POPs in general.
The Stockholm Convention set a deadline to phase out

PCBs some 40 years after cessation of production and more
than 50 years after many highly developed countries banned
their manufacturing, import, and new use. Yet, this deadline
appears unachievable due to the resources (financial and
technical) and the political will required to address the
problem. As the effort required to eliminate PCBs has been
seriously underestimated,17 we question the feasibility of
removing other newer POPs that have entered widespread use.
In the context of POPs, it could be argued that PCBs are one
of the simpler problems: most use was in large, closed items,
global trade in PCB-containing materials was limited, and most
PCBs were held by large industries which were compelled to
inventory and report them. This is a sharp contrast to two
classes of POPs which have received recent attention
chlorinated paraffins and per- and polyfluoroalkyl substances,
such as PFOS and PFOA. The major use of these chemicals is
fundamentally different from PCBs; they are primarily used in
open sources and held by millions of individuals, which stymies
efforts to inventory and manage removal, with major
consequences for the environmental and human health of
future generations.76 Chlorinated paraffins are a clear case of
regrettable substitution as the short-chained chlorinated
paraffins replaced PCBs in many open applications26 and,
since 2018, are also restricted under the Stockholm
Convention. This highlights the critical need and urgency to
curtail production and use of chemicals with POP character-
istics as complex management challenges will not soon be
solved, and the consequences are likely to fall disproportion-
ately on lower-income/lower-development countries.
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Concentrations of more than 20 brominated flame retardants (FRs), including polybrominated diphenyl ethers
(PBDEs) and emerging FRs, were measured in air, dust and window wipes from 63 homes in Canada, the
Czech Republic and the United States in the spring and summer of 2013. Among the PBDEs, the highest concen-
trations were generally BDE-209 in all three matrices, followed by Penta-BDEs. Among alternative FRs, EHTBB
and BEHTBP were detected at the highest concentrations. DBDPE was also a major alternative FR detected in
dust and air. Bromobenzenes were detected at lower levels than PBDEs and other alternative FRs; among the
bromobenzenes, HBB and PBEB were the most abundant compounds. In general, FR levels were highest in the
US and lowest in the Czech Republic— a geographic trend that reflects the flame retardants' market. No statisti-
cally significant differences were detected between bedroom and living room FR concentrations in the same
house (n=10), suggesting that sources of FRs are widespread indoors andmixing between rooms. The concen-
trations of FRs in air, dust, and window film were significantly correlated, especially for PBDEs. We found a sig-
nificant relationship between the concentrations in dust and window film and in the gas phase for FRs with
log KOA values b14, suggesting that equilibrium was reached for these but not compounds with log KOA values
N14. This hypothesis was confirmed by a large discrepancy between values predicted using a partitioning
model and the measured values for FRs with log KOA values N14.

© 2016 Elsevier Ltd. All rights reserved.
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1. Introduction

Because the indoor environment is an important human exposure
route for semi-volatile organic compounds (SVOCs), such as brominat-
ed flame retardants (BFRs), knowledge of their levels and partitioning
between different indoor matrices is essential for evaluating their im-
pact on human health. Most studies on BFRs in the indoor environment
have focused on their presence in dust because of its putative contribu-
tion to exposure [e.g., Harrad et al. (2008b); Wilford et al. (2004)]. Al-
though, some studies have documented air concentrations indoors
(Abdallah et al., 2008; Dodson et al., 2015), significantly fewer studies
have dealt with accumulation of BFRs on surfaces such as window
films (Bennett et al., 2015; Butt et al., 2004; Cetin and Odabasi, 2011).
Of these studies, only Bennett et al. (2015) compared indoor film con-
centrations with those of other indoor matrices, i.e. air and dust.

Indoor air can be sampled using passive or active techniques, and
each has its advantages and disadvantages. Passive samplers are easy
to deploy and are unobtrusive, which is important in an indoor setting.
These samplers do not require electricity, but they need to be deployed
for several weeks, providing an integrated measurement over this time
period. In comparison, active samplers are bulky and noisy, which is
particularly problematic indoors. They require trained personnel to be
deployed, but they can be left at the site for shorter periods. The most
common passive air sampling design uses a polyurethane foam (PUF)
disk enclosed in a stainless steel bowl (Shoeib and Harner, 2002).
With knowledge of sampling rates, one can calculate time-integrated
air concentrations for compounds mainly present in the gas phase
(Bohlin et al., 2014a, 2014b; Saini et al., 2015). Recent studies have
shown that these samplers can also provide reliable results for higher
molecular weight compounds that are found mainly in the particulate
phase (Bohlin et al., 2014a; Harner et al., 2013; Harrad and Abdallah,
2008a; Peverly et al., 2015).

Indoor dust is a complicated, heterogeneousmatrix for which differ-
ent sampling approaches have been used. Themost common technique
is to collect floor dust, although in some circumstances undisturbed set-
tled dust on other surfaces can be used (Björklund et al., 2012; de Wit
et al., 2012; Lioy et al., 2002). Comparisons between different studies

http://crossmark.crossref.org/dialog/?doi=10.1016/j.envint.2016.04.029&domain=pdf
http://dx.doi.org/10.1016/j.envint.2016.04.029
Journal logo
http://dx.doi.org/10.1016/j.envint.2016.04.029
Unlabelled image
http://www.sciencedirect.com/science/journal/01604120
www.elsevier.com/locate/envint


151M. Venier et al. / Environment International 94 (2016) 150–160
can be confounded by differences in sampling methods, within room
spatial variability, and by the presence in the room of specific products
(e.g. electronics) (Harrad et al., 2009; Muenhor and Harrad, 2012). Re-
cently, Li et al. (2015) found a strong positive correlation between the
power consumption of electronics and PBDE levels in air and dust in a
large room, which they attributed to heat generated from in-use elec-
tronics promoting the release of these compounds. The least common
medium studied in the indoor setting is the film formed on hard
surfaces by condensation and deposition of gas-phase chemicals and
particles respectively (Diamond et al., 2000; Gingrich et al., 2001). Win-
dows are convenient to use for sampling the film because the glass is
inert, because of the lack of contamination that could arise from other
surfaces, and because the film can be removed quantitatively from this
surface. The most common approach to windows film sampling em-
ploys pre-cleaned wipes (Butt et al., 2004).

With the control and subsequent decline and cessation of produc-
tion of polybrominated diphenyl ethers (PBDEs) in the last decade in
many countries, other brominated flame retardants (BFRs) have
risen in importance. Even though some of these alternative flame re-
tardants have been produced for a long time, most of them have only
came to the attention of the public and the global scientific
community in the past few years. While levels of PBDEs in the envi-
ronment are generally stable or decreasing (Crimmins et al., 2012; Ma
et al., 2013), concentrations of “new” brominated flame retardants, no-
tably 2-ethylhexyl tetrabromobenzoate (EHTBB) and bis(2-
ethylhexyl)tetrabromophthalate (BEHTBP), are increasing as more
products containing these compounds are introduced to the market to
replace products containing PBDEs (Dodson et al., 2012; Ma et al.,
2012; Stapleton et al., 2011). In spite of this change in the flame retar-
dant market, data regarding the presence of these replacements of
alternative compounds in the environment are limited.

In this paper, we report the concentrations of newer and legacy
flame retardants in the indoor environments in three different countries
(United States, Canada, and the Czech Republic). We collected air, dust,
and windows films in 63 private homes, and we measured about 20
brominated flame retardants and Dechlorane Plus, a chlorinated flame
retardant. In this paper, we compare concentrations in these three
countries, and we put them in the context of their usage in North
America and Europe. We also look at differences between rooms in
the same home to elucidate possible sources. Finally, we evaluate how
these compounds partition between phases (air, dust, and window
film) and evaluatewhich samplingmedia provide themost comprehen-
sive characterization of indoor levels.
2. Materials and methods

2.1. Study population

Samples were collected in three different locations: Bloomington,
Indiana, United States, Toronto, Canada, and Brno, Czech Republic in
May–August 2013. Air, dust, and window film samples were collected
from a total of 63 houses and apartments: 20 homes each from the
Czech Republic and the U.S. and 23 from Canada. At least one room
was sampled in each home (i.e. the main bedroom), and a second
room was sampled in 10 houses per country (i.e. the living room). Par-
ticipation in the campaign was voluntary and did not include any
compensation.

On day 1, passive samplers were deployed, and selected windows
were cleaned with Kimwipes moistened with 2-propanol until no dirt
was visible on the Kimwipes. Participants were asked not to vacuum
the room where the sampler was located until completion of the
campaign, if at all possible. Participants were interviewed by a field
technician to gather information about the house and the household
(e.g. electronic equipment and furniture in the sampled rooms, number
of occupants, and cleaning and ventilation habits).
2.2. Sample collection

Before sampling, all matrices (PUF disks, nylon vacuum socks, and
Kimwipes) were pre-cleaned by Soxhlet extraction (8 h in acetone,
then 8 h in toluene), dried, wrapped in aluminum foil, and transported
to the site. PUF disks for passive air samplingwere exposed to indoor air
for 28 days using a single (U.S. and Canada) or double-bowl shaped
housing (Czech Republic) (see Fig. S1). Sampling rates for each sampler
configuration were calculated in a separate experiment by simulta-
neously deploying single bowl and double bowl samplers (see
Supporting Information for details and Fig. S2). For this study, we used
a sampling rate of 1.6 m3/day for the double bowl sampler and
2.9 m3/day for the single bowl sampler. These values are consistent
with previously reported sampling rates indoors (Zhang et al., 2011).
Window film samples were collected after 28 days using pre-cleaned
Kimwipes moistened with 2-propanol. Windows were wiped with a
succession of Kimwipes until no dirt was visible on the Kimwipes, and
all Kimwipes from onewindowwere composited. The sampled area av-
eraged at 0.32 m2 for Canada, 0.93 m2 for the U.S., and 1.8 m2 for the
Czech Republic. Floor dust samples from each room were taken using
pre-cleaned polyester socks inserted on a vacuum cleaner hose attach-
ment, by vacuuming the largest possible area and recording it. All col-
lected samples were wrapped in clean aluminum foil, sealed, labeled,
and subsequently stored at −20 °C until analysis. Pre-cleaned PUF,
Kimwipes, and polyester socks, which had been exposed by unsealing
the aluminum foil wrap during sample retrievals, were treated as field
blanks.

2.3. Target compounds

In this paper, we have focused on the following compounds:
polybrominated diphenyl ethers (congeners 28, 47, 66, 85, 99,
100, 153, 154, 183, and 209), hexabromobenzene (HBB), p-
tetrabromoxylene (p-TBX), pentabromobenzene (PBBz), 2-ethylhexyl-
2,3,4,5-tetrabromobenzoate (EHTBB), bis(2-ethylhexyl)tetrabromo-
phthalate (BEHTBP), 1,2-bis(2,4,6-tribromophenoxy)ethane (BTBPE),
decabromodiphenylethane (DBDPE), and Dechlorane Plus (syn and
anti). All the analytical standards [except BDE-118, which was purchased
from AccuStandard (AccuStandard, New Haven, CT)], were purchased
fromWellington Laboratories, Guelph, Canada.

2.4. Sample analysis

The U.S. samples were analyzed in Bloomington, Indiana, U.S.
(Indiana University, IU), and the Canadian and Czech samples were
analyzed in Brno, Czech Republic (RECETOX). Details of the analytical
protocols are given in the SI and are summarized here. Before
extraction, all samples were spiked with known amounts of recovery
standards. Socks with dust were weighed, the dust was sieved to
b500 μm, approximately 100 mg were weighed, and the excess dust
was stored in an aluminum foil packet for future use. The sock was
rinsed with solvent (30 mL hexane in acetone, 1:1), and the solvent
was combined with weighed dust. Dust was sonicated in 30 mL of ace-
tone in hexane 1:1 (v:v); left to settle for 30 min, and the supernatant
was decanted. The procedure was repeated 2 additional times with
10 mL of solvent, and the extracts were combined. At IU, the extract
was rotary evaporated to 2 mL and then fractionated on a silica column
(3.5% water deactivated) using 25 mL of hexane, 25 mL hexane in di-
chloromethane 1:1 (v:v), and 25 mL of dichloromethane in acetone
3:7 (v:v) as eluting solvents. At RECETOX, the volume of the combined
extracts were reduced under a N2 stream and separated by weight to
two aliquots. The first aliquot was 70% of the extract, and it was treated
with sulfuric acid-modified silica. The remaining 30% of the extract was
cleaned using a standard non-modified silica column. PUF and
Kimwipes samples were Soxhlet extracted with 400 mL of acetone in
hexane 1:1 (v:v) for 24 h at IU (Peverly et al., 2015) and with 250 mL
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of dichloromethane using automated warm Soxhlet extraction (Büchi
B-811, Switzerland) at RECETOX. Extracts were fractionated on silica
columns as per the dust procedure and eluted with 25 mL of hexane,
and 25 mL hexane: dichloromethane 1:1 (v:v) at IU and with 20 mL of
dichloromethane at RECETOX. Extracts were analyzed using GC/MS at
IU and GC/HRMS at RECETOX, using previously published methods
(Lohmann et al., 2013; Ma et al., 2013). More analytical details are re-
ported in the Supporting Information.

2.4.1. QA/QC
Several measures were taken to ensure data comparability between

the different laboratories and the accuracy and reliability of the
measurements (see Fig. S3 and Table S1 in the Supporting Information
and the related detailed discussion). For the non-PBDE halogenated
flame retardants, both the U.S. and Czech laboratories participated
in an interlaboratory comparison study [called INTERFLAB Phase I
(Melymuk et al. (2015)]. PBDE data from the Czech Republic and
Canadian homes were obtained using an isotope dilution method, and
the results were recovery corrected. Results were not recovery
corrected at IU. Average surrogate recoveries were mostly within the
50–150% range. Solvent blanks were used to evaluate contamination
from the laboratory procedures. Blank levels were low, and no correc-
tion was necessary. Three field blanks per matrix per country were col-
lected and analyzed. The concentrations of the target compounds in
each sample were then compared to the average concentrations in the
field blanks (on a country and matrix specific basis — see Table S2 in
the Supporting Information for more details) and treated as follows: If
the blank levelwas b10% of themeasured level, therewas no correction.
If the blank level was 10–35% of themeasured level, the blank level was
subtracted from the measured level. If the blank level was N35% of the
measured level, the value was reported as “non-detect”

2.5. Data analysis

Basic and descriptive statistics were calculated using Minitab, and
Microsoft Excel software. Plots were generated using SigmaPlot 13
(Systat Software Inc.).
Table 1
Summary results for air samples (pg/m3) including mean with standard error, median, minimu
data) are given as a–c letters in each line; concentrations for compounds that share a letter are

US

Mean ± SE Median Range N Mean ± SE M

BDE-28 8.5 ± 5.1 2.2 ND–145 28 b 18 ± 5.4
BDE-47 128 ± 32 52 4.5–818 30 a 99 ± 27
BDE-100 19 ± 10 4.2 ND–272 29 a 4.7 ± 1.0
BDE-99 95 ± 51 15 ND–1291 26 a 15 ± 3.3
BDE-154 7.6 ± 4.7 0.62 ND–122 27 a 0.80 ± 0.22
BDE-153 11 ± 6 5.0 ND–71 12 a 0.60 ± 0.17
BDE-183 2.8 ± 0.7 2.5 ND–5 4 a 1.3 ± 0.32
BDE-209 836 ± 475 257 ND–5461 11 a 83 ± 31
Penta-BDE 254 ± 85 79 4.9–2291 30 a 140 ± 36
TotBDE 561 ± 202 148 4.9–5756 30 a 155 ± 40
pTBX 1.8 ± 0.3 1.9 ND–2.4 6 a 0.66 ± 0.19
PBBZ 3.8 ± 1.1 2.5 ND–12 11 b 8.8 ± 2.5
PBEB 9.0 ± 4.4 1.9 ND–92 21 a 4.0 ± 0.30
HBB 9.6 ± 2.7 4.0 ND–58 26 a 9.9 ± 2.2
Tot bromobenzenes 17.6 ± 4.1 9.1 ND–98 28 b 23 ± 3.5
EHTBB 23 ± 6 9.2 1.3–142 30 ab 32 ± 10
BEHTBP 16 ± 7 6.0 ND–109 17 a 6.8 ± 2.2
EHTBB + BEHTBP 32 ± 9 14 1.3–212 30 ab 37 ± 11
BTBPE 0.18 ± 0.03 0.083 ND–0.74 27 c 1.3 ± 0.39
syn-DP 0.70 ± 0.26 0.37 ND–4.0 14 b 28 ± 4.9
anti-DP 8.2 ± 3.9 4.1 ND–23 5 b 43 ± 13
DPsum 3.4 ± 1.8 0.37 ND–27 15 b 61 ± 15
DBDPE 42 ± 28 42 ND–71 2 a 13 ± 2.6
fanti 0.87 ± 0.01 0.86 0.85–0.91 4 a 0.50 ± 0.03
fEHTBB 0.64 ± 0.05 0.63 0.16–0.95 17 b 0.80 ± 0.04
3. Results and discussion

A summary of the results for air, dust, andwindow films at the three
locations is reported in Tables 1–3, respectively. Boxplots for selected
compounds are shown in Figs. 1–3.

3.1. PBDEs

BDE-209 was generally the most abundant PBDE congener,
followed by the sum of the congeners representing the Penta-BDE
commercial mixture (the sum of congeners 28, 47, 66, 85, 99, 100,
153, and 154) — see Fig. 1. The only exceptions to this trend were
window film samples from the Czech Republic (CZ), where the levels
of BDE-209 were lower than those of Penta-BDEs.

The flame retardant concentrations in the U.S. samples were signifi-
cantly higher than thosemeasured in samples from the Czech Republic,
with Canada (CAN) typically being in between (see Fig. 1).We observed
the geographic trend US N CAN N CZ for BDE-209 in dust and window
film and for total PBDEs in dust and air (p b 0.05). However, the trend
was US ≈ CAN N CZ for Penta-BDE in air and dust and for total PBDEs
in window film. These geographic trends can be linked to flame retar-
dant use patterns in different regions of the world. North America was
the largest global user of both Penta-BDE and Deca-BDE, whereas
Europe's usagewas far lower (Abbasi et al., 2015). The fact that DecaBDE
has been produced in the largest volumes of any commercial PBDEs
accounts for the high relative contribution of BDE-209 in all the samples
(Earnshaw et al., 2015).

BDE-209 was the most abundant PBDE congener in dust and win-
dow film, and BDE-47 and Penta-BDE congeners were the most abun-
dant in air. This distribution is consistent with differences in their
vapor pressures and log KOA; the vapor pressure of BDE-209 is
6.2 × 10−10 Pa at 25 ° C, but that of BDE-47 is 3.2 × 10−5 Pa at 25 °C
and their log KOA values are 10.686 and 18.423, respectively (Episuite
(2012).

An overview of available literature data for indoor studies is given in
the Supporting Information (see Table S3). In general, for all matrices,
the flame retardant concentrations for the U.S. and Canadian samples
m, maximum, and number of detects. The ANOVA results (calculated on log transformed
not significantly different from one another at p b 0.05.

Air (pg/m3)

CAN CZ

edian Range N Mean ± SE Median Range N

7.6 1.0–166 34 a 1.2 ± 0.3 0.58 0.10–9.2 29 c
39 5.4–759 34 a 3.0 ± 0.7 1.6 0.56–16 29 b
1.8 0.38–22 34 b 0.19 ± 0.04 0.11 0.05–1.0 29 c
5.3 1.3–73 34 b 0.46 ± 0.07 0.29 0.16–1.4 29 c
0.36 ND–4.4 22 b 0.045 ± 0.003 0.045 ND–0.056 9 c
0.26 0.06–5.7 34 b 0.072 ± 0.008 0.069 ND–0.10 6 c
1.3 ND–1.6 2 b 0.12 ± 0.01 0.12 ND–0.23 28 c
49 ND–217 6 ab 11 ± 2 9.4 ND–15 3 b
59 8.3–1024 34 ab 5.0 ± 1.1 2.9 0.94–28 29 b
60 8.3–1149 34 b 6.3 ± 1.2 3.0 1.1–28 29 b
0.38 ND–3.4 19 b 0.31 ± 0.03 0.29 ND–0.71 26 b
4.8 1.3–74 34 a 4.9 ± 0.8 3.4 0.76–17 29 ab
3.9 0.95–7.4 34 a 0.66 ± 0.1 0.49 ND–1.4 8 b
5.8 0.85–60 34 a 7.2 ± 1.7 4.6 ND–31 19 a
16 5.65–91 34 a 10 ± 1.9 7.6 0.8–41 29 b
12 3.1–291 34 a 6.6 ± 0.7 5.5 ND–15 28 b
3.1 ND–43 22 ab 3.0 ± 0.3 3.2 ND–5.4 15 b
14 3.1–293 34 a 8.2 ± 0.8 7.2 ND–17 28 b
1.0 ND–2.4 4 a 0.49 ± 0.12 0.38 ND–1.4 9 b
23 ND–76 22 a
25 ND–243 18 ab 65± 65 ND–65 1 a
38 ND–316 23 a 65± 65 ND–65 1 a
9.2 ND–74 29 b
0.46 0.3–0.77 17 b
0.83 0.3–0.99 22 b 0.69 ± 0.05 0.72 0.27–0.89 15 ab



Table 2
Summary results for dust (ng/g) including mean with standard error, median, minimum, maximum, and number of detects. The ANOVA results (calculated on log transformed data) are
given as a–c letters in each line; concentrations for compounds that share a letter are not significantly different from one another at p b 0.05.

DUST (ng/g)

US CAN CZ

Mean ± SE Median Range N Mean ± SE Median Range N Mean ± SE Median Range N

BDE-28 12 ± 2.2 6.9 0.38–50 30 a 9.0 ± 3.0 3.9 0.21–93 35 b 0.34 ± 0.08 0.23 ND–1.2 18 c
BDE-47 365 ± 60 271 20–1260 30 a 480 ± 127 230 19–3580 35 a 6.3 ± 2.4 3.8 ND–65 26 b
BDE-100 86 ± 12 65 3.2–270 30 a 115 ± 32 42 3.9–901 35 a 1.3 ± 0.59 0.53 ND–17 28 b
BDE-99 634 ± 142 336 20–2800 30 a 534 ± 139 221 23–3830 35 a 7.0 ± 3.1 2.5 ND–84 28 b
BDE-154 35 ± 5.4 30 ND–128 28 a 46 ± 12 18 1.8–344 35 a 0.75 ± 0.29 0.33 ND–6.0 23 b
BDE-153 48 ± 7.6 32 1.7–178 30 a 61 ± 16 25 2.6–479 35 a 1.3 ± 0.41 0.77 ND–8.9 26 b
BDE-183 12 ± 1.5 11 ND–37 29 a 31 ± 8.4 13 2.3–255 35 a 3.4 ± 0.68 1.9 ND–15 24 b
BDE-209 2780 ± 365 2220 75–7450 30 a 1210 ± 206 713 223–4860 35 b 223 ± 39 139 16–788 30 c
Penta-BDE 1210 ± 220 735 47–4410 30 a 1310 ± 338 514 53–8360 35 a 16 ± 6.5 8.0 0.05–193 30 b
TotBDE 4000 ± 446 3650 122–9730 30 a 2550 ± 397 1770 284–9610 35 b 241 ± 40 163 18–797 30 c
pTBX 0.32 ± 0.11 0.21 ND–1.3 11 a 0.39 ± 0.12 0.50 ND–0.53 3 a
PBBZ 2.6 ± 0.68 1.6 ND–15 22 a 3.3 ± 0.92 3.2 ND–5.6 4 a 0.44 ± 0.10 0.29 ND–2.8 28 b
PBEB 1.4 ± 0.40 0.60 ND–8.4 26 a 1.2 ± 0.12 1.2 ND–1.7 8 a
HBB 13 ± 2.4 7.2 0.92–46 30 a 6.4 ± 1.3 6.1 ND–11 6 a 2.1 ± 0.45 1.4 ND–6.4 13 b
Tot bromobenzenes 16 ± 2.3 13 1.2–48 30 a 3.9 ± 1.0 1.9 ND–13 16 b 1.4 ± 0.37 0.7 ND–9.2 28 c
EHTBB 918 ± 520 240 ND–15,400 29 b 2410 ± 613 966 121–15,300 35 a 17 ± 5.4 7.8 ND–150 28 c
BEHTBP 2540 ± 900 624 112–22,800 30 a 2650 ± 1170 431 69–34,500 35 a 60 ± 13 42 ND–373 29 b
EHTBB + BEHTBP 3423 ± 1065 797 155–23,648 30 a 5058 ± 1427 1570 194–36,047 35 a 77 ± 14 55 ND–395 29 b
BTBPE 22 ± 7.7 8.5 ND–204 29 a 27 ± 6.8 12 ND–157 31 a 5.8 ± 1.1 3.9 ND–29 28 b
syn-P 5.0 ± 0.80 3.3 ND–16 29 b 8.8 ± 3.1 4.6 ND–99 31 b 24 ± 10 15 ND–62 5 a
anti-DP 45 ± 15 14 ND–311 28 a 35 ± 18 15 ND–634 34 a 45 ± 15 20 ND–215 14 a
DPsum 48 ± 15 18 ND–322 29 a 43 ± 21 22 ND–732 34 a 53 ± 19 20 ND–277 14 a
DBDPE 367 ± 119 148 ND–3140 29 a 95 ± 60 15 ND–2060 34 b 20 ± 7 4.7 ND–114 23 c
fanti 0.81 ± 0.02 0.8161 0.57–0.97 28 a 0.71 ± 0.03 0.71 0.35–0.92 31 b 0.81 ± 0.01 0.81 0.78–0.86 5 ab
fEHTBB 0.30 ± 0.036 0.28 0.0075–0.81 29 b 0.6 ± 0.041 0.71 0.044–0.91 35 a 0.24 ± 0.043 0.14 0.054–0.68 28 b
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are within the same range of values previously reported, but the con-
centrations for the Czech Republic are lower than those found in the lit-
erature for other European countries. This anomalymay be a result of an
over-representation of the United Kingdom (UK) in the Europeanmea-
surements. In the UK, the levels for FRs have been historically higher
than the rest of Europe because of stricter flammability standards com-
pared to continental or central Europe (Harrad et al. (2008b). An alter-
native explanation is that many of these UK measurements were
Table 3
Summary results for window film (ng/m2) includingmeanwith standard error, median, minim
data) are given as a–c letters in each line; concentrations for compounds that share a letter are

Window film (ng/m2)

US CAN

Mean ± SE Median Range N Mean ± SE

BDE-28 0.14 ± 0.04 0.091 ND–0.75 21 a 0.13 ± 0.029
BDE-47 5.3 ± 1.4 2.7 ND–28 21 a 5.8 ± 3.5
BDE-100 1.8 ± 0.5 0.71 ND–7.6 20 a 0.69 ± 0.38
BDE-99 5.1 ± 1.0 3.0 ND–20 20 a 2.5 ± 1.2
BDE-154 0.33 ± 0.06 0.23 ND–1.3 22 a 0.23 ± 0.05
BDE-153 0.74 ± 0.27 0.30 ND–4.1 19 a 0.33 ± 0.06
BDE-183 0.35 ± 0.08 0.28 ND–1.1 13 a 0.50 ± 0.14
BDE-209 45 ± 9 53 ND–54 3 a 12 ± 2.9
Penta-BDE 9.9 ± 2.4 6.1 ND–60 29 a 1.1 ± 0.7
TotBDE 14 ± 4 7.0 0.02–78 30 a 13 ± 3
pTBX 0.053 ± 0.026 0.044 ND–0.12 4
PBBZ 0.031 ± 0.006 0.027 ND–0.074 10 b 0.098 ± 0.017
PBEB 0.028 ± 0.006 0.016 ND–0.1 22 b
HBB 0.60 ± 0.23 0.12 ND–2.9 17 a 0.58 ± 0.27
Tot Bromobenzenes 0.48 ± 0.17 0.11 ND–2.9 24 a 0.57 ± 0.27
EHTBB 6.0 ± 1.6 2.0 ND–34 28 a 5.0 ± 1.3
BEHTBP 13 ± 3 6.4 ND–46 18 a 2.0 ± 0.9
EHTBB + BEHTBP 18 ± 3 11 ND–68 29 a 6.3 ± 1.8
BTBPE 0.50 ± 0.22 0.16 ND–3.7 19 a 0.56 ± 0.22
synP 0.92 ± 0.40 0.40 ND–6.5 16 c 12 ± 5
antiDP 1.9 ± 0.7 1.1 ND–8.8 12 b 9.4 ± 2.5
DPsum 2.2 ± 0.9 1.5 ND–15 17 b 16 ± 5.0
DBDPE 9.7 ± 3.4 5.4 ND–56 15 a 1.6 ± 0.8
fanti 0.65 ± 0.06 0.7108 0.21–0.859 11 a 0.462 ± 0.0
fEHTBB 0.32 ± 0.04 0.32 0.026–0.86 25 b 0.74 ± 0.03
obtained about 10 years ago, when the flame retardant market was
still heavily dominated by PBDEs.

3.2. EHTBB and BEHTBP

EHTBB and BEHTBP are the two main brominated components of
two commercial mixtures, Firemaster 550 and Firemaster BZ-54,
which are now considered major replacements of the withdrawn
um, maximum, and number of detects. The ANOVA results (calculated on log transformed
not significantly different from one another at p b 0.05.

CZ

Median Range N Mean ± SE Median Range N

0.1 ND–0.65 27 a 0.0053 ± 0.0006 0.0049 ND–0.011 14 b
3.5 ND–13 3 a 0.46 ± 0.069 0.39 ND–1.1 14 b
0.69 ND–1.1 2 ab 0.14 ± 0.025 0.10 ND–0.4 14 b
2.5 ND–3.7 2 ab 0.74 ± 0.13 0.52 ND–2.0 14 b
0.27 ND–0.35 6 a 0.058 ± 0.01 0.042 ND–0.17 19 b
0.30 ND–0.55 7 a 0.077 ± 0.02 0.044 ND–0.27 23 b
0.17 ND–3.9 33 a 0.014 ± 0.001 0.013 0.003–0.028 29 b
5.5 ND–69 33 b 0.61 ± 0.14 0.40 ND–3.1 21 c
0.14 ND–19 28 b 0.98 ± 0.22 0.86 ND–4.1 23 b
6.5 1.1–73 34 a 1.2 ± 0.24 0.98 0.005–5.1 29 b

0.067 0.015–0.27 25 a 0.0051 ± 0.0008 0.0042 0.001–0.02 28 c
−

0.24 ND–8.1 29 a 0.036 ± 0.003 0.038 ND–0.056 19 b
0.27 ND–8.1 32 a 0.0285 ± 0.004 0.032 0.001–0.069 29 b
2.4 0.59–35 34 a 0.047 ± 0.007 0.041 ND–0.099 14 b
0.83 ND–20 22 b 0.30 ± 0.07 0.11 ND–1.2 26 c
3.2 0.61–54 34 b 0.31 ± 0.07 0.11 ND–1.3 26 c
0.15 ND–5.7 28 a 0.032 ± 0.009 0.017 ND–0.23 28 b
6.7 ND–28 5 a 2.8 ± 1.5 0.97 ND–12 7 b
7.2 ND–21 7 a 4.5 ± 2.5 0.99 ND–22 10 b
8.4 ND–48 8 a 6.5 ± 3.6 1.4 ND–34 10 ab
0.60 ND–6.8 8 b 0.15 ± 0.06 0.068 ND–0.84 13 c
0.45 0.39–0.57 4 a 0.488 ± 0.07 0.45 0.31–0.84 7 ab
0.77 0.28–0.95 22 a 0.14 ± 0.02 0.15 0.026–0.25 13 c



Fig. 1. Boxplots of concentrations for selected PBDEs congeners. The plots share the same y-axis concentration scales although the units are different for eachmatrix: dust is ng/g, window
film is ng/m2, and air is pg/m3. Within each matrix, boxes that share the same letter are not statistically significantly different at a 5% level in an ANOVA analysis using the Tukey's test.
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Penta-BDE commercial mixture (Stapleton et al., 2008). BEHTBP is also
sold and used separately as a flame retardant in the commercialmixture
DP-45. Recently, Abbasi et al. (2016) reported finding both these com-
pounds in electronic equipment such as personal computers and televi-
sions. Among the alternative flame retardants measured in this study,
EHTBB and BEHTBP were the major non-PBDE components in dust
and air but not in window film. Concentrations of EHTBB + BEHTBP
Fig. 2. Boxplots of concentrations for EHTBB, BEHTBP and the fEHTBB ratio. The leftmost three pl
same right y-axis scale. The units are different for eachmatrix: dust is ng/g,window film is ng/m
significantly different at a 5% level in an ANOVA analysis using the Tukey's test.
were generally higher in the U.S. and Canada than in the Czech
Republic, an observation which reflects the higher usage of FRs in
North America than in Europe (see Fig. 2).

The EHTBB fractionwas calculated from the concentrations of EHTBB
and BEHTBP as follows: fEHTBB=EHTBB / (EHTBB+BEHTBP), and these
values are plotted in Fig. 2, rightmost boxes. The median ranges were
0.15–0.77 in window film, 0.14–0.71 in dust, and 0.63–0.83 in air.
ots share the same left y-axis concentration scale, and the rightmost three plots share the
2, and air is pg/m3.Within eachmatrix, boxes that share the same letter are not statistically

Image of Fig. 1
Image of Fig. 2


Fig. 3. Boxplots of concentrations for syn-DP, anti-DP and the fanti ratio. The leftmost three plots share the same left y-axis concentration scale, and the rightmost three plots share the same
right y-axis scale. The units are different for each matrix: dust is ng/g, window film is ng/m2, and air is pg/m3. Within each matrix, boxes that share the same letter are not statistically
significantly different at a 5% level in an ANOVA analysis using the Tukey's test.
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High ratios indicate the predominance of EHTBB and low ratios the pre-
dominance of BEHTBP. Low ratios were also recently observed in indoor
samples from Norway (Cequier et al., 2014). In this study, the fEHTBB

ratio was generally highest in samples from Canada and lowest in
those from the Czech Republic. Previous studies have reported values
of the fEHTBB ratio of 0.69 in outdoor air in Toronto (Shoeib et al.,
2014), 0.70 in outdoor air in Chicago (Peverly et al., 2015), 0.26–0.54
in outdoor air from the Great Lakes area (Ma et al., 2012), and 0.59–
0.81 in indoor dust (Stapleton et al., 2008). Cao et al. (2014) reported
variable fEHTBB ratios with different types of dust. In commercial mix-
tures, the fEHTBB ratio was 0.77 ± 0.03 in Firemaster 550 (Ma et al.,
2012) and 0.70 in Firemaster BZ-54.

The fEHTBB ratiosmeasured in this study for air are similar to those re-
ported in previous studies, but the ratios for windowwipes and dust are
lower.

A higher fEHTBB ratio is expected in air than inwindow films and dust
because of the different volatilities of these two compounds: EHTBB is
expected to have a higher vapor pressure than BEHTBP; hence, EHTBB
is likely to be relatively more concentrated in air than BEHTBP. Another
explanation for the lower ratios observed for window films and dust
could be more photodegradation of EHTBB relative to BEHTBP (Davis
and Stapleton, 2009).

The differences in the fEHTBB ratio among countries (high in Canada
and low in the Czech Republic) can be explained by looking at sources:
lower fEHTBB ratios could be due to BEHTBP-specific sources. BEHTBP
was used as flame retardant in neoprene and polyvinylchloride
(Andersson et al., 2006), and in the commercial mixture DP-45,
BEHTBP was the sole component. However, the concentrations of
EHTBB and BEHTBP were significantly correlated (Pearson correlation
coefficient = 0.939, p b 0.0001; see Fig. S4), suggesting that they have
a similar source. Previous studies have shown that the concentrations
of EHTBB and BEHTBP were significantly correlated in dust from
Belgium and from UK homes (Ali et al., 2011a), but other studies
found no such correlations (Ali et al., 2011b; Shoeib et al., 2012). More
data are needed to reconcile the seemingly contradictory information
provided by the lower than expected ratios and yet significant
correlation.

3.3. Dechlorane Plus

Dechlorane Plus (DP) is a chlorinated flame retardant usedmainly in
electronics and electrical cable coatings as an alternative to Deca-BDE
(Dodson et al., 2012). Boxplots of the concentrations of DP in all the
samples are shown in Fig. 3. DP was abundant in both the U.S. and
Canadian air samples, with median total DP concentrations of 0.37 and
38 pg/m3, respectively. DP was detected in only one Czech air sample.
In this case, only the anti isomer was detected at a relatively high
concentration of 65 pg/m3. Interestingly, in the U.S. and Canadian sam-
ples, the syn isomerwas detectedmore often than the anti isomer but at
lower concentrations. In thewindowwipe samples, the highest levels of
DP were found in Canada, with a median level of 8.4 ng/m2. However,
the Canadian samples also had the lowest DP detection frequency at
only 24%. In U.S. and Czech window wipes samples, DP was found in
57 and 33% of samples, respectively, at similar levels (medians: 1.5
and 1.4 ng/m2, respectively). DP was detected in most of the U.S. and
Canadian dust samples, but only in half of the Czech samples. Neverthe-
less, levels in dust between countries are statistically indistinguishable
(p N 0.05), with medians of 18, 22, and 20 ng/g in the U.S., Canadian,
and Czech samples, respectively.

There are only a few studies that have measured DP levels in indoor
samples and none that measured it in windows wipes (see Table S3).
Cequier et al. (2014) reported DP levels of b10 pg/m3 in indoor air in
Norway using active samplers, levels which are similar to the results re-
ported here. Concentrations of DP in dust varied largely based onwhere
theywere collected. Median DP values in the U.S. dust were 4.5–10 ng/g
(Dodson et al., 2012; Johnson et al., 2013). In China, median DP levels
were 4.0–65 ng/g in rural and urban areas, but they reached values as
high as 3500 ng/g in the vicinity of an e-waste recycling facility (Chen
et al., 2014; Li et al., 2015; Zheng et al., 2010, 2015). Newton et al.
(2015) measured DP concentrations of b10 ng/g in dust samples in
Sweden. In Canada, Abbasi et al. (2016) reported DP concentrations of
up to 283 ng/g (with a geomean value of 8.6 ng/g), values which are
comparable to those reported by Shoeib et al. (2012). In general, our
levels for dust are similar to those previously reported for the U.S. and
for rural and urban China, but our levels are much lower than those
around the Chinese e-waste recycling facility.

The fanti ratios (the ratio of the anti-DP concentration to the total DP
concentration) in these samples are shown in Fig. 3, rightmost boxes.
For reference, fanti = 0.75 for the U.S. commercial product and 0.60 for
the Chinese product (Sverko et al., 2011). Themedians for the fanti ratios
in dust samples were 0.82 in the U.S. samples and 0.71 in the Canadian
samples, values that were significantly different from one another
(p b 0.05). The medians for the fanti ratios in window wipes samples
ranged between 0.45 for the Canadian and Czech Republic samples to
0.71 for the U.S. samples, but they were statistically indistinguishable
(p N 0.05). The median fanti ratios in the air samples were significantly
higher in the U.S. samples than in the Canadian samples (0.86 vs. 0.46;
p b 0.001). The values of the fanti ratio in these samples suggest that
the source of DP in the U.S. and Canada are products containing DP
manufactured in North America rather than imported from China.
Cequier et al. (2014) reported fanti in the range 0.65–0.75. Newton
et al. (2015) reported fanti as low as 0.20 in a dust sample collected
from a Stockholm home in an area around electrical cables. Abbasi
et al. (2016) found fanti of 0.69 in dust samples from 35 Toronto

Image of Fig. 3


Fig. 4.Bar plot showing themedian concentration of themain flame retardants targeted in
this study. The values used for this plot are those reported in Tables 1-3. Asterisks indicate
compounds detected with low detection frequency in the samples.
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homes. Cao et al. (2014) reported fanti of 0.8 in indoor and outdoor dust
samples in Beijing, China. Several fanti values lower than in the commer-
cial mixtures were also reported in environmental compartments by
Sverko et al. (i.e. outdoor air), who suggested preferential degradation
of the anti isomer (Sverko et al., 2011).

3.4. Bromobenzenes

This group includes hexabromobenzene (HBB), pentabro-
moethylbenzene (PBEB), pentabromobenzene (PBBz) and tetrabromo-
p-xylene (pTBX). Information about current and past uses of
bromobenzenes is scarce, making it difficult to investigate their sources
and fates. HBB is used in paper, wood, textiles, electronics, and plastic
goods (Covaci et al., 2011). PBEB is an additive flame retardant used in
thermoset polyester resins for applications such as circuit boards, tex-
tiles, adhesives, and wire and cable coatings (Covaci et al., 2011).
Abbasi et al. (2016) reported PBBz and PBEB in about 30 and b10% of
surface wipes taken from electronic products sampled in 35 and 10 To-
ronto homes and offices, respectively. Interestingly, they found PBBz in
the casings of four cathode ray tube (CRTs) televisions that were
N10 years old. In our study, the median sum of bromobenzene concen-
trations ranged between 7.6 pg/m3 for Czech and 15.7 pg/m3 in Canadi-
an air samples, between 0.032 ng/m2 for Czech and 11.5 ng/m2 for
Canadian window film samples, and between 0.70 ng/g for Czech and
15.7 ng/g for U.S. in dust (see Tables 1–3 for details). In general, the con-
centrations of total bromobenzenes were significantly lower in the
Czech samples compared to U.S. and Canadian samples (p b 0.001). In
air, bromobenzene concentrations in samples from Canada were signif-
icantly higher than those from the U.S. and from the Czech Republic
(p b 0.001).

Among the bromobenzenes, PBEB was not detected in the Czech
dust samples or in the window wipes from Canada or the Czech
Republic. In air, HBB and PBEB concentrations in the U.S. and Canadian
samples were similar to each other, and they were significantly higher
than those in the Czech Republic (p b 0.05). Both the levels and the
spatial trends for bromobenzenes confirm their relatively low current
or past usage in the flame retardant market compared to PBDEs and
other alternative compounds such as EHTBB or BEHTBP, as well as
their relatively higher usage in North America compared to Europe.

3.5. Decabromodiphenylethane (DBDPE)

DBDPE was introduced in the market as a replacement for BDE-209
in the early 1990s, and it was first identified in the environment in 2003
(Ricklund et al., 2008). Environmental data suggest that BDE-209 and
DBDPE have been used independently and that the substitution
of DBDPE for BDE-209 has not progressed very far, especially in the
U.S. -which could be due to the lack of regulations (Ricklund et al.,
2008). Based on DBDPE's low vapor pressure (Dungey and Akintoye,
2007), we expected to find DBDPE mostly in the dust and window
wipes samples. Rather, DBDPE was detected in 85% of the Canadian air
samples, in 2 of the U.S. samples, and in none of the Czech samples
(see Tables 1-3). Themedian level for the Canadian air samples was sig-
nificantly lower than for the U.S. samples (9.2 pg/m3 vs. 42 pg/m3). In
the dust and window film samples, the concentration of DBDPE follow-
ed the spatial trend: US N CAN N CZ (p b 0.01). Median concentrations in
dust ranged from 148 ng/g in the U.S. to 4.73 ng/g in the Czech Republic
samples and in window film from 5.40 ng/m2 in the U.S. to 0.068 ng/m2

in the Czech Republic. The relatively high variability in the measure-
ment of this compound might be contributing to some of these geo-
graphic patterns (Melymuk et al., 2015).

Concentrations of DBDPE in dust in this study are consistent with
previous studies that reported median concentrations of 51–138 ng/g
in the U.S. (Dodson et al., 2012; Stapleton et al., 2008), a mean and geo-
metric mean of 221 and 0.5 (range: bdetection-5500) ng/g in Canada
(Abbasi et al., 2016), and 10–200 ng/g in Europe (Ali et al., 2011a;
Newton et al., 2015) (see Table S3 for a more extensive list of literature
values). DBDPE literature data in air are scarce: Cequier et al. (2014) re-
ported a median of 8.30 pg/m3 in classrooms in Norway, and Newton
et al. (2015) reported a median of b90 pg/m3 in indoor air in Sweden.
Results from this study are comparable. No literature data exist to date
for DBDPE in window wipes.

Fig. S5 shows a strong positive relationship between the concentra-
tions of DBDPE and BDE-209, which is the opposite of what would be
expected if DBDPE was entering the flame retardant market primarily
as a BDE-209 replacement. These data confirm that both these com-
pounds have been used simultaneously both in North America and in
Europe.

3.6. 1.2-Bis(2,4,6-tribromophenoxy)ethane (BTBPE)

BTBPE is an additive flame retardant marketed as FF-680 by the
Great Lakes Chemical Corporation, now part of Chemtura (Covaci
et al., 2011). BTBPE has been used since the 1980s as a replacement
for the Octa-BDE commercial mixture.

Image of Fig. 4
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BTBPE was detected with high frequency in all three matrices in all
three countries (with the exception of air in Canada and Czech
Republic), suggesting that this compound is ubiquitous in indoor envi-
ronments. BTBPE levels were higher in the U.S. and Canadian samples
than in the Czech samples for both dust and window film (p b 0.01).
In air, the highest levels were observed in the Canadian samples and
the lowest in the Czech Republic samples (p b 0.01), albeit with low
detection frequencies in both cases. Levels measured in this study are
similar to those reported in previous studies for dust (see Table S3).
No comparable data for air or window wipes currently exist. These
results indicate that BTBPE was more heavily used in North America
than in Europe. Concentrations of BTBPE were on the same order as
those of BDE-183, for which BTBPE is a replacement.
3.7. Summary of all flame retardants

An overview of the most abundant FRs in the three phases and
three countries is shown in Fig. 4, which depicts both geographical
trends and compound patterns. When considering all FRs together,
Fig. 5.Dependence of the dust/gas phase partition coefficients and of the windowwipes/gas ph
each circle represents the average, and the bars the standard error.
the median concentrations in the U.S. are higher than those in
Canada and in the Czech Republic for all three phases. As mentioned
above, this geographic trend reflects market and usage patterns. His-
torically, the U.S. has been one of the major producers and con-
sumers of flame retardants (Abbasi et al., 2015). In Europe, in
general, the United Kingdom was the largest market for FRs,
explaining the relatively low levels observed for the Czech samples
in this study (Abbasi et al., 2015).

Among individual compounds, Penta-BDE, BDE 209, EHTBB and
BEHTBP generally showed the highest median concentrations (see
Fig. 4). It is not surprising that Penta-BDE and BDE 209 still play a major
role in the FR arena:Abbasi et al. (2015) estimated that total consumption
of Penta-BDEs and BDE 209 from 1970 to 2020 was about 46,000 and
about 380,000 t, respectively. No specific market and usage data are
available for EHTBB and BEHTBP; however, because they are the major
replacement for Penta-BDE, a large production volume is likely.
Other compounds were measured in these samples at relatively high
median concentrations (e.g. DBDPE and DP), but it should be noted that
their detection frequencies were low in some phases; thus, the plot in
Fig. 4 for these compounds should be interpreted with caution.
ase partition coefficients on the octanol/air partition coefficients (log KOA). In both graphs,

Image of Fig. 5
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3.8. Within house distribution

In each country, samples fromboth themain bedroom and the living
room areawere collected in a subset of houses (n=10 in each country).
A side-by-side bar plot showing median concentrations in the bed-
rooms and living rooms for the three phases for PBDEs and for alterna-
tive flame retardants is showed in Fig. S6. While the bar plots suggest
that bedrooms had higher levels of flame retardants than living rooms
(especially for dust), a paired t-test for eachmatrix individually showed
that the levels of FRs in bedrooms and living roomswere not significant-
ly different (p N 0.05). Muenhor and Harrad (2012) and Harrad et al.
(2009) reported some room-to-room differences, albeit not statistically
significant, and they suggested that the dust concentrations were relat-
ed to the number of specific items (such as electronic products) in each
room. Coakley et al. (2013) reported an association between living
room floor dust and mattress dust for BDE-183, BDE-206 and BDE-
209. Ali et al. (2012) found significant differences between floor and
mattress dust for BEHTBP and DBDPE but not for EHTBB or BTBPE. To
our knowledge, no other study did a systematic room to room compar-
ison on a relatively large number of samples (n = 30).

3.9. Correlation between air, dust, and window film concentrations

Spearman rank analysis gave good correlations between flame retar-
dant concentrations in air, dust, and window films, especially for PBDEs
(see SI Tables S4-S6). The correlation between concentrations in air and
window film was the least powerful, showing significant relationships
only for PBDEs, including BDE-209. The other FR concentrations were
either not correlated, or their correlation was only marginally
Fig. 6. Dependence of the median measured air concentrations versus the predicted
concentrations using window wipes (upper) and dust (lower). Each dot represents
the logarithm of the median concentration. The equation for the linear regressions
are y = 0.73 + 1.60 × (r2 = 0.48, p = 0.0121) for window film and y =
0.094 + 1.13 × (r2 = 0.44, p = 0.0131) for dust.
significant (0.05 b p b 0.09). The correlation between dust and air and
dust and window film concentrations was generally stronger and
encompassed a larger range of compounds. In fact, only four compounds
were not significantly correlated (pTBX, PBEB, PBBz, and DPs), probably
due to their relatively low detection frequencies (and hence low num-
ber of pairs for the correlation analysis). It is not surprising tofind signif-
icant correlations between gas phase and window film concentrations
because the thin layer of film allows for rapid equilibration between
these two media (Csiszar et al., 2012). The correlation between air and
dust concentrations was generally significant for lower brominated
BDEs and low molecular weight compounds.

Under equilibrium conditions, the partitioning between dust and air
and between window film and air is expected to be proportional to log
KOA, which has been used to explain the sorption of chemicals to organic
matter in dust (Weschler and Nazaroff, 2010). Fig. 5 shows the depen-
dence on log KOA of the partition coefficients between dust and air con-
centrations (top panel) and of the partition coefficients between
window wipe and air concentrations (bottom panel); see Table S7 for
log KOA values used. Fig. 5 shows that the partitioning between dust/
air and window film/air increases with the log KOA for compounds
with log KOA up to 14, where it reaches a maximum, and it then de-
creases for compounds with log KOA higher than 14. Zhang et al.
(2011) reported a similar relationship for PCBs and PBDEs; however,
their “break point”was log KOA of 11. The decreasing trend of the parti-
tion coefficients with log KOA for compounds with log KOA N14 can be
due to several factors: (a) failure to reach equilibrium partitioning be-
tween air, dust, and window film; (b) overestimation of the gas-phase
concentrations due to trapping of particles in the passive samplers; or
(c) higher molecular weight compounds in dust as a result of physical
abrasion of materials containing these chemicals, making them unavail-
able to exchange with gas-phase air (Zhang et al., 2011). As pointed out
by Zhang et al. (2011), the latter explanation seems less likely because
one would expect the ratios to be higher than the log KOA rather than
lower, as we have observed.

We hypothesize that in these samples, the equilibrium between air
and dust and window film and dust was not reached at least for some
compounds with log KOA. To test this hypothesis, we used theWeschler
and Nazaroff partitioning model (Weschler and Nazaroff, 2010). We
first estimated air concentrations from dust and from window films,
and then we compared these estimates with the measured ones. For
this exercise, data from the three countries were aggregated to achieve
higher statistical power. Gas-phase concentrations were calculated
from dust using the following relationship:

Cg ¼ Xdρd

KOA f OM
ð1Þ

where Xd is themeasured dust concentration in ng/g, ρd is the density of
dust (2.0 × 106 g/m3 as perWeschler and Nazaroff, 2010), and fOM is the
fraction of organic matter in the dust [0.3, as suggested by Bennett and
Furtaw (2004)]. Gas-phase air concentrations were calculated from
window film levels with the following relationship:

Cg ¼ S f

KOA f OMt
ð2Þ

where Sf is themeasuredwindowwipe concentrations (in ng/m2), and t
is the thickness of the window film (5.0 × 10−8 m) (see the Supporting
Information for more details on the parameters used in calculations).
Fig. 6 shows the relationship between the median measured gas-
phase concentrations (pg/m3) and the median gas-phase concentra-
tions (pg/m3) predicted from window film and from dust. For window
film, the predicted values for compounds with log KOA b14 correlated
with those measured (r2 = 0.48) with a slope close to unity (1.60 ±
0.52) and an intercept of 0.73. For dust, the predicted values for com-
pounds with log KOA b14 correlated with those measured (r2 = 0.44)

Image of Fig. 6


159M. Venier et al. / Environment International 94 (2016) 150–160
with a slope close to unity (1.13 ± 0.38) and an intercept of 0.094. Both
slopes were not significantly different from unity (p N 0.05), and the in-
tercepts indicate that, on average, the predicted mass fractions in win-
dow films and dust were 8.3 and 1.3 times larger (100.73 = 5.4 and
100.094 = 1.2) than the measured ones. The relatively large discrepancy
betweenpredicted andmeasured air concentrations fromwindow films
could be related to assuming too large a value for the fraction of organic
matter (fOM) or for the thickness of film layer (t). Both for dust andwin-
dow films, the measured and predicted values for compounds with log
KOA N14 did not correlate, supporting the hypothesis of Weschler and
Nazaroff (2010) and Zhang et al. (2011), who suggested that the mass
fraction in settled dust and window films may not have sufficient time
to equilibrate with the gas phase.

On the basis of these findings, we conclude that compoundswith log
KOA b14 have reached equilibrium and they can be measured in any of
the three matrices. Conversely, compounds with log KOA N14 have not
reached equilibrium and hence they ought to be measured in each ma-
trix separately because their values can't be predicted from one matrix
alone. Sampling window films captures both gas- and particle-phase
compounds, but lower concentrations lead to greater uncertainty. In
these cases, window films do not provide a comprehensive picture of
compound concentrations in either phase, making this a complementa-
ry technique to air and dust. In addition, all media are relevant to esti-
mating exposure, either through inhalation (air and fine dust),
ingestion (larger dust particles), and through hand contact followed
by hand-to-mouth behavior (dust and window films).

Supplementary data to this article can be found online at http://dx.
doi.org/10.1016/j.envint.2016.04.029.
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A R T I C L E  I N F O   

Keywords: 
Polybrominated diphenyl ethers 
Organophosphate flame retardants 
Children 
Europe 
HBM4EU 
Human biomonitoring 

A B S T R A C T   

Many legacy and emerging flame retardants (FRs) have adverse human and environmental health effects. This 
study reports legacy and emerging FRs in children from nine European countries from the HBM4EU aligned 
studies. Studies from Belgium, Czech Republic, Germany, Denmark, France, Greece, Slovenia, Slovakia, and 
Norway conducted between 2014 and 2021 provided data on FRs in blood and urine from 2136 children. All 
samples were collected and analyzed in alignment with the HBM4EU protocols. Ten halogenated FRs were 
quantified in blood, and four organophosphate flame retardants (OPFR) metabolites quantified in urine. Hex-
abromocyclododecane (HBCDD) and decabromodiphenyl ethane (DBDPE) were infrequently detected (<16% of 
samples). BDE-47 was quantified in blood from Greece, France, and Norway, with France (0.36 ng/g lipid) 
having the highest concentrations. BDE-153 and -209 were detected in <40% of samples. Dechlorane Plus (DP) 
was quantified in blood from four countries, with notably high median concentrations of 16 ng/g lipid in 
Slovenian children. OPFR metabolites had a higher detection frequency than other halogenated FRs. Diphenyl 
phosphate (DPHP) was quantified in 99% of samples across 8 countries at levels ~5 times higher than other 
OPFR metabolites (highest median in Slovenia of 2.43 ng/g lipid). FR concentrations were associated with 
lifestyle factors such as cleaning frequency, employment status of the father of the household, and renovation 
status of the house, among others. The concentrations of BDE-47 in children from this study were similar to or 
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lower than FRs found in adult matrices in previous studies, suggesting lower recent exposure and effectiveness of 
PBDE restrictions.   

1. Introduction 

Human biomonitoring (HBM) is the analysis of substances and/or 
their respective metabolites in human matrices. HBM is a crucial tool to 
evaluate and monitor internal chemical exposure in specific population 
samples, identify chemicals of concern, study determinants of exposure, 
or evaluate the efficacy of regulations in place to mitigate chemical 
exposure (Angerer et al., 2007, 2011). 

Children often have elevated exposure to many chemicals (Gibson 
et al., 2019; Koppen et al., 2019), including industrial compounds such 
as flame retardants (FRs), due to an increased inhalation rate, different 
breathing zone, increased hand-to-mouth activity, and faster meta-
bolism (van den Eede et al., 2015). Several FRs are known endocrine 
disruptors that disrupt thyroid function in children, resulting in adverse 
effects on the individual’s long-term mental health, cognitive ability, 
metabolism, and reproduction (Preston et al., 2017). Since children are 
the most vulnerable age group to chemical exposure, they should be a 
priority for human and environmental health policy (Au, 2002). 

The European Human Biomonitoring Initiative (HBM4EU) is a large- 
scale HBM project co-funded under the European Commission’s 
Research and Innovation Program Horizon 2020 that includes 30 Eu-
ropean countries and the European Environment Agency. One of its 
major aims is to enhance the body of evidence of European citizens’ 
internal exposure to chemicals (David et al., 2020; Lange et al., 2021). 
Flame retardants were identified by European Union (EU) institutions 
and HBM4EU partner countries as priority substances to be studied as 
knowledge gaps with an impact on regulation still exist (Louro et al., 
2019). Several detrimental ecological and human health issues have 
been associated with elevated FR concentrations, including environ-
mental persistence, long-range transport, bioaccumulation, and endo-
crine and neurologically disruptive effects on organisms, including 
humans (Aznar-Alemany et al., 2019; Bajard et al., 2019, 2021; Stieger 
et al., 2014; Sverko et al., 2011) 

Flame retardants have been widely used since the 1970s in textiles, 
furnishing, plastic, and electronic equipment (Horrocks, 2011; McGrath 
et al., 2018; Morel et al., 2022). Brominated flame retardants (BFRs), 
including polybrominated diphenyl ethers (PBDEs) and hex-
abromocyclododecanes (HBCDDs), were the primary FRs for more than 
thirty years (Pantelaki and Voutsa, 2019). PBDEs and HBCDDs have 
been strictly regulated by several international bodies, including the 
Registration, Evaluation, Authorization, and Restriction of Chemicals 
(REACH), the United States Environmental Protection Agency (USEPA), 
and the Stockholm Convention (Guo et al., 2016; Kemmlein et al., 2009; 
Sharkey et al., 2020) since 2004. These compounds are often referred to 
as legacy FRs given their limited new use. Since the restrictions on the 
use and production of legacy FRs came into force, the production of 
alternative FRs, such as organophosphate flame retardants (OPFRs) and 
novel halogenated flame retardants (NFRs), has increased (Covaci et al., 
2011; He et al., 2021). Some commonly used halogenated NFRs are 
decabromodiphenyl ethane (DBDPE), bis(2-ethylhexyl) tetrabromoph-
thalate (BEH-TEBP), tetrabromobisphenol A (TBBPA) and Dechlorane 
Plus (DP). Collectively, NFRs and OPFRs are referred to as emerging FRs. 

Because OPFRs are less persistent than legacy FRs and have shorter 
elimination half-lives, it was assumed that these compounds are less 
harmful to human and environmental health (Blum et al., 2019). 
However, this assumption has recently been questioned, as several 
OPFRs are associated with endocrine disruptive effects at the same levels 
as PBDEs (Behl et al., 2016). 

Since the twin projects COPHES (Consortium to Perform Human 
Biomonitoring on a European Scale) (Joas et al., 2012) and the feasi-
bility study DEMOCOPHES (DEMOnstration of a study to COordinate 

and Perform Human Biomonitoring on a European Scale) from 2009 to 
2012 (Den Hond et al., 2015), no large-scale multi-country HBM project 
has been conducted to determine chemical compound concentrations in 
the biological matrices of children or quantified emerging FRs in chil-
dren. Our study aims to quantify legacy and emerging FRs in children 
from nine European countries through information obtained by the 
HBM4EU aligned studies. This activity will enable concentrations of 
different countries to be comparable to each other. To understand the 
potential sources of flame retardant exposure, several lifestyle factors 
were investigated based on ancillary data gathered by questionnaires. 

2. Materials and methods 

2.1. Study alignment and participation 

One of the aims of the HBM4EU aligned studies is to harmonize 
chemical and data analyses of human biological samples throughout 
Europe (Ganzleben et al., 2017; Gilles et al., 2021). The project builds on 
existing capacities within the EU by aligning already existing studies 
targeting different populations or regions (Gilles et al., 2021). Eight 
countries and six HBM4EU qualified laboratories were involved in the 
study of FRs in children (Table 1). The CELSPAC cohort from the Czech 
Republic was not part of the HBM4EU study. However, the collection, 
analyses, and QA/QC protocols were aligned with the HBM4EU study as 
other CELSPAC age groups were used for HBM4EU aligned studies, thus 
the data collected from the CELSPAC study can be compared with the 
cohorts participating in the HBM4EU study. 

The HBM4EU defined “current exposure” as samples collected be-
tween 2014 and 2020 (Gilles et al., 2021), and as such, urine and blood 
samples from 2136 children aged 6–13 between 2014 and 2021 were 
used to evaluate current FR exposure in European children (Gilles et al., 
2021). Blood and urine (both spot and morning void) samples collected 
before 2017 were acquired from the biobank of the specific study, while 
samples from 2017 to 2020 were new collection. Table S1 presents a 
complete description of the studies, matrices, and institutes involved. 

2.2. Sample analysis 

OPFRs have half-lives of hours to days, as opposed to most haloge-
nated FRs with half-lives of weeks to years (Dvorakova et al., 2021). Due 
to the rapid rate of metabolization and elimination of OPFRs, it is most 
appropriate to quantify metabolites in urine instead of the parent OPFR 
compounds. OPFR metabolites were quantified in children’s urine, 
while the persistent brominated and chlorinated flame retardants were 
quantified in children’s blood samples (Table 2). 

Eighty-six laboratories from 26 countries were invited to participate 
in HBM4EU proficiency tests. Seventy-four of these laboratories suc-
cessfully quantified at least one biomarker and were selected to partic-
ipate in three rounds of interlaboratory comparison investigations 
(Esteban López et al., 2021). In this study, all laboratories responsible 
for the analysis of FR biomarkers in urine and/or blood successfully 
completed the interlaboratory comparison investigations and external 
quality assurance schemes, described in detail by Dvorakova et al. 
(2021). 

Six HBM4EU qualified laboratories were involved in the FR analyses. 
The institutes that participated in the analyses are: the University of 
Chemistry and Technology, Prague (Czech Republic), Department of 
Environment and Health, Vrije Universiteit Amsterdam (Netherlands), 
RECETOX, Masaryk University (Czech Republic), Norwegian Institute of 
Public Health (Norway), Toxicological Center, University of Antwerp 
(Belgium), and Friedrich-Alexander-Universität Erlangen-Nürnberg 
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(Germany). The analytical procedures used by the laboratories are 
presented in the Supplementary Information (Supplementary Table S1 
and Text S1). All participating studies in the HBM4EU survey adhered to 
national and European ethics regulations (Gilles et al., 2021). The 
ethical information of all participating studies is provided in Table S2 
(Gilles et al., 2022). Three laboratories analyzed brominated FRs and 
DPs using gas chromatography-tandem mass spectrometry 
(GC-MS/MS). Four laboratories analyzed OPFR metabolites using liquid 
chromatography-tandem mass spectrometry (LC-MS/MS), and one lab-
oratory used GC-MS. Limits of quantification (LOQs) are given in 
Tables S3 and S4. With the stringent interlaboratory comparison 
described above, the concentrations of FRs were deemed comparable, 
despite differences in analytical methods across laboratories. 

2.3. Data analyses 

In cases where less than 20% of individuals were represented by left- 
censored data (below limits of detection/quantification), imputation 
was performed to replace censored data. Imputation can provide more 
realistic distributions of data than those relying on simple substitution of 
a fixed value, e.g., 0.5*LOQ (Bernhardt et al., 2015), and was selected 
for use in the aligned studies of HBM4EU (Govarts et al., 2021). The 
maximum-likelihood estimation (MLE) method was used to find a dis-
tribution best fitting the non-censored data (R Core Team, 2019). From 
an infinite set of all theoretical log-normal distributions, the MLE 
method identifies the one for which the probability that given set of 
values comes from that distribution is maximal. This is done by maxi-
mizing a likelihood function of that distribution by computing first de-
rivative of that function. Based on that distribution, random values were 
generated for the intervals from 0 to LOD (limit of detection) and from 
LOD to LOQ (limit of quantification). 

After imputation, the urinary data were standardized for creatinine, 
by dividing metabolite concentrations by the known creatinine con-
centration, while blood serum/plasma data were standardized for lipid 
content according to the harmonized level of lipid enzymes calculated as 
Total lipids (mg/dL) = 2.27* (Total cholesterol) + triglycerides + 62.3 
mg/dL (Bernert et al., 2007) 

A set of univariate analyses were conducted to check the distribution 
of both the continuous and discrete (categorical) exposure determinants, 
typically lifestyle factors. If an exposure determinant was not available 
for more than 40% of the individuals with a known concentration of a 
compound, the determinant was excluded from further analyses. 
Discrete exposure determinants with only one factor level, e.g. when all 
respondents answered “no” to a particular question, or exposure de-
terminants linearly dependent on other determinants were also excluded 

from the subsequent steps. 
Differences between countries were tested using Kruskal-Wallis one- 

way analysis of variance on the log-transformed concentration data. Due 
to the sparse exposure determinants matrix, data were only adjusted for 
sex and age of the participants using the mean value as the reference, 
and the investigation of exposure determinants was reserved for within- 
country analyses only. 

Finally, a single effect linear regression was conducted on log- 
transformed data taking all non-excluded exposure determinants using 
least squares linear regression (Table S7) based on both the variance 
inflation factor (VIF) and the determinant p-value (Govarts et al., 2021). 
Exposure determinants with VIF ≤10 or p-value ≤ 0.05 were considered 
as significantly associated with the flame retardant concentrations. 
Continuous exposure determinants were investigated using Spearman 
correlation tests and visualized using scatterplots with 95% confidence 
level. 

2.4. Study limitations 

The sampling and analytical procedures were aligned according to 
the HBM4EU standards. However, the aligned study designs were not 
identical. Each country had different sample sizes (studies ranged from 
55 to 413 participants) and prioritized different compounds, as well as 
different timing of sample collection. Although the sampling years 
slightly differed, most overlapped and all were within a five-year range 
(Table 1). Six of the studies provided newly collected samples, while the 
remainded relied on biobanked samples that had been stored at stable 
conditions (− 80 ◦C). The difference in storage time is not expected to 
impact comparability, as storage time has not been found to impact 
levels of the reported OPFRs in urine (Carignan et al., 2017). 

Table 1 
Descriptive statistics of the participants of the study and the compounds analyzed in each country.  

COUNTRY 
(COUNTRY 
CODE)a 

STUDY TOTAL 
PARTICIPANTS 

FEMALE MALE AGE RANGE 
(YEARS) 

SAMPLING 
YEARS 

COMPOUNDS ANALYZED STUDY REFERENCE, 
WHERE AVAILABLE 

BELGIUM (BE) 3xG 133 67 66 7–8 2019–2020 BDCIPP, DPHP, BCIPP Govarts et al. (2020) 
CZECH 

REPUBLIC (CZ) 
CELSPAC 195 106 89 11–12 2019 BCEP, BCIPP. BDCIPP, DPHP Not available 

GERMANY (DE) GerES V 300 150 150 6–12 2015–2016 BCEP, BCIPP, BDCIPP, DPHP European Commission 
(2021a) 

DENMARK (DK) OCC 291 130 161 7 2018–2019 BDCIPP, DPHP, BCIPP Kyhl et al. (2015) 
GREECE (EL) CROME 55 31 24 6–11 2020–2021 PBDE-47, -153, − 209, DP, HBCDD, 

DBDPE 
(EnvE Lab, 2022; Gilles 
et al., 2022) 

FRANCE (FR) ESTEBAN 413 191 222 7–13 2014–2016 PBDE-47, -153, − 209, DP, HBCDD, 
DBDPE, BEH-TEBP, TBBPA, BCIPP, 
BDCIPP, DPHP 

European Commission 
(2021b) 

NORWAY (NO) NEB II 300 140 160 8–12 2016–2017 PBDE-47, -153, DP, BDCIPP, DPHP Caspersen et al. (2019) 
SLOVENIA (SI) SLO CRP 149 82 67 7–10 2018 PBDE-47, -153, − 209, DP, HBCDD, 

DBDPE, BDCIPP, DPHP, BCIPP, BCEP 
Stajnko et al. (2020) 

SLOVAKIA (SK) PCB 
cohort 

300 167 133 10–13 2014–2017 BDCIPP, DPHP, BCEP, BCIPP Hertz-Picciotto et al. 
(2003)  

a Not all studies are nationally representative. 

Table 2 
Flame retardants and metabolites analyzed.  

Persistent FRs (in blood) Metabolized FRs (in urine) (Parent compound/ 
metabolite) 

PBDE-47, 153, − 209 syn- 
DP, anti-DP 
α-HBCDD, γ-HBCDD 
DBDPE 
BEH-TEBP 
TBBPA 

tris(2-chloroethyl) phosphate (TCEP)/Bis(2- 
chloroethyl) phosphate (BCEP) 
tris(1,3-dichloroisopropyl) phosphate (TDCIPP)/Bis 
(1,3-dicholoro-2-propyl) phosphate (BDCIPP) 
tris(1-chloro-2-propyl) phosphate (TCIPP)/Bis(1- 
chloro-2-propyl) phosphate (BCIPP) 
triphenyl phosphate (TPHP)/Diphenyl phosphate 
(DPHP)a  

a DPHP can be a product by itself, a primary metabolite of TPHP, or a sec-
ondary metabolite of several OPFRs (Liu et al., 2021). 
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All countries except FR and DE had 100% participants with a Euro-
pean country of birth; DE had 99.3% and FR 95% European birth 
country representation. In FR, 18 participants were not born in Europe. 
However, the results of the study are still deemed to be indicative of the 
European population. The age range of children participating in the 
study differed (Table 1), and some studies (e.g., CELSPAC (CZ), PCB 
cohort (SK)) had children on the upper end of the age bracket (10–13 
years), while others (e.g., OCC (DK), 3xG (BE)) covered only the lower 
end of the age bracket (7–8 years). Urine was collected as both morning 
void and spot samples. In the NEB II study (NO) analyzed BFRs and DP 
were analyzed in blood plasma, while in the other cohorts they were 
analyzed blood serum (Table S1). The questionnaire regarding lifestyle 
factors also differed between countries. Because most lifestyle factors 
were reported by all countries, or were incompletely reported, multi-
variate analyses could not be conducted across the full dataset. Although 
the laboratories participated in a complete QA/QC programme to ensure 
the quality and comparability of the analytical results (Dvorakova et al., 
2021), they had different LODs and LOQs (Tables S3 and S4). However, 
all laboratories passed the two-stage evaluation process (Dvorakova 
et al., 2021; Esteban López et al., 2021) and were declared proficient by 
the HBM4EU project. 

3. Results and discussions 

3.1. FR concentrations in children’s blood from different European 
countries 

The concentrations of halogenated FRs in children’s blood are pre-
sented in Table 3. The detection frequencies of all halogenated FR 
quantified in children’s blood are presented in Table S5. Only com-
pounds with detection frequency >40% were considered for statistical 
analyses. α-HBCDD, γ-HBCDD, and DBDPE were analyzed in blood 
samples from France, Greece, and Slovenia, but were not present at more 
than 40% detection frequency (Table S5). BEH-TEBP and TBBPA were 
only investigated in blood from France but were not present above 
quantifiable concentrations in any sample (Table S5). 

PBDE-47 was present at quantifiable concentrations in France, 
Greece, Norway, and Slovenia. Slovenia had a 15% detection frequency 
of BDE-47 and is not included in the inter-country comparison, although 
we note that the 95th percentile is similar to that of Greece, the other 
country from the Southern European region (Table 3). When comparing 
levels across the three countries, Greece had significantly lower con-
centrations of BDE-47 than either France or Norway (Kruskal-Wallis test, 
p < 0.001, Fig. 1), in both the unadjusted data as well as in data adjusted 
for age and sex. BDE-153 was detected in more than 40% of the blood 
samples from Greece and Slovenia (Fig. 2). The compound was analyzed 
in blood from France and Norway as well but was detected in only 35% 
and 19% of the samples, respectively. Greece had significantly lower 

concentrations of BDE-153 than Slovenia (p < 0.001), both in the 
adjusted and unadjusted data. Lipophilic compounds such as haloge-
nated FRs are typically associated with dietary exposure and breast-
feeding (Pan et al., 2020; Poma et al., 2017). Norway is one of the 
countries with the highest breastfeeding rate for the first six months of 
infancy (Theurich et al., 2019), while Greece is known to have low 
exclusive breastfeeding (Pechlivani et al., 2005), which could be re-
flected in the concentration differences of PBDEs (Figs. 1 and 2). 

BDE-209 was only present above 40% detection frequency in France, 
although it was analyzed in blood from Greece and Slovenia as well. 
Quantification limits for BDE-209 for Greece and Slovenia were com-
parable to or lower than those for France (Table S3), suggesting that the 
differences in detection are due to population exposures rather than 
analytical differences. BDE-209 was found at the highest concentration 
for a single compound in blood compared with all quantified FRs in our 
study (8.73 ng/g lipid), as expected based on the timing of restrictions 
and relatively higher recent use of BDE-209 (Abbasi et al., 2019). 
BDE-47 and BDE-153 were banned from production and use by the 
Stockholm Convention in 2004, while BDE-209 was only included in the 
Stockholm Convention in 2017 (Sharkey et al., 2020). 

BDE-209 is a compound that can be difficult to quantify due to its 
high molecular mass (Pietroń and Małagocki, 2017; Stapleton, 2006) 
and often has low detection frequencies in other studies, typically 
because of high limits of detections and issues with blank contamination 
(Crosse et al., 2013; Darrow et al., 2017; Johnson et al., 2010; Wu et al., 
2007). In our study, three countries analyzed BDE-209, but the com-
pound was only quantifiable above detection limits in blood from 
France. Although Dvorakova et al. (2021) stated that Europe has ample 
laboratories with the capacity to quantify BDE-209, the limitation may 
be a disconnect between detection and quantification limits and con-
centrations in biological matrices. DBDPE, which is often considered a 
replacement for BDE-209, suffers from even more serious analytical 
challenges due to poorer instrument sensitivity and higher LOQs 

Table 3 
Median concentrations and 95th percentiles (in parentheses) of halogenated 
flame retardants in children’s blood (ng/g lipid).  

Country PBDE-47 PBDE-153 PBDE-209 ƩDP 

France 0.36 (2.81) 35% DF 
(1.50) 

8.73 (159) 34% DF 
(1.29) 

Greece 0.03 (0.43) 0.09 (0.82) 0% DF 2% DF 
Slovenia a15% DF 

(0.46) 
0.29 (1.02) 8% DF 

(10.10) 
16.0 (24.8) 

Norway 0.34 (0.93) 19% DF (0.1) b- 3.17 (33.1) 
All 

countries 

c0.32 (1.62) 40% DF 
(0.99) 

38% DF 
(115) 

2.13 (23.6)  

a Where a compound had <40% detection frequency (DF), the DF and 95th 
percentiles are reported. 

b A dash (-) indicates that the compound was not analyzed in blood from that 
country. 

c Values in bold indicate the median and 95th percentile of all data. 

Fig. 1. Box plot of lipid-adjusted concentrations of BDE-47 for France (FR), 
Greece (EL) and Norway (NO). The box indicates median, 25% and 75% per-
centiles. Whiskers indicate 5% and 95% percentiles. 

Fig. 2. Box plot of lipid-adjusted concentrations of BDE-153 in blood of chil-
dren from Greece (EL) and Slovenia (SI). The box indicates median, 25% and 
75% percentiles. Whiskers indicate 5% and 95% percentiles. 

V. van der Schyff et al.                                                                                                                                                                                                                        



International Journal of Hygiene and Environmental Health 247 (2023) 114070

5

(Melymuk et al., 2015). 
Both syn- and anti-DP congeners were analyzed in blood from France, 

Slovenia, Greece, and Norway. Blood from France had detection fre-
quencies below 40%. Only one blood sample from Greece had detectable 
concentrations of syn-DP and no anti-DP was detected. Slovenia had a 
median ƩDP concentration of 16 ng/g lipid, which was the highest 
concentration quantified in our study (Fig. 3). Anti-DP was present in 
41% of the Slovenian blood samples, and syn-DP in only 12%. Norway 
had 100% and 99% detection frequencies for syn- and anti-DP, respec-
tively. The median concentration of ƩDP was 3.17 ng/g lipid in blood 
from Norway, which was significantly lower than concentrations in 
children’s blood from Slovenia (p < 0.001), both for adjusted and un-
adjusted data. Other countries may also have elevated DP concentra-
tions, but it is difficult to determine due to high LODs (Table S3). 

The French ESTEBAN study presented a unique profile in BDE-209 
and DP compared with other studies. While detection frequencies are 
limited for both of these compounds, the comparison of medians, (where 
available) and 95th percentiles suggest higher exposure to BDE-209 in 
France and lower exposure to DP compared with Slovenia and Norway. 
DP has been suggested to be used as a replacement for BDE-209 (Barón 
et al., 2016) and the dominance of BDE-209 in France compared to DP in 
other regions may suggest countries are at different points in the tran-
sition away from BDE-209. We also note that the French data were 
among the earliest collected out of all studies, which may be an addi-
tional reason for the dominance of BDE-209. 

3.2. OPFR metabolite concentrations in children’s urine from different 
European countries 

The detection frequencies of OPFR metabolites in children’s urine 
are presented in Table S6. The concentrations of OPFR metabolites in 
children’s urine are presented in Table 4. 

BCEP was analyzed in four countries, but was only present above the 
LOQ in >40% of urine samples from Germany and Czech Republic 
(Table 4). Czech samples had significantly higher concentrations of 
BCEP than German (Kruskal-Wallis; p < 0.001; Fig. 4A), both in unad-
justed data and data adjusted for age and sex. BCIPP was analyzed in 
seven countries, but, as with BCEP, only samples from Germany and 
Czech Republic had more than 40% >LOQ. In contrast to BCEP, samples 
from Germany had higher levels of BCIPP than those from the Czech 
Republic (Kruskal-Wallis; p = 0.019, Fig. 4B), both in unadjusted and 
adjusted data. 

BDCIPP was quantified in Belgium, France, Germany, Slovenia, 
Czech Republic, Norway, Slovakia, and Denmark (Table 4), but was 
below LOQ in >60% of samples from Slovakia and Norway. A non- 
parametric Mann-Whitney pairwise comparison revealed three group-
ings within the countries (Fig. 5). Czech samples had lower concentra-
tions (p < 0.001; Mann-Whitney) than all other countries, while France, 
Germany, and Slovenia had significantly higher concentrations than the 
other countries (Fig. 5b). The differences between the country groupings 

were significant both in the unadjusted data and data adjusted for age 
and sex. When grouping countries by geographic region (e.g., north/ 
south/east/west according to the UN Geoscheme for Europe) we did not 
see significant regional differences, suggesting that differences between 
countries are not due to broad geographic trends (e.g., east-west dif-
ferences within Europe). 

BCEP, BCIPP, and BDCIPP are direct metabolites of chlorinated 
OPFRs (Liu et al., 2021). The primary compounds (TCEP, TCIPP, and 
TDCIPP) are usually present in consumer products such as furniture, 
products containing PUF foam, and electronics (Hoffman et al., 2017). 
These compounds have been frequently reported in matrices of direct 
relevance for human exposure, particularly indoor settled dust (Liu and 
Folk, 2021), indoor air (Yadav et al., 2017), and food products (Blum 
et al., 2019). While regional differences have been identified in OPFR 
levels in other matrices, the differences are typically pronounced be-
tween Europe, Asia, and North America (He et al., 2015). All countries 
involved in our study are members of the European Economic Area, 
which has a common market system enabling the free movement of 
goods and generally harmonized chemical regulations. Thus, only small 
differences between countries are to be expected, and these are more 
likely to be due to small differences in the country’s study populations 
and lifestyle differences between European regions (Section 3.3). The 
ubiquity of OPFR metabolite contamination can be ascribed to the broad 
use of chlorinated OPFRs, particularly after the ban on legacy FRs (Percy 
et al., 2020). 

DPHP was the most widely detected FR, present in 99% of urine 
samples. Mann-Whitney pairwise comparisons revealed five over-
lapping groups of countries (Fig. 6b). The country groups were identical 
in both unadjusted data and adjusted data. Denmark had lower DPHP 
concentrations than all other countries, while Belgium and Slovenia had 
the highest (Fig. 6a and b). DPHP was also the OPFR metabolite found at 
the highest concentration in all countries. In some cases, DPHP con-
centration in children’s urine was an order of magnitude higher than 
other OPFR metabolites (Table 4). DPHP from Slovenian samples had 
the highest median concentration of all the OPFR metabolites (2.43 μg/g 
creatinine). Other studies have also reported DPHP to be ubiquitous in 
human populations (Butt et al., 2014; Dodson et al., 2014; Hoffman 
et al., 2017). Unlike the other three quantified OPFR metabolites, DPHP 
is a non-specific metabolite. It is a metabolite of TPHP, a compound used 
as a flame retardant and plasticizer, and that is present in a large variety 
of products including PUF, hydraulic fluid, polyvinyl chloride (PVC), 
and cosmetic products such as nail polish (Preston et al., 2017). DPHP is 
also a metabolite of, among others, 2-ethylhexyldiphenyl phosphate 

Fig. 3. Box plot of lipid adjusted concentrations of ƩDechlorane Plus (DP) in 
blood of children from Norway (NO) and Slovenia (SI). The box indicates me-
dian, 25% and 75% percentiles. Whiskers indicate 5% and 95% percentiles. 

Table 4 
Median concentrations and 95th percentiles (in parentheses) of OPFR metabo-
lites in children’s urine (μg/g creatinine).  

Country BCEP BCIPP BDCIPP DPHP 

Belgium -a 14% DF 
(1.02)b 

0.38 (3.11) 2.41 (7.63) 

Czech 
Republic 

0.22 (5.60) 0.10 (0.96) 0.26 (1.95) 2.06 (5.97) 

Germany 0.14 (0.86) 0.12 (0.61) 0.64 (2.49) 1.66 (6.21) 
Denmark – 7% DF (1.35) 0.49 (3.71) 1.43 (5.16) 
France – 31% DF (5.04) 0.58 (4.55) 1.92 (9.70) 
Slovenia 20% DF 

(1.04) 
18% DF (0.25) 0.64 (1.59) 2.43 (5.47) 

Slovakia 20% DF 
(0.98) 

29% DF (0.28) 37% DF 
(1.16) 

2.21 (6.48) 

Norway – – 17% DF 
(0.56) 

1.78 (7.29) 

All countries c0.23 (1.32) 0.19 (1.59) 0.38 (2.49) 1.91 
(6.87)  

a A dash (-) indicates that the compound was not analyzed in urine from that 
country. 

b Where a compound had <40% detection frequency (DF), the DF and 95th 
percentiles are reported. 

c Values in bold indicate the median and 95th percentile of all data. 
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(EHDPHP) and resorcinol bis(diphenyl) phosphate (RDP) (Hou et al., 
2016). Beyond being a FR, DPHP itself is also produced as a plasticizer, 
and used in certain chemical reagents and intermediate of pesticides, 
medicines, and organic material, is a polymerization catalyst and is an 
additive in paints and coatings (Liu et al., 2021). Considering the mul-
tiple exposure sources, it is not surprising that DPHP was the compound 
found most frequently at the highest detection frequencies in most 
countries. 

3.3. Comparisons with other studies 

Only a limited number of studies have investigated FRs in children 
between the ages of 6 and 12 years old. Many studies have quantified 
FRs in infants or toddlers (often in conjunction with samples from the 
mother) (Caspersen et al., 2016; He et al., 2018a; Morello-Frosch et al., 
2016) or in adults (Brasseur et al., 2014; Lenters et al., 2013; Sochorová 
et al., 2017; Wang et al., 2019). However, since Moya et al. (2004) noted 
significant differences in both behavior and physiology between 
different age groups, we do not expect similar concentrations of FRs 
across age groups. Typically, when a study includes both adults and 
children, children have higher concentrations of BFRs than adults 
(Fischer et al., 2006; Toms et al., 2009; van den Eede et al., 2015). One 

study that quantified PBDEs in four members of the same household 
found that the children had 2- to 5-fold higher concentrations than the 
adults despite identical living conditions and diets (Fischer et al., 2006). 

BDE-47 and 153 in children’s blood from our study were both 
comparable, if slightly lower than studies from China (Table S8). The 
HELIX study analyzed chemicals, including BDE-47 and 153, in children 
and mothers from various European countries, providing much overlap 
with our study (Haug et al., 2018). The concentrations found in the 
HELIX study were comparable to our study. Only BDE-47 from France 
(0.36 ng/g lipid) was slightly higher in our study than in the HELIX 
study (0.27 ng/g lipid); the other concentrations from Greece and 
Norway were slightly higher in the HELIX study (Haug et al., 2018). 
Studies from the US and Canada reported concentrations of BDE-47 and 
-153 that were two orders of magnitude higher than what was found in 
our study (Table S8). PBDEs are typically significantly higher in studies 
from the US, and Canada to a lesser extent, when compared with other 
global regions (Frederiksen et al., 2009; Siddiqi et al., 2003; Sjödin et al., 
2008) due to higher past use of PBDEs. Serum from Norway (Thomsen 
et al., 2007) had higher concentrations than what was found in Norway 
by the NEB II study. However, it should be kept in mind that the samples 
were collected in 1998, and it is known that the use of, and consequently 
exposure to, PBDEs has decreased since the 1990s. It was unexpected to 

Fig. 4. Box plot of creatinine-adjusted concentrations (μg/g creatinine) of (A) BCEP and (B) BCIPP for Czech Republic (CZ) and Germany (DE). The box indicates 
median, 25% and 75% percentiles. Whiskers indicate 5% and 95% percentiles. 

Fig. 5. a. Box plot of creatinine adjusted concentrations (μg/g creatinine) of BDCIPP for Belgium (BE), Czech Republic (CZ), Germany (DE), Denmark (DK), France 
(FR), and Slovenia (SI). The box indicates median, 25% and 75% percentiles. Whiskers indicate 5% and 95% percentiles. 
5b. Mann-Whitney pairwise comparisons between countries. A, B, and C indicate groups of countries with different BDCIPP levels. 

Fig. 6. a. Box plot of creatinine-adjusted concentrations of DPHP for Belgium (BE), Czech Republic (CZ), Germany (DE), Denmark, France (FR), Norway (NO), 
Slovenia (SI), and Slovakia (SK). The box indicates median, 25% and 75% percentiles. Whiskers indicate 5% and 95% percentiles. 
6b. Mann-Whitney pairwise comparisons between countries. Letters groupings indicate groups of countries with different DPHP levels. Countries that do not overlap 
can be considered to be different from each other. 
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see that BDE-209 from France in our study (8.73 ng/g lipid) was the 
second-highest concentration of this comparison, after one study from 
China (95 ng/g lipid (Guo et al., 2016)). 

Previous studies have analyzed BFRs in adults from European 
countries. In 2015, BFRs were quantified in serum from 300 Czech 
adults. PBDEs were only detected in 9% of the samples above detection 
limits (Sochorová et al., 2017). Other studies quantified PBDEs in serum 
from France (Brasseur et al., 2014), Poland, Ukraine (Lenters et al., 
2013), and other European countries (Garí and Grimalt, 2013). Almost 
all concentrations from prior studies in adults were higher than the 
concentrations found in our study, which we attribute to the more recent 
sample collection. All children that were involved in our study were 
born between 2001 and 2015. The European Union restricted the use of 
Penta- and Octa-BDE commercial products from 2004, and the lower 
brominated congeners of PBDEs (tetra-, penta-, hexa-, and heptabro-
modiphenyl ethers) were listed for elimination under Annex A of the 
Stockholm Convention on Persistent Organic Pollutants in 2009 
(Stockholm Convention, 2019). Though these literature-based compar-
isons should be interpreted with caution, the fact that PBDE concen-
trations in children’s blood from our study are at comparable and lower 
concentrations than adults from studies in 1990s and early 2000s can be 
an indication that regulation restricting PBDE production and use are 
effective at reducing exposure. 

While BFRs are reported in lipid-standardized units (e.g., ng/g lipid 
mass) enabling comparison across studies, studies that quantified OPFRs 
in urine do not have a standardized unit of quantification; data are 
presented in unadjusted units (e.g, μg/L), specific gravity (SG) normal-
ized, or creatinine-standardized (μg/g crt), as is the case for our data. 
Given the limited data on OPFR metabolites in children, we have 
included studies using unadjusted of SG normalized urine concentra-
tions in our comparison, and done an average-based recalculation based 
on ratios of creatinine to specific gravity for this age group of children 
(Table S8). Given the use of this recalculation, the comparisons with 
other studies should be interpreted with caution. 

All BCEP and BCIPP concentrations from our study and previous 
studies were within the same order of magnitude. BDCIPP concentra-
tions in urine were an order of magnitude higher in US compared with 
China; and European values from our study fell between these two levels 
(Table S8). DPHP concentrations were similar in Europe and the US, but 
China and Japan had lower concentrations of the compound in chil-
dren’s urine (Table S8). 

3.4. Lifestyle factors associated with flame retardant exposure 

Forty lifestyle factors were examined and the responses recorded by 
country, presented in Table S9. 

A significant inverse correlation between age and FR exposure was 
observed for both BDCIPP and DPHP in France (p < 0.001 and p =
0.005) and Germany (p = 0.002 and p = 0.006) (Table S9). This agrees 
with the findings from several other studies, where OPFR concentrations 
decreased with children’s age (Chen et al., 2018; He et al., 2018a; Sun 
et al., 2018; van den Eede et al., 2015; Zhang et al., 2018), and is likely 
related to more hand-to-mouth activity in younger children, resulting in 
increased exposure to dust-containing FRs (Cequier et al., 2015; Ionas 
et al., 2016; Moya et al., 2004). 

In addition to age, our study found associations between FR con-
centrations and the physical structure of the indoor environment, 
cleaning habits, socioeconomic determinants, and diet (Table S9). 
Cequier et al. (2015) noted that the residential environment might be a 
more important exposure pathway of FRs than food, which agrees with 
the findings of our study. Renovation status, PVC floor, and vacuum and 
cleaning frequency per week were associated with FR concentrations in 
children from several countries (Table S9). In the Czech Republic, BCIPP 
(p = 0.012) was higher in houses that have been renovated within two 
years before the study, compared with unrenovated homes (Table S9). 
BCIPP was also higher in newer homes in France (p = 0.007), where 

home age correlated negatively with BCIPP concentrations. BDCIPP was 
lower in Czech children from homes with PVC floors (p = 0.013). 
Similarly, lower BDE-153 was quantified in children’s blood from 
Slovenian households with PVC walls than in the blood from homes 
without (p = 0.036). The reason for this is unknown. 

BDCIPP and DPHP were both higher in Czech households that 
“never” or “rarely” clean (p = 0.003 and p < 0.001). Similarly, BDE-47 
was higher in Greek households that “rarely” vacuum (p = 0.009) and 
BDE-153 in Slovenian households that “never” or “rarely” clean (p =
0.027) (Table S9). Since FRs are present in indoor house dust (Ali et al., 
2012; Fromme et al., 2014; Jílková et al., 2018), removing dust from 
living spaces is a good way to limit inhalation and dermal exposure, and 
has been linked to lower levels of FRs in indoor dust (Sugeng et al., 
2018). However, BDE-47 was higher in French households that “often” 
vacuum (p = 0.009). The reason for this disparity is unknown. 

The only significant association between measured FR levels and 
consumption of food in our study was observed for DPHP in seafood 
from Belgium (p = 0.021). Dietary exposure to OPFRs has been indi-
cated in prior studies (He et al., 2018b; Xu et al., 2017), but was not very 
prominent in our study Similarly, the effect of passive smoking was 
almost negligible in this study; only BDCIPP in Slovenia was signifi-
cantly higher in children from smoking households (p = 0.047). 

In the French and Belgium studies, BDCIPP concentrations were 
positively correlated with time spent in a car (ρ = 0.189, p = 0.001 for 
France and Belgium ρ = 0.195, p = 0.024). TDCIPP, the parent com-
pound of BDCIPP, is known to be present in car upholstery, where 
elevated temperatures can lead to an increase in volatilization (Phillips 
et al., 2018). There is evidence from the USA that longer commutes lead 
to increased TDCIPP exposure (Reddam et al., 2020). 

An interesting feature was observed when studying socioeconomic 
factors. BCIPP (p = 0.006), and DPHP (p = 0.002) were higher in 
German households where the father was employed, versus households 
where the father was unemployed. Another socioeconomic association 
was found with household education in Germany, where households 
with the lowest levels of education had the lowest levels of DPHP in 
children’s urine (p = 0.005). Conversely, the legacy FR BDE-47, was 
prominent in households where the father was unemployed (p = 0.016), 
as seen in blood from Norway (Table S9). This suggests a link between 
socioeconomic status and furniture or product replacement rates. We 
hypothesize that the higher levels of BDE-47 in houses where the father 
is unemployed are linked with lower income and related to the older 
furnishing or appliances containing legacy FRs (e.g., purchased before 
restrictions on PBDEs). In contrast, employment is linked to higher- 
income households that have higher purchasing power and are more 
likely to replace products and furnishings, leading to more products 
containing OPFRs instead of the now-banned PBDEs. Previous studies 
have linked BCIPP exposure with the number of electrical appliances 
and electronics in a home (He et al., 2018a; Sun et al., 2018), which can 
also be an indication of socioeconomic position. 

Gender appeared to impact concentrations in a few instances. 
Slovenian boys had significantly higher BDCIPP and BDE-153 than girls 
(p = 0.021 and p = 0.01). Similarly, boys had significantly higher 
concentrations of BCIPP in Czechia (p = 0.019) and BDE-47 in Greece (p 
= 0.024). However, since this trend was not consistent throughout the 
study, the effect of gender on FR exposures should be interpreted with 
caution. 

Most associations between FR concentrations and lifestyle factors 
were found for BDCIPP and DPHP. These compounds had the highest 
detection frequencies of the studied compounds. The information gained 
should be interpreted with caution. A more in-depth study of the life-
style factors correlating with FR and other chemical compounds is 
recommended. 

4. Conclusions 

Halogenated FRs were quantified in children’s blood from four 
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countries and OPFRs in urine from children from eight countries. This 
was the largest aligned study across multiple European countries to 
quantify FRs in children. This was also the first large-scale comparative 
study of OPFRs between different countries, providing valuable data to 
both researchers and policymakers. OPFR metabolites, particularly 
BDCIPP and DPHP, have ubiquitous distribution in Europe, with limited 
differences between countries, perhaps due to the open market condi-
tions. OPFR concentrations should be critically evaluated by regulatory 
institutions due to their high prevalence and indications of endocrine- 
disrupting effects. The concentrations of BDE-47 in children’s blood 
collected recently were comparable and lower than BDE-47 in adult 
samples from several years ago, suggesting that the regulation of PBDEs 
does mitigate the exposure of the compounds to humans. This study has 
highlighted the need to further build capacity to enable more labora-
tories to analyze OPFRs, BDE-209 and other halogenated alternative 
FRs, such as DP, DBDPE, TBBPA, and DBDPE. While it was difficult to 
ascribe specific lifestyle factors to flame retardant concentrations, fac-
tors concerning cleaning, socioeconomic status, and physical properties 
of the residence had the most significant correlations. It is recommended 
that future studies further investigate these and other lifestyle factors to 
better understand FR exposure to children. 
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ABSTRACT: Indoor environments are important sources of exposure to chemicals
intentionally added to consumer products, building materials, etc. Previous work has
shown that semivolatile organic compounds (SVOCs) migrate from product/material
sources to partition to indoor surfaces, including skin and hands, and that SVOCs on
hands reasonably indicate nondietary exposure to indoor SVOCs. We hypothesize that
the hands of indoor occupants, which contact numerous products and surfaces,
transport SVOCs in the indoor environment to an extent comparable to that of
fugacity-driven and advective transport. This process of “hand-based” chemical
transport is analogous to that of fomite transmission of pathogens. We explore this
hypothesis using a data set of halogenated flame retardants, organophosphate esters,
and phthalate esters in indoor air, floor dust, and wipes of hands and surfaces of
electronic devices of 51 participants. Cluster analysis shows the similarity of the SVOC
profiles on all participants’ hands relative to those of all device surfaces, demonstrating
the ubiquity of these SVOCs. Network analysis consistently shows the centrality of
hands, followed by air, dust, and laptops, indicating that hands are most correlated with all sample types. The significance of this
hypothesis lies in the ability of hands to rapidly transfer SVOCs among surfaces indoors, with implications for exposure.

■ INTRODUCTION

It is painfully clear that people are potent agents of
environmental change at planetary to local scales.1,2 People
often retreat to the indoor environment for comfort, respite,
and safety. In developed countries, people typically spend
>90% of their time indoors and nearly 70% in indoor
residential environments.3,4 By virtue of the amount of time
we spend indoors, these environments affect our health and
well-being, both positively and negatively.4−7

Modern indoor environments contain a wide variety of
chemical contaminants in air and dust that provide pathways
for exposure to occupants. Although only a relatively small
fraction of the complex chemical mixture that occurs indoors
has been identified,8,9 some chemicals, such as lead, form-
aldehyde, and some phthalate esters, have been associated with
adverse health effects.10−12

Among the chemicals released indoors, semivolatile organic
compounds (SVOCs) undergo partitioning and transport
processes that result in their distribution among indoor
media such as air, dust, thin organic films that accumulate
on surfaces, skin, clothing and other textiles, and polyurethane
foam in upholstered furniture.13−15 The indoor environment,
especially as energy-saving measures tighten building enve-
lopes, presents fewer opportunities for chemical loss than
outdoor environments,14,16 leading to increased concentrations
per unit emission relative to outdoors and relatively high
chemical persistence.17−19

In addition to indoor products and materials, people
influence indoor chemical and particle concentrations by

virtue of their presence and activities.20−22 For example, the
exhaled breath of indoor occupants increases levels of carbon
dioxide.23 Adults and particularly young children resuspend
dust when walking and crawling, respectively, which increases
particle concentrations in air and hence inhalation exposure to
particles in dust and particle-phase chemicals.24 One more
example here is that each person is surrounded by her or his
personal cloud of increased particle concentrations that
increase as a function of activity.25−27

Hands can be particularly effective in indoor transport.
Hands play an essential role in transferring the personal
microbiome to indoor surfaces.28 Hands are very efficient in
transporting infectious disease agents, notably the norovirus
and rhinovirus, to create fomites (surfaces or objects
contaminated with infectious agents) such as doorknobs,
handrails, keyboards, and telephones.29−32 Transmission of
infectious agents among fomites by hands through an indoor
environment can occur rapidly.33,34

The surfaces of hands are known to reflect our chemical
environment and to be an indicator of internal body burdens of
a wide range of chemicals. Bouslimani et al.35 identified a
plethora of chemicals on hands, including pesticides and
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insecticides, plasticizers, chemicals from a person’s diet, and
pharmaceuticals. Significant correlations have been found
between several flame retardant and phthalate levels on hand
wipes of adults and children and their internal body levels.36−40

Hands are presumed to gather these chemicals by direct
contact with products containing these SVOCs, contact with
contaminated dust, and by air−skin partitioning.41−43

While hands clearly transport some infectious disease agents
and a person’s microbiome community, hands have not been
seen as agents of transport of indoor contaminants such as
SVOCs. Rather, SVOC transport is typically considered to
occur by means of diffusion according to fugacity (or chemical
activity) gradients between media, particle transport processes
(i.e., deposition and resuspension), air advection from
ventilation, heating and cooling systems, and cleaning
processes that remove chemicals associated with dust and
surfaces.18,44,45

We hypothesize that humans are agents of SVOC transport
indoors and that hands play a key role in that transport
process. We explored this hypothesis using a data set of
SVOCs in residential air and dust and surface wipes of
electronic devices and hands of 51 participants obtained
through the OEHS-Homes Study (Ontario Environmental
Health-Homes Study). The following SVOCs were measured:
six phthalate esters,13 22 halogenated flame retardants (HFRs),
including 14 congeners of polybrominated diphenyl ethers
(PBDEs),46 and 23 organophosphate esters (OPEs).39 This
paper is the fifth in a series published from the OEHS-Homes
Study; all data along with detailed explorations of associations
and explanations have been previously published as noted
above.

■ MATERIALS AND METHODS
Chemical Concentration Data. Full details of the study

design, sampling, and chemical analysis used in this analysis
have been provided by Okeme and Yang et al.,47 Yang and
Jıĺkova ́ et al.,13,39 and Yang et al.46 These publications also
include detailed information about household characteristics
such as the air exchange rate, house volume, activities, and
information provided in questionnaires by participants where
such factors were significantly related to chemical concen-
trations and profiles. Briefly, 51 women were recruited from
the Toronto and Ottawa areas in Canada, aged 18−44 and of
mid-socio-economic status. Ethics approvals were obtained
from the Research Ethics Boards of University of Toronto and
Health Canada. The following samples for chemical analysis
were taken from the bedroom (n = 51) and a subset of
participants’ most used room (n = 26) from February to July
2015: (1) vacuumed floor dust (n = 77), (2) air using
polyurethane passive foam samplers (PUF) deployed for 3
weeks (n = 77), (3) surface wipes from hand-held (cell or
mobile phones, home phones, tablets, and laptops) and non-
hand-held [desktop computers, televisions (TVs), and stereos]
electronic devices (n = 199), and (4) wipes of each
participant’s hand palms and backs (right and left were
composited) taken twice, 3 weeks apart (n = 204 total). Note
that we wiped the surface of the hand-held devices that came
into contact with each participant’s hands, which could have
included cases and not the device itself. Field blanks were
taken for each sample type.
The reported analytes are listed in Table S1. Analytical

methods, including QA/QC procedures (e.g., analysis of SRM
2585, methods for blank and recovery correction, and

deployment of duplicate PUF samplers), have been explained
elsewhere.13,39,46,47 Briefly, after extraction, all samples were
analyzed by gas chromatography with a mass selective detector
(Agilent 6890 GC-5975 MS). Data were blank corrected
according to the criteria of Saini et al.48 Surrogate standard
recoveries were between 74% and 131%; no recovery
correction was applied.

Statistical Analysis. The data set analyzed consisted of
concentrations of six HFRs, 11 OPEs, and six phthalates with
>40% detection frequency in dust, air, and surface wipes from
hands and electronic devices. In cases in which more than one
sample was collected from a home (e.g., hand wipes taken 3
weeks apart and air and dust measurements from the bedroom
and the most used room), an arithmetic mean was calculated
to minimize overrepresentation of any sample type in the
analysis. Values of half of the method detection limit (MDL)
were imputed for values < MDL. The final data set included
concentrations in air (n = 51), dust (n = 51), hands (n = 51),
and surface wipes from hand-held [cell phones (n = 31), home
phones (n = 10), tablets (n = 27), and laptops (n = 32)] and
non-hand-held [desktop computers (n = 13), TVs (n = 68),
and stereos (n = 7)] electronic devices.

Cluster Analysis. We conducted cluster analysis to assess
the similarities between wipe samples (hands and electronic
device surfaces). Data are listed in Table S2. We normalized
the wipe data to percentage contributions to reduce between-
sample variations. Data were log-transformed, and the log
concentration of each chemical was centered by its mean and
scaled by its standard deviation to improve the distribution of
the data and to minimize heteroscedasticity. We performed
hierarchical clustering in MetaboAnalyst version 3.0 using
Ward’s method for Euclidean distances between pairs of
samples. Samples were not reorganized so as to maintain
natural contrast among sample types.49

Network Analyses. We conducted network analyses to
assess relationships between sample types. We used the non-
normalized final data set [air, dust, and wipes of hands and
electronic device surfaces (Table S3)]. First, we calculated
Spearman’s correlation coefficients (ρ) between pairs of
sample types, i.e., samples from the same home. Next, we
used the data set to create igraph objects of arithmetic-
weighted mean ρ for statistically significant correlations. We
used a weighted ρ of >0.4 to generate undirected networks
using the igraph package in RStudio version 3.6.1. The edges
(interconnections) of the networks are proportional to the
weighted ρ values, and node sizes (sample types) are
proportional to the number of edges. We used the PageRank
function (global, unsupervised ranking algorithm50) in Rstudio
to calculate the centrality or importance of each node. The
total PageRank scores from all nodes of a network amount to
1. Several networks were built: all chemicals grouped according
to compound class [HFRs, OPEs, and phthalates (Table S4)],
grouped according to log KOA values of <11 or ≥11 (Table
S5), and all sample types except for hands.

■ RESULTS AND DISCUSSION
Summary of Previous Results. Dust and surface wipes of

most hand-held and non-hand-held electronic devices had high
detection frequencies of most SVOCs analyzed (Figure
S1).13,39,46 This finding was contrary to our expectation that
surface wipes of electronic devices would reveal one or very
few dominant plasticizer(s) and/or flame retardant(s) that had
been intentionally added to that product. The exception was
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the surface wipes of TVs that had increased concentrations of
DBDPE and BDE-209 that, we believe, were intentionally
added at high concentrations to those casings.46 We also found
significantly higher concentrations of plasticizers and flame
retardants in hand-held than non-hand-held devices, with the
exceptions of DBDPE and BDE-209. We postulated that the
discovery of multiple plasticizers and flame retardants in the
surface wipes of all electronic devices was due to within-home
partitioning of these SVOCs emitted from primary sources
(e.g., TV casings, wiring, and upholstered furniture) to indoor
surfaces that included other electronic devices. In addition, we
postulated that the significantly higher concentrations of
SVOCs (except DBDPE and BDE-209) in wipes of hand-
held than non-hand-held devices were due to hands trans-
ferring these chemicals from sources to hand-held devices that
are infrequently washed relative to hands. This hypothesis was
supported by significant correlations between chemical profiles
on hands and hand-held devices.13,39,46 We also found that
chemical profiles from wipes of hand backs and palms were

significantly correlated, although concentrations were higher
on palms and concentrations were consistent in samples taken
3 weeks apart.13,39,46

Similarity of Chemical Profiles. Although we found
significant correlations between paired chemical profiles on
hands and hand-held devices, the cluster analysis showed that
all hand profiles clustered together, along with some hand-held
devices (e.g., cell phones and tablets) (Figure 1 and Figure
S1). As expected, TVs mostly clustered together because of
their unusual flame retardant profiles.46 Chemical profiles from
device surfaces from individual homes did not cluster together,
which was expected on the basis of within-home partition-
ing.13,14,51

The similarity of chemical profiles on hand wipes of all 51
unrelated women is consistent with the findings of Lax et al.,28

who reported greater similarity of microbial communities on
the hand samples of 18 participants versus greater differ-
entiation of microbial communities on each participant’s home
surfaces (e.g., doorknobs and kitchen counters) and other area

Figure 1. Hierarchical cluster analysis based on Euclidean distance for all surfaces sampled, namely, hands and hand-held and non-hand-held
electronic devices (top or x-axis clustering and color bar). Samples were not reorganized so as to maintain natural contrast among sample types;
25% features were ranked by t test to show optimal contrasting patterns as described by Xia and Wishart.49 The heat map shows clustering of the
relative concentrations of chemicals (y-axis) in the different samples (x-axis). The red-to-blue color scale represents the relative concentrations of
the individual phthalates, HFRs, OPEs, and phthalates as shown by the scale.
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samples such as each participant’s nose and feet. They
concluded that microbial populations on hands reflect the
numerous inputs obtained from touching a variety of surfaces,
with disruption due to washing. We suggest that the same
explanation pertains here: chemical profiles reflect numerous
inputs from home and other environments as hands touch
numerous surfaces, sorb chemicals from air, and gather dust,
with disruption from washing.
Networks of Chemical Profiles. Next, we examined the

relationships among chemical profiles in all media (air, dust,
and hand and device wipes) using network analysis. Here, the
purpose was to understand the correlations among all sample
types when seen as a connected system. We note that these
networks express the central tendency of the data set, within
which we expect variability due to differences in households
such as differences in individual activity patterns, numbers of
residents, the presence of pets, etc.
SVOC indoor distributions typically consider air, dust, and

emission sources, with transport by diffusion according to
fugacity gradients between air and condensed phases, and
particle or dust transport; hands are not typically considered
relevant vectors for transport of indoor contaminants.14,52,53

Figure S2 shows the network of all flame retardants and
plasticizers (with edges shown distinctly for HFRs, OPEs, and
phthalates) based on this paradigm, excluding the hands as a

possible agent of chemical transport. Air, followed by dust, was
most central or important in the network as indicated by
PageRank values of 0.128 and 0.127, respectively, conforming
to this conventional understanding.
Figure 2 illustrates the network for the same set of chemicals

with the addition of hands as a node. Hands were most central
with the highest PageRank score of 0.116: hands had the
greatest number and strength of significant correlations with
other nodes (i.e., correlations of chemical profiles). The
centrality of hands is consistent with chemical partitioning
and/or chemical transfer between hands and all indoor media.
Air was the next most central node (PageRank score of 0.113),
and dust was fourth (PageRank score of 0.103), which
conforms to the conventional understanding of the distribution
of SVOCs discussed above.
The greater centrality of hand-held laptops and tablets than

non-hand-held desktops, TVs, and stereos is consistent with
the transfer of SVOCs from hands to hand-held devices that,
we have hypothesized, augments chemical abundance attrib-
utable to only partitioning from air and accumulation from
dust.13,40 The low centrality of home phones followed by cell
phones in the networks with and without hands was not
expected and is not consistent with the previous explanation,
especially given the frequent handling of cell phones. One
explanation for the low centrality of cell phones is that their

Figure 2. Network analysis based on significant Spearman ρ correlation coefficients (>0.4) between sample types. Edges (lines connecting nodes)
are green for halogenated flame retardants, pink for organophosphate esters, and purple for phthalates. The table shows the degree of centrality,
expressed as PageRank, between nodes in the network analysis, arranged from most to least central.

Figure 3. Network analysis based on significant Spearman ρ correlation coefficients (>0.4) between sample types for (A) more volatile compounds
with log KOA values of <11 and (B) less volatile compounds with KOA values of ≥11. See Table S6 for PageRank values of each node.
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chemical profiles reflect the numerous surfaces with which they
come into contact (e.g., purses and pockets) and upon which
they are placed, including different environments outside the
home. In addition, some people wash the exterior of their cell
phones (we did not collect this information).
Finally, we examined networks produced when the flame

retardants and plasticizers were separated into more volatile
(with log KOA < 11) and less volatile (log KOA ≥ 11) chemicals
(Figure 3 and Table S6). We chose the physicochemical
property of vapor pressure, expressed as KOA, because of its
importance in governing indoor chemical partitioning.13,14,45

Again, hands were most central among more volatile chemicals,
followed by air and dust (PageRank values of 0.142, 0.136, and
0.119, respectively). The centrality of air was expected on the
basis of air-condensed phase partitioning. In the network of
less volatile chemicals, hands were the second-most central,
followed by dust (PageRank values of 0.131 and 0.123,
respectively). The centrality of dust was expected as less
volatile chemicals partition to this condensed phase that is
distributed throughout the indoor environment. Laptops had
the greatest centrality (PageRank value of 0.140), which could
be due to their frequent touching as well as presenting a
condensed phase for partitioning. Air had limited centrality
(PageRank value of 0.083), as expected given the tendency of
these lower-volatility chemicals to partition to condensed
phases. Differences in volatility, in part, explain the difference
in networks according to chemical class; i.e., the phthalates
considered here as a group are more volatile than HFRs and
OPEs (Figure S2 and Table S7).
Implications. Overall, hands were either most (all

compound classes and chemicals with log KOA values of
<11) or second most (chemicals with log KOA values of ≥11)
central in the networks constructed, illustrating the high degree
of correlation between hands and other media in the same
residence, even those not frequently touched (e.g., tops of
stereos and TVs). The centrality of hands is consistent with
but not a test of the hypothesis that hands transport chemicals,
where hands can gather chemicals from contacting multiple
surfaces directly, transport adhered dust, and transport
chemicals that have partitioned from air. The process of
hand transport was posited to explain the higher concen-
trations of numerous flame retardants and plasticizers on hand-
held than non-hand-held devices.13,40,47 The similarity of flame
retardant and plasticizer profiles on the hands of 51 unrelated
women, as shown in the cluster analysis, is also consistent with
hands coming into contact with multiple surfaces both inside
and outside the home. Tangentially, these results demonstrate
the ubiquity of these chemicals in modern environments,
regardless of the participants’ home contents, activities, or
other personal characteristics.
If hands are agents of chemical transport, as hypothesized

here, then we expect that this mechanism is faster than
diffusive or particle-based transport mechanisms. For example,
hands can rapidly transport chemicals within a home and
between environments such as offices, schools, entertainment
venues, etc. This hypothesis of rapid hand-based transport
within and between locations is in line with the current
understanding of community spread of fomites and the
microbiome.29−35

Finally, these results have implications for human exposure.
Numerous studies have shown that chemical profiles on hands
are proportional to internal exposure.37,39,54 This study
advances our understanding of the ubiquity of these large-

production volume chemicals with which hands come into
contact. We suggest that hands likely perpetuate exposure by
transporting chemicals to multiple surfaces that, unlike hands,
are less frequently washed and thus can “re-contaminate”
hands, in the same way that microbial and viral transfer occurs.
Our results provide yet another good reason to wash your
hands frequently!
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A R T I C L E  I N F O   

Keywords: 
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A B S T R A C T   

Humans are widely exposed to phthalates and their novel substitutes, and considering the negative health effects 
associated with some phthalates, it is crucial to understand population levels and exposure determinants. This 
study is focused on 300 urine samples from teenagers (aged 12–17) and 300 from young adults (aged 18–37) 
living in Czechia collected in 2019 and 2020 to assess 17 plasticizer metabolites as biomarkers of exposure. We 
identified widespread phthalate exposure in the study population. The diethyl phthalate metabolite monoethyl 
phthalate (MEP) and three di (2-ethylhexyl) phthalate metabolites were detected in the urine of >99% of study 
participants. The highest median concentrations were found for metabolites of low-molecular-weight (LMW) 
phthalates: mono-n-butyl phthalate (MnBP), monoisobutyl phthalate (MiBP) and MEP (60.7; 52.6 and 17.6 μg/L 
in young adults). 1,2-cyclohexanedicarboxylic acid diisononyl ester (DINCH) metabolites were present in 68.2% 
of the samples with a median of 1.24 μg/L for both cohorts. Concentrations of MnBP and MiBP were similar to 
other European populations, but 5–6 times higher than in populations in North America. We also observed large 
variability in phthalate exposures within the study population, with 2–3 orders of magnitude differences in 
urinary metabolites between high and low exposed individuals. The concentrations varied with season, gender, 
age, and lifestyle factors. A relationship was found between high levels of MEP and high overall use of personal 
care products (PCPs). Cluster analysis suggested that phthalate exposures depend on season and multiple lifestyle 
factors, like time spent indoors and use of PCPs, which combine to lead to the observed widespread presence of 
phthalate metabolites in both study populations. Participants who spent more time indoors, particularly 
noticeably during colder months, had higher levels of high-molecular weight phthalate metabolites, whereas 
participants with higher PCP use, particularly women, tended to have higher concentration of LMW phthalate 
metabolites.  

Abbreviations: 5cx-MEPP, mono(2-ethyl-5-carboxy-pentyl) phthalate; 5OH-MEHP, mono(2-ethyl-5-hydroxy-hexyl) phthalate; 5oxo-MEHP, mono(2-ethyl-5-oxo- 
hexyl) phthalate; BzBP, benzyl butyl phthalate; BMI, body mass index; CELSPAC, Central European Longitudinal Studies of Parents and Children; cx-MINCH, 
cyclohexane-1,2-dicarboxylic acid-mono(carboxy-isooctyl) ester; cx-MiNP, 7-carboxy-(monomethyl-heptyl) phthalate; DEHP, di(2-ethylhexyl) phthalate; DEP, 
diethyl phthalate; DCHP, dicyclohexyl phthalate; DiBP, diisobutyl phthalate; DiDP, diisodecyl phthalate; DINCH, 1,2-cyclohexanedicarboxylic acid diisononyl ester; 
DiNP, diisononyl phthalate; DMP, Dimethyl phthalate; DnBP, di-n-butyl phthalate; DnOP, di-n-octyl phthalate; DPHP, bis(2-propylheptyl) phthalate; ELSPAC, Eu-
ropean Longitudinal Study of Pregnancy and Childhood; EU, European Union; HBM, human biomonitoring; HMW, high-molecular weight; IQ, intelligence quotient; 
LMW, low-molecular weight; MBzP, monobenzyl phthalate; MEHP, mono(2-ethylhexyl) phthalate; MEP, monoethyl phthalate; MCHP, monocyclohexyl phthalate; 
MiBP, monoisobutyl phthalate; MiNP, monoisononyl phthalate; MMP, monomethyl phthalate; MnBP, mono-n-butyl phthalate; MnOP, mono-n-octyl phthalate; OH- 
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1. Introduction 

Phthalate esters, commonly referred to as phthalates, are heavily 
used as plasticizers and solvents because of their durability and stability. 
Phthalates are high production volume chemicals (Heudorf et al., 2007) 
with worldwide production of around 5.5 million tonnes per year (Fréry 
et al., 2020). Phthalates with low molecular weight (LMW) and shorter 
chains (e.g. DMP, DEP, DBP and DiBP) are often used as solvents in 
personal care products (PCPs), cosmetics, and pharmaceuticals, and as 
plasticizers in non-polyvinyl chloride (PVC) products, including textiles, 
paints, adhesives, and food packaging. Phthalates with high molecular 
weight (HMW) and longer chains (e.g. DEHP, DiNP and DPHP) are 
mainly used as plasticizers in PVC products, including in medical de-
vices and children’s toys (Fréry et al., 2020; Koch and Angerer, 2012; 
Silano et al., 2019). Phthalates are not covalently bonded to plastic, 
therefore they can be emitted from consumer products and become 
widely distributed in humans and the environment (Husøy et al., 2019). 

In humans, several phthalates are considered endocrine disruptors 
(WHO, 2013) associated with potential negative health effects. The ef-
fects on developmental and reproductive disorders, including neuro-
behavioral disorders and low IQ, respiratory problems or asthma and 
other allergic disorders have been reviewed elsewhere (Hlisníková et al., 
2020; Katsikantami et al., 2016; Wang et al., 2019). Due to these adverse 
health effects, some phthalates have been legislatively banned in the EU 
(EC, 2009; REACH, 2006) and alternative non-aromatic, non--
ortho-phthalate plasticizers are seeing increasing use (Lemke et al., 
2021; Frederiksen et al., 2020; Lessmann et al., 2019). One of these 
plasticizers is DINCH (1,2-cyclohexanedicarboxylic acid diisononyl 
ester), which is used as a substitute for HMW phthalates, mainly DEHP 
and DiNP, particularly in sensitive products such as toys, food contact 
material and medical devices (Koch et al., 2013; Correia-Sá et al., 2017; 
Kasper-Sonnenberg et al., 2019). DINCH production is high (>10,000 
t/year production and import to EU, 300,000 t/y global production), 
and DINCH is among the alternative plasticizers seeing substantial in-
creases in use and exposure (Bui et al., 2016; Kasper-Sonnenberg et al., 
2019). DINCH intake thresholds and hazard-based limit values suggest a 
lower hazard than for phthalates, however, there is particular concern 
about DINCH exposure in children, given its use as a replacement for 
HMW phthalates in toys, and evidence of exposure close to the tolerable 
daily intake (Bui et al., 2016). 

Inhalation and dermal uptake is a relevant uptake route for the more 
volatile LMW phthalates, like DMP, DEP and DBP (Giovanoulis et al., 
2018; Wormuth et al., 2006; Janjua et al., 2008; Lorber et al., 2017). 
Oral routes play the most important roles in total exposure to the HMW 
phthalates like DEHP and DiNP (Koch et al., 2013; Martínez et al., 2018; 
Correia-Sá et al., 2018). After exposure, phthalates in humans are 
rapidly metabolized by phase I and phase II reactions and excreted in 
both conjugated and free forms via urine (Silva et al., 2003), and 
partially also in feces (Domínguez-Romero and Scheringer, 2019). Thus, 
human biomonitoring typically focuses on phthalate metabolites in 
urine (Koch and Calafat, 2009; Calafat et al., 2013). More polar and 
LMW phthalates are hydrolysed to monoester forms and are eliminated 
mostly in free form and glucuronidated conjugates. In contrast, longer 
chain HMW phthalates (and DINCH) are further metabolized to sec-
ondary, alkyl chain oxidised metabolites (Fréry et al., 2020; Wittassek 
et al., 2011; Schütze et al., 2017). 

Biomonitoring suggests that nearly all the European population is 
exposed to phthalates (Den Hond et al., 2015; Koppen et al., 2019). A 
recent study on phthalate metabolites in 140 Norwegian adults found 10 
metabolites in 100% of the samples and all remaining phthalate and 
DINCH metabolites in 88–97% of the samples (Husøy et al., 2019). In a 
Slovenian study of 387 people, detection rates were 97–100% for all 
phthalate metabolites (Runkel et al., 2020). Several recent studies also 
point out the rather rapid changes in exposures to phthalates and their 
substitutes due to market changes and regulatory measures (Frederiksen 
et al., 2020; Apel et al., 2020; Lemke et al., 2021; Gyllenhammar et al., 

2017). Human biomonitoring (HBM) is a useful and necessary tool to 
assess total exposure to phthalates in a timely and rapid manner, 
regardless of the route of exposure. In combination with other accom-
panying data (e.g. questionnaire data) HBM provides valuable infor-
mation to help us better understand important exposure sources, as well 
as the health effects related to chemical exposure. HBM4EU is a joint EU 
project co-funded under Horizon 2020 to coordinate and advance 
human biomonitoring, involving 30 countries, the European Environ-
ment Agency and the European Commission. HBM under HBM4EU 
provides better evidence and understanding of the exposure of European 
citizens to chemicals, and the possible impact of chemical exposure on 
human health. In this study, we focus on plasticizer metabolites in urine 
samples from teenagers and young adults from the Czech Republic, 
collected as a part of the HBM4EU project. 

2. Materials and methods 

2.1. Sample information 

Three hundred urine samples were obtained from 12 to 17-year-old 
teenagers residing in the South Moravian region of Czechia, identified as 
the “CELSPAC: Teenagers cohort” (TAC) (Table 1). The CELSPAC: 
Teenagers study was approved by the Research Ethics Committee of 
Masaryk University, Czech Republic (Ref. No: EKV-2019-046, dated May 
27, 2019). Most urine was collected in 2019, between October and 
December; one urine sample was collected in January 2020. An addi-
tional 300 urine samples were obtained from participants from 18 to 37 
years of age, also from South Moravia, Czechia, identified as the “CEL-
SPAC: Young Adults cohort” (YAC) (Table 1). CELSPAC: Young Adults 
represents a follow-up study of longitudinal ELSPAC study in the Brno 
region of the Czech Republic (Piler et al., 2017) and follows ELSPAC 
children born in 1991 and 1992, their siblings, and spouses (the study is 
ongoing). The CELSPAC: Young Adults study was approved by the 
ELSPAC Ethics Committee (Ref. No: ELSPAC/EK/2/2019, dated March 
13, 2019). YAC urine samples were collected in 2019, between March 
and December. All urine samples from the TAC and YAC cohorts were 
spot samples. 

All study participants completed a questionnaire at the time of urine 
sample collection gathering information including age, gender, number 
of siblings, education and household income, time spent indoors and 
various parameters of the home environment, dietary information, 
smoking (active and passive), PCP usage and chronic illnesses. Details 
about the cohorts (age distribution, education and income, lifestyle 
variables) are given in the Supplementary Material, Figures S1-S5, 
Table S1. 

Urine was analysed for creatinine concentration as well as for spe-
cific gravity (SG) and a wide set of chemical biomarkers, including 
phthalates and DINCH (presented here), as well as bisphenols, hydrox-
ylated polycyclic aromatic hydrocarbons and metals (in preparation). 

2.2. Chemicals and reagents 

High purity (>97%) standards of 15 phthalate metabolites (MEP, 
MiBP, MBzP, MnBP, MCHP, MEHP (AccuStandard, USA), 5OH-MEHP, 
5oxo-MEHP, 5cx-MEPP, (Toronto Research Chemicals, Canada), 
MnOP, OH-MiNP, cx-MiNP, oxo-MiNP, OH-MiDP and oxo-MiDP (Cam-
bridge Isotope Laboratories, USA)), along with a creatinine standard 
solution, were purchased. OH-MINCH, cx-MINCH, OH-MINCH-d4 and 
cx-MINCH-d2 standards were provided by the Institute for Prevention 
and Occupational Medicine of the German Social Accident Insurance - 
Institute of the Ruhr-University Bochum (IPA, Germany). High purity 
(>98%) standards of 15 isotopically-labelled phthalate metabolites 
(MEP-13C4, MiBP-13C4, MBzP-13C4, MnBP–13C4, MCHP-13C4, 5OH- 
MEHP-13C4, 5oxo-MEHP-13C4, 5cx-MEPP-13C2, OH-MiNP-13C2, cx- 
MiNP-13C4, oxo-MiNP-13C2, OH-MiDP-13C2, oxo-MiDP-13C2, (Cambridge 
Isotope Laboratories, USA), MEHP-d4 and MnOP-d4 (Chiron, Norway)) 
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were purchased. 
The following chemicals were used: a solution of β-glucuronidase 

(E. coli, Type IX-A 1–5MU/g), acetic acid, ammonium fluoride, ammo-
nium acetate and Milli-Q water (Sigma-Aldrich, USA). The following 
solvents were purchased: acetonitrile and methanol for LC-MS (Biosolve 
Chimie, France), dimethylsulfoxide (DMSO, Sigma-Aldrich, USA). 

2.3. Sample preparation procedure 

Frozen aliquots were allowed to reach laboratory temperature, ho-
mogenized with a Wizard Advanced IR vortex mixer (Velp Scientifica, 
USA) and 500 μL of each sample were pipetted into a 96-well sample 
collection plate with 2 mL square wells (Waters, Prague). Then, 500 μL 
of a mixture containing β-glucuronidase solution (1000 units/mL) and 
isotopically-labelled standards (c = 10 ng/mL) in 0.1 M acetate buffer 
were added to the samples. The 96-well plate was covered with foil and 
samples were incubated using a sample concentrator (Miu Lab, China) 
for 120 min at 55 ◦C. After incubation, 50 μL of 1% acetic acid was 
added. Samples were then precleaned using 96-well plate SPE (Oasis 
HLB; 3 mL, 60 mg; Waters, Ireland), which was previously conditioned 
with 1 mL of methanol and activated with 0.1% acetic acid. Samples 
were passed through the SPE plate, then the wells were washed with 
0.1% acetic acid and dried using a Laboport vacuum pump (KNF, Ger-
many) for at least 30 s. Finally, the samples were eluted with 1.5 mL of 
acetone and collected into a new 96-well plate containing 10 μL of 
DMSO. After the clean-up step, samples were concentrated to 10 μL. 
Finally, 500 μL of 50% methanol were added, samples were covered 
with a foil, homogenized and kept in the fridge (4 ◦C) until analysis. 

2.4. Liquid chromatography-mass spectrometry (LC-MS) conditions 

The analytical method for phthalate metabolite determination was 
developed on the Agilent 1290 Infinity II HPLC system (Agilent Tech-
nologies, Germany) for separation. An Acquity UPLC BEH C18 (100 ×
2.1 mm, 1.7 μm, Waters, Czechia) was used as an analytical column. The 
mobile phases were A: 0.1 mM ammonium fluoride in Milli-Q water and 
B: 0.1 mM ammonium fluoride in methanol. The gradient elution was set 
up as follows: mobile phase A (10%) for 7 min, followed by an imme-
diate increase to 50% for the rest of the analysis. The injection volume 
was 5 μL and the flow rate was set to 250 μL/min. 

Agilent QQQ 6495 (Agilent Technologies, Germany) was used for 
analyte detection, with an electrospray ionisation (ESI) source, in 
negative mode. Optimal parameters for phthalate metabolites are shown 
in Table S2. The isotopic dilution method was used for data quantifi-
cation. A corresponding isotopically-labelled standard was used for each 
compound as the internal standard. MassHunter software was used to 
process the data from instrumental analysis. 

2.5. Specific gravity 

For the SG measurement, a “Pocket” Urine Specific Gravity Refrac-
tometer PAL-10 S (Atago, Japan) was used. First, 300 μl of Milli-Q water 
was pipetted to the refractometer to reach a value of 1.000. Then, the 

refractometer was wiped with a paper towel. The urine sample was 
vortexed and 300 μL were pipetted onto the refractometer. When the 
temperature stabilised, the value was deducted from the refractometer. 
The procedure was repeated for all the samples. 

2.6. Quality assurance/quality control (QA/QC) 

The methods used were developed and validated under the HBM4EU 
framework through the successful completion of four rounds of profi-
ciency testing (Esteban López et al., 2021). We report 10 phthalate and 2 
DINCH biomarkers that are quality assured under HBM4EU (both 
external and internal quality assurance) and 4 biomarkers under addi-
tional internal quality assurance. 

External quality assurance: For external quality assurance we partic-
ipated in all four rounds of the HBM4EU Proficiency testing (Esteban 
López et al., 2021) and received certificates for the following bio-
markers: MEP, MBzP, MiBP, MnBP, MEHP, 5OH-MEHP, 5oxo-MEHP, 
5cx-MEPP, OH-MiNP, cx-MiNP (Elbers and Mol, 2019a), OH-MINCH 
and cx-MINCH (Elbers and Mol, 2019b). 

Internal quality assurance: Procedural blanks were prepared with 
Milli-Q water, approximately one blank for every ten urine samples. The 
samples were blank subtracted based on the average mass of metabolite 
found in the blanks (Table S3). LODs were defined as three times the 
standard deviation of the blank samples (Table S3). A calibration curve 
was prepared in the range of 0.01–100 ng/mL, containing 10 concen-
tration points and showing linearity. QC samples were analysed 
approximately every ten samples. The average recoveries of QC samples 
ranged from 83 to 110% (except for MnBP with 124.1%) with RSD 
ranging from 5.1 to 16.5 (except for MEP and MnBP with 38.1 and 
40.5% respectively). 

2.7. Data adjustment 

SG adjustment was applied to urine samples, since creatinine 
correction has a higher dependence on age (Carrieri et al., 2000), time of 
urine sampling, sex, activity, diet (Miller et al., 2004), muscularity, BMI, 
disease status (Wang et al., 2015) and seasonal variations (Pearson et al., 
2009). Moreover, degradation studies suggest that after only 10 days, 
approximately 20% of creatinine is degraded via freezing (storage at 
− 20 ◦C), while SG is not (Schneider et al., 2002). Considering all this, SG 
correction was deemed to be the more reliable correction for the TAC 
and YAC samples. 

2.8. Data analysis 

For the correlation analyses, only values > LOD were used. For the 
rest of the statistical analyses, values below LOD were substituted with 
LOD/√2. Nonparametric Spearman’s correlation was used to determine 
the relationship among phthalate metabolites. To investigate seasonal 
variations, YAC samples were divided into two groups according to the 
sampling season. The cold season covered seven months from October to 
April, and the warm season covered five months from May to September. 
Basic statistical characteristics (detection frequency, median, minimal 

Table 1 
Profile of studied cohorts. YAC represents Young Adult cohort, TAC represents Teenage cohort, Nmis represents number of samples where we lack corresponding data 
from questionnaires.   

Young Adults (YAC) (n = 300) Teenagers (TAC) (n = 300) 

Median 10th90th Minmax Nmis Median 10th90th Minmax 

Age (years) 27 26–28 18–37  13 12–15 12–17 
Weight (kg) 72.6 56.5–92.5 47.3–117.3 2 Not collected 
Height (cm) 174.1 163.2–188.3 155.1–202.3 2 Not collected 
BMI (kg m− 2) 23.3 19.9–28.7 17.3–39.2 2 Not collected 
Gender female 155; 52% 124; 42% 

male 145; 48% 176; 58%  

P. Stuchlík Fǐserová et al.                                                                                                                                                                                                                     



Environmental Research 213 (2022) 113675

4

and maximal value with 5th and 95th percentiles) are shown in Table S4 
for YAC and in Table S5 for TAC. Table S6 refers to number of samples 
and medians for categories of the exposure determinants used for non- 
parametric testing. 

Linear regression was used to explore the relationship between 
phthalate metabolites and multiple exposure factors (gender, age, sea-
son of sample collection, time indoors, and sum of all PCP products 
used). Only metabolites with more than 75% of samples above the LOD 
for each cohort were used for regression analysis (MEP, MiBP, MBzP, 
MnBP, 5OH-MEHP, 5cx-MEPP, OH-MiNP). The regression analysis used 
gender and season as categorical predictors; age, time spent indoors, and 
sum of PCPs were used as continuous predictors. Use of individual PCPs 
could not be incorporated as predictors in the regression models, due to 
the small sample sizes in some groups stratified by e.g., cohort/age, 
gender and season. Metabolite concentrations were log-transformed, 
and outliers were excluded prior to analysis. The normal distribution 
of the residuals was checked by using histograms and the Kolmogorov- 
Smirnov test. Regressions for each exposure factor and metabolite were 
adjusted for other factors to explain the main effects of each factor. 
Another regression model for each metabolite was computed with all 
factors and their interactions to determine the maximum explained 
variability (coefficient of determination, R2) in phthalate concentrations 
by the given factors. Factor interactions were added to the model 
because we assume that one factor can influence the effect of another 
factor (e.g. indoors and season) on the dependent variable (phthalate 
metabolite concentrations). 

To supplement the key factors identified by the regression analysis, 
individual exposure factors were also examined, both individually, and 
stratified by age, season, and gender. The non-parametric Mann-Whit-
ney U test was used to test for differences in concentrations of phthalate 
metabolites with questionnaire parameters with two categories such as 
gender, season (cold vs. warm), smoking (YES/NO), redecoration and 
renovation made at home in the last two years (YES/NO), drinking 
beverages from plastic bottles (YES/NO) and for the use of some PCPs 
(Table S7). Tests were also performed for each combination of factors. 

Due to inhomogeneity of the variances and non-equal sample sizes in 
some categories of PCPs, nonparametric Kruskal-Wallis ANOVA was 
used to test for differences in concentrations of phthalate metabolites 
between multiple categories of frequencies of PCP use. To remove the 
influence of other factors, participants were first stratified by age (TAC 
vs YAC), gender, and season before testing of PCPs. For some frequencies 
of PCP use stratified by gender, age and season, the number of samples 
for testing was insufficient, due to the nature of the PCP use (e.g. eye 
make-up or nail polish is used mainly by women). The PCP use cate-
gories “never” and “sometimes” for shampoo and deodorant were 
combined because very few participants did not use these products at all. 
Tests were performed when the number of samples in each category was 
greater than 20 (Table S7) and only for metabolites with more than 75% 
samples above the LOD for each cohort (MEP, MiBP, MBzP, MnBP, 5OH- 
MEHP, 5cx-MEPP, OH-MiNP). 

Finally, two cluster analyses were completed as an explanatory 
technique for cumulative phthalate exposure and cumulative PCP use:  

i) First, Ward’s hierarchical clustering method with the squared 
Euclidean distance was used as an explanatory technique to create 
clusters of participants with similar phthalate exposure. Metabolite 
concentrations were log-transformed and standardized (z-score) 
prior to cluster analysis. The cluster analysis provides insight into the 
total cumulative exposure of all metabolites. Specifically, partici-
pants with similar concentrations of phthalate metabolites (e.g. 
participants with high/low levels of all metabolites) were clustered. 
Then it was determined how the exposure factors (age, gender, 
season, time spent indoors, PCPs) were distributed among these 
clusters. Differences in cumulative concentrations of LMW, HMW 
phthalate metabolites and DINCH between clusters were tested for 
by the Kruskal-Wallis ANOVA.  

ii) In the second case, cluster analysis was used to create clusters of 
participants with similar use of personal care products. Frequencies 
of use of individual PCPs were expressed as number of days per week 
and clustered using Ward’s hierarchical clustering method with the 
squared Euclidean distance. In contrast to the Kruskal-Wallis 
ANOVA, which tests differences for each PCP separately, the clus-
ter analysis shows the common use of all PCPs and complements the 
results from the regression analysis where individual PCPs and their 
interactions could not be included. This analysis was conducted for 
the YAC and TAC cohorts separately. The distribution of gender and 
season was determined for each cluster and differences in the con-
centrations of each metabolite in the clusters were tested using 
Kruskal-Wallis ANOVA. 

3. Results and discussion 

Twelve of the 17 targeted phthalate metabolites were broadly 
detected in TAC and YAC. The most frequently detected compounds 
were MEP, 5oxo-MEHP and 5cx-MEPP, detected in >99% of the YAC 
samples and in all TAC samples, and OH-MINP and 5OH-MEHP were 
often detected (>98%) in both cohorts. The detection frequencies, me-
dians, geometric means, and ranges are shown in Table 2. Other statis-
tical characteristics (minimum, maximum, 5th and 95th percentiles) for 
both cohorts are shown in Tables S4 and S5. 

In the YAC, the highest median concentration was found for MnBP, 
followed by MiBP and MEP (60.6; 52.6 and 17.6 μg/L, respectively). All 
DEHP metabolites, OH-MiNP, oxo-MiNP and OH-MINCH had medians 
between 1.34 and 7.92 μg/L, while the other metabolites were detected 
with median concentrations under 1.01 μg/L (Table 2). In the TAC, the 
highest median concentrations were also found for MnBP, followed by 
MEP and MiBP (45.5; 38.1 and 28.8 μg/L, respectively). MBzP, all DEHP 
metabolites, the secondary DiNP metabolites and OH-MINCH were 
detected with the medians in the range of 1.71–13.9 μg/L. Despite the 
use of DINCH as a replacement for DEHP in sensitive applications (Bui 
et al., 2016), the DINCH metabolites are detected at lower levels and 
with lower detection frequency than DEHP metabolites. The other me-
tabolites were detected in median concentrations below 1 μg/L 
(Table 2). MEP, MiBP, MnBP, MBzP, 5OH-MEHP, 5cx-MEPP, OH-MiNP, 
cx-MiNP, OH-MiDP and OH-MINCH (marked with a in Table 2) were 
selected as priority metabolites for further statistical analysis based on 
their appropriateness as biomarkers of the parent compounds and 
detection frequency. Correlations between individual phthalate metab-
olites were calculated to examine associations between specific phtha-
late metabolites and common sources. The strongest correlations were 
found between metabolites of the same parent compound (e.g., DEHP 
metabolites 5OH-MEHP, 5oxo-MEHP and 5cx-MEPP; and DINCH me-
tabolites OH-MINCH, cx-MINCH) (Figure S6). 

3.1. Determinants of phthalate exposure 

The regression analysis on all data (YAC + TAC, N = 600) for MiBP, 
MEP, MBzP, MnBP, 5cx-MEPP, 5OH-MEHP, OH-MINP show the con-
tributions of both individual factors and their interactions to metabolite 
concentration (Table S8a,b). 

Regression analysis highlighted the differences between exposures to 
low and high molecular weight phthalates. Gender, sampling season, 
and age were significant factors for HMW phthalate metabolites 5cx- 
MEPP, 5OH-MEHP, OH-MINP, with explained variability around 10%. 
The only significant interaction for HMW metabolites were gender and 
age for 5cx-MEPP, time indoors, and age for 5OH-MEHP and time in-
doors and season for OH-MINP, but these interactions did not signifi-
cantly increase R2 (Table S8). For the LMW phthalate metabolites MiBP, 
MEP, MBzP, the main significant factors were similar – gender and age – 
with an explained variability between 10% and 16%, but the significant 
interaction of age and gender with total PCP use increased the explained 
variability of MiBP and MEP to 18% and 25%, respectively. This 
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suggests the greater importance of PCPs use for LMW phthalate exposure 
(Table S8). We found no relationship between the factors and MnBP 
concentration. However, an important outcome of this is the limited 
explanatory power of these selected factors for phthalate exposure. 
Thus, the majority of the variance in phthalate metabolite levels remains 
unexplained by these factors. 

We evaluated the impact of key determinants in greater detail: age, 
season, gender, time indoors and PCP use on phthalate metabolite levels 
to identify key determinants of phthalate exposure in the teenager and 
young adult cohorts. 

3.1.1. Age 
A limited relationship between age as a continuous variable and 

HMW metabolites was observed (Table S8), but when age was treated as 
a categorical variable (YAC vs. TAC) a few clear differences were 
apparent (Fig. 1, Table S9). Notably, MiBP was significantly higher in 
YAC (p < 0.05), with median concentrations two times higher than in 
TAC. MnBP was also detected in higher concentrations (p < 0.1) in YAC 
(60.65 μg/L compared to 45.47 μg/L in TAC). On the other hand, sta-
tistically significant differences were found for MEP, MBzP and 5OH- 

MEHP with median concentrations approximately two times higher in 
TAC; and the rest of the secondary DEHP metabolites were also detected 
in higher concentrations in TAC (Table 2), but these differences were not 
statistically significant. These differences may be due to lifestyle dif-
ferences between teenagers and young adults, and are discussed further 
below. 

3.1.2. Season 
Analysis of the season of sample collection was stratified by cohort 

and gender, and only performed on the YAC, as all TAC samples were 
collected in the cold season. The results of the non-parametric tests 
showed that in YAC, statistically significant differences were found for 
5OH-MEHP and OH-MiNP with 20% and 100% higher concentrations, 
respectively, in urine samples collected in the warm season (p < 0.05), 
and concentrations of cx-MiNP were also 50% higher (p < 0.1) 
(Tables S6 and S9). This may indicate a link between levels of phthalates 
in the ambient environment and human exposures (Pilka et al., 2015). 
Phthalates are found in outdoor air in higher concentrations in warmer 
months (Pilka et al., 2015; Puklová et al., 2019), attributed to increases 
in both primary and secondary emissions at higher temperatures 

Table 2 
LODs, detection frequencies and median concentrations (μg/L, SG adjusted) with range (min-max) and geometric means of phthalate metabolites for both cohorts.   

YAC TAC 

Parent 
phthalate 

Phthalate 
metabolite 

LOD (μg/ 
L) 

Detection frequency 
(%) 

Median 
(minmax) 

Geo. 
Mean 

Detection frequency 
(%) 

Median 
(minmax) 

Geo. 
Mean 

DEP MEP a 0.20 99.0 17.5 (0.02–860) 22.0 100 38.1 (3.04–704) 42.2 
DiBP/DnBP MiBP a 0.07 99.6 52.6 (0.07–446) 64.0 97.3 28.8 (0.03–486) 26.1 
BzBP MBzP a 0.10 75.6 0.69 (0.10–25.3) 0.74 94.6 1.74 (0.07–112) 1.85 
DnBP/BzBP MnBP a 0.18 96.3 60.6 (0.18–664) 60.5 91.0 45.5 (0.08–303) 28.8 
DCHP MCHP 0.20 0 0.20 (0.20–0.20) 0.18 0.3 0.14 (0.08–1.07) 0.15 
DEHP MEHP 0.18 93.6 2.29 (0.18–40.1) 2.57 93.6 2.14 (0.11–63.6) 2.09 
DEHP 5OH-MEHP a 0.07 99.6 7.85 (0.07–150) 9.30 99.3 13.9 (0.03–679) 14.2 
DEHP 5oxo-MEHP 0.07 99.3 3.65 (0.07–113) 4.43 100 5.56 (1.33–74.5) 6.00 
DEHP 5cx-MEPP a 0.07 99.6 5.04 (0.07–108) 6.02 100 7.52 (1.74–128) 8.32 
DnOP MnOP 0.20 0.3 0.20 (0.20–2.95) 0.18 3.3 0.14 (0.08–6.63) 0.16 
DiNP OH-MiNP a 0.30 98.3 7.92 (0.30–1649) 11.1 98.3 11.4 (0.16–169) 12.1 
DiNP cx-MiNP a 0.20 49.6 0.20 (0.20–105) 0.48 100 5.34 (0.96–503) 6.19 
DiNP oxo-MiNP 0.20 92.0 1.99 (0.20–111) 2.59 97.3 2.75 (0.16–228) 3.01 
DiDP OH-MiDP a 0.20 31.6 0.20 (0.20–102) 0.37 52.3 0.55 (0.09–13.4) 0.48 
DiDP oxo-MiDP 0.10 41.6 0.10 (0.10–60.4) 0.26 55.0 0.39 (0.05–14.2) 0.30 
DINCH OH-MINCH a 0.30 61.3 1.34 (0.30–952) 1.67 75.0 1.71 (0.15–494) 1.76 
DINCH cx-MINCH 0.25 39.6 0.25 (0.25–277) 0.74 51.0 0.76 (0.10–204) 0.80  

a Indicates a metabolite was selected as priority biomarker for further analysis. 

Fig. 1. Median concentration of phthalate metabolites in both cohorts. M represents males, F represents females.  
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(Vasiljevic et al., 2021). Higher emissions, and resulting higher envi-
ronmental concentrations suggest the potential for greater human 
exposure in warm seasons, reflected in urinary metabolites (Puklová 
et al., 2019). 

3.1.3. Gender 
The results of the non-parametric tests show statistically significant 

gender differences in three phthalate metabolites (MEP, 5oxo-MEHP and 
5cx-MEPP; Figure S7) in YAC, and no gender differences for any 
metabolite in TAC (Table S9). There are greater gender differences in 
lifestyles in the YAC cohort compared to the TAC: teenagers typically 
spend weekdays in the same location (school) regardless of gender, 
while there is greater differentiation in adult occupations by gender, and 
PCP use in teenagers is similar across males and females, but differs 
significantly by gender for young adults (Figures S4 and S5). 

In YAC, MEP had significantly higher concentrations in females, and 
this difference was more significant in the cold season (p < 0.05 in cold 
season, p < 0.1 in whole year) (Table S9). Two DEHP metabolites (5oxo- 
MEHP and 5cx-MEPP) also showed significantly higher concentrations 
in females (Table S9). Gender-dependent differences in oxidative DEHP 
metabolism have been identified (Tait et al., 2020), which could lead to 
differences between male and female concentrations of urinary metab-
olites (Koch et al., 2017). Higher MEP levels in women have been noted 
in other studies (Runkel et al., 2020; Wormuth et al., 2006) attributed to 
gender differences in PCP use. This suggests an association between 
higher MEP levels and frequency and amount of PCP use, which the 
gender differences are indirectly indicating. 

3.2. Lifestyle determinants of phthalates exposure 

The seasonal and gender-related differences, while in some part 
attributable to differences in environmental levels and physiological 
factors, are largely due to the lifestyle differences that manifest across 
seasons and between different populations. The key lifestyle aspects 
which are hypothesized to be related to phthalate exposure are time 
spent indoors, indoor activities such as cleaning, use of personal care 
products containing phthalates, and diet. We examined the individual 
influence of individual exposure determinants, excluding diet, as well as 
possible combined effects. Diet was excluded because we had limited 
information on dietary patterns that would be directly relevant to 
phthalate exposure. We only examined a link between phthalate 
metabolite levels and frequency of drinking from plastic bottles, and for 
this variable no relationships were found. 

3.2.1. Exposures via the indoor environment 
When comparing urinary metabolite concentrations with self- 

reported time spent indoors, we did not find a statistically significant 
relationship between the time spent indoors and individual phthalate 
metabolite for either YAC or TAC. Higher MEP, MBzP, 5oxo-MEHP, 
5OH-MEHP, 5cx-MEPP, OH-MiNP and cx-MiNP concentrations were 
observed in TAC samples, indicating higher exposures to DEP, DEHP and 
DiNP. This may be related to longer times spent indoors by teenagers 
(with a median of 14 h, compared to 12 h for YAC, Figure S3). Moreover, 
this is similar to the effect of inclusion of time spent indoors in the 
regression model, where interaction of time spent indoors with age for 
5OH-MEHP and with season for OH-MINP was statistically significant 
but did not lead to a significant increase in explained variability 
(Table S8). Urinary levels of MBzP and MEP have been positively 
correlated with indoor levels of BzBP and DEP in several previous 
studies, suggesting exposure via indoor air and dust as important routes 
of exposure to these phthalates (Adibi et al., 2008; Bekö et al., 2013; 
Langer et al., 2014); however, we note that these studies did not identify 
indoor sources as important for HMW phthalates. 

No statistically significant differences were found between any me-
tabolites and renovations/redecorations done in the past 2 years. 

3.2.2. Exposures via PCP use 
Participants reported frequency of PCP use per week in the four 

weeks prior to sample collection. The specific PCPs identified in ques-
tionnaires were shampoo, scented products (deodorants and perfumes), 
lotions, nail polish, make-up/foundation creams, lip balms and eye 
make-up. We tested differences in phthalate metabolite concentrations 
for different frequencies separately stratified by age (YAC vs TAC), 
gender and season to remove the influence of these factors. In TAC, we 
found statistically significantly higher levels of MEP for both genders in 
participants reporting using deodorant compared with those “never” or 
“once a week“ using them (Table S7), as well as an increasing trend with 
increasing frequency of use (Fig. 2), which agrees with reports of high 
levels of DEP in perfumes (Guo and Kannan, 2013) and a previous study 
comparing urinary metabolites with PCP use (Nassan et al., 2017). In the 
YAC cohort, no differences in MEP concentrations were found when 
scented products were used because there is likely overlap with the use 
of other PCPs (see below). 

Associations with nail polish use were observed in YAC in both the 
stratified and overall analyses. Women reporting use of nail polish had 
statistically significant higher levels of 5cx-MEPP and OH-MINP in the 
cold season than those reporting no use (Table S7), and when including 
all YAC (male and female), participants reporting “never” using nail 
polish had lower levels of 5cx-MEPP compared with those using nail 
polish four to six times per week (Figure S8). However, due to the low 
number of participants who used nail polish at a high frequency (7 times 
per week, n = 3), the significance of the highest use category could not 
be statistically tested. Nail polish use presents a documented pathway 
for dermal uptake of chemicals, as noted by Mendelsohn et al. (2016), 
and while exposure to DEHP is not typically associated with PCP use, 
some nail polishes have been also identified to contain DEHP (Guo and 
Kannan, 2013; Young et al., 2018). Moreover, nail polish is a long-term 
PCP exposure route, as nail polishes typically stay on the nails for days to 
weeks, meaning that the spot samples collected for this study may better 
capture this exposure source, in contrast to rinse-off PCP products. In the 
TAC cohort, no difference was observed in females who reported use vs. 
no use of nail polish (Table S7), likely because almost all participants 
used nail polish with a very low frequency (Figure S5A). 

While the analysis comparing the use of individual products was able 
to identify some relationships (notably with deodorant and nail polish 
use), many of the product categories represent relatively small potential 
exposures (e.g., lip balm, eye shadow), which independently may not 
lead to substantial increases in phthalate exposures. Moreover, we do 
not know which brands of products were used by study participants, and 
there may be high variability in the phthalate content of products on the 
market, e.g., only some nail polishes contain phthalates (Guo and 
Kannan, 2013; Young et al., 2018). However, we hypothesized that by 
clustering the study participants according to patterns of PCP use, we 
could discern the influence of overall PCP use on human exposure to 

Fig. 2. Difference in MEP concentration for different frequency (times per 
week) of deodorant use in the TAC cohort (teenagers). 
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phthalates. Regression analysis shows that added interaction with the 
total PCP use increased the explained variability of MEP concentrations 
by 9%. In the case of TAC, the clusters do not provide any additional 
insight into PCP use patterns, mainly due to the similarity of behaviour 
among teenagers and low use of make-up products. However, for YAC, 
clear patterns of PCP use and associated exposures are visible 
(Figure S9). YAC data were separated into seven clusters according to 
PCP use, with cluster A associated with the least overall PCP use, and 
cluster D-G associated with frequent PCP use across most categories. 
Clusters A, B, and C were dominated by use of only shampoo and scented 
products, and included mainly male subjects, while clusters D-G 
included mainly female subjects and had notably higher uses of addi-
tional PCPs like lotion and decorative cosmetic products. This pattern of 
higher overall use of PCPs, mainly decorative cosmetic products, is 
connected with higher urinary concentrations of MEP (Figure S9) and 
presents a possible explanation for the higher levels of MEP noted in 
females (Table S7). However, there is no statistically significant differ-
ence in MEP concentrations between clusters, mainly due to the high 
variance in concentrations. 

3.2.3. Patterns in overall phthalate exposure 
In view of the complex factors leading to phthalate exposures, we 

combined all phthalate metabolite data (YAC + TAC, N = 600) to 
evaluate the overall pattern of phthalate metabolites and exposure de-
terminants. We hypothesize that the cumulative effect of different life-
styles and behaviours drives phthalate exposures, rather than individual 
products or activities. 

Cluster analysis was selected as an additional multivariate technique 
to provide insight into patterns of exposure and exposure determinants. 
Cluster analysis was used to group participants who had similar 
metabolite concentrations from the lowest (A) to the highest (H) 

according to the median metabolite concentrations in the cluster 
(Fig. 3). These clusters had significant differences in metabolites asso-
ciated with LMW phthalates, HMW phthalates and DINCH, with Cluster 
H notably higher in HMW phthalate and DINCH metabolites, and Cluster 
G having substantially higher levels of LMW phthalate metabolites 
(Figure S10; Table S10). The lifestyle variables associated with each 
cluster were then summarized. However, it is important to note that it is 
not possible to strictly divide phthalate metabolites according to their 
source, in this case, either from PCPs or from building materials/indoor 
products. We note that the cluster with the highest phthalate metabolite 
levels (Cluster H in Fig. 3) contains mainly cold season samples from 
men with an average age of 19 years with high PCP use, especially of 
products like shampoo and lotion which have larger application quan-
tities, and among the highest time spent indoors. Additionally, this is the 
only cluster where a higher concentration of the alternative plasticizer 
metabolite was observed: Cluster H has a much higher contribution of 
OH-MINCH to the total plasticizer metabolites than any other cluster. 
Use of DINCH as a DEHP and DINP replacement is primarily in sensitive 
applications such as food contact materials, medical devices and toys 
(Bui et al., 2016). The reasons for the predominance of OH-MINCH in 
Cluster H are not fully clear; it may be due to behaviours associated with 
increased time indoors, as well as food consumption habits which were 
not well captured by the determinants of exposures available. 

In contrast, a low exposure cluster (Cluster C) has low use of the PCPs 
with large application quantities, and the lowest time spent indoors. 
Similarly, clusters C and E, where participants declare lower time spent 
indoors, have smaller contributions of HMW phthalate metabolites. 
Additionally, clusters A and B have low levels and were largely all 
collected in cold seasons, which corresponds with the identification of 
low environmental levels and resulting low exposures during colder 
months. In some cases, the relation between the metabolite levels and 

Fig. 3. Cluster analysis of metabolite concentrations 
in relation to lifestyle factors relating to phthalate 
exposure. For the metabolites, median concentrations 
in μg/L are given for each cluster. LMW metabolites 
which are often connected with PCP use are shown in 
tones of purple and green, HMW metabolites which 
are often considered “indoor exposure” biomarkers 
from consumer products and building materials are 
shown in tones of red and pink. Alternative plasti-
cizers metabolites are shown in tones of grey. For 
lifestyle factors, the values indicate average PCP 
weekly use frequency (two-level scale – more 
frequently used in tones of purple, less frequently used 
in tones of pink), average hours per day spent indoors, 
and average age. (For interpretation of the references 
to colour in this figure legend, the reader is referred to 
the Web version of this article.)   
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the lifestyle factors is unclear, e.g., phthalate metabolites are high in 
cluster G, but that cluster has relatively low median use of PCPs, and low 
time spent indoors. 

The results of our cluster analysis support our hypothesis that 
phthalate metabolite concentrations relate to a combination of separate 
lifestyle factors affecting phthalate exposure, rather than one dominant 
exposure source. Some part of this disconnect may be because we are 
omitting a major phthalate exposure pathway: dietary ingestion. We 
tested whether there was a relationship between phthalate metabolites 
and consumption of drinks in plastic bottles, and found no relationship, 
but beyond this, no factors related to dietary exposure were tested. 
However, dietary ingestion is known to be important for many phtha-
lates, particularly the HMW phthalates (Giovanoulis et al., 2018; Wor-
muth et al., 2006). Nevertheless, cluster analysis presents a useful 
technique to profile the complexity of exposure factors and in-
terrelations between variables such as age, gender, and season with PCP 
use and behaviours. 

3.3. Comparison with other studies 

We compared the median urinary concentrations of phthalates in 
teenagers and young adults in our study with values reported in the 
literature for these age groups. Specifically, median phthalate metabo-
lite concentrations from our study were compared with data from Ger-
many (GerES V study, 2015–2017) (Schwedler et al., 2020a, 2020b), 
Canada (Canadian Health Measures Survey, cycle 5, 2016–2017) 
(Health Canada, 2019) and USA (NHANES, 2015–2016) (CDC, 2019). 

Marked differences between countries were found for MnBP and 
MiBP concentrations, which were around 5–6 times higher in young 
adults in our study than the values reported in adults from Canada and 
USA. In teenagers, median MnBP and MiBP concentrations were also 
generally higher in our study than the values reported in Canada, USA, 
and Germany (Fig. 4, Table S11). However, data from other studies from 
Czechia (Puklová et al., 2019) or other European countries (Slovakia 
(Pilka et al., 2015) and Denmark (Søeborg et al., 2012)) show median 
MnBP and MiBP concentrations more similar to those from Czechia than 
to those from North America (Frederiksen et al., 2010). OH-MiNP con-
centrations in young adults and teenagers in our study were around 15 
times higher than the values reported for the same age groups in Canada, 
with smaller differences (2-fold) in OH-MiNP levels between Czech and 
German teenagers. Conversely, the median MBzP concentration in 
Czech young adults was around 5–6 times lower than values reported for 
this metabolite in Canada and the USA. DINCH metabolites are reported 

in all regions at similar levels. 
With the general similarities in development, climate and lifestyles 

between Europe and North America, we attribute the differences in 
specific metabolites to differences in food composition; in Europe, the 
major sources of DEHP, DBP, DiBP and BzBP in adults is food or diet in 
general (Wormuth et al., 2006). Moreover, differences in PCP use, 
chemical legislation and building practices between North America and 
the EU, as well as within the EU, can also lead to differences in phtha-
lates exposure of the general population between countries (Runkel 
et al., 2020). Some smaller contribution may come from differences in 
the identified cohort populations, e.g., teenagers are defined as 11–17 
years old in Czechia, 14–17 years old in Germany, and 12–19 years old 
in Canada and USA. 

3.4. Study limitations 

Samples for both cohorts were taken in different seasons. In some 
cases, there are indications that self-reported data may not be correct, e. 
g., implausible time spent indoors. A few participants declared an 
average time spent indoors less than 8 h (sleep included), which seems, 
particularly in the case of teenagers in cold/winter months, not prob-
able. Therefore, these values were excluded from the statistical analysis. 
Moreover, questionnaires asked about products used in the previous 
four weeks, which may not correspond directly to metabolites detected 
in urine samples. Diet was excluded because we had limited information 
on dietary patterns that would be directly relevant to phthalate expo-
sure. Another limitation is that urine samples were spot samples 
collected at different times of day, with insufficient information about 
the timing of sample collection to allow further grouping. Values of SG 
were measured after one freeze-thaw cycle; the ideal measurement 
would be on fresh urine samples (Pearson et al., 2009). Additionally, we 
cannot distinguish the origin of some metabolites, particularly if the 
parent phthalate is DiDP or DPHP (Gries et al., 2012; Koch et al., 2017). 

4. Conclusions 

We identified widespread exposure to phthalate esters in the Czech 
population based on the quantification of phthalate metabolites in spot 
urine samples from teenagers and young adults. While some relation-
ships were identified between individual exposure determinants (use of 
certain PCPs, season, gender) and specific phthalate metabolites, in 
general, the individual factors did not show a strong relationship with 
phthalate metabolites. We hypothesize that phthalate exposures relate 

Fig. 4. Comparison of urinary concentrations of phthalate metabolites in teenagers and young adults from Czechia, Germany, Canada and USA, logarithmic scale.  
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to a combination of separate lifestyle factors, rather than one dominant 
exposure source. We tested this through cluster analyses, identifying the 
profiles of study participants with higher levels of phthalate metabolites. 
Participants who spent more time indoors, particularly noticeable dur-
ing colder months, had higher levels of HMW phthalate metabolites, 
whereas participants with higher PCP use, particularly women, tended 
to have higher concentrations of LMW phthalate metabolites. We 
conclude that while phthalate exposure is ubiquitous, it is also very 
variable, according to age, gender, time spent indoors, food, and lifestyle 
in general. 
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Kohoutek – Methodology, Formal analysis; Petra Přibylová; – Re-
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Writing – review & editing; Argelia Castaño – Supervision, Validation, 
Writing – review & editing; Jana Klánová; – Resources, Funding 
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P. Stuchlík Fǐserová et al.                                                                                                                                                                                                                     

https://doi.org/10.3390/ijerph17186811
https://doi.org/10.3390/ijerph17186811
https://doi.org/10.1016/j.envint.2019.105103
https://doi.org/10.1016/j.envint.2019.105103
https://doi.org/10.1111/j.1365-2605.2007.00841.x
https://doi.org/10.1111/j.1365-2605.2007.00841.x
https://doi.org/10.1016/j.ijheh.2019.07.011
https://doi.org/10.1016/j.envint.2016.09.013
https://doi.org/10.1016/j.envint.2016.09.013
https://doi.org/10.1039/9781849733373-00179
https://doi.org/10.1098/rstb.2008.0208
https://doi.org/10.1098/rstb.2008.0208
https://doi.org/10.1016/j.ijheh.2016.11.003
https://doi.org/10.1007/s00204-012-0990-4
https://doi.org/10.1007/s00204-012-0990-4
https://doi.org/10.1016/j.envres.2019.05.023
https://doi.org/10.1016/j.envres.2019.05.023
https://doi.org/10.1016/j.ijheh.2013.03.014
https://doi.org/10.1016/j.ijheh.2021.113780
https://doi.org/10.1016/j.envint.2019.105102
https://doi.org/10.1038/jes.2016.48
https://doi.org/10.1038/jes.2016.48
https://doi.org/10.1016/j.envres.2018.05.008
https://doi.org/10.1016/j.envres.2018.05.008
https://doi.org/10.1016/j.envint.2015.10.005
https://doi.org/10.1373/clinchem.2004.032292
https://doi.org/10.1373/clinchem.2004.032292
https://doi.org/10.1289/EHP1374
https://doi.org/10.1038/jes.2008.48
https://doi.org/10.1093/ije/dyw091
https://doi.org/10.1007/s11356-014-3385-7
https://doi.org/10.1007/s11356-014-3385-7
https://doi.org/10.1007/s00244-019-00645-6
https://doi.org/10.1007/s00244-019-00645-6
http://refhub.elsevier.com/S0013-9351(22)01002-7/sref47
http://refhub.elsevier.com/S0013-9351(22)01002-7/sref47
https://doi.org/10.1016/j.envres.2020.109548
https://doi.org/10.1016/j.envres.2020.109548
https://doi.org/10.1016/S0009-8981(02)00209-7
https://doi.org/10.1007/s00204-016-1688-9
https://doi.org/10.1007/s00204-016-1688-9
https://doi.org/10.1016/j.ijheh.2019.09.004
https://doi.org/10.1016/j.ijheh.2019.113444
https://doi.org/10.1016/j.ijheh.2019.113444
https://doi.org/10.2903/j.efsa.2019.5838
https://doi.org/10.1007/s00204-003-0486-3
https://doi.org/10.1111/j.1365-2605.2011.01240.x
https://doi.org/10.1111/j.1365-2605.2011.01240.x
https://doi.org/10.1016/j.envres.2020.109428
http://refhub.elsevier.com/S0013-9351(22)01002-7/sref57
http://refhub.elsevier.com/S0013-9351(22)01002-7/sref57
http://refhub.elsevier.com/S0013-9351(22)01002-7/sref57
https://doi.org/10.1016/j.apr.2020.10.019
https://doi.org/10.1007/s00431-015-2558-9
https://doi.org/10.1007/s00431-015-2558-9
https://doi.org/10.3390/TOXICS7020021
https://doi.org/10.1002/9781118346747.ch1
https://doi.org/10.1002/mnfr.201000121
https://doi.org/10.1111/j.1539-6924.2006.00770.x
https://doi.org/10.1021/acs.est.8b04495
https://doi.org/10.1021/acs.est.8b04495


 

Schyff, Veronica van der, Lenka Suchánková, Katerina Kademoglou, Lisa Melymuk, and Jana 

Klánová. 2022. "Parabens and Antimicrobial Compounds in Conventional and 'Green' 

Personal Care Products." Chemosphere 297: 1-8. 

https://doi.org/10.1016/j.Chemosphere.2022.134019 

 

https://doi.org/10.1016/j.Chemosphere.2022.134019


Chemosphere 297 (2022) 134019

Available online 17 February 2022
0045-6535/© 2022 The Authors. Published by Elsevier Ltd. This is an open access article under the CC BY license (http://creativecommons.org/licenses/by/4.0/).

Parabens and antimicrobial compounds in conventional and “green” 
personal care products 
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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• Parabens and antimicrobials were 
detected in 83% of personal care 
products. 

• No difference in paraben levels between 
green and conventional products. 

• Methylparaben was typically present at 
the highest concentrations. 

• Estimated exclusive use of green cos-
metics lowered cumulative paraben 
exposure.  
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A B S T R A C T   

The personal care product (PCP) industry is a worldwide multi-billion-dollar industry. Several synthetic com-
pounds like parabens and antimicrobial agents triclosan (TCS) and triclocarban (TCC) are ingredients in many 
PCPs. Due to growing public awareness of potential risks associated with parabens and other synthetic com-
pounds, more PCPs are being marketed as “green,” “alternative,” or “natural.” We analyzed 19 green and 34 
conventional PCP products obtained from a European store for seven parabens, TCC, and TCS. We found no 
statistically significant difference in the concentrations between green and conventional products. Only four 
products mentioned parabens in the list of ingredients; however, parabens were detected in 43 products, and at 
μg/g levels in seven PCPs. Methylparaben was typically present at the highest concentration, and one mascara 
exceeded the European legal concentration limit of methylparaben. Low concentrations of isopropyl-, isobutyl-, 
and benzylparabens, which are banned in the EU, were detected in 70% of PCPs. The cumulative estimated daily 
intake of parabens is an order of magnitude higher for people using only conventional products than those using 
green products exclusively. We propose that legislation be developed with more explicit rules on when a product 
can be advertised as “green” to aid consumers’ choices.   
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1. Introduction 

Personal care products (PCPs) have been used since ancient times for 
cosmetic and hygienic purposes. The global value of PCPs is estimated to 
reach $716.6 billion by 2025 (Grand View Research, 2018). Consumer 
awareness of potentially hazardous compounds in PCPs has increased 
(Zollo et al., 2021). As a result, global market demand for products that 
promote wellness, healthy aging, and environmental safety has also 
increased (Ghazali et al., 2017). Certain PCPs are advertised as “green” 
products, supposedly containing fewer and less harmful synthetic 
compounds than conventional products. By using these products, con-
sumers are allegedly exposed to fewer harmful compounds (Harley 
et al., 2016). The most effective way for manufacturers to communicate 
the green status to potential consumers is by indicating it on the label. 
Words like “natural,” “organic,” or “without artificial preservatives” are 
used on product labels to persuade buyers to purchase the product. 
However, these terms are largely unregulated, with few parameters and 
no standardization (Dodson et al., 2012; Rubin and Brod, 2019). While 
some producers are truthful, others have employed green labels as a 
marketing strategy without significantly reducing the concentrations of 
harmful compounds in their products (Jog and Singhal, 2019). This 
strategy is known as “greenwashing” (Urbański & ul Haque, 2020). One 
group of compounds that are often prioritized for elimination or 
reduction in green products are parabens. 

Parabens, esters of p-hydroxybenzoic acid, are low-cost, broad- 
spectrum antimicrobial, and antiseptic preservatives (Guo and Kannan, 
2013; Li et al., 2021). They have been used widely in PCPs since the 
1920s (Ana and Paula, 2016). Although parabens typically have short 
half-lives and rapid excretion rates in mammalian systems (Janjua et al., 
2007), they have been quantified in human bodily fluids such urine, 
breast milk, and plasma in ng/ml concentration levels (Honda et al., 
2018; Dualde et al., 2020; Sosvorova et al., 2017). The continuous 
presence of parabens in various bodily fluids suggests that these com-
pounds are pseudo-persistent in the human body. Studies have found 
that the most prevalent route of human exposure to parabens is dermal 
exposure (Guo and Kannan, 2013; Liao et al., 2013). Parabens are 
known endocrine disrupting compounds with androgenic and estrogenic 
effects on humans (Darbre and Harvey, 2008). Long-chained parabens, 
such as butylparaben (BuP) and propylparaben (PrP), have higher 
endocrine disruptive potency than short-chained compounds such as 
methylparaben (MeP) and ethylparaben (EtP) (Oishi, 2001). Parabens 
with a branched structure, such as isobutyl- and isopropylparabens 
(iso-BuP and iso-PrP), are the most estrogenic paraben congeners 
(Darbre et al., 2002, 2003). Studies have linked topical application of 
PCPs containing parabens with the onset of breast cancer, obesity, 
gestational diabetes mellitus, and reduced sperm quality (Anderson, 
1995; Darbre et al., 2004; Kolatorova et al., 2018; Li et al., 2019). 
Therefore, the European Union (EU) limited short-chained parabens to 
0.4% w/w of a total product and long-chained parabens to 0.19% w/w 
in PCPs (Commission regulation (EU) no. 1004/2014). Isopropyl-, iso-
butyl-, phenyl-, benzyl-, and pentylparabens have been banned from use 
in PCPs in Europe since 2014 (Commission regulation (EU) no. 
1004/2014)). 

Triclosan (TCS) and triclocarban (TCC) are also popular additives to 
PCP formulations, particularly to products that hold antimicrobial and 
antibacterial properties (Nowak et al., 2021). TCC and TCS are known to 
suppress thyroid hormone production in rats and are bioaccumulative 
and persistent in the environment (Halden et al., 2017). More than 200 
scientists and medical experts have signed the Florence Statement on 
Triclosan and Triclocarban in 2016, stating that potential health and 
environmental hazards caused by these compounds outweigh their 
benefits thereof (Halden et al., 2017). 

The endocrine disrupting properties of PCP compounds such as 
parabens and TCS have been receiving increased attention. They are 
among the compounds included in the target list of several projects of 
the Horizon 2020 European Cluster to Improve Identification of 

Endocrine Disruptors (EURION cluster: https://eurion-cluster.eu/). 
Their possible associations with metabolic diseases (Kolatorova et al., 
2018; Han et al., 2021; Reimann et al., 2021), for instance, have 
received attention in the OBERON project; a collaborative 
inter-European research project examining the exposures and effects of 
endocrine disrupting chemicals associated with metabolic disorders 
(https://oberon-4eu.com/). To support the understanding of adverse 
health effects of these compounds, current knowledge on human expo-
sures is needed, incorporating current levels of chemical use in products 
as well as the consumer trends driving exposures. 

The definition of a “cosmetic product” is made on a case-by-case 
assessment, but all products used in this study are accepted as cos-
metics by Regulation (EC) no. 1223/2009 of the European Parliament 
and of the Council (Regulation (EC) no. 1223/2009). However, 
following the accepted scientific terminology, we will refer to the 
products as “personal care products” throughout the manuscript. 

This study compares the concentrations of parabens and antimicro-
bial agents in PCP products marketed as a) green products and b) con-
ventional PCPs purchased from a popular European retail store. We 
hypothesize that green products contain lower concentrations of para-
bens and other antimicrobial compounds than conventional products. 
We also present a determination of cumulative estimated daily intake 
(EDI) of parabens that consumers may be exposed to by using multiple 
green and conventional products. 

2. Materials and methods 

2.1. Sample collection 

Fifty-three individual PCPs were purchased from a popular drug 
store (part of a multinational chain) in Brno, Czech Republic, in August 
2019 (Table 1). All items are commonly used types of PCPs according to 
product use surveys (Wu et al., 2010). For the sake of anonymity, the 
store and products are not mentioned by name or brand. Green-labeled 
brands were identified by one of the specific marketing terms (Table 2) 
printed on the product packaging. After purchasing, all products were 
stored at room temperature until sample preparation. Samples were 
opened directly before sample processing. 

No permits or ethical requirements were necessary to collect or 
analyze the samples. 

2.2. Extraction and cleanup 

Depending on the sample matrix, two different extraction methods 
were used due to the inherent variability in the composition of different 
PCPs. Liquid and semi-liquid products that were expected to contain 
low-lipid content, namely nail polish, liquid deodorant, micellar water, 

Table 1 
Classification and number of PCPs used for analyses.  

Product Type Green products Conventional products 

Shampoo Rinse-off 3 3 
Conditioner Rinse-off 2 2 
Sunscreen Leave-on 1 3 
Toothpaste Rinse-off 1 3 
Shower gel Rinse-off 3 3 
Hand soap Rinse-off 0 2 
Hand cream Leave-on 1 2 
Face cream Leave-on 0 2 
Body lotion Leave-on 2 1 
Lipstick Leave-on 1 3 
Deodorant Leave-on 2 2 
Face wash Rinse-off 1 2 
Micellar water Rinse-off 0 1 
Nail polish Leave-on 0 4 
Mascara Leave-on 1 2  

TOTAL 18 35  

V. van der Schyff et al.                                                                                                                                                                                                                        
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and mascara, were analyzed using an adaptation of a sample preparation 
method described by Young et al. (2018). The original extraction 
method used by Young et al. (2018) consisted of liquid-liquid extraction 
of phthalates and organophosphates with methanol and acetone:ethyl 
acetate (1:1 v/v); we optimized it for our purposes to liquid-liquid 
extraction only with methanol. Samples that were highly viscous, 
solid, or semi-solid matrix and a medium to high-lipid content were 
prepared for analyses using a modified quick, easy, cheap, effective, 
rugged, and safe (QuEChERS) method. All samples and blanks were 
spiked with 100 μl of internal standard (IS; Supplementary Table S1) mix 
containing 13C12- mass-labeled parabens (1 μg/ml) and with 100 μl of 
mass-labeled triclosan-13C12 (1 μg/ml in isooctane) prior to extraction. 
A complete summary of both extraction methods is presented in the 
Supplementary Material. 

Before instrumental analysis, samples were diluted with methanol to 
ensure the levels were within the calibration curve range. Low-lipid 
samples were diluted at 1:2; medium-lipid and turbid samples were 
diluted at 1:10, and high-lipid samples were diluted at 1:20. Although 
nail polish and mascara were considered low-lipid products, some 
samples exhibited turbidity until the end of the extraction and cleanup 
phase and were also diluted at 1:20. 

2.3. Instrumental analyses 

Samples were quantified for seven parabens (MeP, EtP, PrP, iso-PrP, 
BuP, iso-BuP, and BenzylP) and two antimicrobials (TCS and TCC). 
Analysis was conducted on a liquid chromatograph (Agilent 1290 In-
finity II; Santa Clara, CA, USA) equipped with a vacuum degasser, binary 
pump, autosampler and column thermostat coupled to a mass spec-
trometer (ESI/QqQ Triple Quad 610; Santa Clara, CA, USA), and using 
Mass Hunter software. A Phenomenex Synergi Fusion C-18 end-capped 
(3 μm) 100 × 2.1 mm i.d. column was equipped with a Phenomenex 
SecureGuard C18 guard column (Phenomenex, Torrance, CA, USA). The 
mobile phase consisted of 5 mM ammonium acetate in water (A) and 5 
mM ammonium acetate in methanol (B). The binary pump gradient 
increased from 30% to 40% B at 3 min, 50% B at 10 min, and finally to 
100% B at 13 min, holding to 35 min, with 1 min column equilibration at 
initial conditions (30% B) with a flow rate of 0.12 mL/min 10 μL of the 
individual sample was injected for the analyses. Compounds were 
ionized with electrospray ionization. Ions were detected in the negative 
mode, and the ionization parameters were as follows: gas temperature 
280 ◦C, gas flow 10 l/min, nebulizer 45 psi, capillary voltage 3.5 kV. 
Masses were quantified according to the relative response of corre-
sponding internal standards. 

2.4. Quality assurance and quality control 

The analytical method was evaluated using replicates of six samples: 
a methanol solvent as a non-matrix blank sample, and matrix-spiked 
shampoo and face cream to evaluate the QuEChERS method, and a 
methanol solvent, and matrix-spiked mascara and face cream to eval-
uate the Young et al. (2018) extraction method. The spike-recovery 
samples were fortified at two levels (spike low and spike high) with 
native standards (Table S2) and analyzed as per the PCP samples. The 
relative recoveries for the native standards in the non-matrix spiked 

blanks were average 100% (range 92–115%) for parabens and 89% 
(64–112%) for TCS and TCC (Supplemental Figure S1). The low con-
centration matrix spiked sample recoveries were average 140% (range 
83–406%) for parabens, and 126% (90–225%) for TCS and TCC, with 
the high recoveries from the spiked mascara sample (Figure S2). The 
high concentration matrix spiked sample recoveries were average 109% 
(range 95–138%) for parabens and 98% (73–139%) for TCS and TCC 
(Supplemental Figure S2). 

Instrument calibration curves ranged from 0.1 ng/ml – 250 ng/ml 
with R2 > 0.99 for all compounds. The researchers conducting labora-
tory analyses did not use any PCPs on the days that analyses or extrac-
tions were performed to limit external contamination and procedural 
blanks, consisting of methanol solvents spiked with IS were used to track 
contamination throughout the laboratory analyses. Two blanks were 
prepared for each extraction method and analyzed in parallel with each 
batch of samples. Ten blanks were processed with the QuEChERs 
method and two blanks with the Young et al. (2018) method. The con-
centrations of target analytes in blanks are presented in Table S3. 

Procedural blanks were used to determine the method limit of 
detection (LOD). The LOD was set to equal the average of the blanks +3 
times the standard deviation of the blanks. If a compound was not 
detected in any procedural blank, the LOD was set to equal the instru-
mental detection limit (Table 3). Sample values above LOD were 
adjusted to account for blank contamination by subtracting the average 
of the procedural blanks. 

2.5. Statistical analyses and grouping 

Graphpad Prism 8.0.2 (www.graphpad.com) was used for summary 
statistics. The products were grouped according to “green” or “conven-
tional” classification, based on the marketing on the label. According to 
their mode of application, these groups were subdivided into “leave-on” 
and “rinse-off” products. We used Mann-Whitney U-tests to compare 
differences between the sample groups. Significance was set as p < 0.05. 
For the statistical analysis, values < LOD were substituted with LOD/2. 

2.6. Estimated daily intake and hazard quotient 

To contextualize the concentrations of parabens that humans are 
theoretically exposed to on a daily basis, the following formula of esti-
mated daily intake (EDI) as used by Nakata et al. (2015) was adapted to 
determine estimated paraben exposure from PCPs in a European 
country. 

Σi
Ci⋅Ei⋅Ni⋅A⋅Fi

BW 

Ci Concentration in product (μg/g); 
Ei application quantities (g/time); 
Ni application frequency (time per day applied); 
A absorption factor through the skin; 
Fi retention factor; 
BW bodyweight. 
Li et al. (2021) determined that the dermal absorption factor of 

parabens is 0.4. The retention factor for leave-on products is 1, and for 
rinse-off products, it is 0.01 (McGinty et al., 2011). The average adult 
body mass in the Czech Republic is 91.9 kg for men and 74.2 kg for 
women (WorldData, 2021). The application quantities of the selected 
PCPs are taken from Bremmer et al. (2006), and the application fre-
quency of several PCPs is taken from questionnaire data from 300 Czech 
adults as a part of the CELSPAC: Young Adults study (Supplementary 
Figure S3; Fǐserová et al. submitted). CELSPAC: Young Adults is an 
on-going follow-up study of the longitudinal ELSPAC study in the Brno 
region of the Czech Republic (Piler et al., 2017) and follows ELSPAC 
children born in 1991 and 1992, their siblings, and spouses. The CEL-
SPAC: Young Adults study was approved by the ELSPAC Ethics Com-
mittee (Ref. No: ELSPAC/EK/2/2019, dated 13.03.2019). This cohort’s 

Table 2 
Marketing terms on PCP labels that qualified the product as “green” for selection 
purposes.  

Inclusion criteria 

Paraben free/free from parabens Natural cosmetic 
Silicone free/without silicone Without artificial preservatives 
Without artificial colorants Without artificial scents 
Bio Certified natural cosmetics 
100/90% natural origin Without phthalates  
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Table 3 
Concentrations (μg/g) of parabens, triclosan, and triclocarban in green and conventional personal care products from a European store. 
LOD values are blank-based values, with the exception of BuP and iso-BuP, which are instrument detection limits. Where the quantified 
concentrations were lower than LOD values, the cell is marked as “<LOD”, and the LOD/2 value used to calculate Ʃparabens is given in 
the bottom row. 
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minimum and maximum application frequency were used to estimate 
two paraben exposure scenarios for both green and conventional 
products. 

3. Results and discussion 

3.1. Difference between green and conventional PCPs and product labels 

We tested 35 conventional and 18 green products for nine com-
pounds of interest. The concentrations of the target compounds in the 
selected PCPs ranged several orders of magnitude — from <0.0001 μg/g 
to >1000 μg/g (Table 3). Most of the quantifiable concentrations of 
parabens were in the 0.01–0.1 μg/g range. TCS was present at five times 
higher concentrations than TCC. 

Parabens were detected in 89% of green products and 77% of con-
ventional products, while antimicrobial compounds had less frequent 
detection (66% of green products and 69% of conventional products). 
One green and eight conventional products did not contain parabens or 
antimicrobial compounds above the LOD. Methylparaben was found at 
the highest concentrations in PCPs (Table 3), with a maximum measured 
concentration of 4522 μg/g MeP in mascara. Similar to what was found 
in other studies (Dodson et al., 2012; Matwiejczuk et al., 2020), MeP had 
the highest detection frequency (38 of 53 products; 72%), followed by 
EtP (36 of 53 products; 67%). Detectable concentrations of EtP were 
found in a green shower gel that was labeled as “free from parabens”. 

It was unexpected that conventional rinse-off products had the 
lowest detection frequency of parabens (Table 4); however this is pri-
marily because no parabens were present above detectable concentra-
tions in any of the four conventional toothpaste brands (Table 3). 

In all product categories, for both parabens and TCS, concentrations 
varied several orders of magnitude, even within the same specific group 
of products, e.g., conditioners (Table 3). The measured concentrations 
did not support our hypothesis that green products should have lower 
levels of parabens, TCS and TCC; we found no significant difference 
between the concentrations in green PCPs and the corresponding con-
ventional PCPs for any of the target compounds. The clearer differences 
were not between green/conventional products but rather between the 
leave-on and rinse-off products across green and conventional product 
categories. The conventional leave-on products had significantly higher 
median concentrations of Σ7parabens than conventional rinse-off 
products (Mann-Whitney U test, p = 0.025, Fig. 1). Similarly, for TCS, 
the conventional leave-on products had statistically significantly higher 
TCS concentrations than the conventional rinse-off products (p =
0.0072, Fig. 1). However, due to the small sample size employed by this 
study, the results should be interpreted with caution. 

3.2. Legislation regarding product composition and labelling 

Current legislation states that the maximum concentration of para-
bens in PCP products is to be 0.8% of the ready for use preparation 
(Commission regulation (EU) no. 1004/2014). A distinction is made 
between short- and long-chained parabens because of the higher endo-
crine disruptive potential of long-chained parabens (Oishi, 2001). One 
conventional mascara sample exceeded these guidelines, where 0.452% 
(4521 μg/g) of the ready for use preparation consisted of MeP. However, 
waterproof mascara is a “borderline” or “extreme cosmetic” product. 
Borderline products are regulated on a case-by-case basis according to 

the Manual on the Scope of Application of the Cosmetic Regulation, which 
can suggest whether or not a product falls within the scope of the 
Regulation (EC) no. 1223/2009 (Lores et al., 2018). 80% of the extreme 
cosmetic products analyzed by Lores et al. (2018) exceeded concentra-
tions of various compounds as prescribed by the Regulation (EC) no. 
1223/2009. 

Although the EU bans isopropyl-, isobutyl-, and benzylparabens 
(Commission regulation (EU) no. 1004/2014), quantifiable concentra-
tions of these compounds were found in several products, including 
green and conventional mascaras, and conventional face wash gel. The 
highest concentration of a banned paraben was 81 μg/g iso-
propylparaben in the green toothpaste sample, labeled as “herbal gel for 
gums.” The maximum concentration of TCS in a PCP is 0.3% of the total 
ready for use preparation and 1.5% for TCC (Regulation (EC) no. 
1223/2009). No products had concentrations that were close to 0.3% or 
1.5% of the product composition for either compound. 

Even though parabens were quantified in 81% of the PCP samples in 
this study, only four products included parabens as an ingredient on the 
label: three conventional products (conditioner, face cream, and 
mascara) and one green toothpaste. Most of the products that included 
parabens in the ingredient list contained more than 400 μg/g of a 
compound. MeP was included as an ingredient in all four products, PrP 
in two, and EtP and BuP in one product each. One green conditioner 
contained 525 μg/g MeP without including MeP in the ingredient list. 
Neither TCC nor TCS was ever included in the ingredient lists, even in 
antimicrobial soap. According to the European Union cosmetics regu-
lation (no. 1223/2009), compounds need not to be included in the 
ingredient list if they are present as impurities in raw materials or a 
subsidiary of technical materials used in the mixture but are not present 
in the final product (Regulation (EC) no. 1223/2009). Because most of 
the concentrations of parabens and other antimicrobial compounds were 
below 0.1 μg/g, they might have been considered impurities by the 
production companies or incidental ingredients from the processing and 
packaging procedure. Cosmetic packaging is not as strictly regulated as 
food packaging, which increases the chances of accidental inclusion of 
harmful substances from packaging materials in personal care products 
(Regulation (EC) no. 1272/2008). 

3.3. Estimated daily intake and health risk of parabens through green and 
conventional PCPs 

The daily use of PCPs is not restricted to a single product. Multiple 
PCPs are used daily to serve different cosmetic and hygienic purposes 
(Fisher et al., 2017). The application frequency of PCPs also differs be-
tween different groups of people. According to Czech questionnaire data 
(see section 2.6; Figure S3), the response group with the highest appli-
cation frequency of PCPs consisted exclusively of female respondents. 
The group with the lowest frequency was exclusively male; as a result, 
we separate our exposure assessments by gender (Figure S3). EDIs were 
calculated for male and female exposure to parabens using only the 
green and conventional products sampled during this study. The cu-
mulative EDI was calculated to determine the cumulative effect of using 
multiple products (see section 2.6; Table 5). No information on tooth-
paste, conditioner, and shower gel was included in the questionnaire. 
These products (marked with an asterisk in Table 5) were included in the 
cumulative EDI calculation under the assumption that toothpaste and 
shower gel is used once a day (Bremmer et al., 2006) and that condi-
tioner is used at the same application frequency as shampoo. 

Even though only a snapshot of products were included in the study, 
a clear pattern could be seen with exposures differing by gender and 
selection of green vs. conventional products due to women’s higher use 
of PCPs (Figure S3 and Table 5). The cumulative EDI of green products 
was an order of magnitude lower than conventional products for both 
men and women (Table 4). We also note that EDI is substantially higher 
for women than men due to their higher use of PCPs and lower body 
weight. 

Table 4 
The detection frequencies (df) of Ʃ7parabens and TCS in different groups of 
PCPs. Different product groups are green rinse-off (GRO), green leave-on (GLO), 
conventional rinse-off (CRO), and conventional leave-on (CLO).   

GRO (n = 10) GLO (n = 8) CRO (n = 16) CLO (n = 19) 

Ʃ7Parabens df 90% 88% 56% 95% 
TCS df 30% 88% 38% 89%  
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According to the theoretical calculation, a reduction of 82% in par-
aben EDI can be expected if only green products are used in lieu of 
conventional products. This contrasts with the statistical comparisons 
between green and conventional products (Section 3.1), where there 
were no statistically significant differences in paraben concentrations 
between the product groups. It suggests that even if the concentrations 
of parabens in some individual green products do not significantly differ 
from conventional products, the cumulative effect of reduced paraben 
exposure may be significant if a consumer commits to a lifestyle of using 

green products exclusively. 
Even though the cumulative EDIs for this study were found to be 

relatively low and no health risks were expected, it should be noted that 
the cumulative EDI only accounted for seven products. Typically, people 
use more PCPs on a regular basis, and will have other exposure sources 
such as diet and pharmaceuticals (Błędzka et al., 2014; Liao et al., 2013). 

Fig. 1. Box-and-whisker plot (horizontal lines are medians, 95% confidence intervals, minima, and maxima) of the sum of parabens detected in all product groups. 
Different product groups are green rinse-off (GRO), green leave-on (GLO), conventional rinse-off (CRO), and conventional leave-on (CLO). The p-values of significant 
differences between product groups are indicated. 

Table 5 
Estimated daily intake (EDI) of parabens through conventional personal care products for men and women in the Czech Republic. An asterisk (*) indicates products 
that are included in the EDI calculation, but not included in the questionnaire of Figure S3.   

Product Ʃparaben median Application quantitya Application frequencyb EDI  

(μg/g) (g/application) (application/day) (μg/kg-bw/day) 

Green products 
Female use 

Shampoo 0.012 12 0.7 0.000005 
Conditioner* 263 14 0.7 0.14 
Lotion 0.25 10.5 0.9 0.013 
Deodorant 0.17 0.5 1 0.00046 
Mascara 0.12 0.025 0.8 0.00001 
Toothpaste* 679 0.08 1 0.03 
Shower gel* 0.014 8.7 1 0.00007   

Cumulative EDI 0.18 
Conventional products 

Female use 
Shampoo 0.19 12 0.7 0.00009 
Conditioner* 1335 14 0.7 0.71 
Lotion 0.27 10.5 0.9 0.0014 
Deodorant 0.3 0.5 1 0.0008 
Mascara 2994 0.025 0.8 0.32 
Toothpaste* 0.0089 0.08 1 0.00000004 
Shower gel* 0.022 8.7 1 0.00001   

Cumulative EDI 1.03 
Green products 

Male use 
Shampoo 0.012 12 0.3 0.000002 
Conditioner* 263 14 0.3 0.048 
Lotion 0.25 10.5 0.1 0.0011 
Deodorant 0.17 0.5 0.5 0.00018 
Mascara 0.12 0.025 0 0 
Toothpaste* 679 0.08 1 0.0024 
Shower gel* 0.014 8.7 1 0.000005   

Cumulative EDI 0.052 
Conventional products 

Male use 
Shampoo 0.19 12 0.3 0.00003 
Conditioner* 1335 14 0.3 0.24 
Lotion 0.27 10.5 0.1 0.00013 
Deodorant 0.3 0.5 0.5 0.00033 
Mascara 2994 0.025 0 0 
Toothpaste* 0.0089 0.08 1 0.00000003 
Shower gel* 0.022 8.7 1 0.000008   

Cumulative EDI 0.24 

The cumulative EDI values were determined by summing the individual EDIs from each category. The EDIs of parabens from the individual PCPs are very low (<1 μg/ 
kg-bw/day). The highest EDI was 0.71 μg/kg-bw/day for conventional conditioners used by women. 
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3.4. Consumer attitude to green products 

Due to increased public awareness of certain chemicals compounds’ 
potential health and environmental effects, many consumers gravitate 
towards alternative or green products (Dodson et al., 2020). In 2019, the 
sale of natural cosmetics brands accounted for $ 1.6 billion in sales in the 
United States (NPD Group, 2018). Hence, many companies produce and 
promote green cosmetic products to retain a competitive advantage in 
the market (Luo et al., 2020). 

The practice of paraben avoidance is proven to be implementable 
and effective. A study by Dodson et al. (2020) revealed that cosmetic 
users are willing to avoid potentially hazardous compounds if they have 
prior knowledge. The participants that actively avoided products with 
harmful compounds by studying product ingredient lists had lower 
urinary concentrations of parabens than people who did not practice 
avoidance (Dodson et al., 2020). Similarly, a study by Harley et al. 
(2016) revealed that MeP and PrP in the urine of adolescent girls 
decreased by 43.9% after using products labeled as “paraben-free” for 
three days (researchers screened these products beforehand to confirm 
that they were paraben-free). 

However, since most consumers are not familiar with technical terms 
or chemical nomenclature, ingredient lists are not ideal communicators, 
even if the producers are transparent (Marć and Martyn, 2019). Many 
consumers rely on social media to choose PCPs, leading to skewed 
perspectives (Luo et al., 2020). Consumers also fear “greenwashed” 
products, where producers intentionally label a product as green, but no 
effort has been put into making the product green (Urbański and ul 
Haque, 2020). The greatest danger of green products is the fact that the 
term “green,” “bio-," “natural,” and other similar labels are haphazardly 
communicated and currently unregulated, with no standards in place to 
determine ingredient content or concentrations of chemical compounds 
(Dodson et al., 2012; Rubin and Brod, 2019). The label “paraben-free” is 
not officially registered in the EU, and producers are under no legal 
obligation to remove all parabens from the products (Nowak et al., 
2021). 

4. Conclusion 

The PCP industry is a big international business. Many synthetic 
compounds are included in the production of PCPs, including potential 
endocrine disrupting compounds such as parabens, TCS, and TCC. Due 
to growing public awareness of potential health risks of parabens and 
other synthetic compounds, more PCPs are being produced and mar-
keted as “green,” “alternative,” or “natural.” However, due to vague 
regulations regarding green products, it is difficult to determine whether 
products marketed as green contain lower concentrations of harmful 
chemical. After analyzing various green and conventional PCP products 
from a European store for seven parabens, TCC, and TCS, we found that 
there was no significant difference in the paraben concentrations be-
tween the product types, thus rejecting our initial proposed hypothesis. 
Methylparaben was the compound present at the highest concentration 
and detection frequency among all target analytes. Only four products 
included parabens in the list of ingredients. Except for one mascara, 
which can be considered a borderline or extreme cosmetic product, the 
concentrations of all compounds were below the maximum concentra-
tions set by the EU Regulations. It was concerning that four banned 
paraben compounds were quantifiable in the majority of the PCP sam-
ples. The cumulative EDI for parabens was an order of magnitude higher 
for conventional products than for green PCPs. Even though the EDIs for 
individual products were very low, the cumulative effect indicates that 
consumers could be exposed to fewer parabens using predominantly 
green PCPs in their daily routine. The potential health risks of cumulated 
PCP use warrant further investigation. The lack of set parameters on 
product labels limits the ability of consumers to make informed de-
cisions on product purchases and may pose a risk for the consumer”. 
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A B S T R A C T

Semivolatile organic compounds (SVOCs) emitted from consumer products, building materials, and indoor and
outdoor activities can be highly persistent in indoor environments. Human exposure to and environmental
contamination with polychlorinated biphenyls (PCBs) was previously reported in a region near a former PCB
production facility in Slovakia. However, we found that the indoor residential PCB levels did not correlate with
the distance from the facility. Rather, indoor levels in this region and those reported in the literature were
related to the historic PCB use on a national scale and the inferred presence of primary sources of PCBs in the
homes. Other SVOCs had levels linked with either the activities in the home, e.g., polycyclic aromatic hydro-
carbons (PAHs) with wood heating; or outdoor activities, e.g., organochlorine pesticides (OCPs) with agri-
cultural land use and building age. We propose a classification framework to prioritize SVOCs for monitoring in
indoor environments and to evaluate risks from indoor SVOC exposures. Application of this framework to 88
measured SVOCs identified several PCB congeners (CB-11, -28, -52), hexachlorobenzene (HCB), benzo(a)pyrene,
and γ-HCH as priority compounds based on high exposure and toxicity assessed by means of toxicity reference
values (TRVs). Application of the framework to many emerging compounds such as novel flame retardants was
not possible because of either no or outdated TRVs. Concurrent identification of seven SVOC groups in indoor
environments provided information on their comparative levels and distributions, their sources, and informed
our assessment of associated risks.

1. Introduction

Semivolatile organic compounds (SVOCs) found in indoor environ-
ments include flame retardants (FRs), plasticizers, pesticides, combus-
tion by-products, those added to personal care products, and their de-
gradation products (Lucattini et al., 2018). Concentrations in indoor
dust can vary over orders of magnitude from pg/g to μg/g levels (Venier
et al., 2016; Vykoukalová et al., 2017; Weschler and Nazaroff, 2008).
Indoor SVOC levels are affected by emission rates from consumer pro-
ducts, building materials and indoor activities, rates of SVOC transport
from outdoor to indoor, removal rates by ventilation and cleaning, and
rates of depletion/degradation indoors (Weschler, 2009; Weschler and
Nazaroff, 2008; Zhang et al., 2009). Since loss rates relative to outdoor
environments are low, SVOCs persist indoors more than outdoors (Shin

et al., 2013; Weschler, 2009). Combined with>90% of time spent in
indoor environments, the indoor environment becomes an important
source of human exposure to SVOCs.

In the environmental literature, SVOCs first gained notoriety with
compounds now identified as legacy persistent organic pollutants
(POPs). Specifically polychlorinated biphenyls (PCBs), di-
chlorodiphenyltrichloroethane (DDT), and hexachlorobenzene (HCB)
were among the original “Dirty Dozen” chemicals listed on the
Stockholm Convention on POPs, which entered into force in 2004.
Pentachlorobenzene (PeCB) and hexachlorocyclohexane isomers
(HCHs) were added in 2009, followed by commercial mixtures of
polybrominated diphenyl ethers (PBDEs) in 2009 and 2017, and hex-
abromocyclododecane (HBCDD) in 2013 (Stockholm Convention,
2018). Intense efforts to enact controls of Stockholm POPs followed
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clear evidence of their ubiquity in the environment and biota, including
humans. Many studies have documented their outdoor concentrations,
in part to gauge the success of controls on new uses of legacy POPs
implemented through the Stockholm Convention (Gioia et al., 2006;
Harner et al., 2004; Hung et al., 2016; Wang et al., 2007). Fewer studies
have documented indoor contaminant levels, and generally they are
limited to PBDEs, HBCDD and PCBs (Ali et al., 2012; Harrad et al.,
2009b; Marek et al., 2017; Melymuk et al., 2016b; Tao et al., 2016).

Indoor levels of legacy POPs are controlled by primary indoor
sources and continuing emissions (Audy et al., 2018; Frederiksen et al.,
2012; Zhang et al., 2011). SVOCs such as PCBs and FRs were used in
floor coverings, electrical equipment, upholstered furnishing, building
materials and carpets, while organochloride pesticides (OCPs) were
used for pest control indoors and outdoors (Lucattini et al., 2018).
Polycyclic aromatic hydrocarbons (PAHs) are produced unintentionally
during indoor combustion processes (e.g., cooking, heating, smoking)
(Maertens et al., 2008). The presence of these compounds in the indoor
environment results in increased human exposure. For example, in-
halation of PCBs from indoor environments was found to be a sig-
nificant exposure route in school children (Ampleman et al., 2015;
Marek et al., 2017). Additionally, organophosphate FRs in house dust
were shown to be significantly correlated with altered hormone levels
and decreased semen quality in men (Meeker and Stapleton, 2010). To
reduce exposures, we need to better understand indoor sources of
SVOCs.

This study was motivated by high levels of PCBs observed in breast
milk (Drobná et al., 2011) and serum samples (Hovander et al., 2006;
Jursa et al., 2006; Petrik et al., 2006; Strémy et al., 2019; Wimmerová
et al., 2015) from people living in and around Michalovce, Slovakia.
The observed serum levels were two to three times higher than that of
the general population of Slovakia (Hovander et al., 2006; Jursa et al.,
2006; Petrik et al., 2006). These exposures have been attributed to a
nearby PCB production facility (Strémy et al., 2019). The Chemko
Strážske factory, which operated between 1959 and 1984, produced
21,000 t of PCBs – 1.6% of the total global PCB volume (Breivik et al.,
2007). Production resulted in the contamination of surrounding soils,
sediments, ambient air and surface waters (Hiller et al., 2011; Kocan
et al., 2001). For example, 53,000 ppm PCB was observed in a soil
sample at asphalt-gravel mix plant in the factory complex and ambient
air levels around the factory were 10 to 20 times higher than control
areas (Kocan et al., 2001).

Despite high PCB levels outdoors, indoor contamination in the re-
gion had not yet been investigated. We hypothesized that levels of PCBs
in homes in the region would be similarly elevated due to contamina-
tion from the factory and outdoor-to-indoor transfer of pollution. Here
we report PCB levels in air and dust in 60 homes in the region, and
compare them with other legacy POPs such as OCPs and PBDEs, as well
as other SVOCs such as current use FRs and PAHs. We also present a
framework that enables evaluation of the potential risk posed by indoor
levels of SVOCs in terms of both compound toxicity and estimated
human exposure.

2. Materials and methods

2.1. Sampling

Samples were collected in 60 homes in Eastern Slovakia from
March–April 2015 (Fig. S1). Homes were a subset of those participating
in the PCB cohort (Hertz-Picciotto et al., 2003) established in the region
in 2003. Homes were distributed evenly between urban and rural areas
within 40 km of the Chemko Strážske factory, covering a 750 km2 re-
gion. The construction years of the homes ranged from 1930 to 2000,
with the mean and median of 1971. One air sample and one floor dust
sample was collected per home in the child's bedroom.

Single-bowl polyurethane foam passive air samplers (PUF-PAS)
were deployed for 32–35 days to measure indoor ambient air

concentrations. PUFs were pre-cleaned for 8 h in acetone and 8 h in
dichloromethane (DCM). Indoor PUF-PAS were previously calibrated
for this set of compounds (Audy et al., 2018; Venier et al., 2016;
Vykoukalová et al., 2017). A generic sampling rate of 1.6m3/day was
applied, leading to each sampler capturing approximately 50 m3 of air
during the deployment period. After deployment, PUFs were removed
from the PAS housing, packed in two layers of aluminum foil and stored
in a portable freezer at −18 °C for transport to the laboratory.

Dust samples were collected at the end of the PUF-PAS deployment
in the same room using a household vacuum cleaner with polyester
sock inserts. Socks were precleaned via Soxhlet extraction in DCM for
8 h, and before sampling and between samples the vacuum nozzle and
tube were cleaned with propan-2-ol. To collect each sample, a polyester
sock was inserted into the front of the vacuum tube and held in place by
the vacuum nozzle, and the accessible floor surface was vacuumed
(typically between 1 and 3m2). The sock was removed from the va-
cuum cleaner, packed in two layers of aluminum foil, labeled and put
into a zip-lock bag, stored in a portable freezer at −18 °C for transport
to the laboratory.

2.2. Analysis

The target analytes were 10 PBDE congeners (28, 47, 66, 85, 99,
100, 153, 154, 183 and 209), 3 HBCDD isomers, 22 “novel” haloge-
nated flame retardants (NFRs) (TBP-AE, α-DBE-DBCH, β-DBE-DBCH,
TBX, TBP-BAE, α-TBCO, β-TBCO, PBBZ, TBCT, DDC-CO-MA, PBT,
PBEB, TBP-DBPE, HBB, PBBA, DBHCTD, EH-TBB, BTBPE, TDBP-
TAZTO, s-DDC-CO, a-DDC-CO, BEH-TEBP), 18 organophosphate esters
(OPEs) (TPrP, TIBP, TNBP, TCEP, TCIPP, DBPP, TPeP, BDPP, TDCIPP,
TBOEP, TPHP, EHDPP, TEHP, TOTP, TMTP, TPTP, TIPPP, TDMPP), 9
PCB congeners (9, 11, 28, 52, 101, 118, 153, 138, 180), 12 OCPs (PeCB,
HCB, α-HCH, β-HCH, γ-HCH, δ-HCH, o,p'-DDE, p,p'-DDE, o,p'-DDD,
p,p'-DDD, o,p'-DDT, p,p'-DDT) and 27 PAHs (ACY, ACE, FLU, PHE, ANT,
FLA, PYR, BAA, CHR, BBF, BKF, BAP, IcdP, DBA, BGP, RET, benzo[b]
fluorene, benzo‑naptho‑thiophene, benzo[ghi]fluoranthene, cyclopenta
[cd]pyrene, triphenylene, benzo[j]fluoranthene, benzo[e]pyrene,
PERY, dibenzo[ac]anthracene, antanthrene, coronene). Full compound
names, CAS numbers, and further details are given in Table S1; ab-
breviations of FRs are adopted from Bergman et al. (2012).

All the analytical procedures used here were published previously
(Jílková et al., 2018; Venier et al., 2016; Vojta et al., 2017;
Vykoukalová et al., 2017) and are described in detail in the SI. PUFs
were extracted with DCM using a Büchi B-811 automated warm Soxhlet
extraction system. Before extraction, dusts were sieved with a 500 μm
sieve to remove coarse particles (e.g., hair, large fibres). Approximately
100mg of the sieved dust was used for extraction. Dust samples were
extracted via three times repeated sonication in 1:1 v/v hexane:acetone.
13C-labeled or deuterated internal standards (for PBDEs, HBCDD, PAHs,
OPEs) and non-environmental PCB congeners (for PCBs and OCPs)
(Wellington Laboratories Inc., Canada) were added before extraction.

Dust and PUF extracts were split 70:30. The 70% aliquot was pur-
ified with a H2SO4-modified silica gel column and analyzed for PBDEs,
HBCDD, PCBs and OCPs. The 30% aliquot was cleaned and fractionated
using a 5 g activated silica column eluted with DCM, followed by 7:3 v/
v acetone:DCM. The first fraction was used for analysis of PAHs and
NFRs, and the second fraction for OPEs.

PBDEs and NFRs were analyzed using gas chromatography coupled
to high resolution mass spectrometry (HRGC-MS), while PCBs, OCPs
and OPEs were analyzed by gas chromatography-tandem mass spec-
trometry. PAHs were analyzed using gas chromatography–mass spec-
trometry. HBCDDs were analyzed after exchanging solvent to acetoni-
trile by liquid chromatography electrospray ionization mass
spectrometry. See SI for further details on instrumental analysis.
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2.3. QA/QC

The recoveries of individual compounds were determined using a
set of pre-cleaned PUFs (n=8) spiked with the native analytes prior to
extraction. The recoveries were 70–120%. Sample masses were ad-
justed for recoveries based on the internal standards (for PCBs, OCPs,
PAHs, and OPEs) or through the isotopic dilution instrumental method
applied (PBDEs, NFRs, HBCDDs).

Field blanks (5 PUFs and 4 vacuum bags) were transported to the
sampling site, manipulated as per the samples, and then treated as per
the samples for the analytical process. Method detection limits (MDLs)
were calculated as the average of the field blank plus three times the
standard deviation of the blanks. The instrument detection limit (IDL)
was used as the MDL for compounds that were not detected in the
blanks (Tables S2-S7). The average of the blank of the corresponding
matrix was subtracted from sample values that were>MDL, and
values<MDL were recorded as such.

2.4. Data analysis

Statistical analyses were conducted using IBM SPSS 25. For statis-
tical analysis, values below detection were substituted by √2/2∙MDL.
Non-parametric tests were applied for correlations (Spearman correla-
tion, rs) and comparison of differences between compounds (Mann
Whitney U test) since the Shapiro-Wilk normality test showed non-
normal distributions (p < 0.001) for dust and air data. Correlations
and differences were considered significant if p < 0.05. Principal
component analysis (PCA) and analysis of variance (ANOVA) were
conducted after log-transforming the data.

3. Results and discussion

3.1. Compound concentrations and geographical comparison

The concentrations of all compounds and compound groups found
in indoor dust and air from Slovakia are provided in Table S8. Median

Fig. 1. Comparison of indoor concentrations for (A) air and (B) dust from Slovakia (green boxplots), and literature values from low-, middle-, and high-income
countries classified based on criteria from the World Bank (2018a). Each dot represents a central tendency value (median or mean) for one country (see Tables
S10–S25). For the Slovakia data, the boxes represent interquartile ranges, error bars below and above the box represent the 10th and 90th percentiles, respectively.
(For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)
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concentrations in dust ranged from 0.13 ng/g for CB-9 to 2450 ng/g for
TBOEP. Generally, OPEs had the highest concentrations in dust, fol-
lowed by PAHs. Median air concentrations ranged from 0.03 pg/m3 for
TBCT to 16,790 pg/m3 for phenanthrene. PAHs, followed by OPEs, had
the highest air concentrations.

We examined whether common profiles or sources for compound
groups could be identified using PCA. PCA was able to explain 61.7% of
the variability within the dust concentration dataset with three com-
ponents. Component 1 included ∑7PCBs, ∑HCH, ∑DDX and ∑27PAH,
component 2 involved ∑9PBDEs, ∑14NFRs, ∑14OPEs and BDE-209, while
CB-11, PeCB and HCB formed component 3. Hence, we can infer that
for dust concentrations, PCBs and pesticides have similar profiles, i.e.
many houses have high OCPs and high PCBs, while all flame retardants
and plasticizers have similar profiles, suggesting similar sources. This
clustering is consistent with differences in building age and equipment,
with homes from before the restriction of PCBs and OCPs having higher
levels of these compounds (Audy et al., 2018), further supported in our
data analysis below (Section 3.3). Correlations among the compound
groups in component 1 were also significant and strong (Table S9).
Significant but relatively weaker correlations were found in component
2 between BDE-209 and ∑9PBDEs (rs= 0.48), ∑14NFRs and ∑9PBDEs
(rs= 0.43) and BDE-209 (rs= 0.27), ∑14OPEs and ∑9PBDEs (rs= 0.47)
and BDE-209 (rs= 0.28). These compounds all have similar uses as
flame retardants. Correlations between compounds in component 3
were also significant: PeCB and HCB (rs= 0.73), CB-11 and PeCB
(rs= 0.58), CB-11 and HCB (rs= 0.60). For indoor air concentrations,
PCA was able to explain 68.7% of the variability with five components,
among which only component 1 constituted a meaningful cluster,
containing ∑HCH, ∑DDX, HCB and ∑7PCBs. Additionally, air con-
centrations of compound groups did not have significant and strong
correlations with each other, except for a few pesticides, such as ∑HCH
and ∑DDX (rs= 0.71), HCB and ∑DDX (rs= 0.57). Again, these
groupings are consistent with the explanation related to building age.

We observed differences in indoor air and dust concentrations when
qualitatively comparing our data with previously published indoor le-
vels from other geographic regions (Fig. 1), supporting the findings of
others (Dirtu et al., 2012; Harrad et al., 2009b; Venier et al., 2016;
Vykoukalová et al., 2017). To understand the reasons for such differ-
ences, we selected the studies reporting residential indoor SVOC levels
after the year 2000 regardless of the room type. For PCBs, we used the
sum of 7 PCB indicator congeners (CB-28, -52, -101, -118, -153, -138,
-180) and for PAHs the sum of 16 EPA-PAHs. Data for this compre-
hensive comparison is listed in Tables S10-S25. Slovakian levels fell
within the range of those previously measured in other countries for
most compounds. However, the Slovakia samples had notably higher
levels of HCB in dust and air, and lower levels of PBDEs, DBE-DBCH and
HBB in air compared to median levels from other countries (Fig. 1).

Next, we tested the hypothesis that country-level indoor con-
centrations of these legacy and current use SVOCs were related that
country's economic status (categorized according to World Bank,
2018a). Typically, low-income countries (LIC) had lower concentra-
tions of SVOCs than middle and high income countries (MIC and HIC)
(Fig. 1). For example, the highest concentrations of FRs in dust were
reported in HICs. In contrast, the higher levels of OCPs were reported in
dust of MICs, especially when compared to HICs for which agriculture
value had the lowest contribution to the gross domestic product (GDP)
(World Bank, 2018b). The highest PAH levels in indoor dust and air
were reported in China, attributed to residential coal combustion for
cooking and heating (Lv et al., 2009; Wang et al., 2013).

For PCBs, we further hypothesized that indoor air and dust con-
centrations were related to historical PCB use per capita in a specific
country. We explored this hypothesis by calculating PCB use per capita
per country using the consumption estimates of Breivik et al. (2002).
Seven PCB congeners were summed for the period of 1930 to 1984 for
each country and divided by its population in 1970, reflecting the time
of peak PCB use (Table S26; for Slovakia and Czech Republic, total use

for Czechoslovakia and total population of two countries were used).
When more than one median concentration for dust and air was re-
ported for a country, we included all values as separate data points. We
found a significant correlation between PCB use per capita and median
PCB dust and air concentrations for 10 countries (rs= 0.59 and 0.91,
for dust and air, respectively, p < 0.05). We concluded that broad,
national-level differences in current indoor residential PCB concentra-
tions are related to the past national use of PCBs. It should be noted that
the data from these studies are based on samples of convenience that
were often of limited sample size, i.e. the number of homes varying
between five and 60, which might limit the representativeness of the
data for an entire country. Another limitation to this conclusion was
that indoor air PCB concentrations were reported for only five countries
of which most were HICs.

3.2. Polychlorinated biphenyls

The median concentration of ∑9PCBs in dust from Slovakian homes
was 58 ng/g (17.4–465 ng/g), and dust was dominated by CB-11 (30
%), -153 (20%) and -180 (13%). The median concentration of ∑9PCBs in
air was 1.09 ng/m3 (0.28–6.92 ng/m3), CB-11, -28 and -52 dominated
indoor air. While CB-28, -52, -101, -118, -153, -138, -180 were the
dominant legacy PCB congeners that were present in technical mixtures
(e.g., Aroclor mixtures manufactured in USA and Delor mixtures man-
ufactured at Chemko Strážske and used in the former Czechoslovakia),
CB-11 was not present in any Delor mixtures (Taniyasu et al., 2003).
Rather, CB-11 is produced unintentionally during the manufacturing of
pigments, used in paints, paper products and textiles (Hu and
Hornbuckle, 2010; Rodenburg et al., 2010; Vorkamp, 2016), and can be
emitted from floor and cabinet surfaces (Herkert et al., 2018). Hence,
the predominance of this non-legacy PCB congener in Slovakian indoor
dust and air suggests the importance of modern indoor sources of PCBs,
and suggests that attention should be given to a broader set of PCB
congeners beyond the standard seven indicator PCBs representing only
legacy PCB uses.

Correlations between PCB congeners in dust revealed that CB-9 and
CB-11 correlated strongly only with CB-28, CB-52 and with each other
(rs > 0.60, p < 0.001), while the seven indicator PCBs correlated
significantly with each other (p < 0.05), possibly related to their vapor
pressure. On the other hand, indoor air concentrations of CB-9 and
seven indicator PCBs correlated significantly (p < 0.01), whereas CB-
11 did not correlate with any other PCB congeners, supporting the
hypothesis of unique modern sources of CB-11 in indoor air (Hu and
Hornbuckle, 2010; Rodenburg et al., 2010).

Next we tested the hypothesis that the main source of legacy PCB
levels (Σ7PCBs) to Slovakian homes was the nearby Chemko Strážske
PCB production facility, where production ceased in 1984. We com-
pared indoor levels with the distance of homes (between 1.7 and 41 km)
from the Chemko Strážske PCB production facility. However, we found
no significant correlation between legacy PCB levels in indoor dust or
air and distance from the facility, suggesting that Chemko Strážske is
not the major influence on current indoor PCB contamination in the
homes. A previous study in the region, conducted 15 years after the
cessation of PCB production, found that ambient outdoor air con-
centrations in residential areas< 5 km from the factory were up to
1700 pg/m3 and levels decreased to regional background within 15 km
(Kocan et al., 2001). Additionally, a recent study found that the ele-
vated levels of PCBs in human serum samples from the region were
associated with the factory, i.e. higher levels were detected in people
living downwind from the factory when compared to other regions
(Strémy et al., 2019). In our study, the home showing highest legacy
PCB concentration was 6 km from the factory. However, we only
sampled seven homes within 5 km from the factory, which may have
limited our ability to see an effect from proximity to the factory. Rather,
we found that indoor levels in this region were comparable to indoor
levels in similar locations regardless of distance from the Chemko
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Strážske plant, e.g., within the range of indoor levels measured in other
HICs (Fig. 1).

In addition to the “macro-level” factor of country-wide PCB use,
indoor legacy PCB levels can be influenced by building age and mate-
rials used (Hazrati and Harrad, 2006; Marek et al., 2017; Melymuk
et al., 2016a). The homes sampled in this study were mainly made of
brick (n=26) and concrete (n=19). The legacy PCB concentrations in
indoor dust were significantly higher in brick than concrete homes
(one-way ANOVA, F= 5.67, df= 3, p < 0.05, Fig. S2). This was
contrary to our expectations given the association of PCBs with building
sealants used in concrete buildings (Kohler et al., 2005; Liu et al.,
2016). Other primary indoor PCB sources include paints, adhesives,
wire and cable insulation manufactured before 1984, i.e. sources that
cannot be easily removed and may be still present in homes. Thus,
higher PCB concentrations in brick homes could be attributed to these
PCB-containing materials and subsequent absorption into bricks (U.S.
EPA, 2012), and the presence of materials serving as secondary sources
of PCBs, such as window frames and wallpaper (Weis et al., 2003).

We also compared indoor PCB levels in homes built before and after
the PCB ban in 1984 in Czechoslovakia (Holoubek et al., 2006). No
significant difference was found in legacy PCB concentrations before
and after the ban, however, there were only four homes built after
1984, limiting the power of this analysis.

3.3. Organochlorine pesticides

Eleven of 12 OCPs had>50% detection frequency either in dust or
in air. The median concentration of ∑11OCPs in dust was 59.4 ng/g
(12.2–634 ng/g) and dusts were dominated by p,p’-DDE (34.2%), p,p’-
DDT (20.8%), HCB (15.1%) and γ-HCH (10%). Indoor air concentra-
tions of ∑11OCPs ranged from 336 to 7110 pg/m3, with a median of
945 pg/m3. The dominant compounds in air were HCB, γ-HCH, and
p,p’-DDE. Dust concentrations of all eleven OCPs correlated sig-
nificantly with each other (p < 0.05), while air concentrations of all
but PeCB correlated strongly with each other (rs > 0.50, p < 0.01),
suggesting either similar sources of OCPs or from homes of similar age.

We hypothesized that the major sources of OCPs in the homes were
either outdoor secondary sources from nearby agricultural lands with
past use of OCPs, and/or past indoor uses for indoor insect control
(Audy et al., 2018; Booij et al., 2016; Holt et al., 2017). We tested this
hypothesis by considering: (1) percentage of agricultural land in the
vicinity of each home, and (2) building age (as a proxy for past indoor
chemical use). The percentage of agricultural land within a 1 km radius
of each home was determined using a geographic information system
(GIS) and the Corine Land Cover database (European Environment
Agency, 2012).

∑HCH and ∑DDX concentrations in both dust and air were sig-
nificantly correlated with the % agricultural land within a 1 km radius
of the homes (rs > 0.31, p < 0.01). Except for α-HCH in air, in-
dividual isomers of HCH and DDX also correlated significantly with %
agricultural land (rs > 0.29, p < 0.03). Additionally, homes having
≥65% agricultural land within 1 km radius had significantly higher
∑HCH and ∑DDX concentrations than homes with lower % agricultural
land (one-way ANOVA, p < 0.05, Fig. S3). This relationship suggests
that past OCP use in agricultural lands in the vicinity of homes sig-
nificantly contributes to indoor OCP levels.

If past direct use of OCPs indoors is a significant source, we hy-
pothesized that higher OCP levels would be expected in older homes
(Audy et al., 2018). ∑DDX concentrations in dust and air were sig-
nificantly higher in homes built before than after the 1973 ban (Mann-
Whitney test U=61.0, z=−2.47, p < 0.05 and U=47.0,
z=−3.00 p < 0.05; Fig. 2a and b). Concentrations of individual
isomers and ∑HCH were also significantly higher in homes built before
the ban on HCH in 1977 (U=31.0, z=−3.21, p < 0.05 for dust and
U=35.0, z=−3.05, p < 0.05 for air; Fig. 2c and d). This suggests
that use of DDX and HCH in homes>40 years ago remains a significant

contributor to present-day indoor levels. Indoor use of OCPs can result
in extremely high levels indoors at the time of use, and elevated levels
many years after use (Booij et al., 2016; Holt et al., 2017). Moreover,
SVOCs associated with indoor dust do not readily degrade due to lim-
ited microbial and abiotic degradation processes (Hwang et al., 2008).
Hence, OCPs used in the indoor environment may persist. No significant
difference was found in HCB concentrations according to building age.
Furthermore, we tested the relation between the two variables affecting
OCP concentrations, which were % agricultural land and building age.
We found no significant correlations between these two variables
(p > 0.05), which suggested that they independently affect indoor
OCP levels.

3.4. Flame retardants

The median ∑9PBDEs concentration was 12.3 ng/g (3.2–197 ng/g)
in indoor dust. The median concentration of BDE-209 was 193 ng/g
(24.8 to 2965 ng/g). BDE-209 was the predominant congener, ac-
counting for 38–99.6% of ∑10PBDEs. Other dominant congeners in dust
were BDE-99 and -47. The median concentration of ∑9PBDEs in air was
4.3 pg/m3 (0.70–113 pg/m3). As expected, BDE-209 had a low detec-
tion frequency in air (45%) but concentrations ranged
from<MDL–420 pg/m3. The dominant congeners in air were BDE-47,
-28 and -99.

The median concentration of ∑HBCDD in dust was 153 ng/g
(20.2–1900 ng/g) with the greatest contribution from γ-HBCDD in 47
homes, whereas α-HBCDD dominated in 13 homes. The γ-isomer con-
stitutes> 70% of the technical HBCDD mixture, hence its dominance in
dust samples was expected. However, many studies reported higher
indoor levels of α-isomer, possibly due to photolytic isomerization in
dust (Harrad et al., 2009a) and/or interconversion between isomers
during manufacturing of flame-retarded products (Abdallah et al.,
2016; Dirtu et al., 2012). Median ∑HBCDD in air was 5.4 pg/m3 (0.46 to
239 pg/m3). Similar to the dust concentrations, air concentrations were
dominated by γ-HBCDD in all but seven homes that were dominated by
the α-isomer, three of which were the same as homes where α-isomer
dominated in dust.

Fourteen out of 22 NFRs had> 50% detection frequency either in
dust or in air. The median dust concentration of ∑14NFRs was 122 ng/g
(29.6–798 ng/g), dominated by BEH-TEBP (61%) and α- and β-DDC-CO
(15%). The median concentration of ∑14NFRs in air was 40.8 pg/m3

(11.2–407 pg/m3). PBT, PBBZ, HBB and α- and β-DBE-DBCH made up
71% of the total NFR air levels.

Among the 18 OPEs analyzed, 14 OPEs had detection fre-
quencies> 50% either in dust or air. The concentrations of median
∑14OPEs in dust was 12,400 ng/g (3080–312,000 ng/g). These levels
were two orders of magnitude higher than other flame retardants (i.e.,
BDE-209, HBCDD and NFRs), which is consistent with other reports (Ali
et al., 2013; Dirtu et al., 2012; Okeme et al., 2018). This greater
abundance of OPEs levels has been ascribed to the use of some com-
pounds as plasticizers (e.g., non-chlorinated OPEs) (Marklund et al.,
2003), the need to use higher concentrations than brominated flame
retardants to achieve the same flame retardancy, and the higher vapor
pressures of some of the OPEs relative to brominated compounds
(Sühring et al., 2016; Zhang et al., 2016). The abundant OPE species in
dust in the Slovakian homes were TBOEP, TDCIPP and TPHP, con-
stituting nearly 70% of all OPEs. OPE distributions in Slovakia were
similar to those observed in other European countries (Dirtu et al.,
2012; García et al., 2007; Van Den Eede et al., 2012), and Canada (Yang
et al., 2019) in that TBOEP was the greatest contributor in dust samples.
This profile differs from typical profiles in Asia where TDCIPP or TCIPP
were the highest contributors (Tan et al., 2017; Zheng et al., 2017).

Indoor air concentrations of ∑14OPEs were a median of 13.7 ng/m3

(5.25–74.7 ng/m3). These levels were three orders of magnitude higher
than NFRs. The main contributors of OPEs in indoor air were TNBP,
TIBP, TCEP and TCIPP.
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All PBDE congeners in dust correlated well with each other, in-
dicating common emission sources, while air concentrations showed
correlations among lower brominated and among higher brominated
congeners separately, due to the different volatility of congeners.
HBCDD isomers in dust correlated with each other but not with other
FRs in dust, while air concentrations correlated with lower brominated
PBDE congeners in air. Strong correlations were found between BDE-
183 and BTBPE in dust and air (dust rs= 0.71, air rs= 0.61,
p < 0.001); and most of the other individual FRs correlated with each
other, but these were weak correlations.

Additionally, correlations between FRs showed an unexpected dif-
ference between urban and rural homes. ∑9PBDEs in dust correlated
significantly with ∑14NFRs (rs= 0.61, p < 0.05) and ∑14OPEs
(rs= 0.48, p < 0.05) for urban homes, while no correlations were
found between these groups for rural homes. The reason for this dif-
ference between urban and rural homes is unclear, but may suggest
differences in the timing of product replacement and new product
purchase between urban and rural homes.

As mentioned above, indoor FR levels are expected to be influenced
by indoor sources and building characteristics. We found no significant
correlations between FRs in air or dust and the prevalence of PVC
flooring, wall-to-wall carpeting or new furniture in the home. However,
we were able to identify regional differences in replacement FRs used
by comparing the Slovak indoor compound distributions with those
from North American indoor environments. FireMaster-550 (FM-550)
was a common substitute for penta-BDE mixture after its restriction in
North America (Stapleton et al., 2008). The ratio of the brominated
compounds in FM-550, i.e. ƒEHTBB=EH-TBB/EH-TBB+BEH-TEBP, can
indicate whether these compounds are emitted from a material con-
taining FM-550 (Venier et al., 2016). Before calculating the ratio, air
concentrations were corrected for the volatilities of compounds by

using PUF-air partition coefficient, KPUF-air, according to Francisco et al.
(2017) and Okeme et al. (2017). The median of ƒEHTBB was 0.09
(0.02–0.54) and 0.001 (0.00–0.02) for dust and air concentrations, re-
spectively. These ratios were both much lower than that of FM-550,
which is 0.77 (Ma et al., 2012). Lower ƒEHTBB ratios have been typically
observed in European indoor samples (Cequier et al., 2014; Venier
et al., 2016) than in North American samples (Dodson et al., 2012;
Venier et al., 2016). One explanation is the use of BEH-TEBP in-
dividually as a flame retardant and plasticizer in Europe, compared
with greater use of FM-550 in North America (Venier et al., 2016). For
example, another commercial mixture, DP-45 which is 100% BEH-
TEBP, is listed as a flame retardant and plasticizer for PVC applications,
e.g. wire and cable insulation, coating fabrics, and sheeting and flexible
polyurethane (Lanxess, 2016). Both FM-550 and DP-45 are high pro-
duction volume chemicals in USA, whereas in Europe FM-550 is not
registered but DP-45 is manufactured and/or imported at volumes si-
milar to USA (ECHA, 2018). The wide application of BEH-TEBP in
consumer products in Europe likely explains its abundance relative to
EH-TBB (medians= 69.5 and 6.8 ng/g in dust, respectively). In fact,
EH-TBB does not have an EC number and it has no REACH record.
Hence, direct use of EH-TBB in commercial products in Europe still
remains unidentified. Although ƒEHTBB suggested that EH-TBB and BEH-
TEBP had different sources, the two compounds were significantly
correlated (rs= 0.46, p < 0.001). Therefore, we speculate that the low
amount of EH-TBB detected in homes likely originates from the limited
use of FM-550 in products in Europe, e.g., imported as finished pro-
ducts.

3.5. Polycyclic aromatic hydrocarbons

∑27PAHs had a median dust concentration of 2008 ng/g (505 to

Fig. 2. Differences in indoor dust and air concentrations of ∑DDX (a and b) and ∑HCH (c and d) measured in homes built before (n=18 for ∑DDX, n=22 for ∑HCH)
and after (n=14 for ∑DDX, n=10 for ∑HCH) OCPs controls were implemented in Czechoslovakia.
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37,018 ng/g). The dust concentrations were dominated by phenan-
threne, fluoranthene and pyrene. The median of ∑27PAHs in indoor air
was 43.1 ng/m3 (17.2 to 1923 ng/m3), dominated by acenaphthene,
fluorene and phenanthrene. All PAH compounds in dust correlated well
with each other, indicating similar sources for all, while air con-
centrations were not correlated for some PAHs (notably between ace-
naphthene and PAHs with>4 rings), possibly due to differences in
volatility.

Indoor PAH contamination is typically attributed to outdoor sources
such as vehicle or industrial emissions, or indoor sources such as
smoking or domestic biomass burning (Fromme et al., 2004; Whitehead
et al., 2013; Yadav et al., 2018). The nearest industrial PAH emission
source to the Slovak homes was a steel mill also located at the Chemko
Strážske site. Nevertheless, no meaningful correlation was found be-
tween indoor PAH levels and distance to the steel mill. We also tested
the influence of vehicle emissions using the total length of roads within
a 1 km radius of each home derived using GIS. However, road length
was also not useful for explaining indoor PAH levels.

Rather, we identified domestic heating as the likely major indoor
source of PAH. ∑27PAHs in dust, but not air, was significantly higher in
homes heated with wood (median=3100 ng/g) than those using cen-
tral or gas heating (median=1679 ng/g) (Mann-Whitney test U=170,
z=−2.69, p < 0.05, Fig. S4). Additionally, levels in wood-burning
homes were significantly higher for 18 individual PAHs in dust, seven
of which were identified as having indoor emissions due to wood
burning (Gustafson et al., 2008). We also considered whether cigarette
smoking (n=27) affected indoor PAH levels, however, no correlation
between PAH concentrations and indoor smoking was found. Hence,
indoor wood burning was the dominant factor controlling indoor PAH
concentrations.

3.6. Human exposure to SVOCs and associated risk

A challenge in evaluating implications of compounds detected in
indoor environments and prioritizing monitoring is the wide range of
concentrations in different indoor matrices, which are associated with
different human exposure pathways, in addition to the wide range of
toxicities of the various compounds. Compounds are often highlighted

due to elevated levels in indoor environments (e.g., OPEs); however,
this type of prioritization does not address the risk, i.e., exposure
combined with toxicity. Several attempts have been made to address
the risk associated with residential indoor exposure (Bonvallot et al.,
2010; Mitro et al., 2016; Pelletier et al., 2018; Shin et al., 2012; Smith
et al., 2016). We propose a classification framework to merge in-
formation on human exposure and toxicity to evaluate risk for indoor-
relevant compounds. Further, we have applied it to prioritize risk from
indoor exposures from the levels reported in Slovakian homes.

To address the combined influence of indoor air and dust on human
exposure, human intake of SVOCs was calculated as the sum of ex-
posure doses via air inhalation, dust ingestion, and dermal contact with
dust. The daily exposure dose formulas and assumptions are provided in
Table S27, and Fig. S5 summarizes the % distribution of exposure
routes for individual compounds. Intakes were calculated for median
and high (95th percentile) scenarios for a child between ages six and
eleven, as the samples were taken in children's bedrooms. We also
calculated intake for an adult female for comparison. Total intakes of
SVOCs for both scenarios are given in Tables S28 and S29.

The total intake for individual compounds ranged between
7.50 ∗ 10−5 ng/kg/d and 2.13 ∗ 10−5 ng/kg/d for TBX to 4.9 ng/kg/d
and 1.7 ng/kg/d for phenanthrene according to the median intake
scenario, for a child and an adult, respectively. The highest exposures
were observed for PAHs > OPEs > PCBs. Estimated exposure for the
high intake scenario for higher chlorinated PCB congeners, DDTs, BDE-
99, PBT, HBB, acenaphthene and cyclopenta(cd)pyrene were more than
one order of magnitude higher than their median intake scenario rates.
Lower chlorinated PCBs, OCPs except DDT, PBBZ, PBT, TIBP, TNBP and
lower molecular weight PAHs had higher exposure doses via inhalation
than dust ingestion and dermal dust contact due to their higher con-
centration in indoor air (Figs. S5 and S6). As expected, the child had
higher estimated intakes of SVOCs than the adult female.

To evaluate the relative toxicities of the target compounds, we
compiled non-carcinogenic oral chronic (or sub-chronic if the chronic
value was not available) toxicity reference values (TRVs) from the lit-
erature and regulatory sources. TRVs are defined as a maximum dose of
a compound that can be ingested daily without risk for people's health.
We selected those for which the details on the calculation method were

Fig. 3. Total human intake for child age
6–11 vs toxicity reference values (TRVs) of
indoor SVOCs. Vertical lines represent the
range of toxicity values from literature and
regulatory agencies, horizontal lines re-
present the high intake scenario, and points
represent median exposure scenario and
median values of TRVs. Compounds having
both high intake and high toxicity (i.e.
highest priority) are labeled. The box below
the graph shows compounds with no avail-
able TRVs.
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accessible for further assessment (see supplementary information for
methods and Table S29).

Finally, intake estimates and TRVs were visualized on a scatterplot
to allow prioritization of compounds for monitoring and evaluating the
risk in the indoor environment for a child (Fig. 3). When several se-
lected TRVs were available for one compound, the median and the full
range of values were shown. The high intake scenario is reflected as half
error bars. For comparison, intake scenarios for an adult female are
presented in Fig. S7. Priority compounds are those in the upper right
corner that have the highest intake and highest toxicity (lowest TRVs).
The highest priority compound in our study was CB-11. It does not have
an individual TRV; however, it was assigned the tolerable daily intake
value for dioxins and planar PCBs (Baars et al., 2001) since it is a planar
PCB congener. It has not been frequently monitored in indoor en-
vironments since CB-11 is a non-legacy PCB congener. However, its
emission indoors from paints and indoor materials has been reported
(see Section 3.2). This linking of intake and TRVs emphasizes that CB-
11 should be prioritized for indoor monitoring and evaluation of as-
sociated risk.

Other high priority SVOCs were HCB, γ-HCH, CB-28 and-52, and
benzo[a]pyrene. It is important to note that new uses of HCB, γ-HCH
and PCBs were restricted decades ago, yet they still exhibit high human
intake due to their past usage. Individual PCB congeners have no spe-
cific TRV. As such, we assigned the values reported for non-planar PCBs
and/or for Aroclors to individual PCB congeners except for CB-11.
Benzo[a]pyrene is one of the many compounds emitted from indoor
wood burning (Gustafson et al., 2008) and has a higher TRV than other
PAHs which had higher intake. The risk from PAHs is probably even
higher, as we are considering only non-carcinogenic TRVs, but note that
benzo[a]pyrene is classified as carcinogenic to humans (Group 1) ac-
cording to the International Agency for Research on Cancer (IARC)
(IARC, 2010). Bonvallot et al. (2010) ranked compounds present in
indoor dust depending on the selected TRVs and concentrations in dust
and similarly highlighted PCBs and γ-HCH (Bonvallot et al., 2010).

Some SVOCs did not appear to present a high risk because they had
low human intake in this study. However, some of these chemicals had
low TRVs, e.g., BDE-99, -47, and -153, PCBs, β-HCH and DDT, sug-
gesting that these compounds require attention in indoor environments
with higher levels.

Prioritization was not possible for 60% of the 88 compounds eval-
uated, and these are shown in Fig. 3 according to only their estimated
intake. TCIPP, TPHP, TIBP, acenaphthylene, EHDPP, retene, TPrP and
chrysene had high intake but no reliable TRVs. More effort should be
given to toxicological studies of these compounds, especially those for
which the current literature suggests high toxicity. For example, Behl
et al. (2016) found that TPHP was the second most active reproductive
toxicant for C. elegans after penta-BDE commercial mixture DE-71.
Additionally, four OPEs had the highest intake but current TRVs sug-
gested low risk. However, the TRVs of these compounds are highly
uncertain because of insufficient and/or outdated testing. For example,
a cursory view of TDCIPP and TCEP might suggest minimal risk,
however their TRVs were derived from studies conducted almost
30 years ago (ATSDR, 2012), while much of the research on their
toxicity was done in the last 10 years but TRVs have not yet been de-
termined. We also noted that different calculation methods of TRVs
could produce values differing by up to several orders of magnitude, as
seen for BDE-99 and -209 (ATSDR, 2018; National Research Council,
2000; USEPA, 2018). For BDE-99, RIVM (Baars et al., 2001) provides a
maximal allowed intake that is 4 orders of magnitude lower than the
reference dose from the US EPA (IRIS), based on a different experi-
mental value and a different calculation method that takes into account
known bioaccumulation properties of the chemical in human as com-
pared to rodents. It is also surprising that TRVs for OPEs, such as
TDCIPP, are several orders of magnitude higher than for PBDEs such as
BDE-47 or -99, although they were shown to have comparable levels of
toxicity when tested in parallel in experimental systems (Behl et al.,

2015; Jarema et al., 2015; Noyes et al., 2015). Finally, epidemiology
studies indicate that several OPEs may represent a risk for people's
health. For example, two epidemiological studies reported a statistical
association between levels of TNBP (one of the most abundant com-
pounds in air and dust) and the risk of asthma, mucosal symptoms of
SHS (sick house syndrome) or allergic rhinitis (Araki et al., 2014;
Kanazawa et al., 2010). Other epidemiological studies indicate asso-
ciations between TCEP or TPHP exposure with neurobehavioral defects
in children and thyroid cancer, and between TDCIPP or TPHP exposure
and decrease in male fertility (Carignan et al., 2018; Castorina et al.,
2017; Hoffman et al., 2017; Hutter et al., 2013; Meeker et al., 2013;
Meeker and Stapleton, 2010). However, these outcomes are not cap-
tured in the available TRVs.

The use of non-carcinogenic oral TRVs was the most appropriate to
estimate the toxicity for most of the compounds analyzed, but, in some
cases, it could underestimate the risk, for example, for chemicals that
are classified as carcinogenic to humans (Group 1) according to IARC,
such as benzo[a]pyrene or PCBs (IARC, 2010, 2016). Also, the com-
pounds having higher exposure via inhalation than ingestion (see Fig.
S5) should be investigated further in terms of their reference dose for
inhalation (if available) to have a better understanding of their toxicity
via this exposure route. Among the compounds with higher inhalation
intake, only γ-HCH has an inhalation reference dose (0.1 μg/kg/d) (US
Environmental Protection Agency, 2018). This value is within the range
of TRVs used in our study for γ-HCH, and hence does not change the
conclusion on the risk associated with this compound.

In our framework to prioritize and evaluate the risk of individual
compounds, we did not distinguish the main health effects associated
with each chemical, as done by others (Mitro et al., 2016). Future
iterations of this framework could be adapted to consider this aspect,
which could be especially useful for identifying potential mixture ef-
fects.

4. Conclusions and implications

Indoor air and dust levels of 88 SVOCs from seven compound classes
in Slovakia appeared to be related to a country's income level (e.g.,
PCBs), outdoor uses (OCPs), and/or indoor activities (e.g., PAHs). In
particular, a comparison by country with published indoor levels of
PCBs and FRs showed higher levels in high-income countries. Indoor
PCBs concentrations in Slovakian homes nearby a former PCB pro-
duction facility fell within the range of previously reported values from
other countries, and were not uniquely elevated due to proximity to the
PCB factory. Indoor OCP levels were correlated with the percentage of
agricultural lands in the vicinity, and with the age of the sampled
homes, both taken as surrogates for past outdoor and indoor OCP use,
respectively. FR concentrations and distributions were consistent with
the findings of previous European studies. Indoor PAH levels were as-
sociated with wood burning for home heating and not smoking.

The highest indoor exposures for a child between ages 6–11 via air
inhalation, dust ingestion and dermal contact were for
PAHs > OPEs > PCBs. We presented a classification framework to
prioritize the risk of these compounds by considering human intake and
toxicity where toxicity was expressed as the highest recommended in-
take per day (TRV). According to this classification, CB-11, HCB, γ-
HCH, CB-28, CB-52 and benzo[a]pyrene should be prioritized for in-
door monitoring and evaluation of the associated risks. However, 53
compounds (60% of the total number of compounds considered) could
not be evaluated due to a lack of reliable toxicological information.

Identification of a wide range of compounds in the indoor en-
vironment enabled comparing not only the levels of various compound
groups, but also the associated risks. Overall, we concluded that ex-
posure via indoor routes can continue long after home construction and
the enactment of restrictions on new uses of the compounds, e.g., ex-
posure to legacy PCBs, OCPs. We also concluded that other current
indoor sources could be targeted for reduction, e.g., PAH from home
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heating by wood burning. Further, industrial manufacturing processes
leading to inadvertent production of PCB, especially CB-11, should be
adapted and improved to reduce PCB emissions from new commercial
products. Finally, attention should be given to SVOCs that had high
human intake but had no reliable TRVs, e.g., TCIPP, TPHP, TIBP, ace-
naphthylene, EHDPP, retene, TPrP, and chrysene, or had TRVs that may
underestimate their toxicity, e.g. TDCIPP and TCEP. A “next step”
would be to consider the mixture effects of the wide range of SVOCs
with significant human exposure in residential indoor environments.
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• Indoor air in buildings of cultural and his-
torical importance had high OCP levels

• Cancer risk (CR) from inhalation expo-
sure to OCPs determined for workers

• CR fromDDEexposure reduced by orders
of magnitude after theatre restoration

• CR for museum workers from γ-HCH
exposure were significant as to require
mitigation

• Museum worker CR was reduced, but
still moderate where γ-HCH granules
were removed
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Organochlorine pesticides (OCPs) have been used to preserve the integrity of historical buildings or to protect
collections of artefacts at potentially large volumes and often without detailed application records. Previous re-
search has focused on the efficiency of remediation at contaminated sites (where identified), as well as improve-
ment of preservation techniques and workplace health and safety. Few studies have assessed the human health
risks from occupational exposure to OCPs in buildings of cultural and historical importance. Thus, potential risks
may remain unidentified. In the present study, OCPs in indoor air were measured in a baroque theatre and a nat-
ural history museum in the Czech Republic, both of which had suspected past indoor application. In the theatre
attic p,p′-dichlorodiphenyldichloroethylene (p,p′-DDE) levels in air were up to 190 ng m−3, confirming past in-
door use of p,p′-dichlorodiphenyltrichloroethane (p,p′-DDT). There was also evidence of γ-hexachlorocyclohex-
ane (γ-HCH) use in the theatre (max γ-HCH in air of 56 ng m−3). Yet, the cancer risk (CR) from occupational
exposure via inhalation (Expi) to OCPs in the theatre was low (CR b 4.0 × 10−6). γ-HCH was found at elevated
levels in air of the museum (max γ-HCH in air of 15,000 ng m−3). CR from Expi in the museum was moderate
to high (N1 × 10−4). Our results show the CR through Expi to OCPs in buildings, such asmuseums can still be sig-
nificant enough to warrant mitigation measures, e.g., remediation.

© 2017 Elsevier B.V. All rights reserved.
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1. Introduction

Inorganic and organic pesticides are regularly used as a protectant
for wood used in building materials, e.g., impregnated into wood or
used as a coating for wooden building materials (Unger et al., 2001).
In the past, these wood protectant pesticides included organochlorine
pesticides (OCPs) (e.g., γ-hexachlorocyclohexane (γ-HCH)), pentachlo-
rophenol, dichlorodiphenyltrichloroethane (DDT) (Unger et al., 2001),
most of which have since been replaced by other pesticides (e.g., syn-
thetic pyrethroids) (Unger et al., 2001). The use of pesticides was also
common practice amongst collectors of artefacts, biological specimens,
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etc. to prevent damage frompests, such as insects or fungi (Palmer et al.,
2003; Unger et al., 2001). A range of pesticides has been detected in ar-
tefacts or significant artistic, cultural, historical, or scientific objects, as
well as in the buildings (e.g., museums, herbariums) that store such
items (Fellowes et al., 2011; Goldberg, 1996; Marcotte et al., 2014;
Musshoff et al., 2010; Palmer et al., 2003; Schieweck et al., 2007). How-
ever, records of past pesticide application to protect collections from in-
sects and other pests are often limited (Goldberg, 1996; Schieweck et
al., 2007). For example, in Germany use of organic and inorganic pesti-
cides in museum collections was largely undocumented or poorly doc-
umented prior to the 1970s (Schieweck et al., 2007). Some of the
knowledge of the pesticides used is incidental, obtained through
word-of-mouth; and the type of pesticides used varied according to
the type of collection, efficacy of the pesticide, as well as human health
and safety (Goldberg, 1996; Schieweck et al., 2007). Determination of
pesticide use in artefacts or for the treatment of wooden buildingmate-
rials is therefore difficult.

Levels of pesticides in museum objects can be high due to repeated
application (Wörle et al., 2012). In one case, objects shown in amuseum
were so heavily treated with DDT they emitted a strong odour, and de-
contamination methods for the artefacts was sought so they were safer
to display (Wörle et al., 2012). Yet, evaluation of health outcomes from
exposure to pesticides through indoor air in buildings housing important
artefacts is rare, despite the potential for serious health effects. In the past,
pesticides were applied by museum staff and hence exposure to the pes-
ticidesmayhave occurredduring application, leading to acute effects such
as nausea (Musshoff et al., 2010). Museum staff may also be exposed to
the pesticides during their everyday work, which may include handling
or cleaning contaminated objects (Glastrup, 2000; Marcotte et al., 2014;
Musshoff et al., 2010; Schieweck et al., 2007).

Dermal uptake and ingestion through handling contaminated ob-
jects or contact with contaminated dust, as well as inhalation of parti-
cle-associated or volatile compounds are expected exposure routes in
indoor environments such as museums (Covaci et al., 2006; Glastrup,
2000; Purewal, 2000; Schieweck et al., 2007). Exposure via dermal up-
take or inhalation of particles or gas-phase compounds may also occur
from museum artefacts used for ceremonial purposes (Palmer et al.,
2003).Marcotte et al. (2014) assessed the daily inhalation and ingestion
exposure in The Natural History Museum of Rouen, and neither expo-
sure pathway was found to be significant in the short-term (i.e., inhala-
tion and ingestion exposures were orders of magnitude less than
occupational guidelines and permissible uptake limits, respectively).
However, to date no other studies have assessed multiple exposure
pathways (dermal uptake, inhalation and ingestion) to OCPs for
workers or visitors in museums, or in historical buildings where people
may work or visit, such as theatres or castles. In addition, long-term ex-
posure in these indoor environments has been neglected. Therefore, the
relative importance of these different exposure pathways in such envi-
ronments is unknown.

The main objective of the present study was to assess potential risks
related to pesticide exposure via inhalation exposure in a largely unex-
plored occupational setting in the Czech Republic – buildings of cultural
and historical importance, specifically a theatre and a museum. In the
Czech Republic, OCPs were used extensively in agriculture in the past
and their volatilization from secondary sources such as contaminated
soils into the ambient air has been well documented (Beránek and
Havel, 2006; Beránek and Petrlík, 2005; Dvorska et al., 2008;
Holoubek et al., 2007). Technical HCH (mixture of HCH isomers) and
γ-HCH (also known as lindane) were also used for wood treatment
(Beránek and Havel, 2006), which may be a source of this compound
in indoor air (Kohoutek et al., 2005). Formulations such as Pentalidol
(containing 2% DDT but also 5% pentachlorophenol (PCP) and 0.1% γ-
HCH) were produced and used in the former Czechoslovakia for the
treatment of different kinds of wood, construction material, furniture,
floors and roofs against insects, fungi and mold in the late 1970s and
early 1980s (Beránek and Havel, 2006; Kohoutek et al., 2005). Yet,
there is no information available in the published literature on the use
of OCPs in historical buildings of cultural significance or in museum col-
lections in the Czech Republic. This is despite evidence of OCP use and
residues in museum air and artefacts in other regions (Fellowes et al.,
2011; Goldberg, 1996; Marcotte et al., 2014; Musshoff et al., 2010;
Palmer et al., 2003; Schieweck et al., 2007).

We have investigated the levels of selected organochlorine pesticides
(p,p′-DDT and its metabolites p,p′-dichlorodiphenyldichloroethylene
(p,p′-DDE) and p,p′-dichlorodiphenyltrichloroethane (p,p′-DDD) and
HCH isomers γ-, α- β- and δ-HCH), as well as industrial chemicals (hexa-
chlorobenzene (HCB) and pentachlorobenzene (PeCB)) in a baroque the-
atre and a natural history museum. In the theatre, OCPs were used for
preservation of thewooden structure of the building itself, and in themu-
seum they were applied to protect historical collections. Air quality data
were used to estimate occupational inhalation exposure and risk to the
health (i.e., cancer risk (CR)) of workers at the baroque theatre and at
the museum.

2. Methods

2.1. Sampling sites

2.1.1. Baroque theatre, Český Krumlov
Air sampling sites were located in the stage area and attic of the the-

atre (see Fig. S1). The site history is described in detail in Kohoutek et al.
(2006, 2005). In brief, in the 1950s, wooden materials in the theatre
were affected by dry rot and between 1966 and 1997, the theatre was
closed to public due to restorations. During this time various fungicides,
insecticides and conservation treatments were applied, but the type of
pesticide used, the application volume, frequency, and technique was
not well documented. Pentalidol (2% DDT; 5% PCP and 0.1% γ-HCH)
use was documented since 1980, but this pesticide was most likely
used earlier at the site; and Pentalidol use was restricted in 1983. It is
suspected that pesticide application occurred on dusty surfaces in the
theatre thus creating a large volume of heavily pollutedmobile particles,
which resulted in contamination of the theatre with a complexmixture
of chemicals. In the early 1990s, there were reports of eye, membrane
and skin irritation from people who had spent time in the theatre. Con-
sequently, ~5 t of contaminated material, including contaminated dust,
was removed from the theatre but acute health issues were still being
reported when visitors returned. A sampling campaign occurred in
summer 2001 to isolate contamination sources. Consequently, wooden
floors, tarred cardboard and insulation were removed from the attic be-
tween 2002 and 2003, and the attic floor was covered with plastic to
prevent particles from penetrating into the auditorium of the theatre.
In summer 2003, wooden beams in the attic were tested to determine
whether the white surface layers required removal. Trials carried out
in spring 2006 showed the most appropriate procedure to remove the
whitish surface layer of the timber, and reduce contamination, was
dry planing and subsequent sanding of corners and other hard-to-ac-
cess places. Planing and sanding was coupled with a high quality ex-
haust system to capture and collect dust. Dry planing allowed for the
preservation of the authentic shape of the original material. However,
this remediation was never completed. Results of building material
and air sampling discussed below span from 2001, when acute health
issues from past pesticide use were apparent, to 2006, a few years
after site restoration and remediation trials. No further analysis of air
or building materials occurred in the theatre since 2006. Given the per-
sistent nature of the OCPs analyzed in the present study, as well as the
fact that no further building works or site remediation have occurred
in the theatre, it is expected that levels of OCPs are still high in indoor
air.

2.1.2. Museum of South Bohemia, České Budějovice
The Museum of South Bohemia, located in České Budějovice, is an

important historical building, part of which had been subject to interior
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renovations at the time of sampling. As with the theatre, records of past
pesticide use in themuseum are poor. Rooms in two different buildings
(A and B), were sampled using the methods described below in Section
2.2.2. In the botanical and zoological sciences storage areas (storage
rooms 1, 2 and 3) of building A some plant and animals specimens
were treated with γ-HCH (Prokeš et al., 2015). Granulated γ-HCH was
applied in drawers of specimens up to 40 years ago and visible signs
of this application remained up to and including at the time of sampling
in at least one of the storage rooms (storage room 2) (Prokeš et al.,
2015). γ-HCH applied in storage rooms 1 and 3, building A had been re-
moved prior to sampling, but residues of past application of this pesti-
cide were expected to remain (Prokeš et al., 2015). γ-HCH was also
applied to the floor of an office in the same building (A) in approximate-
ly 2011 or 2012, although there are no specific details on the application
process and rate (Prokeš et al., 2015). There may also have been some
past application of γ-HCH in exhibition room 1 of building B but there
are no details or of when this occurred or the application rate and
process. There was no history of pesticide use in exhibition room 2 of
building B. For further details of the site rooms refer to Table S1 and
Fig. S2 in the Supplementary data (SD).

2.2. Sampling

2.2.1. Baroque theatre, Český Krumlov
The original aim of indoor air monitoring in this theatre was to in-

vestigate the source of OCPs (2001 sampling). In 2002 to 2003, air and
building material were monitored to inform restoration works and to
deal with the acute health issues of theatre visitors. Air monitoring in
2004 to 2006 was to assess how OCP levels changed after restoration
and determine whether remediation was required for OCP embedded
in building materials (trial remediation occurred in spring of 2005). In-
door temperature and humidity were recorded alongside collection of
air samples. Samples of building materials were also collected to deter-
mine the potential source of pesticides in indoor air.

Air sampling was carried out based on internationally recognized
methods (Kohoutek et al., 2005). In brief, air was sampled using the
US EPA test method TO-13 (US EPA, 1988) and a high volume active
air sampler (HV AAS (Fig. S2, SD); PS-1 (Thermo, USA)) (Kohoutek et
al., 2005). The particle phase was captured on quartz fiber filters (QFF)
(Whatman, USA), and the gas phase was collected on polyurethane
foam (PUF) plugs. Sampling was carried out in parallel in the stage,
backstage and auditorium area, as well as in the attic in July 2001, Au-
gust 2003 and 2004, September 2005 and August 2006. Each AAS sam-
pling campaign consisted of one, two or three consecutive periods of
approximately 12 h, each time collecting volumes of approximately
200 m3. Details of air samples (room and year) are included in Table
2. In 2001, there were two consecutive samples taken in the stage
area, and one air sample each was taken in the auditorium, upper
ropes and attic areas of the theatre. One air sample was taken per year
in the stage and attic areas of the theatre in 2003 and 2004. In 2005,
two consecutive air samples were taken in the stage area and attic,
and in 2006, three consecutive air samples were taken in the stage
area and attic of the theatre. The PUF plugs and quartz filters used in
air samplingwere collected, wrapped in two layers of aluminum foil, la-
beled, sealed in polythene bags and transported to the laboratory at a
temperature of approximately 5 °C. In the laboratory, the samples
were stored at −18 °C before processing.

Temperature and humidity are key factors likely to influence the in-
tensity of secondary emissions of target compounds from any potential-
ly contaminated building materials in the baroque theatre and their
redistribution through air between rooms in gaseous form. Therefore,
all sampling was carried out in the same season, summer, when there
were days with longer periods of sunshine and higher temperatures of
the air inside and outside the theatre than at other times of the year.

Twenty-six grab samples of buildingmaterials such aswood (shaved
or scraped), plaster and insulation were taken from the attic, stage area
and auditorium of the theatre from 2001 to 2006. Samples were taken
with the assistance of theatre staff to help determine the source of com-
pounds identified in indoor air. Solid building material samples were
taken from the surface layer (scraped off to a depth of 1 mm). All sam-
ples were wrapped in foil, placed in Ziploc bags and transported to the
laboratory at a temperature of approximately 5 °C. In the laboratory,
the samples were stored at −18 °C before processing.

2.2.2. Museum of South Bohemia, České Budějovice
Themain aimof the sampling campaignwas tomeasure the levels of

γ-HCH and a number of other OCPs in indoor air. At the museum, air
sampling was carried out using a medium volume (MV) AAS (Leckel
MVS6, Sven Leckel, Germany), over a two-day period at six sites within
the museum offices, collection storage area and public access areas/ex-
hibition areas. Sampling times for AASwere based on the volumes of in-
dividual rooms, i.e., 40 h for a smaller room and 50 h for a larger room.
Sampling was carried out in September 2014. No additional air sam-
pling has been carried out in themuseum since 2014. Yet, given the per-
sistent nature of the OCPs sampled, and continued presence of the
lindane granules, it is not expected that levels of these compounds in
the museum air have changed significantly in the past three years.

In total therewere six samples taken (one per room) in themuseum.
Active sampling was carried out according to the method outlined in
Czech technical standards 16000-01, 16000-12 and 16000-32. The sam-
pler collected particles b10 μm (PM10). The AAS sampler was fitted
with a QFF (Whatman, QMA, United Kingdom) for collecting the parti-
cle-bound compounds and two PUF plugs for sampling gas-phase com-
pounds (Molitan a.s., Czech Republic). The flow rate of the sampler was
2.3 m3 h−1. PUF plugs were pre-cleaned by hot Soxhlet extraction for
8 h in acetone followed by 8 h in dichloromethane.

Samples were collected, transported to the laboratory, and stored
prior to analysis in the samemanner as those from the baroque theatre.

2.3. Sample processing, clean-up and analysis

2.3.1. Baroque theatre, Český Krumlov and Museum of South Bohemia,
České Budějovice

Analyses of target OCPs ((a) α-, β-, γ-, δ- and ε-HCH, (b) o,p′-DDT
and p,p′-DDT, o,p′-DDE, p,p′-DDE, o,p′-DDD and p,p′-DDD and (c) HCB
and PeCB) was carried out in a similar manner to analysis described in
Lohmann et al. (2012). In brief, all sample media (QFFs, PUF plugs, and
5 g of solid matrices) were extracted with 120 mL of dichloromethane
in a Büchi System B-811 automatic extractor (Büchi Labortechnik AG,
Switzerland) for 40 min followed by a 20-minute thimble wash and
condensation. AAS (QFF and PUF plug) were spikedwith recovery stan-
dards, PCB 30 and 185 (Wellington Laboratories Inc., Canada) prior to
extraction. Sample extract volumes were reduced under a gentle nitro-
gen stream at ambient temperature. The extracts were subject to clean-
up on aH2SO4modified silica gel column (44%w/w) (elutedwith 30mL
of 1:1 hexane/dichloromethane). Analyteswere eluted from the column
with a mixture of n-hexane and dichloromethane (1:1). Extracts were
concentrated under a gentle stream of nitrogen, transferred to nonane
and an internal standard of PCB 121 (Wellington Laboratories Inc., Can-
ada) was added.

Baroque theatre solid and air samples were analyzed using a gas
chromatograph (HP 6890) coupled with a mass spectrometer (HP
5975) in selected ion monitoring (SIM) mode. The separation took
place on a J&W Scientific fused silica column (DB-5MS; 60 m ×
0.25 mm × 0.25 μm) with helium carrier gas at a flow of
1.5 mL min−1. Sample volumes of 1 μL were injected in splitless mode
at 280 °C−1. The GC temperature program was as follows: 80 °C (hold
for 1 min), 15 °Cmin−1 to 180 °C, 5 °C min−1 to 310 °C (10 min). Anal-
ysis for theMuseumof South Bohemia air sampleswas carried out using
gas chromatography with tandem mass spectroscopy (GC–MS/MS;
Agilent GC 7890/MS-MS Triple Quadrupole 7000B) in multiple reaction
monitoring (MRM)mode. The separation took place on a SGE Analytical



Table 1
Input values for the inhalation exposure calculation for workers in the theatre and museum.

Parameter Value Description

CA See Table 2 and Table 4 Lower bound values (i.e., 0) where air concentrations were bLOQ
ET 10 h day−1 It was estimated people spend 8 to 10 h a day at work and the more conservative value was used for the calculation.

Percentage of the day worked is 42%.
EF 241 days year−1 It was assumed 4 weeks holiday were taken by workers and work was undertaken fromMonday to Friday (i.e., 5 days a week).
ED 30 years The exposure duration was defined as 30 years, which is the reasonable maximum exposure for an adult resident and is

based on an established hazardous waste facility with a useful lifetime of 30 years. 30 years was assumed to represent a
reasonable maximum period of employment and time spent by a worker in the theatre or museum (US EPA, 2005a).

AT 613,200 h The averaging time (AT) is the period over which exposure is averaged. AT was estimated to be lifetime in years × 365
days/year × 24 h/day, where lifetime is the average lifetime for chemicals of potential concern for carcinogenicity of 70
years (US EPA, 2009).
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Science HT-8 column (60m× 0.25mm internal diameter × 0.25 μm; 8%
phenyl polycarbonate-siloxane) with helium as a carrier gas at a flow
rate of 1.5 mL min−1. The GC temperature program was as follows: 80 °C
(hold for 1.5 min), 40 °C min−1 to 200 °C (hold for 18 min), 5 °C min−1

to 305 °C. Splitless injection method was executed at 280 °C.

2.4. Quality assurance/quality control (QA/QC)

2.4.1. Baroque theatre, Český Krumlov and Museum of South Bohemia,
České Budějovice

Compounds were identified and quantified with an eight point cali-
bration of all target compounds (i.e., at concentrations of 1, 4, 10, 40,
100, 400, 1000 and 4000 ngmL−1). Linearitywas achieved for the entire
concentration range. TheOCP analyticalmethod for AAS has been previ-
ously evaluated using a certified reference material (ASLAB soil stan-
dard, Czech Republic) (Lohmann et al., 2012). Recovery of all native
OCPs from the reference material ranged from 75 to 98% at the time of
sample analysis for the theatre and the museum.

Recoveries for the baroque theatre air and solid samples, based on
PCB 30 and 185 added prior to extraction, were N71%. For the Museum
of South Bohemia the recoveries ranged from 47 to 84% for PCB 30 and
76 to 104% for PCB 185. Recovery factors were not applied to any of the
data fromeither the theatre or themuseum, i.e., no correctionwasmade
to the results for recovery.

One trip blank and one solvent blankwere analyzedwith each batch
of air samples (2 to 6 samples per batch) from the theatre and the mu-
seum; and one solvent blank was analyzed for each batch of solid sam-
ples (2 to 6 samples per batch) from the theatre. Field blanks were
extracted and analyzed in the same way as the samples, and the levels
of OCPs in field blanks never exceeded 1% of the quantities detected in
samples from either the theatre or museum for any OCPs, indicating
minimal contamination during the transport, storage, and analysis. As
a result, no blank corrections were performed on the data. Limits of
quantification (LOQ) were determined using the lowest external cali-
bration point. The LOQ was defined as the level at which signal-to-
noise (S/N) ratio was 10:1 (Peak-to-Peak).

2.5. Human health risk assessment

2.5.1. Cancer risk assessment
Cancer risk (CR) was calculated for workers potentially exposed to

α-HCH, γ-HCH, DDT, DDD, DDE1 and HCB in the museum and theatre
through inhalation. Occupational exposure concentration was calculat-
ed using the following equation (US EPA, 2009),

EC ¼ CA� ET� EF� EDð Þ=AT ð1Þ

Where, EC is the exposure concentration (μg m−3), CA is contaminant
1 The p,p′-DDT, p,p′-DDE and p,p′-DDD isomers were measured in air at the baroque
theatre and o,p′- and p,p′-DDT, DDE and DDD isomers were measured in air at the
museum.
concentration in air (μg m−3), ET is exposure time (hours day−1), EF
is exposure frequency (days year−1), ED is exposure duration (year),
and AT is averaging time (hours). The values for each of these parame-
ters are included in Table 1.

The estimated occupational exposure via inhalation was multiplied
by the appropriate toxicity factor - Inhalation Unit Risk Factor (URFi)
or Inhalation Unit Risk (IUR; (μgm−3)−1) in order to derive an estimate
of the potential CR associated with exposure,

CR ¼ EC� URFi or IUR ð2Þ

IUR for α-HCH and DDT were obtained from the Integrated Risk In-
formation System (IRIS) database (US EPA, 2003) (in Table S2, SD).
The IUR for γ-HCH was derived by the California (2005). The URFi
values for DDD, DDE andHCB originated from theACCESS database sup-
plied by the US EPA as part of the Human Health Risk Assessment Pro-
tocol for Hazardous Waste Combustion Facilities (US EPA, 2005b). The
procedures used to calculate the URFi or IUR values are described in
California (2005); US EPA (2003) and US EPA (2005b).

According to the United States Environmental Protection Agency
(US EPA) a CR of b1 × 10−6 (or 1 in one million) is considered to be
very low or negligible (US EPA, 1991). A CR of N1 × 10−4 (or 1 in ten
thousand) is considered large enough to warrant risk management ac-
tions such as mitigation or reduction measures (e.g., remediation) (US
EPA, 1991). CR within the range of 1 × 10−4 and 1 × 10−6, where risk
is low to moderate, may not be considered large enough to warrant
risk management actions but should be evaluated on a case-by-case
basis (US EPA, 1991).

3. Results and discussion

3.1. Levels and patterns of pesticides in air and building materials

3.1.1. Baroque theatre, Český Krumlov
Levels of p,p′-DDE and p,p′-DDT in air were higher in the attic than in

the theatre (the stage area and auditorium) (Table 2). For example, p,p′-
DDE ranged from 45 ng m−3 to 190 ngm−3 in the attic and 5.5 ngm−3

to 26ngm−3 in the stage and auditoriumareas, respectively. The source
of the p,p′-DDE and p,p′-DDT in air of the attic was suspected to be the
contaminated materials (e.g., insulation) in the attic (Table 3). Indoor
air levels of p,p′-DDE, p,p′-DDD and p,p′-DDT decreased in the attic
once insulation, etc. was removed from the attic between 2002 and
2003 (Table 2). There was also a significant negative linear relationship
between the air concentrations of these pollutants and year sampled
(p b 0.05) (Fig. S3). However, the wooden beams coated in white
powder and shown to contain high levels of p,p′-DDE (untreated
beam = 1600 to 27,000 ng g−1; Table 3) and p,p′-DDT (untreated
beam= 260 to 8600 ng g−1; Table 3) remained in the attic. As a result,
relatively high levels of p,p′-DDE in particular were still detected in attic
air from 2004 to 2006 (DDE: 8.0 to 100 ng g−1; Table 2), particularly in
2005. The use of plastic sheeting in 2003 to prevent particle-associated
DDT and DDE entering the theatre does not appear to have reduced



Table 2
Levels (ng m−3) of selected OCPs in bulk indoor air in the baroque theatre.

Year 2001a 2003 2004 2005 2006

Sample
location

Stage
1

Stage
2 Auditorium

Upper
ropes Attic Stage Attic Stage Attic

Stage
1

Stage
2

Attic
1

Attic
2

Stage
1

Stage
2

Stage
3

Attic
1

Attic
2

Attic
3

α-HCH NA NA NA NA NA 0.41 0.16 0.55 0.27 1.1 1.1 1.5 1.1 0.26 0.21 0.32 0.10 0.18 0.13
β-HCH NA NA NA NA NA 0.047 0.016 0.032 0.067 0.29 0.23 0.56 0.36 0.036 0.026 0.035 0.012 0.015 0.012
γ-HCH 5.2 25 14 28 17 24 11 12 4.5 37 36 5.2 4.4 6.2 5.5 8.0 2.6 5.2 3.2
δ-HCH NA NA NA NA NA 0.038 0.047 bLOQ bLOQ 0.077 0.065 0.14 0.097 bLOQ bLOQ bLOQ bLOQ bLOQ bLOQ
p,p′-DDD NA NA NA NA NA 3.1 14 0.55 0.44 2.6 2.8 5.0 4.6 0.31 0.34 0.40 0.22 0.60 0.26
p,p′-DDE 5.5 22 8.5 18 190 20 110 8.9 58 26 12 92 100 6.8 4.7 9.3 8.0 14 9.4
p,p′-DDT 1.1 3.4 1.9 3.1 21 4.6 15 1.2 1.8 2.3 2.6 2.9 2.7 1.6 1.5 2.3 1.2 3.1 1.5
HCB NA NA NA NA NA 1.1 0.59 1.8 0.72 1.5 1.8 0.88 0.96 1.2 0.94 1.6 0.68 1.2 0.67
PeCB NA NA NA NA NA 0.094 0.022 0.11 0.031 0.47 0.72 0.27 0.28 0.39 0.39 0.43 0.31 0.48 0.20

NA = not available. LOQ= 0.00050 ng m−3.
a All values as reported in Kohoutek et al. (2006).
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p,p′-DDE and p,p′-DDT levels in theatre air and the relationship between
air concentrations of these compounds and year sampled was not signif-
icant (p N 0.05) (Fig. S3).

HCH concentrations in air were generally higher in the stage and au-
ditorium area (5.2 to 37 ng m−3) than the attic (2.6 to 17 ng m−3)
(Table 2). The source of the γ-HCH in the indoor air around the stage
area was most likely previous indoor application of the pesticide. This
was supported by analysis of wood scrapings from the backstage area
around the lower machinery and stage areas of the theatre, which had
much higher γ-HCH levels than in othermaterials tested in the building
(Table 3). The linear relationship between the air concentrations and
time was negative and significant (p b 0.05) suggesting that concentra-
tions of γ-HCH in the attic decreased after the removal of building ma-
terials (between 2002 and 2003) and laying of plastic sheeting on the
attic floor in 2003 (Fig. S3).

PeCB and HCB concentrations in air were similar in the attic, stage
and auditorium areas of the theatre. The most likely source of the chlo-
robenzenes in the indoor air is outdoor air. Most of the HCB present in
outdoor air of the Czech Republic is thought to have re-volatilized
from past soil contamination (Dvorska et al., 2008). Other potential
sources of HCB in the environment of the Czech Republic are the
Table 3
Levels (ng g−1) of selected OCPs in solid materials from the baroque theatrea.

Year Material Location α HCH β-HCH γ

2001 Cardboard insulation A NA NA N
Fiberglass insulation NA NA NA
Wood NA NA NA
Crushed stone NA NA NA

2003 Non-treated beam, scraping A 96 6.4 17
11 NQ 38

Floor, wood shavings 0.38 NQ 5.
2004 Lower machinery, scraping LM 8.4 2 40

Stage, scraping S 13 7.9 45
Upper rope, scraping UR 16 NQ N
Non-treated beam, scraping A NQ NQ 54

2005 Lower machinery, scraping LM 32 23 49
Stage, scraping S 27 34 32
Upper rope, scraping UR 26 94 26
Upper rope, plaster UR 2.7 18 12
Non-treated beam, scraping A 360 14 15

A 590 42 24
Ceiling boards, scraping A 0.49 NQ 41

A 170 120 13
A NQ NQ 14
A 12 14 28

Plaster A 4.1 30 11
Clean beam, scaping A NQ NQ 29

A NQ NQ 23
2006 Clean beam A NQ 0.11 4.

A NQ NQ 11

NA = not available. A = attic, S = stage, LM= lower machinery and UR= upper rope. NQ =
a All values as reported in Kohoutek et al. (2006).
manufacture of chlorinated solvents and pesticides, aswell as the appli-
cation of HCB-contaminated pesticides and inadequate incineration of
chlorine-containing wastes (Dvorska et al., 2008).

As expected from past application of DDT, the p,p′-DDT metabolites
(p,p′-DDE and p,p′-DDD) dominated relative to p,p′-DDT in air and
building materials. The average p,p′-DDT metabolite contribution to
∑p,p′-DDT, p,p′-DDE and p,p′-DDD in air was 0.84 and was largely un-
changed in air over the sampling period from 2001 to 2006 (ranging
from 0.68 to 0.98). The HCH fingerprint (contribution of each isomer
to the ∑4HCH, i.e., α-, β-, γ- and δ-HCH) was dominated by γ-HCH in
the air and the solid building materials in both the stage area and in
the theatre attic, with only a few exception where the α- or β-HCH iso-
mers dominated. This suggests that the source of the HCH in the theatre
is a γ-HCH formulation rather than technical HCH.

Annual fluctuations in the temperature and humidity of the theatre
were expected to affect the air concentrations of OCPs, but this was not
evaluated because all sampling occurred at approximately the same
time of the year, i.e., summer. At the time of sampling, temperature
and humidity in the theatre ranged from 17 °C to 18 °C and 63% to
67%, respectively. Throughout the year in the theatre the temperature
and humidity ranged from −0.50 °C to 21 °C and 49% to 82%,
HCH δ-HCH p,p′-DE p,p′-DDD p,p′-DDT HCB PeCB

A NA 250 NA 2900 NA NA
NA 100 NA 41 NA NA
NA 580 NA 2700 NA NA
NA 86 NA 380 NA NA

0 3.1 21,000 1100 8600 7.1 NQ
1.5 1600 51 260 1 0.14

0 0.18 290 12 66 0.26 0.13
0 NQ 4300 300 1100 11 6.8
0 NQ 2900 190 590 14 40
Q NQ 3600 510 1900 29 65

NQ 8700 280 930 NQ NQ
0 NQ 3800 690 6400 1.6 NQ
0 NQ 2300 310 1800 0.59 NQ
0 NQ 4100 350 2300 1.1 NQ

NQ 0.63 34 0.44 NQ NQ
0 NQ 18,000 920 1700 13 NQ
0 NQ 27,000 1200 2400 21 23

NQ 3200 46 70 2.8 NQ
0 NQ 5600 100 190 40 20
0 NQ 6000 90 170 33 17

NQ 4200 84 590 0.20 NQ
NQ 610 59 260 0.10 NQ
NQ 730 70 160 NQ NQ
NQ 590 100 330 NQ NQ

1 NQ 130 20 81 NQ 0.31
NQ 180 35 140 NQ 0.15

not quantified due to interference in analysis.



Table 4
Levels of selected OCPs (ng m−3) in bulk indoor air in the Museum of South Bohemia.

Compound Exhibition
area 1

Exhibition
area 2

Office Storage
room 1

Storage
room 2

Storage
room 3

α-HCH 1.5 0.078 2.6 7.4 23 18
β-HCH b0.0013 b0.0013 b0.0016 b0.0013 b0.0016 b0.0013
γ-HCH 200 7.9 630 2800 15,000 1900
δ-HCH 0.018 0.0051 0.033 0.11 0.65 0.23
ε-HCH b0.0010 b0.0010 0.022 0.058 0.17 0.10
o,p′-DDE 0.0094 0.010 0.011 0.0062 0.0072 0.013
p,p′-DDE 0.041 0.056 0.049 0.026 0.026 0.11
o,p′-DDD b0.00068 0.0016 b0.00085 0.0020 0.0014 0.0081
p,p′-DDD b0.00059 b0.00060 b0.00075 b0.00059 b0.00074 b0.00059
o,p′-DDT 0.013 0.016 0.033 0.032 0.033 0.15
p,p′-DDT 0.0031 0.0058 0.017 0.0085 0.0064 0.068
HCB 0.31 0.28 0.29 0.49 0.48 0.32
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respectively. As the target OCPs are fairly volatile, the levels of p,p′-DDE,
p,p′-DDT andγ-HCHmeasured in the indoor air of the theatre are there-
fore likely to represent the highest annual levels, i.e., a worst case sce-
nario for the year. Rapid heating during the daytime and high
temperatures throughout the day would have allowed volatilization of
p,p′-DDT from treated attic beams thus increasing concentrations in air.

3.1.2. Museum of South Bohemia, České Budějovice
Organochlorine pesticides were detected in air samples in all rooms

of theMuseumof South Bohemia (Table 4). Levels of∑5HCH (α-,β-,γ-,
δ- and ε-HCH) in air varied markedly between rooms (average of
3400 ng m−3 and range of 8.0 to 15,000 ng m−3) and most of the
∑5HCH was γ-HCH. Levels were highest in the storage rooms whereɣ-HCH was applied in the past as a granulated formulation for the pres-
ervation of themuseums botanical and zoological collections, and a sig-
nificant residue of the applied formulation remains to the present day.
Table 5
Levels of OCPs in museum air and dust from museums, and artefacts.

Sample description

Air Air measured with AAS in invertebrate, bird and mammal galleries, 2
stockrooms and a laboratory in Natural History Museum, Rouen.
Air measured in 2-year period on persons in preservation (PS),
maintenance (MS) and inventory (IS) services at the Natural History
Museum of Rouen.

Dust Dust samples from the invertebrate, bird and mammal galleries, as well a
stockroom in the Natural History Museum of Rouen.
Settled dust of German museum rooms, where wooden sculptures are
displayed. Collected by manual wiping.
Dust, dirt off exhibits and storage areas were collected from several
locations in the Reiss-Engelhorn-Museen, Mannheim in 2006.

Artefact/object Fur/skin scraped or cut off 16 artefacts (1983) kept at the National Museu
of Denmark. Artefacts cleaned with compressed air.
Biocide concentrations in the diorama (soil) of the Lower Saxony State
Museum, Hanover.
Artefacts from (a) Lower Saxony State Museum, Hanover, (b) an unknow
museum and (c) a museum in southwest Germany
Museum objects repatriated to the Hupa Tribe of California

Extract of unknown museum object.
Stores and collection dust and object samples in 1987.
Artefact - bear paw pouch
Artefact - fly catcher
Wooden printing blocks from the Plantin-Moretus Museum, Antwerp.
Objects were treated circa 1950.
Wooden sculptures and masks from the Ethnographic Museum, Antwerp
Objects were treated circa 1950.
Walnut veneered spruce cabinet from Swiss National Museum.
Washing/abrasion from 2 artefacts from the Reiss-Engelhorn-Museen,
Mannheim in 2006.

a The DDT values represent the sum of isomers and derivatives (o,p′-DDD, p,p′-DDD, o,p′-DD
b Note that the isomers of DDT, DDE or DDD analyzed were not identified for these studies.
γ-HCH levels were also at least 3 times higher in the air in the office
compared to the exhibition areas, most likely due to the application of
a γ-HCH formulation in the office a few years prior to the air sampling.
Average and range of∑6DDT (o,p′- and p,p′-DDT, DDE and DDD) levels
in air (0.13 ng m−3 and 0.066–0.35 ng m−3) were orders of magnitude
lower than∑5HCH. There is no record of DDT use in the museum. DDT
(sum of o,p′- and p,p′-DDT isomers) was N3 times higher in one of the
rooms used to house the museum's collection of zoological specimens
(storage room 3) than other rooms of the museum, suggesting that
this pesticidemay have been used here in the past. However, in general,
the source of DDT and its metabolites in the indoor air of themuseum is
likely to be outdoor air, considering that the levels in most of the rooms
are similar.∑6DDT was dominated by p,p′-DDE in the indoor air of the
museum because DDT has not been used for several decades in the
CzechRepublic. HCB levelswere similar in all rooms, indicating that out-
door air was also the source of the indoor contamination of this
compound.

3.1.3. Comparison to OCPs in indoor air of other museums and historical
buildings

There are limited studies onOCP levels in indoor air ofmuseums (air,
dust) and artefacts (Table 5). To the authors' knowledge, there is no in-
formation on the levels of OCPs in air of historical buildings such as the
baroque theatre (e.g., castles, churches, etc.). In general, levels of DDT
and γ-HCH were higher in artefacts or museum air in other studies
than in the present study. p,p′-DDT in all materials from the theatre in-
cluded in the present study were in the range of 41 to 29,000 ng g−1

with a median of 590 ng g−1. These p,p′-DDT levels are much lower
than DDT levels in fur- and skin-based artefacts from the National Mu-
seum of Denmark, where the median levels were 870,000 ng g−1 and
370,000 ng g−1 before and after cleaning, respectively (Glastrup,
2000) or in Native American artefacts (DDT levels detected up to
Results Reference

DDT + DDD: b0.5. 0.9, 9.0, b0.5, b0.5 and b0.5 μg m−3 (Marcotte et al., 2014)b

γ-HCH: 0.5, 4.8, 32, 1.8, b0.3 and b0.3 μg m−3

DDT + DDD: 546 (PS 1st year), b0.5 (PS 2nd year), 46
(MS 1st year), b0.5 (MS 2nd year) and 10 (IS) μg m−3

γ-HCH: 2.8 (PS 1st year), b0.3 (PS 2nd year), 2.1
(MS 1st year), b0.3 (MS 2nd year) and b0.3 (IS) μg m−3

s a DDT + DDD: 968, 403, b0.5 and 159 μg g−1 (Marcotte et al., 2014)
γ-HCH: 1.5, 0.7, b0.3 and 0.4 μg g−1

DDT: b1–100 μg g−1 (Schieweck et al., 2007)a

γ-HCH: 5–50 μg g−1

DDT, DDE and DDD detected. Levels not reported (Musshoff et al., 2010)b

m DDT range and median: b39–5100 and 870 μg g−1

(before clean). b39–7100 and 370 μg g−1 (after clean)
(Glastrup, 2000)b

DDT: b1–10 μg g−1

γ-HCH: b1–4 μg g−1
(Schieweck et al., 2007)b

n DDT: not detected – 21 μg g−1

γ-HCH: b1–38 μg g−1

DDT: not detected – 130 μg g−1 (Palmer et al., 2003)b

γ-HCH: not detected – 30 μg g−1

DDT detected. Not quantified (Palmer, 2000)b

DDT detected in all samples. Levels not reported (Schmidt, 2000)b

DDT detected. Levels not reported (Sirois, 2000)b

γ-HCH detected. Levels not reported
Detected in all 10 samples. Levels not reported (Covaci et al., 2006)b

Not detected in all 10 samples
. DDT not detected in all 7 samples

γ-HCH not detected in all 7 samples
DDT crystals observed. DDT levels not quantified. (Wörle et al., 2012)
DDT, DDE and DDD detected. Levels not reported (Musshoff et al., 2010)b

E, p,p′-DDE, o,p′-DDT, and p,p′-DDT).
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13,000,000 ng g−1) (Palmer et al., 2003). Yet, p,p′-DDT in theatre attic
beam scrapings (this study) are similar to soil from inside a diorama
and artefacts from German museums, where levels of DDT ranged
from b1000 to 38,000 ng g−1 (Schieweck et al., 2007). Levels of γ-
HCH, p,p′-DDT and p,p′-DDD in the theatre air measured in the present
study ranged from 3.0 to 56 ng m−3, 1.0 to 25 ng m−3 and 3.0 to
14 ng m−3, respectively. Therefore, the OCPs in the baroque theatre
were well below those measured in air of the Natural History Museum
of Rouen, where levels of γ-HCH were up to 32,000 ng m−3 and levels
of DDT + DDD were up to 9000 ng m−3 (Marcotte et al., 2014). Levels
of γ-HCH in the storage rooms of theMuseum of South Bohemia (medi-
an = 1300 ng m−3; this study) and the galleries of the Natural History
Museum of Rouen (median = 3300 ng m−3 (Marcotte et al., 2014))
were similar.
Fig. 1. Estimated CR for employees from exposure to (a) γ-HCH, (b) α-HCH, (c) p,p′-DDE,
(d) p,p′-DDT and (e) HCB compounds in indoor air of the baroque theatre, Český Krumlov.
y-axes are on a logarithmic scale. Below the red line (1× 10−6) risk is considered very low
or negligible and above the red line the risk is considered moderate and should be subject
to case specific evaluation (US EPA, 1991). Missing values from 2001 are where air
concentrations were not available.
3.1.4. Comparison to OCPs in non-impacted outdoor air in the Czech
Republic

Indoor air from the present study was compared with OCPs mea-
sured in outdoor air at the Czech European Monitoring and Evaluation
Program (EMEP) site, the Košetice Observatory, situated in a largely
rural area in central Czech Republic (Table 6) (Dvorská et al., 2009;
Dvorska et al., 2008; Holoubek et al., 2007; Holt et al., 2017). Levels of
some OCPs in the indoor air of the theatre and museum were orders
of magnitude higher than the outdoor air at the background site in the
Czech Republic. Average p,p′-DDT, p,p′-DDE, p,p′-DDD in the air of the
stage area and attic were at least 3 orders of magnitude higher than
the average background outdoor air levels in the Czech Republic, even
after building restoration and dust removal to reduce indoor air con-
tamination. γ-HCH was also significantly higher (2 orders of magni-
tude) in the air of the theatre than in outdoor air. γ-HCH in the indoor
air of the museum was between 100 and 1 × 105 fold the outdoor air
levels.

There were, however, some similarities between indoor air levels of
OCPs in the theatre and museum, and background outdoor air in the
Czech Republic, supporting the hypothesis of outdoor air as a potential
source of some OCPs in indoor air. PeCB levels in the museum air and
HCB levels in both the theatre and museum air were generally within
the same range or slightly above the levels in background outdoor air.
β-HCH in the theatre and museum also likely originated from outdoor
air. In contrast with the theatre, levels of p,p′-DDT and its metabolites
in the museum air were also in the range of background outdoor air.
This suggests that for the OCPs not used in indoor preservation, outdoor
air is the primary source of indoor air contamination.
Table 6
Levels of OCPs in air (ng m−3; measured using AAS), Košetice observatory from 2003 to
2012 (Data providedby theRECETOX laboratory upon request. Košetice airmonitoring da-
ta have previously been published in Dvorská et al. (2009); Dvorska et al. (2008);
Holoubek et al. (2007); Holt et al. (2017)).

Compound Min Max Mean Median

α-HCH bLOQa 0.12 0.015 0.011
β-HCH bLOQa 0.096 0.0086 0.0058
γ-HCH bLOQa 0.13 0.022 0.017
p,p′-DDE 0.0014 0.064 0.018 0.016
p,p′-DDD bLOQa 0.026 0.0023 0.0012
p,p′-DDT bLOQa 0.045 0.0050 0.0033
PeCB bLOQa 0.078 0.011 0.0086
HCB bLOQa 0.50 0.093 0.067

a From2003 to 2010 average LOQ for all compounds (0.00050ngm−3)was reported by
theRECETOX laboratory. From2011 laboratory reporting changed to a range of LOQvalues
for each compound: α-HCH (0.000030–0.0010 ng m−3), β-HCH (0.000030–
0.0017 ng m−3), γ-HCH (0.000030–0.0022 ng m−3), p,p′-DDD (0.000030–
0.0015 ng m−3), p,p′-DDE (0.000030–0.00067 ng m−3), p,p′-DDT (0.000030–
0.0028 ngm−3), PeCB (0.000030–0.00050 ngm−3) and HCB (0.000030–0.00062 ngm−3).
3.2. Inhalation cancer risk

3.2.1. Baroque theatre, Český Krumlov
The CR from exposure through inhalation to OCPs, particularly p,p′-

DDE from past treatment of wood in the theatre, was estimated
(Fig. 1). The CR for employees was negligible (b1 in 1000,000) to low
(between 1 in 100,000 and 1 in 1000,000) for p,p′-DDE prior to theatre
restoration (2002 to 2003), with CR depending on the location of the
building, i.e., CR was higher in the attic. CR decreased to negligible in
the attic after site restoration, which involved the removal of contami-
nated building materials including insulation. γ-HCH and HCB were
also estimated to pose a low risk to theatre workers. γ-HCH was also
lower after theatre restoration despite the fact that higher levels were
found in wood from the stage area rather than materials that were
eventually removed from the attic.
3.2.2. Museum of South Bohemia, České Budějovice
The CR fromoccupational inhalation exposure to γ- andα-HCH, p,p′-

DDE and HCB (Fig. 2) was estimated using air monitoring data from the
Museumof South Bohemia. CR from γ-HCH in the storage rooms (CR N1
× 10−4) is substantial enough towarrant some form of action to reduce
or eliminate risks (e.g., remediation), according to the US EPA classifica-
tion for contaminated sites (US EPA, 1991). There also appears to be
higher CR from HCB (Fig. 2E), which is from outdoor rather than indoor



Fig. 2. Estimated CR through inhalation exposure to (a) γ-HCH, (b) α-HCH, (c) p,p′-DDE
and (d) HCB in indoor air of the Museum of South Bohemia. y-axis is on a logarithmic
scale. Below the red line (1 × 10−6) risk is considered very low or negligible and above
blue line (1 × 10−4) risk may require mitigation measures to reduce risk; between red
and blue lines the risk is considered moderate and should be subject to case-specific
evaluation (US EPA, 1991).

605E. Holt et al. / Science of the Total Environment 609 (2017) 598–606
sources. The CR from HCB is ~5 × 10−4 in all roomswhere air sampling
occurred, and is high enough to prompt actions to reduce or eliminate
potential risks. CR for α-HCH ranges between 1 × 10−4 and 1 × 10−6

(moderate risk) in the storage rooms. Therefore CR for α-HCH may
not be large enough to warrant risk management actions but should
be evaluated on a case-by-case basis (US EPA, 1991). CR for p,p′-DDE
and p,p′-DDT was negligible (CR b b1 × 10−6).

3.2.3. Human health risk (cancer risk) assessment results in context
Few other studies have investigated exposure to OCPs in similar in-

door environments. Daily (short-term) inhalation exposure to γ-HCH,
DDT and DDD was determined for Natural History Museum of Rouen
staff and was orders of magnitude lower than occupational exposure
guidelines (Marcotte et al., 2014). Yet, no studies have investigated
potential long-term exposure and quantitatively estimated long-term
risk in museums or historical buildings such as the baroque theatre.
Therefore, direct comparisons of long-term health outcomes were not
possible.

However, while short-term exposure to high levels of OCPs may be
insignificant or low risk for human health, prolonged exposure to
OCPs, even at lower levels can be a significant risk for human health.
The exposure for staff at theNatural HistoryMuseum of Rouenwas pre-
dicted to be insignificant despite the fact that levels of γ-HCH and DDT
and DDD were high in some rooms (up to 32,000 ng m−3 and
9000 ng m−3, respectively) (Marcotte et al., 2014). In contrast, at the
Museum of South Bohemia (present study) long-term health risks
from inhalation exposure to γ-HCH (15,000 ng m−3) was high.

While the present study quantified levels of OCPs in indoor air, and
thus focused on inhalation exposure, occupational exposure via inges-
tion of dust particles and dermal contact with contaminated surfaces
could also be significant in both the theatre and museum, and would
have to be separately estimated to determine overall occupational
exposure.

4. Conclusions

While OCPs such as DDT, γ-HCH or technical HCH are no longer ap-
plied in many countries, apart from specifically controlled uses, the leg-
acy of previous application of these compounds is that their release in
indoor environments can continue due to the large volumes used in
the past and their persistence in the environment. Levels of OCPs in
air, dust, and building materials, as well as on or embedded in artefacts
are poorly characterized for settings such as buildings of cultural and
historical significance. Such buildings can to be hotspots for OCP con-
tamination but the extent of the problem is largely unknown. To date
there is very little information on human occupational exposure and
the potential human health risk from past use of OCPs in museum col-
lections or in historical buildings. The present study provides evidence
of high levels of OCPs in indoor air of important historical and cultural
buildings in the Czech Republic, such as the baroque theatre in Český
Krumlov and theMuseumof South Bohemia, frompesticide use that oc-
curred decades ago. OCP contamination in indoor air may lead to an in-
creased CR to exposed workers to the point where remediation may be
required, as is the case with the Museum of South Bohemia.
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a b s t r a c t

Perfluoroalkyl and polyfluoroalkyl substances (PFASs) are a large group of important chemical com-
pounds with unique and useful physico-chemical properties, widely produced and used in many ap-
plications. However, due to the toxicity, bioaccumulation and long-range transport potential of certain
PFASs, they are of significant concern to scientists and policy makers. To assess human exposure to PFASs,
it is necessary to understand the concentrations of these emerging contaminants in our environment,
and particularly environments where urban population spend most of their time, i.e. buildings and
vehicles.

A total of 126 samples of building materials, consumer products, car interior materials and wastes
were therefore analyzed for their content of key PFASs - 15 perfluoroalkyl acids (PFAAs). At least one of
the target PFAAs was detected in 88% of all samples. The highest concentration of S15PFAAs was found in
textile materials (77.61 mg kg�1), as expected, since specific PFAAs are known to be used for textile
treatment during processing. Surprisingly, PFAAs were also detected in all analyzed composite wood
building materials, which were dominated by perfluoroalkyl carboxylic acids with 5e8 carbons in the
chain (S4PFCAs up to 32.9 mg kg�1). These materials are currently widely used for building refurbish-
ment, and this is the first study to find evidence of the presence of specific PFASs in composite wood
materials. Thus, in addition to consumer products treated with PFASs, materials used in the construction
of houses, schools and office buildings may also play an important role in human exposure to PFASs.

© 2016 Elsevier Ltd. All rights reserved.
1. Introduction

Perfluoroalkyl and polyfluoroalkyl substances (PFASs) are a
diverse and large group of chemicals which consists of various
polymers and nonpolymer substances (Buck et al., 2011). PFASs are
applied to a wide range of commercial and industrial materials in
order to change their physico-chemical properties (Banks, 1994;
Kissa, 2001) resulting in lowered interfacial or/and surface
lymuk).
tension and enhanced resistance towater, stains, oil, and fire. Major
producers of PFASs are 3M, DuPont, Clariant, Daikin and Asahi Glass
and applied in large volumes on a global scale: e.g. the total pro-
duction of perfluorooctane sulfonyl fluoride from 1970 to 2002 was
estimated to be about 100 000 metric tons (Paul et al., 2009). PFASs
are specifically used in applications such as surface treatment of
textiles (e.g. carpets, furniture materials and clothing), leather
products, paper and packaging, coating additives, cleaning agents
and firefighting foams (Paul et al., 2009; Prevedouros et al., 2006;
Wang et al., 2014). In addition, specific PFASs are also used in the
photographic industry, photolithography and manufacturing of
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semiconductors (OECD, 2002; EFSA, 2008). Since PFASs are typi-
cally used to treat surface layers they can be directly released from
final products into the environment during their lifecycle. Wang
et al. (2014) estimated global emissions of perfluoroalkyl carboxylic
acids (PFCAs) (C4 to C14) from direct and indirect sources between
1951 and 2015 of up to 21 400 metric tons.

The fate of PFASs in the environment as well as their biological
activity are determined by their physico-chemical properties,
which vary greatly with molecular structure (e.g. functional group
and carbon chain length) (Kissa, 2001). In general, neutral PFASs
(e.g. fluorotelomer alcohols, perfluorinated sulfonamides and their
derivatives) may undergo long range atmospheric transport (Lai
et al., 2016) and may be partially degraded into perfluoroalkyl
acids (PFAAs) in the presence of OH radicals (Ellis et al., 2004).
These PFAAs, such as PFCAs and perfluoroalkane sulfonates (PFSAs)
have been shown to persist in the environment (Scheringer et al.,
2014) and have no known significant natural degradation mecha-
nism (Sulbaek Andersen et al., 2003.). Typically they can undergo
long-range transport and therefore they are widespread in a range
of environmental compartments around the globe (Butt et al.,
2007; Giesy and Kannan, 2001). Humans are exposed to PFASs
through various pathways (e.g. dust ingestion, drinking water, diet
and inhalation) (Enault et al., 2015; Haug et al., 2011; Miralles-
Marco and Harrad, 2015). Similarly to the legacy persistent
organic pollutants (POPs, e.g. polychlorinated biphenyls, organo-
chlorine pesticides), the neutral PFASs accumulate in lipid-rich
tissues (Chu et al., 2016). In contrast, the ionic PFASs, particularly
the longer chain PFAS, bind to blood proteins and accumulate in the
liver, kidney and bile secretions (Ng and Hungerbühler, 2014).
Almost all human blood samples collected around the world were
found to contain ionic PFASs at levels of ng mL�1 (Gebbink et al.,
2015; Miralles-Marco and Harrad, 2015; Wang et al., 2015b). In-
formation about the effects on humans are primarily available for
PFOA and PFOS and are related to early menopause, changes in a
sperm quality and increased risk of cancer (Bonefeld-Jorgensen
et al., 2011; Joensen et al., 2009).

In 2009, PFOS and related compounds were listed under Annex
B of the Stockholm Convention on Persistent Organic Pollutants,
which restricts manufacturing and use to a few specific applications
(Stockholm Convention, 2009). Within the European Union, the use
of PFOS is regulated by European Commission Regulation No. 122/
2006 (EU, 2006a), 552/2009 (EU, 2009) and 757/2010 (EU, 2010)
Intermediate products or articles with concentrations of PFOS
greater than 0.1% by weight are banned since 2007. For textiles or
other coated materials, the amount of PFOS must be lower than
1 mg m�2. Moreover, PFOA, other C9-C14 PFCAs and their salts and
precursors have been identified by the European Chemicals Agency
as a Substance of Very High Concern due to their irreversible effects
on the environment and human health (ECHA, 2015) and presence
of PFOA in articles on the European market at levels higher than
0.1% must be reported (EU Regulation No. 1907/2006 (EU, 2006b)).
The group of regulated PFAAs includes also several other identified
precursors and intermediates (OECD, 2007), which are currently
being replaced by the manufacturers with alternative PFASs; e.g.
PFAAs with shorter (C4 to C6) fluorinated chains or PFASs with
hetero atoms (N, S, O) in their carbon chains (EPA, 2012;Wang et al.,
2013). Use volumes and the environmental and human impact of
these alternative PFASs are currently under scientific focus (Blum
et al., 2015).

Both regulated and non-regulated PFASs are frequently found to
be present in consumer products used on a daily basis in homes,
schools and workplaces. While intensive research has focused on
food packaging materials (Begley et al., 2005; Gallart-Ayala et al.,
2013; Herzke et al., 2012; Martanez-Moral and Tena, 2012; Poo-
thong et al., 2012; Sinclair et al., 2007; Trier et al., 2011a, 2011b;
Vestergren et al., 2008; Zafeiraki et al., 2014), information regarding
levels found in other daily-use consumer products is limited
(Herzke et al., 2012; Liu et al., 2014; Trier et al., 2011a; Vestergren
et al., 2015; Ye et al., 2015) and no information regarding levels in
building materials is currently available. However, the indoor
environment is a potential source of human PFAS exposure, espe-
cially in view of the fact that people in urban areas spendmore than
20 h per day in indoor spaces (Klepeis et al., 2001).

Quantifying PFAS exposure is a complex and challenging pro-
cess, not least due to a lack of knowledge concerning the exact PFAS
composition in materials. Thus, a necessary component of quanti-
fying PFAS exposure is obtaining information on their concentra-
tions in broad range of materials types, since these materials
release PFASs and contribute to their elevated levels in indoor air
and dust. In this study we analyzed 126 individual samples of
building materials, consumer products, car interior materials and
wastes in order to provide insight into the distribution and
amounts of PFASs added to indoor materials and to identify the
potential sources of specific PFASs to the indoor environment.

2. Experimental

2.1. Sample collection

The aim of this study was to obtain PFAA levels in a represen-
tative selection of different types of materials. Both new and used
materials were included to cover thewidest range of materials used
in the construction of buildings, household equipment, interior of
cars andwastes. These includedmainly constructionmaterials used
in the past three decades, new and used electrical devices, flooring,
fabric, upholstery and other daily-use materials. Samples of recy-
cled materials were also included, as their contamination from
primary materials remains unclear. New materials were purchased
while older and usedmaterials were collected fromvarious sources.
These materials were also analyzed for flame retardants, presented
elsewhere (Vojta et al., in prep).

A total of 126 samples were split into four categories according
to use and composition. The first category included household
equipment; i.e. (1A) textiles, (1B) floor coverings, (1C) electrical &
electronic equipment (EEE), and (1D) plastics. The second category
included building materials; i.e. (2A) oriented strand board (OSB),
other composite wood and wood, (2B) insulation materials, (2C)
mounting and sealant foam, (2D) facadematerials, (2E) polystyrene
and (2F) air conditioner components. Some buildingmaterials were
supplied by a company dealing with the construction of low-energy
houses. In the third category were car interior materials. The final
group consisted of wastes of electrical & electronic equipment
(WEEE) collected at a sorting plant. See Supplementary Materials
Table SI.2 for a detailed list of sample categorization.

2.2. Sample preparation and extraction

Samples of solid materials were crushed, chopped or ground
while samples of foam and fabrics were cut into small pieces. After
grinding or cutting, 5 g of each sample was extracted with meth-
anol with the addition of ammonium acetate (final concentration
5 mM) using warm Soxhlet extraction (60 min warm Soxhlet fol-
lowed by 30 min of solvent rinsing) in a B-811 extraction unit
(Büchi, Switzerland). Following extraction, samples were cleaned
up according to the procedures for PFAAs analysis described in
detail elsewhere (Kar�askov�a et al., 2016). Briefly, concentrated ex-
tracts were filtered using a syringe filter (nylon membrane, 13 mm
diameter and 0.45 mm pore size). The filtrate was concentrated
using a stream of nitrogen in a TurboVap II (Caliper LifeSciences,
USA) concentrator unit to 500 mL and transferred to a minivial.
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Finally, samples were diluted using a solution of ammonium ace-
tate in water (concentration 5 mM) up to a final volume (50/50,
ammonium acetate in water/ammonium acetate in methanol, v/v).
Prior to final analysis, syringe standards (13C4 PFOA, 13C4 PFOS)
were added to all samples.

2.3. Quality assurance and quality control

The extraction efficiency of individual PFAAs from analyzed
materials was tested by repeated warm Soxhlet extraction cycles.
Since no PFAAs were detected in repeat extracts, we assumed that
the sample preparation method described above was sufficient to
remove all extractable amounts of PFAAs from materials and
therefore to obtain realistic levels of PFAAs present in samples.

The accuracy of methodwas evaluated using a set of spiked solid
blank materials (polyurethane foam (n ¼ 6) and sand matrix blank
(n ¼ 10)). Obtained recoveries varied between 70% and 120% for
individual compounds with relative standard deviation up to 21%
for PFCAs and 8.3% for PFSAs (extraction method details are pro-
vided in Supplementary Materials and results for individual com-
pounds are in Table SI.1b). Laboratory procedural blanks were also
analyzed (n ¼ 10) using empty extraction cartridges and no labo-
ratory contamination was detected for any of the analyzed com-
pounds. For quantification of target compounds, set of calibration
standards solution (CS) were analyzed and the instrumental limit of
quantification (ILQ) was calculated from the signal to noise ratio (S/
N ¼ 9) for the lower calibration point (Table SI.1a). Method quan-
titation limits (MQL) were calculated from spiked solid blank ma-
terials as a lowest quantifiable concentration and were recalculated
to the sample weights. Precision of measurement was determined
by repetitive injection of QA/QC standard solution as described in
Be�canov�a et al. (2016).

2.4. Instrumental analysis

The separation and detection of 15 PFAAs: short-chain (C5-C7)
PFCAs, long-chain (C8-C14) PFCAs and C4, C6, C7, C8, C10 PFSAs
(listed in full in Table SI.1a) were performed by liquid chromatog-
raphy using an Agilent 1100 (Agilent Technologies, Palo, Alto, CA)
equippedwith a SYNERGI 4m Fusion RP 80€A 50mm� 2mm column
(Phenomenex, USA) coupled to a mass spectrometer QTRAP 5500
(ABSciex, CA, USA) interfaced with an electrospray ionization
source (HPLC-ESI-MS/MS). The mass spectrometer was operated in
negative ion mode (EI-) using two MRM transitions for each com-
pound. For detailed mass spectrometer conditions see Supple-
mentary Materials Tables SI.3 and SI.4. Aliquots of 10 mL were
injected on the column and eluted using a gradient of 200 mL min�1

methanol and water (with 5 mM ammonium acetate). The initial
gradient was set at 45/55 methanol/water, with methanol content
increased to 80% over two minutes (then held for 10 min) and
further increased to 100% methanol (with 5 mM ammonium ace-
tate) and held for 3 min. The column was equilibrated using the
initial content of the mobile phase for 5 min between injections.

2.5. Statistical analysis

Prior to data treatment, an anomalous sample of a 7-year-old
polyurethane foam with 2 times higher concentrations of target
chemicals compared to the second highest concentrated one was
excluded from the dataset due to detectable levels of all of the
target compounds at unusually high levels (see Table SI.2).

The Kruskal-Wallis test and multiple comparisons of mean
ranks were used for statistical differences of sum PFAAs among
material categories according to use and composition. To identify
PFAA concentration patterns in different types of materials, cluster
analysis was performed. Only PFAAs with more than 10% of values
above detection limits were used for this analysis. The concentra-
tions were standardized to three levels. Values below or close to
limits of quantification were assigned zeros, values with normal
distribution rangeweremarked as 1 and outlier and extreme values
were marked as 2. This type of transformation allowed direct
comparison of different levels of PFAAs in materials. The samples
without any detected concentrations (with all zeros, in total 33)
were excluded from clustering. The Ward's method with Euclidean
distance was used as the clustering method. All statistical analyses
were performed in STATISTICA (version 12, StatSoft, Inc.).

3. Results and discussion

3.1. PFAA detection frequency and general composition profiles

Two classes of PFAAs (PFSAs and PFCAs) were quantified in 126
samples. PFAAs were found in all but eleven samples (88%). As
expected, the most frequently detected compound was PFOS, with
a detection frequency of 64% (Figure SI.1). The detection frequency
of the remaining PFSAs varied between 27 and 45%. The detection
frequency of the short-chain PFCAs (C5eC7) and PFOA ranged from
21 to 44%; by contrast, the detection frequency of PFCAs with 9e14
carbons in their chain was only 2e5%. Although the low frequency
of PFCAs with carbon chain �10 was predictable due to their recent
limited production and usage in consumer products (Wang et al.,
2014), their high bioaccumulation potential (Martin et al., 2004)
warrants their continued monitoring in consumer products.

As a result of the relation between their median concentration
and detection frequency, PFAAs were split into two major groups
(Fig. 1).

The first group (I.) comprises PFAAs found at low concentrations
with a low detection frequency, and contains long-chain PFCAs
with 11e14 carbons in their chain, as expected considering there is
no reported intensive use of long-chain PFCAs in consumer prod-
ucts or building materials. The second group (II.) contains com-
pounds with detection frequencies between 25 and 45% and
median concentrations of up to 0.6 mg kg�1 of material. This group
includes both PFCAs and PFSAs with short carbon chains. Some of
these compounds are used as alternatives to banned C8 compounds
(EPA, 2012); moreover, they were identified as impurities occurring
during C8 compound production (Buck et al., 2011). The remaining
ungrouped substances are PFOS, PFOA and PFHpA. PFOS (median
concentration 0.12 mg kg�1 and a detection frequency of 64%)
suggests broad usage in materials, as previously reported (Herzke
et al., 2012; Washburn et al., 2005). The C7 and C8 PFCAs have a
similar detection frequency (20 and 14%, respectively) but different
median concentrations (0.88 and 0.37 mg kg�1). Similar results for
short-chain PFCAs have been reported in various applications, i.e.
firefighting foams (Herzke et al., 2012), textiles and food packaging
materials (Begley et al., 2005; Vestergren et al., 2015; Ye et al.,
2015).

3.2. Levels of PFAA in consumer product groups

Total PFAA concentrations in consumer products with detect-
able levels ranged from 0.01 to 77.6 mg kg�1. All materials were split
into product use groups (as described in Section 2.1, and Table SI.1)
to generalize the measured concentrations (Table 1).

In the first category (household equipment) there were no sta-
tistically significant differences between individual groups (1A, 1B,
1C, and 1D). The textile group (1A) showed high variability due to
the relatively high number of extremes and outliers, and contained
the highest concentration of

P
15PFAAs (77.6 mg kg�1). Floor cov-

erings (1B) also covered large ranges, with
P

15PFAAs from 0.3 to



Fig. 1. Median concentration vs. detection frequency of individual PFAAs in 125 samples.

Table 1
Comparison of S15PFAA concentrations within four categories of materials.

Category Group ntotal
a (npositive) min - max (median)b mg kg�1 Intra-category Kruskal-Wallis test c

Household equipment Textile 1A 23 (19) <MQLd - 77.6 (1.15) n.s.
Floor covering 1B 9 (9) 0.310e38.4 (2.09) n.s.
EEE 1C 18 (16) <MQL - 11.7 (0.384) n.s.
Plastics 1D 4 (3) <MQL - 0.384 (0.029) n.s.

Building materials OSB and wood 2A 14 (14) 1.39e18.3 (4.87) * (2C, 2E, 2F)
Insulation materials 2B 16 (16) 0.068e34.3 (3.55) *(2E)
Mounting and sealing foam 2C 6 (4) <MQL - 1.28 (0.230) *(2A)
Facade materials 2D 8 (6) 0e24.5 (0.618) n.s.
Polystyrene 2E 5 (1) <MQL - 0.18 (0.00) *(2A, 2B)
Air conditioning 2F 5 (5) 0.057e0.295 (0.135) *(2A)

Car interior materials e 3 10 (10) 0.033e35.5 (1.34) n.a.
WEEE e 4 7 (7) 0.046e2.20 (1.42) n.a.

a ntotal - total number of samples, npositive - number of positive detected samples within each group.
b of S15PFAAs.
c *p < 0.05; n.s. - not statistically significant; n.a. - not applicable; (p values in Table SI.5).
d MQL e method quantification limit (specified in Table SI.1).
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38.4 mg kg�1. Within the second category (building materials),
statistically significant differences were found between the OSB
andwood group (2A) and the other three (2C, 2E, 2F) groups. Group
2A exhibited the highest median S15PFAA concentration
(4.87 mg kg�1) with a narrow distribution and 100% detection fre-
quency. This uniformity could be caused by similarities in the
production for all materials within this group. In the third category
(car interior materials) although all samples were from car in-
teriors, the materials themselves were very diverse (e.g. plastics,
foams and textiles), and this is reflected in the wide range (from
0.03 to 35.5 mg kg�1) of S15PFAA concentrations. Similar ranges
were also found for groups 1B and 2B, which we hypothesize, is due
to differences in materials type, ages and production technologies
within these groups as well. In contrast, the last category (WEEE)
had a smaller range of S15PFAA concentrations, attributed to similar
type of material (mainly plastics) within this group and the ho-
mogenization that occurs as products enter the waste sorting
stream.

3.3. PFAA composition of specific samples in individual consumer
products categories

As discussed further in section 3.4, for most materials it is not
possible to identify whether the PFAAs originate from production of
the materials or from the product lifetime. However, some
materials exhibited either considerable concentrations of one
specific PFAA or a compound-specific pattern was observed for a
particular group of materials. In the following section the materials
with patterns indicating the intentional addition of PFAAs or their
precursors during production are investigated in detail.

3.3.1. Household equipment
Of the new textile materials, the sample with the highest con-

centration of PFAAs was stain resistant upholstery material pro-
duced in 2010, with a predominant contribution of PFHpS
(73.8 mg kg�1) at levels 23 times higher than PFOS (3.2 mg kg�1). No
toxicological characteristics, data on associated human risk or
regulated levels of PFHpS are currently available. Additionally two
carpet samples produced in 2006 and listed as used in Table SI.2
contained high concentrations of

P
15PFAA (8.54 and

38.4 mg kg�1) with a majority of PFOS (6.08 and 19.6 mg kg�1).
Following a recalculation based on the typical face weight of car-
pets used in Europe (500e2000 g m�2; Fung, 2002), the surface
concentrations in the carpets were determined to be 16e44 mg m�2

and 4.8e13.2 mg m�2, respectively. These levels exceeded the PFOS
limit (1 mg per m2 of coated fabrics) stipulated by the EU directive
by more than 5 times (EU, 2006a). However, since both carpets
were used prior to the analysis, measured concentrations may
originate from both treatment of carpeting with PFAA-containing
stain-proofing sprays/washes during carpet use or intentional
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addition during carpet manufacturing. Presence and levels of PFOS
and its alternatives in various textile materials (especially in floor
covering and upholstery materials) are of interest, since direct
contact with these materials is an important exposure pathway,
particularly for small children.

The last group of household equipment (1D - plastics) included
plastics made from recycled materials which might be potential
sources of indoor contamination. However, there is a lack of data
regarding the potential content of PFAAs in these recycled mate-
rials. In our study, no PFAAs were detected in recycled plastics.
Thus, while recycled plastics may be potential sources of com-
pounds such as brominated flame retardants to the indoor envi-
ronment (Hirai and Sakai, 2007), our analysis suggests that they
may not be a significant source of PFAAs.
3.3.2. Building materials
All 14 samples in group 2A (OSB and wood) contained primarily

short-chain PFCAs and PFOA at concentrations ranging from 1.38 to
13.9 mg kg�1 for S4PFCAs. The pattern and composition of those
PFCAs were similar in all samples within this group. Although
wood-based material technology has undergone significant
development in many countries over the past 50 years (Buehlmann
et al., 2000) and composition of additives used in composite wood
manufacturing depends on the producer, the most commonly used
resins are based on urea- or phenol-formaldehyde due to their good
performance and low cost (Tang et al., 2009). However, no infor-
mation about PFAS concentrations in these resins is available from
their producers. The only information about the usage of PFOS-
related substances in analogous application is their addition in
sealants and adhesive products (POPRC, 2011, 2012). Therefore, we
considered the addition of these adhesives or other additives to
wooden strips or plates during the production of OSB and wood-
based materials to be a possible source of PFASs. A detailed inves-
tigation of these composite wood materials may be useful in the
future, especially when worldwide production has been growing
steadily since 2008 (FAO, 2009) (74 million m3 per year in 2012 in
Europe and over 117millionm3 in China (FAO, 2013)), as well as due
to the recycling potential of these materials.

In group 2B, two samples of wood fibre insulation (produced in
2010) contained high amounts of PFHpA (20.6 and 28.4 mg kg�1)
and other 5- to 8-carbon chain PFCAs (12.3 and 5.8 mg kg�1). Both
insulations were produced by a company manufacturing
environmentally-friendly materials and are regularly used for the
insulation of floors and walls in modern buildings and especially in
low-energy houses. Following a recalculation using insulation area
Fig. 2. Detection frequency of PFAAs in
and material density, the PFHpA concentration was found to be
61.5 mg m�2 (wall insulation) and 181.8 mg m�2 (floor insulation).
Although these shortechain PFOS alternatives are currently man-
ufactured by major producers, there are no current regulations on
short-chain PFCAs in indoor materials in the European Union.
However, at the same time there is scientific pressure on manu-
facturers to inform consumers about the usage of these alternatives
(Cousins et al., 2015).

Materials with high concentrations of PFOS were also found in
group 2B. A sample of phenolic insulation foam produced in 2010,
used as an insulating layer on interior walls, contained 22.8 mg kg�1

of PFOS, which corresponds to a concentration of 54.7 mg m�2 after
recalculation for area. There is no limit for PFOS in building mate-
rials, but the EU legislative limit for carpets (1 mg m�2) as a floor
covering was thus exceeded 50 times in this case. While insulation
is not a strictly equivalent surface layer to carpet, the comparison
with the EU limits for PFOS for carpets as a surface covering sug-
gests that the levels of PFOS in insulation may be a problematic
contamination source in the indoor environment, especially if used
in open applications.

3.3.3. Car interior materials
We investigated ten samples of plastics, textile and upholstery

materials used for the interiors of two cars: �Skoda and Hyundai,
each from ~1995 (Table SI.1). We found PFAAs in all samples in the
same range as in facade and insulation materials (Table 1). One of
the foams used as upholstery material contained 35.5 mg kg�1 of
PFOS. As no other PFAAs were present in this sample, we suspect
that PFOS was added during the production of this foam.

3.3.4. Wastes of electrical & electronic equipment (WEEE)
Within this group all materials contained PFOS in the range of

0.07e0.43 mg kg�1 and also other PFASs and PFCAs at detectable
levels. Since the materials are homogenized in the waste sorting
systems and therefore the origin and age of individual materials is
not known, the origin of PFAAs in WEEE cannot be identified.

3.4. Possible sources of PFAAs in consumer products

Generally, in a majority of materials (Table SI.2), the origin of
detected PFAAs is not clear and they may originate either from
production of selected materials or from transport and usage. We
can further divide this into four types of PFAA sources: (1) inten-
tional addition during production to achieve properties associated
with the use of PFAAs; (2) contamination with by-products/
new vs. previously used materials.



Fig. 3. Dendrogram of material samples (according to raw material and final product application) based on selected PFAA concentrations. The gray scale on the left reflects three
concentration levels (darker grey indicates higher concentrations). Color coding indicates similar materials, and numbers 1 to 5 denote clusters of different composition described
further in the text.
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impurities during production or product lifetime; (3) intentional
addition during product use, such as application of stain-proofing
sprays to carpets, and (4) contamination from the surrounding
environment during the product lifetime. In a few cases, products
can be easily linked with one of the PFAA source types, for example,
the car interior foam mentioned above, containing only PFOS,
suggests intentional addition during manufacturing; while the
presence of PFHpA, which is predominantly a breakdown product
of coatings on carpets, textiles and food packaging (Wang et al.,
2015a) suggests breakdown of coatings, potentially beginning
rapidly after product manufacture.

However, in most cases it is very challenging to identify the
exact source of the detected PFAAs. A comparison of new and used
materials offers some insight (Fig. 2). The higher detection fre-
quency of short-chain PFSAs in older materials suggests possible
uptake of PFSAs during the product lifetime. However, further
interpretation of the differences between new and previously used
products is challenging as the composition of the new and used
product groups was not identical so these differences may also be
influenced by the presence of different product types in new vs.
used groupings (Figure SI.2).

3.5. PFAA patterns in material based on composition

Due to the uncertainties in the origin of PFAAs reported in many
materials (see above), statistical analyses of materials based on
composition of materials was utilized. The goal of this approach
was to link the pattern of PFAAs with the type of manufacturing of
the materials. Firstly, PFAA concentrations were grouped according
to three concentration levels, and secondly a clustering technique
(Ward's method with Euclidean distance) was utilized. Samples
were hierarchically clustered depending on their level of PFAA
concentrations; the resulting dendrogram thus reflects patterns of
materials with similar PFAA content (Fig. 3).

In the dendrogram, the top cluster (marked as number 1) con-
tains mainly composite wood materials previously grouped in
different categories, i.e. primarily OSB but also wooden floor
covering and wood-based insulation. These samples exhibited the
highest concentrations of short-chain PFCAs, whose likely sources
were discussed in section 3.2. The lower cluster of the dendrogram
contains two main subgroups. The first subgroup (cluster 2) in-
cludes primarily plastics and textiles, all of which contained mainly
C4 and C6 PFASs, i.e. replacements for PFOS. This contrasts with
cluster 4, which contains mainly plastics produced before the 2009
PFOS ban and which thus have a high PFOS content. Cluster 3
contains textile floor coverings (from both cars and buildings) and
foam insulation. The presence of a broad range of PFAS in this group
suggests that these compounds were intentionally added in order
to change textile and foam surface properties. Although the sorp-
tion of PFASs during use may contribute to their concentration, the
presence of both new and used materials in this group thus sug-
gests intentional addition during manufacturing. The last group
(cluster 5) consists predominantly of plastics and textiles with C4 to
C9 PFSAs. Despite the fact that some of these materials were pro-
duced after 2009, samples in this group also contained PFOS.
However, the levels of short-chain PFSAs were found to be similar
or higher than levels of PFOS, which further supports above-
discussed changes in PFAS production. All above-mentioned find-
ings indicate that the PFAA content is associated with material to a
greater extent than with usage.

4. Conclusions

We analyzed perfluoroalkyl substances in 126 individual sam-
ples of building materials, consumer products, car interior
materials and wastes which potentially affect indoor environments
where people spend most of their time. AWEEE category was also
included in the study to facilitate the monitoring of PFAA concen-
trations throughout the lifespan of consumer products. The con-
centrations of PFAAs in the majority of studied materials suggested
that the presence of these compounds was not caused by the
intentional addition of PFAAs or their precursors to the materials
during the manufacturing, as the levels were typically low and
product groups contained multiple assorted and unrelated PFAAs.
However, regardless of the origin of PFAAs in specific consumer
products (e.g. impurities or degradation of precursors) knowledge
about their levels is important when assessing human exposure.

However in a few particular materials high concentrations of
banned PFOS and unregulated short-chain PFCAs and PFSAs were
found. The concentrations of some individual samples exceeded the
EU limit for PFOS content in consumer products. The highest con-
centrations of PFASs were found in construction and textile mate-
rials. As construction materials are normally installed during
building construction or renovation, they may not be under the
control of the occupant. Moreover, some materials, like wood-
based building materials, are not typically considered as potential
sources of PFAAs. Therefore, better consumer awareness of the use
of perfluorinated additives in these materials is desirable. Better
information and awareness is also useful for household equipment,
where the choice and use depends on a resident and potential
unknown indoor exposure may thus be controlled to a greater
extent. Detailed monitoring of indoor environments along with
research regarding new materials and potential testing of PFOS
alternatives is needed. Increased attention should be paid espe-
cially to new polymers and nonpolymer substances introduced by
key PFAS producers, e.g. Novec™, Scotchguard™ and FORAFAC™,
which are currently unregulated.

Acknowledgments

The authors thank all volunteers who provided us with the
household equipment and building materials as well as students
(V�era Ba�cov�a, Jana Bene�sov�a and Hanka Li�skov�a) and visiting col-
leagues from the University of Belgrade (Vesna and Malisa Anti�c)
who helped with sample collection and preparation. This research
was supported by the Czech Ministry of Education, Youth and
Sports (LO1214 and LM2015051).

Appendix A. Supplementary data

Supplementary data related to this article can be found at http://
dx.doi.org/10.1016/j.chemosphere.2016.08.112.

References

Banks, R.E., 1994. Organofluorine Chemistry: Principles and Commercial Applica-
tions. Plenum Press.

Be�canov�a, J., Komprdov�a, K., Vrana, B., Kl�anov�a, J., 2016. Annual dynamics of per-
fluorinated compounds in sediment: a case study in the Morava River in Zlín
district, Czech Republic. Chemosphere 151, 225e233.

Begley, T.H., White, K., Honigfort, P., Twaroski, M.L., Neches, R., Walker, R.A., 2005.
Perfluorochemicals: potential sources of and migration from food packaging.
Food Addit. Contam. 22, 1023e1031.

Blum, A., Balan, S.A., Scheringer, M., Trier, X., Goldenman, G., Cousins, I.T.,
Diamond, M., Fletcher, T., Higgins, C., Lindeman, A.E., Peaslee, G., de Voogt, P.,
Wang, Z.Y., Weber, R., 2015. The Madrid statement on poly- and perfluoroalkyl
substances (PFASs). Environ. Health Perspect. 123, A107eA111.

Bonefeld-Jorgensen, E.C., Long, M., Bossi, R., Ayotte, P., Asmund, G., Kruger, T.,
Ghisari, M., Mulvad, G., Kern, P., Nzulumiki, P., Dewailly, E., 2011. Perfluorinated
compounds are related to breast cancer risk in Greenlandic Inuit: a case control
study. Environ. Health 10.

Buck, R.C., Franklin, J., Berger, U., Conder, J.M., Cousins, I.T., de Voogt, P., Jensen, A.A.,
Kannan, K., Mabury, S.A., van Leeuwen, S.P.J., 2011. Perfluoroalkyl and poly-
fluoroalkyl substances in the environment: terminology, classification, and

http://dx.doi.org/10.1016/j.chemosphere.2016.08.112
http://dx.doi.org/10.1016/j.chemosphere.2016.08.112
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref1
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref1
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref2
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref2
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref2
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref2
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref2
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref2
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref2
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref2
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref2
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref3
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref3
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref3
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref3
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref4
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref4
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref4
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref4
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref4
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref5
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref5
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref5
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref5
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref6
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref6
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref6


J. Be�canov�a et al. / Chemosphere 164 (2016) 322e329 329
origins. Integr. Environ. Assess. Manag. 7, 513e541.
Buehlmann, U., Ragsdale, C.T., Gfeller, B., 2000. A spreadsheet-based decision sup-

port system for wood panel manufacturing. Decis. Support Syst. 29, 207e227.
Butt, C.M., Mabury, S.A., Muir, D.C.G., Braune, B.M., 2007. Prevalence of long-chained

perfluorinated carboxylates in seabirds from the Canadian Arctic between 1975
and 2004. Environ. Sci. Technol. 41, 3521e3528.

Chu, S., Letcher, R.J., McGoldrick, D.J., Backus, S.M., 2016. A new fluorinated sur-
factant contaminant in biota: perfluorobutane sulfonamide in several fish
species. Environ. Sci. Technol. 50, 669e675.

Cousins, I.T., Balan, S.A., Scheringer, M., Weber, R., Wang, Z.Y., Blum, A., Diamond, M.,
Fletcher, T., Goldenman, G., Higgins, C., Lindeman, A.E., Peaslee, G., Trier, X., De
Voogt, P., 2015. Comment on “Fluorotechnology is critical to modern life: the
fluoro council counterpoint to the Madrid statement”. Environ. Health Perspect.
123, A170.

ECHA, 2015. ANNEX XV Proposal for a Restriction e Perfluorooctanoic Acid (PFOA),
PFOA Salts and PFOA-related Substances Committee for Risk Assessment and
Committee for Socio-economic Analysis.

EFSA, 2008. Perfluorooctane sulfonate (PFOS), perfluorooctanoic acid (PFOA) and
their salts. EFSA J. 6, 1e131.

Ellis, D.A., Martin, J.W., De Silva, A.O., Mabury, S.A., Hurley, M.D., Andersen, M.P.S.,
Wallington, T.J., 2004. Degradation of fluorotelomer alcohols: a likely atmo-
spheric source of perfluorinated carboxylic acids. Environ. Sci. Technol. 38,
3316e3321.

Enault, J., Robert, S., Schlosser, O., de Th�e, C., Loret, J.-F., 2015. Drinking water, diet,
indoor air: comparison of the contribution to environmental micropollutants
exposure. Int. J. Hyg. Environ. Health 218, 723e730.

EPA, 2012. Emerging Contaminants e Perfluorooctane Sulfonate (PFOS) and Per-
fluorooctanoic Acid (PFOA). United States Environmental Protection Agency.

EU, 2006a. European Union Directive 2006/122/EC of the European Parliament and
of the Council.

EU, 2006b. Regulation (EC) No 1907/2006 of the European Parliament and of the
Council.

EU, 2009. Commission Regulation (EC) No 552/2009.
EU, 2010. Commission Regulation (EU) No. 757/2010.
FAO, 2009. Global Demand for Wood Products. State World's Forestry. 2009, p. 144.
FAO, 2013. Global Forest Products Facts and Figures. State of the World's Forests

2009. FAO Forestry Department, p. 144.
Fung, W., 2002. Coated and Laminated Textiles, first ed. Woodhead Publishing.
Gallart-Ayala, H., Nunez, O., Lucci, P., 2013. Recent advances in LC-MS analysis of

food-packaging contaminants. TrAC Trends Anal. Chem. 42, 99e124.
Gebbink, W.A., Glynn, A., Berger, U., 2015. Temporal changes (1997-2012) of per-

fluoroalkyl acids and selected precursors (including isomers) in Swedish human
serum. Environ. Pollut. 199, 166e173.

Giesy, J.P., Kannan, K., 2001. Global distribution of perfluorooctane sulfonate in
wildlife. Environ. Sci. Technol. 35, 1339e1342.

Haug, L.S., Huber, S., Becher, G., Thomsen, C., 2011. Characterisation of human
exposure pathways to perfluorinated compounds - comparing exposure esti-
mates with biomarkers of exposure. Environ. Int. 37, 687e693.

Herzke, D., Olsson, E., Posner, S., 2012. Perfluoroalkyl and polyfluoroalkyl sub-
stances (PFASs) in consumer products in Norway - a pilot study. Chemosphere
88, 980e987.

Hirai, Y., Sakai, S.-i, 2007. Brominated Flame Retardants in Recycled Plastic Products.
BFR, Amsterdam, The Netherlands.

Joensen, U.N., Bossi, R., Leffers, H., Jensen, A.A., Skakkebæk, N.E., Jørgensen, N., 2009.
Do Perfluoroalkyl compounds impair human semen quality? Environ. Health
Perspect. 117, 923e927.

Kar�askov�a, P., Venier, M., Melymuk, L., Be�canov�a, J., Vojta, �S., Proke�s, R.,
Diamond, M.L., Kl�anov�a, J., 2016. Perfluorinated alkyl substances (PFASs) in
household dust in Central Europe and North America. Environ. Int. 94, 315e324.

Kissa, E., 2001. Fluorinated Surfactants and Repellents. Marcel Dekker Inc., New
York.

Klepeis, N.E., Nelson, W.C., Ott, W.R., Robinson, J.P., Tsang, A.M., Switzer, P.,
Behar, J.V., Hern, S.C., Engelmann, W.H., 2001. The National Human Activity
Pattern Survey (NHAPS): a resource for assessing exposure to environmental
pollutants. J. Expo. Anal. Environ. Epidemiol. 11, 231e252.

Lai, S., Song, J., Song, T., Huang, Z., Zhang, Y., Zhao, Y., Liu, G., Zheng, J., Mi, W.,
Tang, J., Zou, S., Ebinghaus, R., Xie, Z., 2016. Neutral polyfluoroalkyl substances
in the atmosphere over the northern South China Sea. Environ. Pollut. 214,
449e455.

Liu, X.Y., Guo, Z.S., Krebs, K.A., Pope, R.H., Roache, N.F., 2014. Concentrations and
trends of perfluorinated chemicals in potential indoor sources from 2007
through 2011 in the US. Chemosphere 98, 51e57.

Martanez-Moral, M.P., Tena, M.T., 2012. Determination of perfluorocompounds in
popcorn packaging by pressurised liquid extraction and ultra-performance
liquid chromatography-tandem mass spectrometry. Talanta 101, 104e109.

Martin, J.W., Smithwick, M.M., Braune, B.M., Hoekstra, P.F., Muir, D.C.G.,
Mabury, S.A., 2004. Identification of long-chain perfluorinated acids in biota
from the Canadian Arctic. Environ. Sci. Technol. 38, 373e380.
Miralles-Marco, A., Harrad, S., 2015. Perfluorooctane sulfonate: a review of human
exposure, biomonitoring and the environmental forensics utility of its chirality
and isomer distribution. Environ. Int. 77, 148e159.

Ng, C.A., Hungerbühler, K., 2014. Bioaccumulation of perfluorinated alkyl acids:
observations and models. Environ. Sci. Technol. 48, 4637e4648.

OECD, 2002. Hazard assessment of perfluorooctane sulfonate (PFOS) and its salts.
Co-operation on existing chemicals. Organ. Econ. Co-oper. Dev. 362.

OECD, 2007. Report of an OECDWorkshop on Perfluorocarboxylic Acids (PFCAs) and
Precursors. Organisation for Economic Co-operation and Development, p. 82.

Paul, A.G., Jones, K.C., Sweetman, A.J., 2009. A first global production, emission, and
environmental inventory for perfluorooctane sulfonate. Environ. Sci. Technol.
43, 386e392.

Poothong, S., Boontanon, S.K., Boontanon, N., 2012. Determination of per-
fluorooctane sulfonate and perfluorooctanoic acid in food packaging using
liquid chromatography coupled with tandem mass spectrometry. J. Hazard.
Mater. 205e206, 139e143.

POPRC, 2011. Guidance on Alternatives to Perfluorooctane Sulfonic Acid and its
Derivatives. Report of the Persistent Organic Pollutants Review Committee on
the Work of its Sixth Meeting. Stockholm Convention on Persistent Organic
Pollutants, Geneva.

POPRC, 2012. Technical Paper on the Identification and Assessment of Alternatives
to the Use of Perfluorooctane Sulfonic Acid, its Salts, Perfluorooctane Sulfonyl
Fluoride and Their Related Chemicals in Open Applications. Stockholm
Convention, Geneva.

Prevedouros, K., Cousins, I.T., Buck, R.C., Korzeniowski, S.H., 2006. Sources, fate and
transport of perfluorocarboxylates. Environ. Sci. Technol. 40, 32e44.

Scheringer, M., Trier, X., Cousins, I.T., de Voogt, P., Fletcher, T., Wang, Z., Webster, T.F.,
2014. Helsingør Statement on poly- and perfluorinated alkyl substances
(PFASs). Chemosphere 114, 337e339.

Sinclair, E., Kim, S.K., Akinleye, H.B., Kannan, K., 2007. Quantitation of gas-phase
perfluoroalkyl surfactants and fluorotelomer alcohols released from nonstick
cookware and microwave popcorn bags. Environ. Sci. Technol. 41, 1180e1185.

Stockholm Convention. In: Parties, C.o.t. (Ed.), 2009. Stockholm convention on
persistent organic pollutants (POPs), p. 64.

Sulbaek Andersen, M.P., Hurley, M.D., Wallington, T.J., Ball, J.C., Martin, J.W.,
Ellis, D.A., Mabury, S.A., 2003. Atmospheric chemistry of C2F5CHO: mechanism
of the C2F5C(O)O2 þ HO2 reaction. Chem. Phys. Lett. 381, 14e21.

Tang, X.J., Bai, Y., Duong, A., Smith, M.T., Li, L.Y., Zhang, L.P., 2009. Formaldehyde in
China: production, consumption, exposure levels, and health effects. Environ.
Int. 35, 1210e1224.

Trier, X., Granby, K., Christensen, J.H., 2011a. Polyfluorinated surfactants (PFS) in
paper and board coatings for food packaging. Environ. Sci. Pollut. Res. 18,
1108e1120.

Trier, X., Nielsen, N.J., Christensen, J.H., 2011b. Structural isomers of polyfluorinated
di- and tri-alkylated phosphate ester surfactants present in industrial blends
and in microwave popcorn bags. Environ. Sci. Pollut. Res. 18, 1422e1432.

Vestergren, R., Cousins, I.T., Trudel, D., Wormuth, M., Scheringer, M., 2008. Esti-
mating the contribution of precursor compounds in consumer exposure to
PFOS and PFOA. Chemosphere 73, 1617e1624.

Vestergren, R., Herzke, D., Wang, T., Cousins, I.T., 2015. Are imported consumer
products an important diffuse source of PFASs to the Norwegian environment?
Environ. Pollut. 198, 223e230.

Vojta, �S., Melymuk, L., Be�canov�a, J., Kuku�cka, P., Kohoutek, J., Kl�anov�a, J., 2016.
Screening for halogenated flame retardants in european consumer products.
Build. Mater. Wastes (in. prep).

Wang, Z., Cousins, I.T., Scheringer, M., Hungerbühler, K., 2013. Fluorinated alterna-
tives to long-chain perfluoroalkyl carboxylic acids (PFCAs), perfluoroalkane
sulfonic acids (PFSAs) and their potential precursors. Environ. Int. 60, 242e248.

Wang, Z.Y., Cousins, I.T., Scheringer, M., Buck, R.C., Hungerbuhler, K., 2014. Global
emission inventories for C-4-C-14 perfluoroalkyl carboxylic acid (PFCA) ho-
mologues from 1951 to 2030, Part I: production and emissions from quantifi-
able sources. Environ. Int. 70, 62e75.

Wang, F., Shih, K., Ma, R., Li, X.-y, 2015a. Influence of cations on the partition
behavior of perfluoroheptanoate (PFHpA) and perfluorohexanesulfonate
(PFHxS) on wastewater sludge. Chemosphere 131, 178e183.

Wang, T.Y., Wang, P., Meng, J., Liu, S.J., Lu, Y.L., Khim, J.S., Giesy, J.P., 2015b. A review
of sources, multimedia distribution and health risks of perfluoroalkyl acids
(PFAAs) in China. Chemosphere 129, 87e99.

Washburn, S.T., Bingman, T.S., Braithwaite, S.K., Buck, R.C., Buxton, L.W., Clewell, H.J.,
Haroun, L.A., Kester, J.E., Rickard, R.W., Shipp, A.M., 2005. Exposure assessment
and risk characterization for perfluorooctanoate in selected consumer articles.
Environ. Sci. Technol. 39, 3904e3910.

Ye, F., Zushi, Y., Masunaga, S., 2015. Survey of perfluoroalkyl acids (PFAAs) and their
precursors present in Japanese consumer products. Chemosphere 127,
262e268.

Zafeiraki, E., Costopoulou, D., Vassiliadou, I., Bakeas, E., Leondiadis, L., 2014.
Determination of perfluorinated compounds (PFCs) in various foodstuff pack-
aging materials used in the Greek market. Chemosphere 94, 169e176.

http://refhub.elsevier.com/S0045-6535(16)31147-X/sref6
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref6
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref7
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref7
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref7
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref8
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref8
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref8
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref8
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref9
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref9
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref9
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref9
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref10
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref10
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref10
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref10
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref10
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref11
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref11
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref11
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref11
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref12
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref12
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref12
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref13
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref13
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref13
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref13
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref13
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref14
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref14
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref14
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref14
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref14
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref15
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref15
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref15
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref16
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref16
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref17
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref17
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref18
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref19
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref20
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref21
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref21
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref22
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref23
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref23
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref23
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref24
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref24
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref24
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref24
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref25
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref25
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref25
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref26
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref26
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref26
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref26
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref27
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref27
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref27
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref27
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref28
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref28
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref29
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref29
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref29
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref29
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref29
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref30
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref31
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref31
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref32
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref32
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref32
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref32
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref32
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref33
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref33
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref33
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref33
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref33
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref34
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref34
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref34
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref34
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref35
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref35
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref35
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref35
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref36
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref36
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref36
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref36
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref37
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref37
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref37
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref37
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref38
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref38
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref38
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref39
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref39
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref40
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref40
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref41
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref41
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref41
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref41
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref42
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref42
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref42
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref42
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref42
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref42
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref43
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref43
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref43
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref43
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref44
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref44
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref44
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref44
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref45
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref45
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref45
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref46
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref46
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref46
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref46
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref46
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref47
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref47
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref47
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref47
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref48
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref48
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref49
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref49
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref49
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref49
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref49
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref50
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref50
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref50
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref50
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref51
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref51
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref51
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref51
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref52
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref52
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref52
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref52
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref53
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref53
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref53
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref53
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref54
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref54
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref54
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref54
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref55
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref55
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref55
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref55
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref55
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref55
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref55
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref55
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref55
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref56
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref56
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref56
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref56
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref57
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref57
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref57
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref57
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref57
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref58
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref58
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref58
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref58
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref59
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref59
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref59
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref59
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref60
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref60
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref60
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref60
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref60
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref61
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref61
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref61
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref61
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref62
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref62
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref62
http://refhub.elsevier.com/S0045-6535(16)31147-X/sref62


 

Vojta, Šimon, Jitka Bečanová, Lisa Melymuk, Klára Komprdová, Jiří Kohoutek, Petr Kukučka, 

and Jana Klánová. 2017. "Screening for Halogenated Flame Retardants in European 

Consumer Products, Building Materials and Wastes." Chemosphere 168: 457-66. 

https://doi.org/10.1016/j.Chemosphere.2016.11.032 

 

https://doi.org/10.1016/j.Chemosphere.2016.11.032


lable at ScienceDirect

Chemosphere 168 (2017) 457e466
Contents lists avai
Chemosphere

journal homepage: www.elsevier .com/locate/chemosphere
Screening for halogenated flame retardants in European consumer
products, building materials and wastes
�Simon Vojta, Jitka Be�canov�a, Lisa Melymuk*, Kl�ara Komprdov�a, Ji�rí Kohoutek,
Petr Kuku�cka, Jana Kl�anov�a
Research Centre for Toxic Compounds in the Environment (RECETOX), Masaryk University, Kamenice 753/5, 625 00, Brno, Czechia
h i g h l i g h t s
� PBDE, HBCDD and NFR concentrations were determined in 137 consumer products.
� Differences in HFR content between product groups, esp. textiles, plastic and EEE.
� Differences in HFRs between recycled and virgin plastics.
� Recycled plastics contained low levels of a wide range of HFRs.
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a b s t r a c t

To fulfill national and international fire safety standards, flame retardants (FRs) are being added to a wide
range of consumer products and building materials consisting of flammable materials like plastic, wood
and textiles. While the FR composition of some products and materials has been identified in recent
years, the limited global coverage of the data and the large diversity in consumer products necessitates
more information for an overall picture of the FR composition in common products/materials.

To address this issue, 137 individual samples of various consumer products, building materials and
wastes were collected. To identify and characterize potential sources of FRs in indoor environment, all
samples were analyzed for content of polybrominated diphenyl ethers (PBDEs), hex-
abromocyclododecanes (HBCDDs) and novel flame retardants (NFRs).

The most frequently detected were HBCDDs (85%), with the highest median concentration of
S4HBCDDs of 300 mg kg�1 in polystyrenes. The highest median concentration of S10PBDEs was found in
recycled plastic materials, reaching 4 mg kg�1. The lowest concentrations were observed for NFRs, where
the median of S12NFRs reached 0.4 mg kg�1 in the group of electrical & electronic equipment wastes.
This suggests that for consumer products and building materials that are currently in-use, legacy com-
pounds still contribute to the overall burden of FRs. Additionally, contrasting patterns of FR composition
in recycled and virgin plastics, revealed using principle component analysis (PCA), suggest that legacy
flame retardants are reentering the market through recycled products, perpetuating the potential for
emissions to indoor environments and thus for human exposure.

© 2016 Elsevier Ltd. All rights reserved.
1. Introduction

Halogenated flame retardants (HFRs) are chlorine or bromine
based compounds added to a broad range of commercial products
to increase their fire resistance. They are used to meet fire safety
regulations in flammable petroleum-based materials such as
lymuk).
polymers e which have increased in production in the past several
decades and which surround us in the form of clothing, furniture,
electronics, cars and computers as well as in the form of combus-
tible materials such as wood, paper and textiles.

Brominated compounds are frequently used organohalogenated
flame retardants due to their higher trapping efficiency for free
radicals and lower decomposition temperature in comparison with
chlorinated compounds. Brominated flame retardants (BFRs) make
up 22% of the global FR market (Posner et al., 2011), and despite
recent shifts towards non-halogenated flame retardants such as
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organophosphate esters (OPEs), BFRs still dominate (>40 000
metric tons/year consumed globally in 2008, compared to ~ 20 000
tons/year for OPEs; (Posner et al., 2011)). Throughout the 1990s and
early 2000s, the BFR market was dominated by polybrominated
diphenyl ethers (PBDEs), hexabromocyclododecane (HBCDD) and
tetrabromobisphenol A (TBBPA). However, due to environmental
and human health concerns, two commercial mixtures of PBDEs
were added to the annexes of Stockholm Convention on Persistent
Organic Pollutants in 2009 (UNEP, 2009), while HBCDD was added
in 2013 (UNEP, 2013). National bans on PBDEs (EU, 2004, 2010;
Wager et al., 2012), Stockholm Convention restrictions and volun-
tary manufacturer phase-outs have led to a shift in current BFR
usage and the consequent introduction of alternative flame re-
tardants (FRs) to the market. The usage of HBCDD is projected to
continue to 2020 (ECHA, 2014) while TBBPA and structurally-
related compounds remain high-use BFRs. However, a diverse set
of alternative HFRs, often structurally similar to the restricted/leg-
acy compounds, is currently seeing wider use. These “novel” flame
retardants (NFRs) include a wide variety of halogenated formulas
that are new to the market or newly observed in the environment
and often serve as replacements for banned PBDE formulations.
Currently, there is a large number of different aromatic and cyclo-
aliphatic HFRs with varying physico-chemical properties designed
to achieve compatibility with polymers and stability during prod-
uct lifetimes. Some of these substances (like TBBPA) can be cova-
lently bound to materials during the production process, but most
legacy FRs and NFRs are additive compounds, i.e. they are not
bound to the material and thus have a greater potential for release
from final products during their lifecycle. Many of these com-
pounds are persistent, lipophilic and have been shown to accu-
mulate in the environment (Besis and Samara, 2012; Covaci et al.,
2009; de Wit et al., 2010; Law et al., 2003; Papachlimitzou et al.,
2012; Venier et al., 2010).

HFRs are used in materials typically found in indoor environ-
ments (homes, vehicles and workplaces) where we typically spend
over 20 h per day (Schweizer et al., 2007). The presence of indoor
sources leads to elevated indoor concentrations of FRs, exacerbated
by lower removal and degradation rates in the indoor environ-
ments due to low advective air movement, reduced photolysis and
biodegradation and controlled climate. In addition to acting as a
source of such compounds to outdoor environment (Bjorklund
et al., 2012; Melymuk et al., 2016), the indoor environments also
represent a significant potential exposure route for humans. In
view of the toxicity of HFRs (Bruchajzer et al., 2011; Darnerud,
2003, 2008; Lyche et al., 2015; van der Ven et al., 2009), under-
standing indoor exposure is a key research concern. Indoor air and
dust are frequently analyzed (Blanchard et al., 2014; Brommer et al.,
2012; Brown et al., 2014; Cequier et al., 2014; Dodson et al., 2012;
Fromme et al., 2014; Harrad et al., 2010; Shoeib et al., 2012;
Sj€odin et al., 2008; Takeuchi et al., 2014; Thuresson et al., 2012;
Venier et al., 2016; Whitehead et al., 2015) to cover the main
exposure routes: air inhalation and dust ingestion. Nevertheless,
while the link between consumer product sources and measured
indoor concentrations has been extensively investigated to define
the mechanisms of this transfer (Rauert et al., 2015, 2014a, 2014b;
Stubbings and Harrad, 2014), a comprehensive characterization of
the levels in these sources is a missing piece. Although some work
focusing on selected specific consumer products (Ionas et al., 2015;
Kajiwara and Takigami, 2013; Peaslee et al., 2014; Rani et al., 2014;
Stapleton et al., 2011, 2012) has been carried out, only a limited
number of studies deal with a full range of products/materials
commonly present in the indoor environment (Abbasi et al., 2016;
Kumari et al., 2014). Knowledge of the concentrations of these
chemicals in their presumed sources such as building materials and
consumer products allows us to evaluate their contribution to
concentrations of HFRs in indoor air and dust, and is thus a
necessary component of human exposure assessment.

To determine the typical composition and levels of HFRs in in-
door materials in the Czech Republic, 137 individual samples of
construction materials, electrical and electronic devices, flooring,
fabric, upholstery and other daily use materials including wastes
and recycled products were investigated in order to identify and
characterize potential sources of HFRs in indoor environments. All
materials were analyzed for their content of PBDEs, HBCDDs and
NFRs to provide a broad profile of the composition of HFRs in
materials with different intended applications.

2. Materials and methods

2.1. Chemicals

The target analytes included 10 PBDEs (congeners 28, 47, 66, 85,
99, 100, 153, 154, 183 and 209), 4 HBCDD isomers and 12 NFRs (TBX,
TBP-BAE, PBT, PBEB, TBP-DBPE, HBB, BTBPE, s-DDC-CO, a-DDC-CO,
DBE-DBCH, TBCO, DBHCTD). See Table S 1 for further details. 13C
labeled internal standards of PBDEs and HBCDDs were added
before extraction. All the analytical standards (native and 13C
labeled standards) were purchased from Wellington Laboratories
Inc. (Canada). Pesticide residue grade solvents were obtained from
Lab-scan (Poland) and Silica Gel 60 (70e230 mesh) from Merck
(Germany).

2.2. Sample collection

Both new and used materials were included to cover the widest
range of materials used in building construction, household
equipment and cars interiors. These included mainly construction
materials from the past three decades (including some supplied
from a company specializing in “green” low-energy buildings), new
and used electrical and electronic devices, flooring, fabric, uphol-
stery and other daily-use materials. Samples of recycled materials
were also included, as their contamination from primary materials
remains unclear. New materials were purchased while older and
used materials were collected from various sources. A subset of 126
of these materials was also analyzed for perfluoroalkyl substances
(PFASs), presented elsewhere (Be�canov�a et al., 2016).

A total of 137 samples were split into four categories according
to use and composition. See Supplementary Material and Table S 2
for categorization and sample details.

2.3. Sample preparation, extraction and instrumental analysis

Samples of solid materials were crushed, chopped or ground
while samples of foam and fabrics were cut into small pieces about
1e5 mm in diameter. After grinding or cutting, 5 g of each sample
was extracted with dichloromethane (DCM) using warm Soxhlet
extraction (60 min warm Soxhlet followed by 30 min of solvent
rinsing) in a B-811 extraction unit (Büchi, Switzerland). Concen-
trated extracts were cleaned up using H2SO4modified silica column
chromatography (elution with 40 mL DCM:n-hexane mixture 1:1).
The eluate was concentrated using a stream of nitrogen in a Tur-
boVap II (Caliper LifeSciences, USA) concentrator unit and trans-
ferred to a GC vial insert. Solvent was exchanged to nonane for gas
chromatography/mass spectrometry (GC/MS) analysis and conse-
quently to acetonitrile for liquid chromatography/mass spectrom-
etry (LC/MS) analysis. Prior to instrumental analysis, injection
standards (13C BDE-77, 138) were added to all samples.

PBDEs and NFRs were analyzed by GC-MS/MS using a 7890A GC
(Agilent, USA) equipped with a 15 m � 0.25 mm x 0.10 mm DB5
column (Agilent J&W, USA) coupled to a Quattro Micro MS (Waters,
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Micromass, UK). Separation and detection of HBCDDs was per-
formed by HPLC-ESI-MS/MS using an Agilent 1100 (Agilent, USA)
equipped with a LUNA C-18 endcapped (3 mm) 100 mm � 2 mm
column (Phenomenex, Torrance, USA) coupled to a tandem mass
spectrometer QTRAP 5500 (ABSciex, USA). See SM for more details.

2.4. Quality assurance and quality control

The efficiency of the extraction method was tested by repeated
warm Soxhlet extraction cycles of selected materials. No target
analytes were detected in subsequent extracts and thus we
assumed that all extractable compounds were extracted in the first
cycle.

The recoveries of individual compounds were determined using
a set of pre-cleaned (8 h in acetone and 8 h in dichloromethane)
polyurethane foam samples (n ¼ 8) spiked with the native analytes
prior to extraction. The recoveries of the 26 target compounds
varied between 70% and 120% (Table S 2).

To calculate limits of detection (LODs) of individual compounds,
eight laboratory procedural blanks were processed using empty
extraction cartridges. An average value plus three times the stan-
dard deviation of the blanks was used as LOD, and the average of
the procedural blanks was subtracted from the samples above LOD.
When a compound was not detected in the blanks, instrumental
LODs were used.

2.5. Statistical analysis

For statistical analysis, relevant compounds were summed ac-
cording to their usage and properties, resulting in three groups, i.e.
S10PBDEs, S4HBCDDs and S12NFRs. Additionally, S10PBDEs was
subdivided either into the three PBDE commercial mixtures or
considered as BDE-209 vs. S9PBDEs. The Kruskal-Wallis test and
multiple comparisons of mean ranks were used to identify statis-
tical differences in BDE-209, S9PBDEs, S4HBCDDs and S12NFRs
among material categories according to use and composition.
Principle component analysis (PCA) based on a correlation matrix
was performed for visualization of relevant sums of FRs in relation
to material type and usage. The sums were logarithmically trans-
formed before analysis due to their log-normal distribution. As a
first step, the PCA with all variables was computed and the most
important compounds or their sums (estimates by eigenvalues)
were selected. The final PCAwas performed on selected sums of FRs
(penta-BDE, octa-BDE, deca-BDE, S4HBCDDs and S12NFRs) and the
others (S9PBDEs, S10PBDEs) were visualized in the same ordination
space for interpretation purposes. Additionally, histograms created
along the most important axes were used for description of vari-
ability and levels of FRs in individual consumer products. For PCA,
all the non-detects were substituted by LOD/2. All statistical ana-
lyses were performed with STATISTICA (version 12, StatSoft, Inc.).

3. Results and discussion

3.1. Overall distribution of FRs

To address the overall compound distribution among all mate-
rial samples, median concentrations and detection frequency were
compared (Fig. 1). Six main clusters were identified based on the
combination of concentration, detection frequency and compound
structure.

Themost frequently detected compounds (~80% of samples) and
with considerably higher concentrations were the three main di-
astereoisomers of HBCDD (Formation I, Fig. 1). The fourth HBCDD
diastereoisomer (d-HBCDD) was detected only in 6.5% of samples,
mostly alongside exceptionally high concentrations of other
diastereoisomers, corresponding with its presence in the com-
mercial HBCDD mixture only as a trace impurity (Arsenault et al.,
2007). Generally, HBCDDs had the highest maximum concentra-
tions of all the compounds, reaching 4.4 g kg�1 of a�HBCDD in a
sample of sealant foam. Isomer profiles of HBCDDs in these con-
sumer products are discussed in greater detail in Okonski et al.
(Submitted). The two isomers of Dechlorane Plus were detected
in ~30% of samples at concentrations up to 40 mg kg�1 (Formation
II). The PBDE congeners formed two formations. Formation III is
formed by the main components of the penta-BDE commercial
mixture (BDEs 47, 99 and 100), with a detection frequency of about
20e30%, other penta-BDE congeners (BDEs 28, 66 and 85) and BDE-
153 and 154, which are present in both penta and octa-BDE com-
mercial mixtures. Together with BDE-183, BDE-153 and 154 formed
a sub-set of octa-BDE components (Formation IV) with a detection
frequency around 10%. The last two formations belong to the NFRs.
Bromobenzenes (Formation V, Fig. 1), including HBB, PBT, PBEB and
TBX, had low concentrations and low detection frequencies. For-
mation VI contained the tribromophenoxy and related compounds:
TBP-DBPE, TBP-BAE and BTBPE. TBP-DBPE is a flame retardant
produced in Germany in 1980s and TBP-BAE is a transformation
product of TBP-DBPE (Ma et al., 2012). TBP-DBPE and TBP-BAE were
infrequently detected (<5%), while considerable amounts of BTBPE
were found in electronics-related categories.

The remaining three structurally exceptional NFRs were found
only in samples containing recycled plastic materials or mixed
waste of small electronic devices, which means materials con-
taining broad spectra of compounds. Although DBHCTD exhibits
relatively high median concentrations, it was detected in only four
samples. Considering the lack of information about this compound
containing both bromine as well as chlorine atoms, its rare occur-
rence was expected. A similar scenario applies for DBE-DBCH and
TBCO. Finally, BDE-209, the main component of the deca-BDE
commercial mixture, was found in a relatively small number of
samples, in contrast to its presumed use in broad range of polymers
(Alaee et al., 2003; Stubbings and Harrad, 2014). However, the
maximum amounts were the second highest (after HBCDDs) of all
the compounds, reaching 0.6 g kg�1 in a sample of pipe insulation.

3.2. FR concentrations in individual product categories

All samples were categorized according to their usage or
composition (see Table S 1), as described in section 2.2. Of all
analyzed materials, only two (linoleum floor covering and a poly-
styrene disposable food box) did not contain any of the target
chemicals. An additional ten samples had only one detectable FR.
On the other hand, four samples contained more than 18 out of 26
(70%) target compounds. These materials included recycled plastics
and heavily used polyurethane foam (further discussed in section
3.4).

An overview of the basic descriptive statistics for individual
product categories is displayed in Table 1. Generally, among all
categories, S10PBDEs ranged from 0.03 mg kg�1 to 600 000 mg kg�1,
while S4HBCDDs ranged from 0.7 mg kg�1 to 5 800 000 mg kg�1 and
S12NFRs reached up to 65 000 mg kg�1.

3.3. Household equipment

In textiles (Group 1A, containing 24 samples), the only notable
FRs were penta-BDE congeners and HBCDDs, both with detection
frequencies over 80%. Interestingly, penta-BDEs were dominated by
BDE-28, found in 88% of the samples, while two main components
of the commercial mixture (BDE-47, 99) were detected only in 29
and 13%, respectively. This may indicate sorption of more volatile
congeners to fabrics during their use period, as suggested by Saini



Fig. 1. Median concentration vs. detection frequency of individual HFRs in all analyzed samples.
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et al. (2016). Although frequently detected, the concentrations of
PBDEs were low, with a median of S9PBDEs of 0.616 mg kg�1 only,
which contrasts with findings in North America (Stapleton et al.,
2012), potentially reflecting market differences. Surprisingly, we
found very low amounts of BDE-209 and HBCDDs, major HFRs used
in textiles in USA and Japan (Shaw et al., 2014). The highest con-
centration of S4HBCDDs (544 mg kg�1) was in a curtain sample,
while BDE-209 was only detected in one textile sample at
1.66 mg kg�1.

Although the concentrations were very low, a more consistent
pattern of penta-BDE was observed in 13 floor covering samples
(group 1B), dominated by BDE-47, 99 and 100, while no octa- and
deca-BDEs were detected. Significantly higher (p < 0.05) were the
amounts of S4HBCDDs, especially in three samples of carpets,
reaching a maximum of 1140 mg kg�1. NFR concentrations were
negligible; only DDC-CO was detected.

In addition to penta-BDEs, similar concentrations of octa-BDEs
and a few detections of BDE-209 were found in electric and elec-
tronic equipment (EEE, Group 1C, 19 samples), reflecting the higher
portion of plastic materials in this group, e.g., samples of keyboards,
screens, TV sets and printed circuit boards. The presence of octa-
BDE in EEE reflects its typical use for flame retarding of thermo-
plastics like acrylonitrile butadiene styrene (ABS) resins, widely
used in such applications (Stubbings and Harrad, 2014). Addition-
ally, BTBPE was also detected in EEE, reaching a maximum of
317 mg kg�1 which corresponds with the use of BTBPE as a
replacement for octa-BDE in ABS, high impact polystyrene (HIPS)
and other thermoplastics (Covaci et al., 2011). Lower, but still
notable, were the amounts of DDC-COs, while concentrations and
detection frequency of HBCDDs were less than in floor coverings or
textiles.

Finally, in the plastics group (1D), two out of the six samples had
substantial concentrations of a wide variety of target chemicals (18
and 22 out of 26 analytes), typically at higher levels (medians of
hundreds to thousands mg.kg�1) than in the other groups of
household equipment.
3.4. Building materials

Building materials were dominated by HBCDDs and BDE-209;
no other flame retardants had any significant levels. The concen-
trations of HBCDDs far exceeded the levels in household plastics
(Groups 1C and 1D) and the only other non-recycled materials with
comparable levels of HBCDDs were four carpet samples from the
floor covering group (1B), which could also be considered to
overlap with the building material category.

Only four out of 14 samples of oriented strand board (OSB) and
wood (Group 2A) exhibited elevated concentrations of S4HBCDDs,
with a maximum of 483 mg kg�1. Such a low abundance of FRs in
OSB was quite unexpected, considering their use as building ma-
terials and the content of additive adhesives and resins.

Insulation materials (Group 2B, 18 samples) were dominated by
BDE-209, exceeding 1000 mg kg�1 in three samples of glass fiber,
foam glass and phenolic foam insulation and 500 mg kg�1 in a
sample of tube insulation foam, discussed in section 3.4. The only
other notable sample from this group was stone-fiber insulation
containing 8470 mg kg�1 of S4HBCDDs.

The highest levels of HBCDDs were found in mounting and
sealing foams (Group 2C, 8 samples).With one exception, discussed
in section 3.4., maxima of hundreds of mg kg�1 for S4HBCDDs were
common in this group, as well as in facade materials (2D), poly-
styrene (2E) and heating, ventilation and air conditioning (HVAC)
components (2F), These four groups had the highest levels of
HBCDDs of all the products. The highest median of 299mg kg�1 was
found in polystyrene (group 2E, 5 samples) which agrees with
typical use of HBCDDs (Alaee et al., 2003; Marvin et al., 2011;
Stubbings and Harrad, 2014) as well as with previously published
data (Rani et al., 2014). Additionally, HVAC components (Group 2F,
5 samples) contained considerable amounts (350e5890 mg kg�1) of
BDE-209.

3.5. Car interior materials and WEEE

These two heterogeneous groups had no BDE-209 and low
concentrations of HBCDDs, contrasting with frequent detection and
relatively higher levels of NFRs and other PBDEs. This pattern was



Table 1
Summary of results for four FR groups in individual product categories.

Category Group BDE-209 S9PBDEs S4HBCDDs S12NFRs

ntotal

(ndetect)
Min - max
(median) mg
kg�1

Median
mg kg�1

Detection
frequency
%

ntotal

(ndetect)
Min - max
(median) mg
kg�1

Median
mg kg�1

Detection
frequency
%

ntotal

(ndetect)
Min - max
(median) mg
kg�1

Median
mg kg�1

Detection
frequency
%

ntotal

(ndetect)
Min - max
(median) mg
kg�1

Median
mg kg�1

Detection
frequency
%

Household equipment Textiles 1A 24 (1) 1.66e1.66 10.5 14.5 24 (21) 0.119e155 0.720 71.0 24 (20) 4.90e544 19.1 85.5 24 (8) 0.588e3910 4.49 50.0
(1.66) (0.616) (21.2) (3.53)

Floor
coverings

1B 13 (2) 3.77e10.5 13 (6) 0.377e6.73 13 (12) 2.85e1140 13 (6) 0.541e23.7
(7.12) (1.60) (42.5) (1.43)

EEE 1C 19 (3) 2.20e37.8 19 (15) 0.069e178 19 (17) 0.654e288 19 (13) 0.115e359
(2.47) (0.721) (4.65) (40.7)

Plastics 1D 6 (3) 17.6e17 500 6 (2) 708-3910 6 (4) 12-1160 6 (4) 0.138e18
600

(3360) (2310) (367) (497)
Building materials OSB and

wood
2A 14 (0) ND 80.0 32.8 14 (2) 0.044e0.132 0.324 19.0 14 (14) 9.18e483 108 94.8 14 (8) 0.307e36.1 4.05 48.3

(N/A) (0.088) (34.0) (5.58)
Insulation
materials

2B 18 (13) 1.77
e626 000

18 (5) 0.324e20.8 18 (16) 2.47e8470 18 (7) 1.28e22.0

(73.4) (1.02) (63.2) (2.10)
Mounting
and sealing
foam

2C 8 (0) ND 8 (0) ND 8 (8) 31.4e5
810 000

8 (6) 0.526e64.8

(N/A) (N/A) (1340) (5.71)
Facade
materials

2D 8 (3) 2.42e79.9 8 (1) 0.184e0.184 8 (8) 6.47
e233 000

8 (2) 3.96e5.38

(70.2) (0.184) (179) (4.67)
Polystyrene 2E 5 (0) ND 5 (1) 0.085e0.085 5 (4) 33.4

e468 000
5 (2) 0.769e45.5

(N/A) (0.085) (299 000) (23.1)
HVAC
components

2F 5 (3) 350-5890 5 (2) 0.217e18.9 5 (5) 21.3
e531 000

5 (3) 0.845e1090

(394) (9.58) (16,300) (9.46)
Car interior materials e 3 10 (0) ND (N/A) 0.00 10 (8) 0.034e54.0 1.22 80.0 10 (10) 0.709e134 21.7 100 10 (9) 2.13e121 11.3 90.0

(N/A) (1.22) (21.7) (11.3)
WEEE e 4 8 (0) ND (N/A) 0.00 8 (8) 0.068e32

700
144 100 8 (8) 1.49e485 12.9 100 8 (7) 5.74e64 600 426 87.5

(N/A) (144) (12.9) (426)
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especially clear in waste electrical and electronic equipment
(WEEE), consisting of homogenized mixed electronic waste sam-
ples. Both penta and octa-BDE congeners were frequently detected,
with a median concentration of S9PBDEs of 1.22 mg kg�1 for car
interior materials and 144 mg kg�1 forWEEE. Beside themain use of
penta-BDE formulations in polyurethane foams, textile and auto-
motive applications (European Chemicals Bureau, 2000), consid-
erable amounts detected in electronic waste also suggest their use
in plastics. As car interior materials were considered something of a
crossover category as it was composed of ten samples of plastics,
textile and upholstery materials from two car interiors, relatively
low amounts of target flame retardants, comparable to household
equipment category (Table 1) were expected. The lack of detection
of BDE-209 in contrast with frequent detection of penta- and octa-
BDE congeners may indicate differences in the timeline of deca-
BDE usage, suggesting that the main stocks of deca-BDE did not
reach the waste disposal/recycling point of the product lifecycle at
the time of sampling.

Together with plastics (1D) and EEE (1C), the highest concen-
trations of NFRs (Table 1) were observed in the WEEE category.
NFRs were dominated by DDC-COs and BTBPE, which may reflect
wide use of DDC-CO as a flame retardant in electrical hard plastic
connectors in televisions and computer monitors, wire coatings,
and furniture (Betts, 2006; Hoh et al., 2006; Sverko et al., 2011) and
use of BTBPE as a replacement for octa-BDE in ABS (Hoh et al., 2005;
WHO, 1997). Low levels of bromobenzenes were also detected in
plastics, EEE and WEEE, corresponding with the fact that these
compounds were produced in relatively low amounts and used
locally in specific applications. HBB was used mainly in Japan as an
additive flame retardant to paper, wood, textiles, electronic and
plastic goods (Covaci et al., 2011). In our samples, HBB was found
mainly inWEEE, one sample of air conditioning heat exchanger and
the abovementioned heavily used polyurethane foam. PBT, pro-
duced in Israel, USA and China and used in polyethylene, poly-
propylene, polystyrene, latex, textile, rubber and ABS (Covaci et al.,
2011) was found in very low amounts across all categories, but
mainly in plastics, polystyrene, car interior materials and WEEE.
Only one sample of WEEE contained PBEB, which agrees with the
fact that PBEB was produced mainly in 1970s and 1980s in Israel
and USA and used in circuit boards, textiles, adhesives, wire and
cable coatings and polyurethane foam (Covaci et al., 2011; Hoh
et al., 2005; WHO, 1997).

3.6. Identification of FR patterns by PCA

When PCA was used to investigate the relationship and overall
distribution of sums of FRs among all product samples, two main
gradients distributed along two PCA axes explaining a high amount
of variability (70%) were distinguished and identified with corre-
sponding product classification. The visualization of the distribu-
tion of products between these axes according to the categorization
is displayed in Fig. 2a. The directions of compound sums are plotted
together with ellipses indicating 95% of the samples associated
with the corresponding category. The gradient distributed along
the first axis (Factor I) reflects increasing concentrations of sums of
penta- and octa-BDEs, NFRs and S9PBDEs. Increasing concentration
gradients of these compounds were found in WEEE and also in
household equipment, with both having similar patterns of rela-
tively low concentrations of a wide variety of these chemicals.
Although less distinct due to even lower concentrations, a similar
pattern was observed for car interior materials. The second axis
(Factor II) represents the correlation with the gradient of the
S4HBCDDs and BDE-209. A contrasting pattern of high concentra-
tions of only these two compoundswas found in buildingmaterials.
Moreover, while an even stronger relationship was identified
between the subgroup of insulation (2B) and BDE-209, samples of
household equipment were also distributed along the gradient of
S10PBDEs, reflecting the subgroup of plastics (1D) where recycled
materials containing both lower and fully brominated PBDEs were
present.

With respect to the individual samples, the PCA revealed two
distinct patterns. We hypothesize that this corresponds to two
types of plastics: recycled and virgin (non-recycled) plastics. When
applying these findings to the same PCA ordination space grouped
by material composition (textile, wood, plastics, paper) rather than
product use, these two different plastics can be clearly identified
(Fig. 2b).

Use of penta- and octa-BDEs declined since the early 2000s
(Stapleton et al., 2011) and thus their presence in recycledmaterials
more likely comes from original materials or usage period than
from intended use in the sampled consumer product/material.
However, recently restricted BDE-209 and HBCDDs (Stubbings and
Harrad, 2014) are more likely to be found in primary use. The low
levels of NFRs suggest that no consumer product with direct
application of NFRs was included in this study; they follow the
pattern of penta- and octa-BDEs reflecting their low production
volumes and rather local or limited use in specific applications.
Generally the lower concentrations of all compounds occurred in
non-plastic materials like textile, paper and wood (Fig. 2b).

Overall, the PCA suggests threemainmaterial types according to
flame retardant content and composition (Fig. 2b). Plastic materials
can be divided into (1) virgin plastics with relatively higher
amounts of one or a few particular FRs, added intentionally to
provide a flame retarding effect and (2) recycled plastics with
relatively lower amounts of a wide spectra of FRs not added
intentionally, but rather coming from the original source materials.
The last type (3) contains all remaining non-plastic materials with
negligible target FRs.

The distribution of FRs according to product age was also
considered; the highest concentrations in insulation (2B) and
household equipment were found mainly in new samples (pro-
duced after 2010), however middle and low concentrations were
independent of product age.

For a more comprehensive description of FR content, the his-
tograms of individual groups were visualized for PCA axes (Fig. 3)
and supplemented by a Kruskal-Wallis test for identification of
intra-category statistical significance (Table S 3). In accordancewith
concentration gradients displayed in Fig. 2, the individual factors in
Fig. 3 show the frequency of specific concentrations of the samples
from each particular category for the compound gradient corre-
lating with the corresponding factor. Thus, the broad histograms
along the Factor I axis indicate large concentration ranges in
products with higher sums of penta and octa-BDE, NFRs and
S9PBDEs, especially in WEEE (4), plastics (1D) and the fraction of
EEE (1C) made of recycled plastics (extracted as a subgroup from
EEE and identified as EEE (1C)R in Fig. 3). Similarly, the contribution
of recycled plastics to the product groups with higher concentra-
tions on the Factor I axis is clearly revealed in combination with
Fig. 2b. The remaining product groups, especially from the category
of building materials (2) have rather lower concentrations of these
compounds.

Histograms along the second axis, representing the distribution
of concentrations of BDE-209 and HBCDDs, indicate non-recycled
plastics (Fig. 3) and clearly reveal of the dominance of building
materials. Five main groups of HVAC system components (2F),
insulation materials (2B), mounting and sealant foams (2C), facade
materials (2D) and polystyrene (2F) exhibited a typical non-
recycled plastics pattern.

Due to the high variability of results, no significant intra-
category differences between individual material groups were



Fig. 2. Results of PCA showing (a) the relationships and main directions of FR sums and distribution variability among main categories of usage and (b) distribution variability
among different material types in the same ordination space. Ellipses indicate 95% of samples from different categories. Solid lines indicate the direction of increasing compound
concentrations. Dashed lines show supplementary variables (only for visualization, not PCA calculations). The red arrow highlights the sample of highly used polyurethane foam,
discussed in section 3.4. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)



Fig. 3. Histograms of samples of consumer products along first and second PCA axes (same as Fig. 2). Arrows indicate the direction of increasing compound concentrations (right to
left for Factor I and left to right for Factor II) and r signifies correlation of compound with axis.
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found (Kruskal-Wallis, p < 0.05, Table S 3), except for the case of
BDE-209, where the exceptionally high concentrations in insulation
materials (2B) significantly differed from OSB and wood (2A),
mounting and sealant foam (2C) and polystyrene (2E), which had
no positive detections. Similarly, S9PBDEs was below detection in
mounting and sealant foam (2C), significantly differing from other
groups.

3.7. FRs concentrations in individual samples

As suggested by the PCA, samples of household equipment, car
interior materials andWEEE frequently consisted of recycled plastic
materials containing a wide variety of FRs. The two samples most
representative of this patternwere plastics which contained 70 and
85% of target analytes. The first sample was a DVD case and the
second one was a poorly engineered recycled plastic part with
visible chunks of original materials. Although the concentrations of
PBDEs in these samples were the highest of all household equip-
ment, even the highest level of 21 400 mg kg�1 of S10PBDEs in the
recycled plastic part represents only 0.002% of the material weight,
which is much lower than amounts typically applied (3e18% for
penta-BDE and 10e18% for octa-BDE) to the materials when PBDEs
are intentionally used as FRs (Alaee et al., 2003; Gallen et al., 2014;
Stapleton et al., 2011; Stubbings and Harrad, 2014). Similar amounts
of PBDEs were previously reported in electronics components and
other plastics (Chen et al., 2010; Kajiwara et al., 2011; Kumari et al.,
2014). On the other hand, consistently higher amounts were found
in Australian consumer products (Gallen et al., 2014), North
American and Chinese baby products (Chen et al., 2009; Stapleton
et al., 2011) and Japanese electronics (Kajiwara et al., 2011).

Another sample with many FRs was a heavily used seven-year-
old polyurethane foam, containing 21 out of the 26 (81%) target
chemicals. Although this resembles a typical pattern of recycled
plastics (Fig. 2b), we assume that this contamination is more likely
originating from the usage period of the material rather than from
its source materials, and demonstrates the typical passive sampling
behavior of foam, with a higher contribution of lower molecular
weight compounds: the sum of penta-BDE congeners was
129 mg kg�1, the sum of octa-BDEs was 25.3 mg kg�1 and BDE-209
was only 1.66 mg kg�1. Since these levels are far below penta-BDE
amounts typically used in polyurethane foam (Stubbings and
Harrad, 2014), we assume this sample was not originally penta-
BDE treated. Furthermore, there is the possibility that PUF and
similar materials could change from acting as a chemical sink to a
secondary source when equilibrium is affected by changes of sur-
rounding conditions, thus emitting legacy FRs to the indoor envi-
ronment at a later stage (Zhang et al., 2009).

As described previously, building materials were dominated by
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HBCDDs and BDE-209, typically present in non-recycled plastic
materials. Of all the FRs in this study, the highest amount was found
for S4HBCDDs, which reached 5.81 g kg�1 (0.6% w/w) in a sample of
sealing foam. This is close to the minimum concentration added to
expanded or extruded polystyrene (0.8e4.0%; (Alaee et al., 2003;
Marvin et al., 2011; Stubbings and Harrad, 2014). The highest
concentration of BDE-209 from all samples (626 mg kg�1), found in
tube insulation foam, represents 0.06% of the material mass, which
is much less than the typically added levels of deca-BDE of 10e25%
(Weil and Levchik, 2008). However, similar amounts have been
reported in samples of textiles (Ionas et al., 2015), where the flame
retarding function was obviously also neglected.

4. Conclusions

Low levels of FRs were found in most consumer products and
buildingmaterials, usually at levels of units of mg kg�1, which are far
below levels which would ensure a flame retarding function. This
finding is consistent with previous studies (Abbasi et al., 2016;
Ionas et al., 2015). The highest mass fraction was found for
HBCDDs (0.6% w/w) in a sealing foam sample, and the highest level
of BDE-209 (0.06% w/w) was found in a tube insulation sample. A
maximum of 0.003%w/w of both penta and octa-BDEs was found in
a sample of mixed electronic waste from a waste sorting system.
Similarly, the NFR with the highest observed concentrations,
Dechlorane Plus, typically added in amounts of 10e35%, was found
at only 0.006% of material mass in a sample also originating from a
waste sorting system.

Based on revealed FR composition patterns, two main types of
polymeric materials were identified. The first was virgin plastic
containing elevated levels of either one or a few FRs, typically BDE-
209 and HBCDDs, which we hypothesize had been added inten-
tionally to provide a flame retarding effect. This pattern was pre-
dominantly observed in insulation, mounting and facade materials,
polystyrene and air conditioning system components. The second
type was recycled plastic containing lower amounts of a wide va-
riety of FRs. This pattern was most pronounced in the case of EEE,
WEEE and car interior materials. Since FR concentrations in these
types of products were far below levels capable of providing any
flame retarding effect, this suggests unintended accumulation of
FRs due to recycling of originally flame retardedmaterials or uptake
from the environment during product use. Although the overall
concentrations of FRs in consumer products and materials was
lower than expected, this suggests both that recycled and virgin
plastics may both act as sources to indoor environments, possibly
releasing a wide suite of FRs, including those that are not in current
use. Thus, recycled plastics may be inadvertently and uninten-
tionally contaminating the indoor environment with unwanted and
in some cases even currently banned synthetic chemicals with no
desired function. This presents a challenge, as recycling of plastics is
generally a desirable activity, but re-contamination of indoor en-
vironments with currently banned FRs may be a negative side-
effect, and this requires further attention. Moreover, recycled
plastics can contribute a mixture of FRs (and potentially other
plastic additives) to indoor environments, potentially necessitating
consideration of mixture effects rather than only individual com-
pounds. Due to their reintroduction from existing stocks (Abbasi
et al., 2014) throughout the recycling phase of the original mate-
rials, these chemicals may be observed not only long after legisla-
tive restrictions have been imposed, but also in places where they
were never employed for any primary purpose. Gearhart andMiller
(2016) indicated that the quality of the recycling process might also
influence the amount and availability of FRs in final recycled
product, suggesting bigger concerns in case of cheaper plastics.
Overall, there is a lack of knowledge regarding the recycling
process, the extent of this issue and potential for indoor
contamination.
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ABSTRACT: A newly constructed university building was
selected for targeted assessment of changes in the levels of
flame retardants and legacy contaminants during the installation
of building equipment, furniture, electronics, and first year of
building use. Indoor air samples were collected during several
periods of intensive equipment installation to determine a
relationship between newly introduced equipment and changes
in the concentrations and profiles of contaminants in indoor air.
Samples were analyzed for polybrominated diphenyl ethers
(PBDEs), hexabromocyclododecanes (HBCDDs), and new types
of flame retardants: brominated (BFRs) and organophosphate
esters (OPEs). Additionally, typical outdoor contaminants such
as polychlorinated biphenyls (PCBs) and organochlorine pesticides (OCPs) were also analyzed for comparison. From the set of
90 compounds analyzed here, hexabromobenzene (HBB) and tris(2-chloroisopropyl)phosphate (TCIPP) showed a significant
concentration increase in indoor air concentrations during computer installation and operation, suggesting emission by operating
computers, while an order of magnitude concentration increase in tris(1,3-dichloro-2-propyl)phosphate (TDCIPP) and tri-m-
cresyl phosphate (TMTP) was observed after the furniture and carpet was introduced to the computer room, suggesting
furniture or carpet as a source. However, the majority of compounds had no systematic change in concentrations during
equipment installation, indicating that no sources of target compounds were introduced or, that source introduction was not
reflected in indoor air concentrations. Generally, low levels of legacy flame retardants compared to their novel alternatives were
observed.

■ INTRODUCTION
Flame retardants (FRs) are synthetic compounds added to a
wide variety of building materials and consumer products1 in
order to reduce flammability, prevent combustion, and delay
the spread of fire after ignition. They are also frequently
required by many national and international fire safety codes,
standards and regulations. Most FRs are typically added to a
material after polymer manufacture, which considerably lowers
their affinity to the final product and allows them to be released
during the entire lifecycle of the product. Therefore, they have
become widespread,2−13 especially in indoor microenviron-
ments such as homes, offices, cars, or schools.14

Brominated flame retardants (BFRs) are historically the most
widely used group of organic FRs due to their high efficiency
and low cost. Although there are concerns about the
persistence, bioaccumulation and potential health effects of
many BFRs,15−17 only polybrominated diphenyl ethers
(PBDEs) and hexabromocyclododecane (HBCDD) are
currently legislatively restricted. Penta and octaBDE technical
mixtures and HBCDD are currently banned in North America
and the European Union, and they have been listed by the
Stockholm Convention on Persistent Organic Pollutants.18,19

DecaBDE, which consists mainly of decabromodiphenyl ether

(BDE-209), was phased out of use in the EU in 200820 and
North America in 2013,21 and it was added to the Stockholm
Convention in 2017.22

To replace restricted FRs while continuing to fulfill existing
international fire safety standards, worldwide production has
turned to alternative flame retarding compounds, namely novel
(alternative) halogenated flame retardants (NFRs)15,23 and
chemicals based on organophosphate esters (OPEs).24 For
example, the pentaBDE formulation has been replaced by
Firemaster commercial mixtures, containing 2-ethylhexyl-
2,3,4,5-tetrabromobenzoate (EH-TBB), bis(2-ethylhexyl)-tetra-
bromophthalate (BEH-TEBP) and triphenyl phosphate
(TPHP), while octaBDE has been replaced by, for example,
1,2-bis(2,4,6-tribromophenoxy)ethane (BTBPE), commercially
known as FF680, and decaBDE has been replaced by
decabromodiphenyl ethane (DBDPE).10,11,15,25 Halogenated
OPEs are usually used as flame retardants, whereas the
nonhalogenated OPEs are primarily used as plasticizers. In
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both cases, OPEs are being added to a wide range of various
materials resulting in elevated concentrations detected in the
environment.24,26 Although they are considered as less
persistent than above-mentioned halogenated FRs, they can
still undergo long-range atmospheric transport.27,28 Moreover,
some OPEs were identified as carcinogenic or neurotoxic29 and
due to their higher hydrophilicity, they are reported to be more
accessible via inhalation exposure.30 Although these alternatives
have been chosen as substitutes for banned chemicals, many
have very similar structures and physicochemical properties and
raise similar environmental and health concerns.15,28,29,31−33

Since FRs are found in many consumer products, their
indoor concentrations are often higher than outdoors,3,34

leading to indoor exposure to FRs via inhalation of indoor air
and ingestion of indoor dust;35,36 furthermore, the indoor
environment can act as a source of FRs to the outdoor
environment.37

Indoor air levels of FRs and other semivolatile organic
compounds (SVOCs) are typically measured in in-use
buildings.14,38,39 In these studies, indoor levels are often
attributed to building materials or indoor equipment, however
without measurements of emissions from the materials
themselves, these links between single time-point measure-
ments and sources are often circumstantial. Although elevated
concentrations of FRs are generally considered to be connected
to the presence of electronics or furniture,35,40−42 correlations
between indoor levels and potential sources are difficult to
identify35,43 and links have only been made in a few studies
with repeated indoor measurements during changes in room
equipment or furnishings.44,45 Stronger links have been made
between FR sources and indoor concentrations, for example,
presence of a television and dust concentrations of HBCDD46

and presence of a computer and levels of PBDEs in air,47,48

however these are limited to legacy FRs. Recently, Dodson et
al.49 identified differences in FR profiles in response to different
flammability standards, suggesting both regulations and equip-
ment affect the profile of FRs indoors.
Useful information concerning source identification can be

obtained from chamber experiments, which represent a
powerful tool for determining source emission characteristics,
but they are difficult to apply to real indoor conditions.35

Evaluating levels of FRs and other semivolatile organic
compounds (SVOCs) during building construction and
furnishing provides a unique opportunity to identify compound
sources as either building materials, furnishings, consumer
products, or some other aspect of room use. In this study,
indoor air samples were collected during several periods of
extensive equipment installation in a newly constructed empty
building in order to identify potential sources of FRs and other
SVOCs.
We hypothesized that initial concentrations of FRs in the

building reflect FRs associated with the building materials
themselves, whereas any increases in FRs during installation of
building equipment and furnishing indicate emissions from the
newly added products. In contrast, SVOCs with no expected
indoor sources, that is, polychlorinated biphenyls (PCBs),
organochlorine pesticides (OCPs), and polycyclic aromatic
hydrocarbons (PAHs) should show no changes in indoor air
concentrations in response to equipping of the building. The
strategy of sampling during the stages of construction has
previously been applied to measurements of volatile organic
compounds,50−52 but not yet to SVOCs.

■ MATERIALS AND METHODS

Sampling Design. Indoor air was measured in four rooms
of a newly constructed university building (in Brno, Czech

Figure 1. Sampling scheme for computer room (A) and laboratory (B). The asterisk indicates the events when the lecture room was also sampled.
The sample timing for the laboratory also applies for the office.
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Republic) during equipment and furniture installation. The
rooms were chosen according to their properties and functions
to represent various indoor environments and identify potential
differences in air composition: a computer room (3rd floor, 400
m3), lecture room (2nd floor, 400 m3), office (4th floor, 62 m3),
and laboratory (1st basement, 65 m3). Indoor air in the two
larger rooms was collected using high-volume active air
samplers (HVAAS) while the smaller office and laboratory
were sampled using low-volume air samplers (LVAAS). The
HVAAS was a Digitel DH-77 sampler (Digitel Elektronik,
Austria) with a flow rate of 30 m3/h equipped with one glass
fiber filter (47 mm GFF, Whatman) and two polyurethane
foam (PUF) plugs (110 mm diameter, 50 mm length, 0.030 g
cm−3 density, T-3037 Molitan a.s., Czech Republic) to collect
both particulate matter and the gas phase. The LVAAS was a
LVS3 (Sven Leckel Ingenieurburo GmbH, Germany) with a
flow rate of 2.3 m3/h, equipped with 1 GFF and 2 PUFs (55
mm diameter, 50 mm length).
In the computer room, sampling was repeated eight times

(Figure 1). The first sampling was carried out in the empty
room (event one), followed by subsequent sample collection as
carpet and furniture were added (event two), after computers
were installed (events three to six including room cleaning
episode at event five) and after computers were switched on
(events seven and eight). The room was equipped with 56 all-
in-one computers, 56 wood composite chairs, and 12 long
desks. The lecture room was considered as a control without
electronic devices, as it is an identical room to the computer
room. Sample collection occurred after the room was equipped
with carpet and furniture (80 chairs, 60 desks). In the office and
laboratory, air samples were collected twice: before and after
furniture installation. The indoor temperature over the
sampling period was stable, varying by less than ±2 °C. See
Supporting Information (SI) Table S1 for further sampling
details.
All sampling media were precleaned by Soxhlet extraction in

acetone and dichloromethane, 8 h each. After sampling,
exposed media were wrapped in aluminum foil and sealed in
plastic bags for transport to the laboratory, where they were
stored at −18 °C until analysis. Detailed methods for PUF/
GFF preparation and deployment have been described by
Bohlin et al.53,54

Analysis. The target analytes were 10 PBDEs (congeners
28, 47, 66, 85, 99, 100, 153, 154, 183, and 209), 3 HBCDD
isomers, 23 NFRs (TBP-AE, TBX, TBP-BAE, PBT, PBBZ,
PBEB, TBCT, DDC−CO-MA, PBB-Acr, TBP-DBPE, HBB,
BTBPE, EH-TBB, TDBP-TAZTO, s-DDC−CO, a-DDC−CO,
α-DBE-DBCH, β-DBE-DBCH, α-TBCO, β-TBCO, BEH-
TEBP, DBHCTD, DBDPE), 15 non-chlorinated OPEs (non-
Cl-OPEs: TPrP, TiBP, TnBP, DBPP, TPeP, BDPP, TBOEP,
TPHP, EHDPP, TEHP, TOTP, TMTP, TPTP, TIPPP,
TDMPP), 3 chlorinated OPEs (Cl-OPEs: TCEP, TCIPP,
TDCIPP), 9 PCBs (congeners 9, 11, 28, 52, 101, 118, 138, 153,
180), 12 OCPs (PeCB, HCB, α-HCH, β-HCH, γ-HCH, δ-
HCH, o,p′-DDE, p,p′-DDE, o,p′-DDD, p,p′-DDD, o,p′-DDT,
p,p′-DDT), and 15 PAHs (ACY, ACE, FLU, PHE, ANT, FLA,
PYR, BAA, CHR, BBF, BKF, BAP, IDP, DBA, BGP). See SI
Table S2 for full compound names and further details;
abbreviations of FRs are adopted from Bergman et al.55 13C-
labeled or deuterated internal standards were added before
extraction. All the analytical standards were purchased from
Wellington Laboratories Inc. (Canada). Pesticide residue grade

solvents were purchased from Lab-scan (Poland) and Silica Gel
60 (70−230 mesh) from Merck (Germany).
The exposed PUFs and GFFs were extracted with dichloro-

methane using an automated warm Soxhlet extraction system
and the extracts were purified using column chromatography.
PBDEs and NFRs were analyzed using gas chromatography

coupled to high resolution mass spectrometry, whereas PCBs,
OCPs, and OPEs were analyzed by gas chromatography-
tandem mass spectrometry systems. HBCDDs were analyzed
after exchanging solvent to acetonitrile by liquid chromatog-
raphy electrospray ionization mass spectrometry. All the
analytical procedures used here were published previ-
ously39,56−59 and are described in detail in the SI.

QA/QC. The recoveries of individual compounds were
determined using a set of pre-cleaned (8 h in acetone and 8 h in
dichloromethane) PUFs (n = 8) spiked with the native analytes
prior to extraction. The recoveries of individual compounds are
given in SI Table S2.
To calculate method detection limits (MDLs) of individual

compounds for each matrix, eight laboratory procedural blanks
were processed using precleaned sampling media. An average
value plus three times the standard deviation of the blanks was
used as MDL, and the average of the procedural blanks was
subtracted from the samples above MDL. When a compound
was not detected in the blanks, instrumental detection limits
were used (SI Table S2).
For statistical data analysis, values below detection were

substituted by √2/2·MDL.60 The Kruskal−Wallis test and
multiple comparisons of mean ranks were used to investigate
statistical differences. All statistical analyses were performed
with STATISTICA (version 13, StatSoft, Inc.) or Microsoft
Excel.

■ RESULTS AND DISCUSSION
Overview of Indoor Air Concentrations. Order of

magnitude differences were observed between the different
compound groups, reflecting differences in use and sources
(Figure 2; summary statistics for individual compounds are
given in SI Tables S4−S7). The lowest concentrations were
found for PBDEs; in all four rooms, the∑10PBDEs in bulk (gas
+particle phase) air ranged from 0.803 pg m−3 to 9.83 pg m−3

with a median of 2.28 pg m−3, and the dominant congeners
were BDE 47 and 99. These indoor air levels were very low
compared to North America (∑PBDEs = 1260 pg m−3 in a
U.S. institutional building,61 148 pg m−3 in U.S. apartments, 60
pg m−3 in Canadian apartments39) and other European
homes62 (∑PBDEs = 223 pg m−3), which was expected
considering that the building was newly constructed and
equipped after the restrictions on PBDEs. On the other hand,
similar or even lower amounts of PBDEs have been reported in
family houses and apartments in France63 and Czech
Republic.39

A similar result was observed for HBCDDs, where
consistently low concentrations were found. The ∑4HBCDDs
was dominated by α-HBCDD and bulk air concentrations
ranged from 0.0988 pg m−3 to 13.6 pg m−3 with a median of
5.63 pg m−3. These relatively low levels are in agreement with
the building documentation, specifying that no polystyrene was
used for building insulation.
Twelve of the 23 target NFRs were consistently detected in

indoor matrices: DBE-DBCH, TBP-BAE, PBBZ, PBT, PBEB,
TBP-DBPE, HBB, PBB-Acr, EH-TBB, BEH-TEBP, BTBPE,
and DDC−CO. In contrast to the restricted PBDEs and
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HBCDD, elevated levels of many replacement NFRs were
observed, in particular for five compounds: HBB, PBBZ, PBT,
TBP-DBPE, and DBE-DBCH. The concentrations of∑23NFRs
ranged from 12.3 pg m−3 to 1820 pg m−3, with a median of 158
pg m−3. The highest median concentration of an individual
NFR was for HBB, at 97.0 pg m−3 (range 1.29 to 1400 pg m−3).
Concentrations of NFRs in this study are in general agreement
with those published previously,25,39,62,64 with the exception of
two compounds. The range of concentrations and median of
HBB is larger than those reported by Cequier et al.62 (median:
4.11 pg m−3 in Norway), Newton et al.25 (median: 3.6 pg m−3

in Sweden), Tao et al.64 (median 53 pg m−3 in UK) and Venier
et al.39 (medians of 4.0, 5.8, and 4.6 pg m−3 in the U.S., Canada,
and Czech Republic, respectively). The median concentration
of DBE-DBCH of 9.28 pg m−3 from our study is lower than
that found by Cequier et al.62 (median: 77.9 pg m−3), Newton
et al.25 (median: 55 pg m−3) and Tao et al.64 (median 280 pg
m−3).
The indoor concentrations of banned PCBs and OCPs were

of a similar order of magnitude to the in-use NFRs. The median

concentration of ∑9PCBs was 147 pg m−3 (range 14.1 pg m−3

to 452 pg m−3), dominated by congeners 11 and 28; while the
median concentration of ∑12OCPs was 59.8 pg m−3 (range
38.4 pg m−3 to 118 pg m−3), and this was dominated by HCB,
α-HCH, γ-HCH, and p,p′-DDE.
Two compound classes were orders of magnitude higher: the

OPEs and PAHs (Figure 2). Twelve out of the 18 OPEs were
consistently detected: TIBP, TNBP, TCEP, TCIPP, DBPP,
TDCIPP, TBOEP, TPHP, EHDPP, TEHP, TMTP, and
TIPPP. The ∑18OPEs ranged from 12 900 pg m−3 to 63 300
pg m−3 with a median of 30 700 pg m−3, with the major
contribution from TCIPP (75% on average). Similar levels of
TCIPP, the highest OPE contributor in our study (median 22
500 pg m−3) were reported in Cequier et al.62 (median 42 300
pg m−3), but Cequier et al. observed 20 times higher
concentrations of TBOEP in school classrooms (median
12 900 pg m−3) than in residential living rooms (median 598
pg m−3), attributed to floor polish. Our findings, with a median
of 1230 pg m−3 for TBOEP, suggest no floor polish during the
sampling period, as expected considering that the rooms are
carpeted. The amounts of TCEP found in our study were 1−2
orders of magnitude lower compared to available literature
data,62,65,66 corresponding with its gradual substitution with
TCIPP prior to the building construction.24,27,30

The median of ∑15PAHs was 7200 pg m−3 (range 5200 pg
m−3 to 10 420 pg m−3) with the highest contribution from
phenanthrene. These order of magnitude higher concentrations
for OPEs and PAHs are typical for these compound
classes,62,63,67 and emphasize that the strongest control on
overall indoor levels is the magnitude of use and/or emission.
Further, a comparison with outdoor levels from a concurrent
study at the same location54 provides an additional indication of
compound sources. Concentrations of PBDEs, OCPs, and
PCBs were similar in indoor and outdoor air, excepting for
PCBs 28 and 52, which were 10× higher indoors, whereas
concentrations of NFRs were consistently higher indoors, and
concentrations of PAHs were 10× higher outdoors. This
suggests the outdoor air as a source to indoors for PAHs, while
indoor environments are a source for in-use NFRs, in keeping
with the hypothesis of the study.
The majority of the target compounds were found

predominantly (>75%) in the gaseous phase (i.e., sorbed to
the PUF in the active air samplers). Only HBCDDs and all
OPEs had significant particle phase contributions (see SI

Figure 2. Indoor air concentrations (gas + particle phase) of PBDEs,
HBCDDs, OCPs, PCBs, NFRs, OPEs, and PAHs. The central lines
indicate the median, the boxes show the interquartile range (25th/
75th percentiles), and the whiskers indicate the maximum and
minimum concentrations.

Figure 3. Concentration changes of sums of target compounds during the equipment installation. The event numbers correspond to the sampling
scheme given in Figure 1. PAH and OPE data for laboratory and office are not available.
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Tables S4−S7). There were no significant spatial or temporal
differences in the gas-particle partitioning.
Temporal Changes in Concentrations. In keeping with

the hypothesis of outdoor sources of the legacy compounds and
PAHs, and indoor sources of the emerging FRs, we expected
temporal changes over the course of equipment installation for
NFRs and OPEs, and no such changes for PCBs, OCPs, PAHs,
and PBDEs. The measurements in the computer room at
different time-points support this hypothesis. No significant
change in concentrations of PBDEs was observed during
equipment installation except for event five in the computer
room where increased activity in the room (due to room
cleaning) is reflected in slightly higher concentrations. We
assume that no direct sources of PBDEs to the air were present
in building materials or introduced by the furniture or
equipment. Similarly, no temporal trend was observed for
HBCDDs, PAHs, PCBs, or OCPs (Figure 3).
Six NFRs had notable temporal trends, and these are shown

in more detail in Figure 4. An order of magnitude increase in
the concentration of HBB in bulk air was observed at events

seven and eight, that is, after computers were switched on. The
same pattern was observed also for PBBZ and TBP-DBPE,
although at lower concentrations. A similar pattern was also
identified for TBP-DBPE-related tribromophenoxy com-
pounds: TBP-AE and TBP-BAE, and for PBB-Acr, another
bromobenzene compound, at much lower concentrations
(median about 0.1 pg m−3). Concurrently, another concen-
tration increase was observed between event one and two for
PBT and DBE-DBCH (Figure 4). No significant temporal
changes were observed for PBEB, EH-TBB, BEH-TEBP,
BTBPE, and DDC−CO. This suggests that three bromoben-
zene compounds, dominated by HBB, and three tribromophe-
noxy compounds, dominated by TBP-DBPE, were emitted by
operating computers. This is supported by concentrations from
the laboratory and office, where no electronics were present,
and only background concentrations of these compounds were
found (Figure 3). Moreover, intermediate concentrations
(median of 338 pg m−3 for HBB) were found in the lecture
room, which only contained one computer and overhead
projector (Figure 3).
Different OPEs had different temporal trends. Similarly to

PBT and DBE-DBCH, an order of magnitude concentration
increase in four OPEs (TDCIPP, TCIPP, TEHP, and TMTP)
was observed after the furniture and carpet was introduced to
the computer room (Figure 5), which directly suggests
furniture, carpet (or associated products used in carpet
installation) as a source of these OPEs and NFRs. TIPPP
and DBPP exhibited high concentrations in the initial sample,
followed by a gradual decrease over time until Event 7
(computers switched on), where another substantial increase
occurred (Figure 5). TCIPP also had a distinct increase in
concentrations at sample 7. Thus, a computer-related source is
suggested for TIPPP, DBPP, and TCIPP. TCEP and EHDPP
also had concentration peaks at Event 7. TBOEP decreased
gradually over time. No temporal trends were observed for
TiBP, TnBP and TPHP.

Spatial Differences between Rooms. As mentioned
above for HBB, the comparison of rooms within the same
building should further allow us to distinguish between sources
due to building materials, which are common to all rooms, vs
sources from room equipment and furnishings, which are
unique to individual rooms. No striking difference between the
room types was observed in the case of PBDEs (medians of
∑10PBDEs from 1.41 pg m−3 to 6.61 pg m−3), HBCDDs
(medians of ∑3HBCDDs from 0.7841 pg m−3 to 6.54 pg m−3),
OCPs (medians of ∑12OCPs from 55.6 pg m−3 to 82.6 pg
m−3), or PAHs (medians of ∑15PAHs from 6931 pg m−3 to
7270 pg m−3) (Figure 3). A slightly higher concentration of
∑9PCBs was noted in the lecture room, due to high
concentrations of PCB 28 and 52, as mentioned above. The
median of ∑9PCBs in the lecture room was 420 pg m−3

compared to 155 pg m−3 in the computer room and 35.4 pg
m−3 the office and laboratory. The higher concentrations of
lighter PCBs in the lecture room may be due to emission from
nearby excavation and construction, but no source can be
concretely identified.
Concentrations of NFRs in the office and laboratory were

similar to the concentrations in the computer room before the
addition of the computers (Figure 3), supporting the result of
computer operation as a source of HBB, TBP-AE, TBP-BAE,
PBB-Acr, PBBZ, and TBP-DBPE, rather than any source from
building materials or flooring. For example, when electronics
were switched on in the computer room in our study,

Figure 4. Changes in air concentrations (pg m−3) of NFRs over time
in computer room. Sample numbers (x-axis) correspond to the
sampling events identified in Figure 1.
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concentrations of HBB jumped from hundreds to thousands of
pg m−3, while the median concentration of HBB in non-
electronics equipped rooms was only 6.71 pg m−3. Similarly, a
maximum concentration of 297 pg m−3 and median of 4.11 pg
m−3 from 37 dwellings in Cequier et al.62 suggest varying
numbers of electronics in the study environments. The median
concentration of ∑18OPEs from the lecture room (26 300 pg
m−3) agrees with the median (26 900 pg m−3) of events 1 to 6
(before the computers were turned on) from the computer
room, likely reflecting the same technology used in both rooms.
Identification of Potential FRs Sources. Although the

levels of flame retardants in indoor environments are often
considered to be connected to presence of electronics or
upholstered furniture in a particular microenvironment,
evidence is usually indirect.33,35 The identification of potential
sources of contamination is often hindered by factors including
sampling techniques,3 source misclassification,35 or experimen-
tal conditions,43 such as temperature, a key parameter for the
emission of FRs from operating electronics.68 Moreover, the
life-cycle stage of the product plays an important role in the
emission rates of the compounds, especially in case of more

volatile flame retardants.35,45,68,69 This also applies for another
important group of consumer products often considered a
source of FRs, that is, building materials.1,70,71 Materials initially
have a higher emission for volatilization emissions of
SVOCs,16,44 and thus sampling in a recently constructed
building with the presence of new materials provides a stronger
opportunity to identify emissions from building materials and
furnishings.
Operating computers were identified as the most notable

source of FRs to the indoor air, primarily for HBB and TCIPP.
HBB emissions from computers agree with its suggested use in
electronic and plastic goods,15 but possible emission of TCIPP
from computers is quite surprising, considering that TCIPP is
mainly used as FR in insulation and foams.24,71 Additionally,
temporal trends suggest computers as a source of TBP-DBPE
and related tribromophenoxy compounds (TBP-AE and TBP-
BAE), PBB-Acr and PBBZ. TBP-DBPE is used as an FR in
polypropylene72 and as an additive FR to acrylonitrile-
butadiene-styrene (ABS) plastics.73 Although TBP-AE is used
in expanded polystyrene, considering the low concentration
levels detected, together with TBP-BAE, is a possible
transformation product or impurity10,74 of TBP-DBPE.10,74

PBB-Acr is a reactive FR which little is known about,75 whereas
PBBZ may be a reactive debromination product of HBB,75 and
has been identified in 30% of electronic product wipes in a
study in Canada.76 Thus, it could be that elevated operating
temperatures within computers could be resulting in the
formation of some brominated products from the additive FRs,
and the concurrent volatilization losses of both the parent FRs
and products. However, more specific studies (e.g., emission
chambers) are necessary to confirm this hypothesis. Finally,
elevated concentrations of DBPP, TIPPP, TCEP, and EHDPP
may also (in part) be connected to emissions from operation of
computers. These compounds are used as FR in PVC, polyester
resins and coatings (for TCEP), PVC and thermoplastics (for
TIPPP) or as plasticizers (EHDPP).
Moreover, we emphasize that the increase in emissions

comes from operation of the computers, not simple presence of
the computers; no significant increase in concentrations was
observed in the room with the introduction of 56 brand new
idle computers (Event 6); rather, the jump in air concentrations
occurred when computers were switched on (Event 7). We also
note that compound physicochemical properties are expected
to have an influence on the patterns and time trends of
emissions. The two main chemicals detected in the indoor air,
HBB and TCIPP might be emitted from the source primarily in
the initiation phase due to their high volatility and other less
volatile chemicals might be released as time goes on, gradually
increasing their total mass emitted.
Two NFRs (DBE-DBCH and PBT) and four OPEs

(TDCIPP, TCIPP, TEHP, and TMTP) are suggested as
having sources in either furniture or carpet. The room did not
contain any significant foam-containing furniture, which
contrasts with typically reported uses of TCIPP in insulation
and foam. TDCIPP, TEHP, and TMTP are used in plastic,
textile and PUF (TDCIPP), PVC, cellulose, paints and
coatings, rubber, and PUF (TEHP), and hydraulic fluids,
cellulose, coatings, polystyrene, plastics, and thermoplastics
(TMTP);24 thus, use in carpet textile, carpet backing or
furniture coatings may account for their increase in emissions in
conjunction with installation of furniture and carpet. Sources of
DBE-DBCH and PBT are less clear. DBE-DBCH is an additive
FR in polystyrene and polyurethane, electronic cable coating

Figure 5. Changes in air concentrations (pg m−3) of OPEs over time
in computer room. Sample numbers (x-axis) correspond to the
sampling events identified in Figure 1.
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and construction materials, whereas PBT is used in various
polymers, latex, textiles, rubber, and ABS.75

Overall, operation of computers increased total air
concentrations of NFRs by 886%, from 167 pg m−3 (average
before) to 1480 pg m−3 (average after), and installation of
flooring and furniture increased total air concentrations of
OPEs by 310%, from 12 900 pg m−3 (before) to 40 000 pg m−3

(after). While the elevated concentrations may not persist in
the long term, this suggests that the indoor burden of FRs is
strongly linked to the products and materials used indoors, and
consequently, FR burdens could be reduced with appropriate
selection of products that use methods other than synthetic
organic flame retardants to meet flammability standards.
However, even in this targeted study with samples in

conjunction with changes in room equipment, definitive
identification of sources is difficult, emphasizing the general
challenges in correlating between putative sources and FRs
concentrations in air.35,43 Besides the main issue with source
classification, the main condition to achieve a good correlation
is that the presence of the FR must be clearly reflected in the air
concentration. Better correlations with potential sources are
frequently reported for indoor dust,35 as elevated concen-
trations and higher detection frequencies are usually obtained
due to the presence of the entire material particles introduced
by the abrasion migration pathway.77 Analysis of such source
material particles provides a good link with a potential source,
but also has the disadvantage of spatial variability driven by the
distance from the source.3,67,78,79 Thus, regardless of the
correlation with the sources, indoor air and dust sampling
provides complementary information to characterize the indoor
environment, covering various real-world factors (sinks, mass
dynamics), which are difficult to simulate in chamber emission
experiments. While chamber experiments are a useful tool for
characterizing sources by determining specific emission rates,
environmental information is more relevant for human
exposure. Moreover, material samples are usually investigated
by chamber emission experiments, rather than complex
dynamic systems such as operating computers.
A source introduction causing even a marginal increase in air

concentrations of chemicals is still relevant from the viewpoint
of long-term human exposure. For example, the scenario
demonstrated in this study typically applies to open-concept
office environments and other computer rooms, where people
often spend substantial time. For example, the daily inhalation
exposure to HBB for a 70 kg adult, spending 8 h per day in the
computer room from our study will increase from 205 pg kg−1

day−1 to 2094 pg kg−1 day−1 (see SI for the details) when the
computers are switched on.
Moreover, while both brominated and organophosphate FRs

were identified as having in-room sources, there are large
concentration differences between the two compound groups;
the median concentration of TCIPP found in this study was
more than 200 times higher than that of HBB, emphasizing the
importance of OPEs as a potential concern in indoor
environments, as well as the necessity of indoor air monitoring,
since inhalation is considered as an important exposure route
for chlorinated OPEs.30 On the other hand, 20 and 50 times
lower concentrations of banned HBCDDs and PBDEs,
respectively, compared to NFRs, show the decline of legacy
FRs in the indoor environments.
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J.; Čupr, P.; Klańova,́ J. Seasonality and indoor/outdoor relationships
of flame retardants and PCBs in residential air. Environ. Pollut. 2016,
218, 392−401.
(39) Venier, M.; Audy, O.; Vojta, Š.; Becǎnova,́ J.; Romanak, K.;
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A B S T R A C T

Concentrations of 13 organophosphate ester flame retardants (OPEs) were measured in air, dust and window
wipes from 63 homes in Canada, the Czech Republic and the United States in the spring and summer of 2013 to
look for abundances, differences among regions, and partitioning behavior. In general, we observed the highest
concentrations for halogenated OPEs, particularly TCEP, TCIPP and TDCIPP, and also non-halogenated TPHP.
Differences between regions strongly depended on the matrix. The concentrations of OPEs in dust were sig-
nificantly higher in the US than in Canada (CAN) and Czech Republic (CZ). CZ had the highest concentrations in
window film and CAN in air. ΣOPE concentrations were 2–3 and 1–2 orders of magnitude greater than ΣBFRs in
air, and dust and window films, respectively. We found a significant relationship between the concentrations in
dust and air, and between the concentrations in window film and air for OPEs with log KOA values< 12, sug-
gesting that equilibrium was reached for these compounds but not for those with log KOA > 12. This hypothesis
was confirmed by a large discrepancy between values predicted using a partitioning model and the measured
values for OPEs with log KOA values> 12.

1. Introduction

Polybrominated diphenyl ethers (PBDEs) are the most thoroughly
studied class of flame retardants (FRs). They were widely used in nu-
merous household products until the early 2000s when two of the
commercial mixtures, Penta and OctaBDE, were withdrawn from the
market in the US due to mounting evidence of adverse health effects
and widespread environmental presence. This resulted in an increased
use of alternative compounds, mostly either brominated compounds
(e.g. 2-Ethylhexyl-2,3,4,5-tetrabromobenzoate (EHTBB), Bis(2-ethyl-1-
hexyl) tetrabromophthalate (BEHTBP) or organophosphate esters
(OPEs).

OPEs are phosphoric acid esters used as FRs, plasticizers and anti-
foaming agents (Rauert and Harrad, 2015). Their application in pro-
ducts ranges from textiles, polyurethane foam (PUF) upholstered fur-
niture, and electronics to construction materials (e.g., building insula-
tion) and vehicles (Marklund et al., 2003; van der Veen and de Boer,
2012; Wei et al., 2015). While chlorinated and brominated OPEs see
widespread use mostly as FRs, the non-halogenated OPEs are used also

as plasticizers, lubricants and pore size regulators (Andresen et al.,
2004). Since OPEs are typically used as additive chemicals and are
therefore not covalently bound to polymeric materials, they can easily
migrate from products into the environment by means of volatilization,
leaching and abrasion, and direct transfer to dust (Marklund et al.,
2003; van der Veen and de Boer, 2012; Wei et al., 2015).

Due to their physical and chemical characteristics, OPEs are ubi-
quitous in various environmental compartments worldwide and have
been detected in abiotic matrices such as sediment (Cao et al., 2012),
surface and groundwater water (Regnery et al., 2010; Regnery et al.,
2011; Venier et al., 2014), outdoor air including remote locations
(Salamova et al., 2016; Sühring et al., 2016a), indoor air (Marklund
et al., 2005; van der Veen and de Boer, 2012), and house dust (Dodson
et al., 2012; Stapleton et al., 2009). They are also found in biota (van
der Veen and de Boer, 2012) and human breast milk (Sundkvist et al.,
2010), indicating that these compounds are bioavailable and might
bioaccumulate (Greaves et al., 2016). Studies on the toxicity of OPEs
are still limited but some OPEs have been reported to be mutagenic,
carcinogenic, and neurotoxic, as well as potential developmental and
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reproductive toxins (Behl et al., 2015; Hendriks and Westerink, 2015;
Schweizer et al., 2007; van der Veen and de Boer, 2012).

Due to its persistence, bioaccumulative potential and toxicity, Tris
(2-chloroethyl) phosphate (TCEP) has been restricted from use in con-
centrations greater than 5 mg/kg in toys for children up to 3 years of
age and for any toys intended for mouthing and has been designated as
a substance of very high concern in the European Union (Toy Safety
Directive, 2009/48/EC, European Chemicals Agency, 2015). As such, it
is no longer produced in Europe (Green et al., 2008; Schreder et al.,
2016; Sühring et al., 2016a). Some reports suggest that it has been
replaced by other FRs, primarily Tris(1-chloro-2-propyl) phosphate
(TCIPP). In 2001, this structurally similar and relatively cheap re-
placement for TCEP, represented approximately 80% of the chlorinated
OPEs used in Europe (Leisewitz et al., 2001). In 2014 Canada pro-
hibited new use of TCEP in products containing PUF intended for
children under 3 years of age (Canada Gazette, 2014). TCEP was re-
stricted for new uses in several US states starting in 2011 (Safer States)
and is listed as a carcinogen under California's Proposition 65. TCIPP
has been recommended for designation as “toxic” under the Canadian
Environmental Protection Act (Environment and Climate Change
Canada, 2016). The proposed risk management measures are limiting
its use to< 0.1% in mattresses and upholstered furniture.

Tris(1,3-dichloro-2-propyl) phosphate (TDCIPP) appears to be used
as a substitute for brominated FRs. TDCIPP is primarily used in foams in
the automotive industry and to some extent also in upholstered furni-
ture (Cooper et al., 2016). Tris(2,3-dibromopropyl) phosphate (TDBPP),
a brominated analog for TDCIPP, was banned in children's sleepwear in
the US in 1977 due to carcinogenicity concerns after mutagenic meta-
bolites were detected in children's urine (Gold et al., 1978) and it is
listed as a carcinogen in California's Proposition 65. TDCIPP is also
listed as a carcinogen in California's Proposition 65 but has not been
recommended for designation as “toxic” under the Canadian Environ-
mental Protection Act (Environment and Climate Change Canada,
2016).

Triphenyl phosphate (TPHP), one of the most effective FRs used in
polymers (van der Veen and de Boer, 2012), is used also in hydraulic
fluids (Andresen et al., 2004). TPHP is a component in the Firemaster
(FM) 550 mixture, introduced in 2004 as a replacement for the Pen-
taBDE commercial mixture used in upholstered furniture. It is also used
as a plasticizer in, for example, nail polish (Mendelsohn et al., 2016)
and electronic components such as televisions and monitor screens
(Kajiwara et al., 2011). EHDPP is mainly used as a flame retardant/
plasticizer in flexible PVC (e.g., wire and cable insulators, connectors)
and in certain food packaging in the US (Brooke et al., 2009).

In this study, we measured the concentrations of 13 OPEs - four
halogenated (TCEP, TCIPP, TDCIPP and TDBPP) and nine non-haloge-
nated (TPHP, EHDPP, TEHP, TNBP, o-TMPP, p-TMPP, TIPPP, TDMPP
and TBPP) in air, dust and window film from homes in three different
countries (Czech Republic, Canada and USA) during the spring and
summer of 2013. These three matrices were chosen as the most relevant
for human exposure, as well as being novel and convenient. The goals of
this project were to evaluate the partitioning behavior of OPEs in the
indoor environment, to compare within-house differences, and to ex-
amine regional differences between Central Europe and North America.
Two companion papers reported on levels of brominated flame re-
tardants (Venier et al., 2016) and perfluorinated alkyl substances
(Karásková et al., 2016) in the same homes.

2. Experimental section

2.1. Sample collection

Air, dust and window film samples were collected from a total of 63
houses and apartments (20 homes each in Brno, Czech Republic and
Bloomington, IN, US and 23 in Toronto, ON, Canada) during a sampling
period of 28 days in May–August 2013. Samples from one room, usually

the bedroom, were collected in each home while a second room, usually
the living room, was sampled in at least nine randomly chosen homes in
each country. Participants were recruited as a “sample of convenience”
among colleagues, friends, relatives and acquaintances.

Sampling involved deploying polyurethane foam (PUF) passive air
samplers to estimate air concentrations, collecting settled floor dust
into nylon socks by vacuuming, and collecting interior window films as
representative of surface films on interior surfaces using Kimwipes.
Details of sample collection can be found elsewhere (Venier et al.,
2016) and only a brief description is provided here. Before sampling, all
matrices (PUF disks, Kimwipes and nylon vacuum socks) were pre-
cleaned in a Soxhlet extractor (8 h in acetone, then 8 h in toluene),
dried and packed in aluminum foil and transported to the sites. Field
blanks were collected by exposing pre-cleaned matrices during sample
retrieval.

On day 1, floors were vacuumed and windows were cleaned with
Kimwipes moistened with 2-propanol until no dirt was visible
(Kimwipes were not saved at this time), PUF passive air samplers were
deployed, and participants were asked not to vacuum rooms or wash
the windows where the samplers were located until the end of the
campaign. PUF disks were exposed to indoor air using a single-bowl in
US and Canada or double-bowl in the Czech Republic (see Fig. S1)
passive sampler housing for 28 days. Sampling rates for each passive air
sampler configuration were calculated in a separate experiment by si-
multaneously deploying single- and double-bowl samplers along with
active air samplers (Venier et al., 2016). More details on the calibration
of the passive air samplers are reported in the Supporting Information.
For this study, we used a sampling rate of 1.6 m3/day for the single-
bowl sampler and 0.82 m3/day for the double-bowl sampler. Given the
difficulty of calculating accurate and meaningful sampling rates, this
approach seems reasonable.

On day 28, PUF discs were retrieved and window wipe samples
were collected using a pre-cleaned Kimwipe moistened with 2-propanol
(Kimwipes were saved at this time). Windows were wiped until no dirt
was visible on the Kimwipe. The sampled area averaged at 0.32 m2 for
Canada, 0.93 m2 for US, and 1.79 m2 for the Czech Republic. Floor dust
samples were collected using a pre-cleaned nylon sampling sock in-
serted into the tube of a conventional household vacuum cleaner, va-
cuuming the largest possible floor area and recording the area. After
collection, all samples were wrapped in aluminum foil and sealed in
plastic bags for transport to the laboratory. Samples were stored at
−18 °C until extraction and analysis.

2.2. Target compounds and chemicals

The list of target compounds is reported in Table 1. The following
OPEs standards were purchased from Wellington Laboratories (Guelph,
ON, Canada): Tri-n-butylphosphate (TnBP), Tris(2-chloroethyl) phos-
phate (TCEP), Tris(1-chloro-2-propyl) phosphate (TCIPP), Tris(1,3-di-
chloro-2-propyl) phosphate (TDCIPP), Triphenyl phosphate (TPHP), 2-
Ethylhexyl-diphenyl phosphate (EHDPP), Tris(2-ethylhexyl) phosphate
(TEHP), Tri-o-tolyl phosphate (o-TMPP), Tri-p-tolyl phosphate (p-
TMPP), Tris(2-isopropylphenyl) phosphate (TIPPP), and Tris(3,5-di-
methylphenyl) phosphate (TDMPP). Tris(2,3-dibromopropyl) phos-
phate (TDBPP) was purchased from AccuStandard (New Haven, CT).
Tris(4-tert-butylphenyl) phosphate (TBPP) was purchased from Sigma-
Aldrich (St. Louis, MO). d12-Tris(2-chloroethyl) phosphate (d12-TCEP),
13C18-triphenyl phosphate (MTPP) and 13C12-BDE-77 were purchased
from Wellington. The internal quantitation standards, d10-anthracene,
d12-benz[a]anthracene, and d12-perylene, were obtained from Chem
Service (West Chester, PA). All solvents were HPLC or Optima grade.
Silica gel (100–200 mesh, 75–150 μm, Grade 644) and granular anhy-
drous sodium sulfate (Na2SO4) were purchased from Fisher Scientific
(Pittsburgh, PA).

M. Vykoukalová et al. Environment International 106 (2017) 97–104

98



2.3. Extraction

The US samples were analyzed in Bloomington, IN at Indiana
University (IU) and the Canadian and Czech samples were analyzed in
Brno, Czech Republic at RECETOX. Details of the analytical protocols
are given in the SI and are summarized here.

Before extraction, all samples were spiked with known amounts of
recovery standards [13C18-triphenyl phosphate (MTPP) at RECETOX
and 13C18-triphenyl phosphate (MTPP) and d12-Tris(2-chloroethyl)
phosphate (d12-TCEP) at IU]. PUF and Kimwipes were extracted in
250 mL dichloromethane (DCM) using automated warm Soxhlet ex-
traction (three cycles: 40 min warm Soxhlet followed by 20 min of
solvent rinsing and concentration of the extract) at RECETOX and with
400 mL of acetone: n-hexane (1:1, v/v) using Soxhlet extraction for 24 h
at IU. In both labs, socks with dust were weighed, the dust was sieved
to< 500 μm, approximately 100 mg were weighed and the remaining
dust was wrapped in foil for future use. The sock rinsate (30 mL hex-
ane:acetone, 1:1) and the sieved fraction of dust were sonicated with
30 mL acetone: n-hexane (1:1, v/v). The dust was allowed to settle, the
liquid extract was removed, and this procedure was repeated twice.

2.4. Sample fractionation and clean-up

At RECETOX, 30% of the extract for each sample (measured by
weighing; the rest of the sample was used for the analysis of other
compounds) underwent non-destructive clean-up on a 5 g non-modified
activated silica column topped with 1 cm of Na2SO4 using 20 mL DCM
for the first fraction and 20 mL acetone:DCM (7:3, v/v) for the second
fraction. OPEs eluted in the second fraction. The OPE fraction was
concentrated under N2 and transferred into a 1 mL vial, solvent ex-
changed to nonane, further concentrated to approximately 0.5 mL and
spiked with the injection standard 13C12-BDE-77. At IU, extracts were
reduced in volume to about 2 mL by rotary evaporation. The solvent
was exchanged to hexane and the extracts were fractionated on a
column containing 3.5% water deactivated silica gel. The column was
eluted with 25 mL of 7:3 acetone in DCM. After N2 blow down to about
1 mL, the samples were spiked with the quantitation internal standards
(d10-anthracene, d12-benz[a]anthracene and d12-perylene).

2.5. Instrumental analysis

At RECETOX, OPEs were analyzed using an Agilent 7890A gas
chromatograph (GC) equipped with a 15 m Restek RTX 1614 column
(with 60 cm retention gap) coupled to a Waters APGC XEVO TQ-S
tandem mass spectrometer (MS/MS). The mass spectrometer was op-
erated in positive atmospheric pressure ionization mode (APGC+)

using multiple reaction monitoring mode (MRM). At least two transi-
tions were recorded for each compound. The following transitions were
used for quantification (confirmation): 267 > 99 (267 > 211) for
TNBP, 287 > 99 (249 > 99), for TCEP, 327 > 99 (329 > 99) for
TCIPP, 431 > 99 (431 > 209) for TDCIPP, 327 > 215 (327 > 152)
for TPHP, 362 > 251 (362 > 94) for EHDPP, 435 > 99
(435 > 323) for TEHP, 368 > 277 (369 > 278) for o-TMPP,
368 > 261 (369 > 165) for m-TMPP and p-TMPP, 453 > 118
(453 > 251) for TIPPP, 411 > 194 (411 > 179) for TDMPP,
618 > 137 (698 > 99) for TDBPP, 495 > 327 (494 > 211) for
TBPP, 345 > 277 (345 > 164) for 13C12-TPHP and 498 > 338
(496 > 336) for 13C12-BDE-77. Additional parameters were set as
follows: source temperature 150 °C, cone gas flow 160 L/h and aux-
illary gas flow 220 L/Hr. Injection was splitless 1 μL at 250 °C, with He
as the carrier gas at 1.2 mL min−1. The GC temperature program was
80 °C with a 1 min hold, then 30 °C min−1 to 140 °C, followed by 4 °C
min−1 to 175 °C, then 8 °C min−1 to 270 °C and 15 °C min−1 to 325 °C
with a 7 min hold. Makeup gas pressure was 60 psi and transfer line
temperature was set to 300 °C.

At IU, an Agilent 6890 series GC coupled to an Agilent 5973 MS was
used to quantify OPEs. The MS was operated in the electron impact
mode. The GC resolution was achieved with a 30 m× 250 μm
i.d. × 0.25 μm film thickness DB-5MS Ultra Inert capillary column
(Agilent Technologies, Santa Clara, CA). One μL of the sample was in-
jected in the pulsed splitless mode at 280 °C. The GC–MS interface was
kept at 300 °C. Temperatures of the ion source and quadrupole were set
at 230 °C and 150 °C, respectively. High purity helium (99.999%;
Liquid Carbonic, Chicago) was used as the carrier gas. The GC oven
temperature was held at 90 °C for 1 min, increased to 170 °C at 10 °C/
min, held for 3 min, then increased to 230 °C at 10 °C/min, held for
4 min, then increased to 260 °C at 5 °C/min, finally increased to 300 °C
at 10 °C/min, and held for 4 min. TCIPP and TEHP were monitored
using m/z 99 and 125. Monitoring ions for the other OPEs were: m/z
155 and 99 for TNBP, m/z 249 and 63 for TCEP, m/z 75 and 191 for
TDCIPP, m/a 326 and 325 for TPHP, m/z 251 and 250 for EHDPP, m/z
410 and 411 for TDMPP, m/z 368 and 367 for o-TMPP and p-TMPP, m/
z 368 and 165 for m-TMPP, m/z 201 and 119 for TDBPP, m/z 494 and
479 for TBPP. For the surrogate and internal standards, the following
ions were monitored: MTPP, m/z 343; d12-TCEP, m/z 261; d10-an-
thracene, m/z 188; d12-benz[a]anthracene, m/z 240, and d12-perylene,
m/z 264. OPE data were quantitated using the internal standard
method at both labs.

2.6. Quality control and quality assurance

Several measures were taken to ensure data comparability between

Table 1
OPEs names, abbreviations (alternate name between parentheses), CAS numbers and log KOA values (EPI Suite log KOA values were used in this paper; the others are provided for
reference only).

Name Abbreviations CAS number log KOA (Sühring et al., 2016b)

EPI Suite SPARC Absolv

Tris(2-chloroethyl) phosphate TCEP 115–96-8 7.6 7.0 8.9
Tris(1-chloro-2-propyl) phosphate TCIPP (TCPP) 13674–84-5 8.5 7.6 10.0
Tris(1,3-dichloro-2-propyl) phosphate TDCIPP (TDCPP) 13674–87-8 10.6 10.3 12.0
Tris(2,3-dibromopropyl) phosphate TDBPP 126–72-7 14.1 12.9 16.3
Tri-phenylphosphate TPHP (TPP) 115–86-6 10.5 10.3 14.0
2-ethylhexyldiphenylphosphate EHDPP 1241–94-7 11.3 10.6 14.1
Tris(2-ethylhexyl) phosphate TEHP 78–42-2 11.9 12.0 14.5
Tri n-butyl phosphate TNBP (TBP) 126–73-8 7.7 7.0 9.5
Tri-o-tolylphosphate o-TMPP (TOTP) 78–30-8 12.0 11.6 15.1
Tri-p-tolylphosphate p-TMPP (TPTP) 78–32-0 12.0 11.8 15.1
Tris(2-isopropylphenyl) phosphate TIPPP (T2IPPP) 64532–95-2 14.0 13.5 17.5
Tris(3,5-dimethylphenyl) phosphate TDMPP (T35DMPP) 25653–16-1 13.5 12.9 16.2
Tris(4-tert-butylphenyl) phosphate TBPP 78–33-1 15.0 14.7 18.1
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the different laboratories and the accuracy and reliability of the mea-
surements. For dust samples, spiked (n = 3) and non-spiked (n = 3)
house dust SRM 2585 were analyzed and compared with literature data
(Table SI2). The results were also used to ensure the data comparability
between the laboratories.

The same blank treatment procedure and method limit of detection
(LOD) calculation was used as described elsewhere (Karásková et al.,
2016; Venier et al., 2016). Solvent blanks were used to evaluate con-
tamination from the laboratory procedures. Solvent blank levels were
low and no correction was necessary. Three field blanks per matrix per
country were collected and analyzed. The mass of the target compounds
in each sample were then compared to the average mass in the field
blanks (on a country and matrix specific basis – see Table S1 in the
Supporting Information for more details) and treated as follows: If the
blank level was< 10% of the measured level, there was no correction.
If the blank level was 10–35% of the measured level, the blank level
was subtracted from the measured level. If the blank level was> 35%
of the measured level, the value was reported as “non-detect.”

For air and window film samples, the recoveries of individual
compounds were determined using a set of pre-cleaned (8 h in acetone
and 8 h in DCM) sampling media (n = 8) spiked with the native ana-
lytes prior to extraction. The recoveries of target compounds in matrix
spike experiments varied between 70% and 120%. Average surrogate
recoveries were mostly within the 50–150% range, which is considered
acceptable. Final values were not recovery corrected.

For statistical data analysis, values below detection were replaced
by √2/2*LOD (Antweiler, 2015). Compounds with low detection
(generally< 60% detection frequency in a given matrix/room) were
not used for statistical analysis.

2.7. Data analysis

Basic calculations, descriptive statistics and graphs were made using
Microsoft Excel software and Statistica 12. Central trends were de-
scribed with median concentrations because the data were not normally
distributed. Differences between sample populations were determined
using a nonparametric Kruskal-Wallis, Mann-Whitney U and Wilcoxon
tests. Differences were considered significant at p < 0.05.

3. Results and discussion

A summary of the results for dust, window film and air from all
three countries is reported in Table 2. An overview of the concentra-
tions of the main targeted OPEs is shown in Fig. S2, which depicts both
regional trends and compound patterns. Box plots for selected com-
pounds are shown in Fig. S3. In general, we observed the highest
concentrations for TCEP, TCIPP, TDCIPP and TPHP. Interestingly, all
three matrices in all the three countries were dominated by halogenated
OPEs.

Regional patterns of OPE concentrations followed those seen for
PBDEs and novel BFRs (Harrad et al., 2008; Venier et al., 2016). For
OPEs, we note that the comparison of differences country-to-country
must be interpreted with caution due to the challenges associated with
OPE measurement. We found that the regional trends of OPEs strongly
depended on the matrix. The concentrations of OPEs in dust were sig-
nificantly higher in the US than in Canada (CAN) and Czech Republic
(CZ) (see Table 2). CZ had the highest concentrations in window film
and CAN in air.

In particular, dust samples were dominated by TDBPP in the US
(median 4530 ng/g, range ND - 11,000 ng/g), TPHP in CAN (median
2350 ng/g, range 377–31,900 ng/g) and TCIPP in CZ (median 1860 ng/
g, range 163–26,700 ng/g). Although TCIPP was also prevalent in CZ
window film samples (median 566 ng/m2, range 15.0–6670 ng/m2), US
and CAN window film samples primarily had TDCIPP (medians
83.2 ng/m2 and 82.3 ng/m2, ranges ND – 542 ng/m2 and
20.8–3590 ng/m2, respectively). In all three countries, air

concentrations were dominated by TCIPP, with the highest levels found
in CAN (median 73.6 ng/m3, range 7.68–4190 ng/m3), followed by the
US (median 26.3 ng/m3, range 0.280–226 ng/m3) and the CZ (median
16.4 ng/m3, range 3.62–139 ng/m3). See Fig. S2 and Table 2 for details.
The abundance of TCIPP in air is consistent with its common use and
relatively high vapor pressure (log Pl −2.1 EPI Suite V4.1; − 1.3 Pa,
ABSOLV; Zhang et al., 2016).

3.1. Dust

The highest concentrations of halogenated OPEs were found in US
dust, with medians ranging from 1440 ng/g (TCEP) to 4530 ng/g
(TDBPP), followed by CAN and CZ. With the exception of TCIPP, the
differences between US and the other two countries were significant
(p < 0.05). TDCIPP was significantly lower in CZ than in CAN and US
while TDBPP was not detected in CZ at all.

Among non-halogenated OPEs, TPHP was generally most abundant.
TPHP was significantly lower in CZ (median 811 ng/g) than in the US
(median 3040 ng/g) and in CAN (median 2350 ng/g). In contrast,
EHDPP did not follow this trend, with similar concentrations in all
countries. For TNBP, TBPP and TIPPP, levels were significantly higher
in US than in the other two countries. Both isomers of TMPP were
significantly higher in CZ than in CAN. In the US, p-TMPP showed si-
milar concentrations to CZ, while o-TMPP was not detected in the US.
TDMPP was only detected in a single US dust sample.

Concentrations of OPEs in dust samples measured here were com-
parable to those reported in the literature, with a few exceptions (see
Table S3 for a comprehensive list of literature data). Remarkably higher
levels of TCEP and TDCIPP were found in Sweden by Bergh et al.
(2011). TCEP concentrations in Spain (García et al., 2007) were higher
than those in CZ homes reported here but sampling occurred at a much
earlier year, before any restrictions were put in place. Dust measured in
California by Dodson et al. (2012) was higher than our data from In-
diana, which could reflect the legacy of more stringent flammability
standards in California. TDBPP in dust was only reported by Dodson
et al. (2012) for California and were lower than those measured here.
Somewhat higher TNBP concentrations than here were reported by
several European studies (Bergh et al., 2011; García et al., 2007;
Marklund et al., 2003; Van den Eede et al., 2011) and higher TPHP
values were found in the US by Stapleton et al. (2009) compared with
our results. Conversely, lower TPHP values were found in Germany by
Brommer et al. (2012) and Sweden (Marklund et al., 2003) relative to
results from all our locations. While TEHP values measured in dust were
higher in our study compared to the literature, o-TMPP were lower than
those reported by Bergh et al. (2011) for Sweden.

3.2. Window film

The highest median concentration (566 ng/m2, TCIPP) among ha-
logenated OPEs was found in CZ window film samples. TDBPP was only
detected in a single CAN sample. While TDCIPP values were found to be
significantly higher in the US and CAN than in CZ, a reverse trend was
apparent in the case of TCIPP. Finally, TCEP was found to be sig-
nificantly lower in CAN than in the US and CZ.

For non-halogenated OPEs, the highest median concentrations in
window film samples were measured for TNBP in CAN and CZ (29.6
and 72.6 ng/m2, respectively) and EHDPP in the US (48.1 ng/m2). The
remaining non-halogenated OPEs (o-TMPP, p-TMPP, TIPPP, TDMPP
and TBPP) were measured at low concentration levels (range: 0.134 to
70.5 ng/m2) and with lower detection frequencies. Most of the non-
halogenated OPEs in window film were significantly higher in North
America than in CZ, with the exception of TNBP, for which con-
centrations were significantly higher in CAN and CZ. To our knowledge,
no literature data exist for OPEs in window film.
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3.3. Air

As mentioned above, the highest median concentrations among
halogenated OPEs in air were measured for TCIPP, with CAN values
(73.6 ng/m3) significantly higher than those of the US (26.3 ng/m3)
and CZ (16.4 ng/m3). TCEP concentrations in CAN and the US were
significantly higher than in CZ which is consistent with regulatory ac-
tions taken against TCEP in Europe and Canada. No significant differ-
ences between countries were found for TDCIPP. While TDBPP was not
detected in CAN or CZ, the US detection frequency was up to 90% and
the median concentration was 23.6 ng/m3.

We observed higher concentrations in the US and CAN compared to
the CZ for TNBP (6.20 ng/m3 in CAN), and EHDPP (1.71 ng/m3in
CAN), while TEHP was found to be significantly higher in US only
(0.376 ng/m3). No significant country trend was observed for TPHP
with median concentrations ranging from 0.592 ng/m3 in CZ to
0.799 ng/m3 in the US. Similarly to window film samples, the re-
maining non-halogenated OPEs were detected rarely or at concentra-
tions just above the limit of quantification. The only exception was
TBPP, which was frequently detected in US, reaching a median con-
centration of 0.439 ng/m3.

Similarly to previous studies, TCEP air concentrations were sub-
stantially lower than TCIPP concentrations (see Table SI3), which may
be explained by the recent restrictions on the uses of TCEP and the

associated rising usage of TCIPP as discussed above (Leisewitz et al.,
2001). Lower TCIPP than TCEP concentrations were reported for dust
only in Sweden (Bergh et al., 2011) and in the US (Dodson et al., 2012).

TCIPP was the most frequently measured halogenated OPE in our
study. This reflects its use as a major FR globally. To the authors'
knowledge, no data exist for TDBPP in indoor home air. TDCIPP con-
centrations below the detection limit were reported in previous studies
(Bergh et al., 2011; Bergh et al., 2010; Marklund et al., 2005), which is
consistent with the very low concentrations found in our study and its
low vapor pressure (log Pl of −4.40, EPI Suite V4.1; −4.44 ABSOLV;
Zhang et al., 2016). US, CAN and CZ air concentrations of TCEP and
TCIPP were similar or slightly higher than those reported by previous
studies from both continents (Bergh et al., 2011; Bergh et al., 2010;
Marklund et al., 2005; Staaf and Ostman, 2005). No comparable data
for all measured non-halogenated OPEs in indoor home air currently
exist, with the exception of TNBP. Concentrations of TNBP in the lit-
erature are comparable to those reported here (see Table S3).

3.4. Correlations among concentrations

The results of the Spearman correlation analysis between the log
transformed concentrations of all the OPEs from this study and of all the
brominated flame retardants (BFRs) reported by Venier et al. (2016) are
included in the Supporting Information (see Table S4). Correlations

Table 2
Summary results for dust (ng/g), window film (ng/m2) and air (ng/m3) samples including median, minimum, maximum, percentage of samples above the detection limit (%), and
Kruskal-Wallis test results. The Kruskal-Wallis results are to be read across countries for each compound; compound concentrations from countries that have different letter are
significantly different from one another (p < 0.05). ND indicates that a compound was not detected in the samples.

US CAN CZ

Median Range % Median Range % Median Range %

Dust [ng/g] TCEP 1440 123 – 9080 100 a 181 73.7 – 6750 100 b 155 41.8 – 1680 100 b
TCIPP 2790 177 – 26,500 100 a 1470 270 – 39,300 100 a 1860 163 – 26,700 100 a
TDCIPP 3680 ND – 8940 97 a 917 206 – 9530 100 b 183 56 – 1220 100 c
TDBPP 4530 ND – 11,000 60 a 0.193 ND – 41.4 26 b ND
TPHP 3040 22.5 – 24,800 100 a 2350 377 – 31,900 100 a 811 72.8 – 11,000 100 b
EHDPP 889 ND – 4760 97 a 754 150 – 8400 100 a 836 144 – 8230 100 a
TEHP 1360 ND – 18,600 97 a 101 18.6 – 611 100 b 153 37.2 – 10,300 100 b
TNBP 114 81.6 – 4270 100 a 63 25.5 – 288 100 b 51.6 6.81 – 160 100 b
o-TMPP ND 0.712 ND – 7.02 71 a 3.34 ND – 249 b
p-TMPP 82.5 ND – 453 47 a 6.18 0.871 – 116 100 b 201 14 – 2500 100 a
TIPPP 52.4 ND – 317 77 a 20.4 4.26 – 74.3 100 b 11.9 1.64 – 508 100 b
TDMPP 35.2 ND – 146 3 a ND ND
TBPP 41.8 ND – 500 73 a 4.85 0.959 – 57.7 100 b 6.49 0.254 – 39.6 100 b

Window film [ng/m2] TCEP 56.5 8.17 – 267 100 a 12.5 5.09 – 258 97 b 46.1 2.35 – 1630 97 a
TCIPP 41.7 4.42 – 959 100 b 57.9 24.6 – 3620 97 b 566 15 – 6670 97 a
TDCIPP 83.2 ND – 542 90 a 82.3 20.8 – 3590 97 a 13.6 1.01 – 181 97 b
TDBPP ND 0.060* ND – 1.31 3 a ND 0
TPHP 39.6 4.2 – 1050 100 a 20.2 8.82 – 426 97 a 4.56 0.961 – 25.3 97 b
EHDPP 48.1 3.66 – 656 100 a 27.1 9.68 – 491 97 a 9.88 ND – 103 93 b
TEHP 23.2 ND – 283 63 a 3.72 0.978 – 49.6 97 b 6.85 0.749 – 91.9 97 b
TNBP 8.65 3.14 – 123 100 b 29.8 12.1 – 1530 97 a 72.6 2.93 – 538 97 a
o-TMPP 7.45 ND – 51.2 7 a 0.354 ND – 7.76 51 b 0.006 ND – 1.17 c
p-TMPP 12.7 ND – 22.1 7 a 0.18 ND – 13 43 b 0.02 ND – 1.57 47 b
TIPPP 6.36 ND – 70.5 7 a 0.34 0.134 – 29.2 97 b 0.084 ND – 0.223 90 c
TDMPP ND ND 0.401 ND – 0.814 3 a
TBPP 6.33 ND – 39.8 7 a 0.089 ND – 1.89 63 b 0.009 ND – 39.8 10 c

Air [ng/m3] TCEP 6.81 ND – 28.9 97 a 6.35 1.34 – 145 97 a 2.96 0.781 – 36.4 97 b
TCIPP 26.3 0.28 – 226 100 b 73.6 7.68 – 4190 97 a 16.4 3.62 – 139 97 b
TDCIPP 0.372 ND – 6.46 80 a 0.525 0.045 – 5.5 97 a 0.311 0.228 – 0.572 97 a
TDBPP 23.6 ND – 45 a ND 0
TPHP 0.799 ND – 3.31 97 a 0.723 0.21 – 2.99 97 a 0.592 0.304 – 0.91 97 a
EHDPP 0.739 ND – 9.58 97 b 1.71 0.369 – 66.5 97 a 0.375 0.193 – 1.09 97 c
TEHP 0.376 ND – 24.7 53 a 0.042 0.014 – 2.38 97 b 0.037 0.02 – 0.163 97 b
TNBP 6.07 ND – 57 97 ab 6.2 2.61 – 461 97 a 2.34 0.745 – 33.1 97 b
o-TMPP 0.142 ND – 0.142 3 a 0.005 ND – 0.05 77 b 0.001 ND – 0.025 c
p-TMPP 0.256 ND – 0.256 7 a 0.002 ND – 0.023 71 b 0.002 ND – 0.016 63 b
TIPPP 0.121 ND – 0.121 7 a 0.007 0.002 – 0.034 97 b 0.005 0.003 – 0.023 97 c
TDMPP 0.121 ND – 0.121 a ND ND
TBPP 0.439 ND – 1.1 97 a ND 0.001 ND – 0.001 3 b
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were done for each matrix separately and only one room per house was
included (i.e. the living room, since not all the houses had samples from
the bedroom).

The strongest correlations between OPE concentrations and be-
tween OPE and BFR concentrations were measured in dust, which was
probably due to higher concentrations and higher detection frequency
in dust than in air or window film. Concentrations of most of the OPEs
were correlated with one another, with a few exceptions. For example,
EHDPP in dust correlated only with the other non-haolgenated OPEs
TPHP, TIPPP and TBPP. EHDPP was not correlated with any of the
PBDE congeners and with very few of the alternative FRs (namely
Pentabromoetheyl benzene (PBEB) and Dechlorane Plus). TCIPP in dust
and window film were not correlated with any of the PBDEs, except for
BDE209 and a few non PBDEs FRs. The opposite trend was evident in
air concentrations. Conversely, TDCIPP was significantly correlated
with PBDEs in dust and window film but not in air.

TPHP was significantly correlated with both EHTBB and BEHTBP in
dust and window film (r= 0.32, p= 0.02 for EHTBB in dust; r = 0.28,
p = 0.006 for BEHTBP in dust; r = 0.70 p < 0.0001 for EHTBB in
window film; r = 0.58, p < 0.0001 for BEHTBP in window film),
suggesting that in these samples these three chemicals could share the
same source. Differing from our study, Brandsma et al. (2014) did not
find a relationship between TPHP and the two brominated components
of FM 550 in house and car dust in Europe. They speculated that TPHP
had sources other than FM 550 (e.g., electronics). This result seems to
suggest that FM 550 was also used in Europe, since the correlation was
significant also for CZ samples alone (although only for window film
samples). TPHP in dust and window film was also significantly

correlated with BDE 209 and DBDPE. TPHP is a by-product in the
technical mixture of resorcinol bis and bisphenol A bis, both alter-
natives to BDE 209, which was also used in conjunction with DBDPE
(Ballesteros-Gómez et al., 2016; Brandsma et al., 2014).

A comparison of OPE concentrations with BFR concentrations, using
data reported by Venier et al. (2016), revealed that OPEs were gen-
erally higher than BFRs in these houses. In particular, the sum of all
OPEs was 1 to 2 orders of magnitude higher than the sum of all BFRs for
all countries for window film and dust, and 2 to 3 orders of magnitude
higher than the sum of all BFRs for all countries for air.

3.5. Comparison of compound distributions between rooms

In order to assess variability of FR concentrations between rooms
within one home, results for sample pairs collected from both the main
bedroom and the living room area were compared for at least nine
homes in each country. Differences between rooms were tested for each
matrix and country separately using the Mann-Whitney U test (for
pooled samples) and the Wilcoxon matched pairs test (for room pairs).

The Mann-Whitney U test results showed no significant differences
(p > 0.05) between individual OPEs with the exception of TDCIPP
(p = 0.014) in CZ dust samples (see Table S4), where concentrations
were systematically higher in bedrooms. The Wilcoxon matched pairs
test, which is more powerful when evaluating differences within a
single home, showed an additional six significant cases: TCIPP, TDBPP
and TBPP in US dust samples, TDCIPP and TIPPP in CAN air samples,
and TCIPP in CZ air samples (p < 0.05, see Table SI). While the con-
centrations of TCIPP, TDBPP and TBPP in US dust samples and TDCIPP
in CAN air samples were higher in bedrooms, concentrations of TIPPP
in CAN air samples and TCIPP in CZ air samples were higher in living
rooms.

Overall, these results suggest that differences between individual
rooms are negligible, similarly to what was previously reported by
Venier et al. (2016) for BFR in these samples. The only other study on
this topic (Muenhor and Harrad, 2012), reported some room-to-room
differences, albeit not statistically significant. They suggested that the
dust concentrations were related to the number of specific items (such
as electronic products) in each room. To our knowledge, no other study
has done a systematic room-to-room comparison on a relatively large
number of samples (n = 30).

3.6. Correlations among air, dust and window film

Next, we considered the relationship among chemical concentra-
tions in air, dust and window film for two reasons. First, this compar-
ison tested the hypothesis for OPEs that under equilibrium conditions,
the partitioning between dust and air and between window film and air
is expected to be proportional to a chemical's KOA. This relationship has
been used for characterizing the sorption of chemicals to organic matter
in dust and window films (Butt et al., 2004; Weschler and Nazaroff,
2010). Second, if equilibrium has been achieved, then the concentra-
tions of a chemical can be assessed from measurements in one rather
than more media, as a way to reduce sampling effort.

Fig. 1 shows the dependence on log KOA of the partition coefficients
between dust and air (top) and between window film and air (bottom).
The log KOA values were those from the US EPA's EPI Suite (see
Table 1). Fig. 1 shows that the partition coefficients between dust and
air, and window film and air increased for compounds with log KOA

between 7 and 12, beyond which the coefficients decreased. Similar
partitioning behavior was observed for PBDEs and BFRs with a “break
point” of KOA > 14 (Venier et al., 2016) and for PBDEs and PCBs with
a “break point” of KOA > 11 (Zhang et al., 2011). Surprisingly, the
quadratic curve used to describe this partitioning behavior for OPEs
was quite different from that of BFRs. For example, for OPEs, the
maximum value of the log dust/air partition coefficient was 3.4 at log
KOA 12 whereas the value for BFRs from Venier et al. (2016) was 7.6 at

Fig. 1. Dependence of the dust/air partition coefficients and of window film/air partition
coefficients on the octanol/air partition coefficient (log KOA). In both graphs each circle
represents the average and the bars the standard error. The equations of the regression
curves were: Y = −11.59 + 2.59 X − 0.1099 × 2 (top) and Y = −5.60 + 1.24
X − 0.0511 × 2 (bottom).
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log KOA 14 (see Fig. 5 in Venier et al., 2016). Taking into account the
logarithmic scale, these differences translate to about 4 orders of
magnitude difference in the value of the partition coefficient at a 2
order of magnitude offset in log KOA. This large difference in partition
coefficients suggests that OPEs have a significantly stronger tendency
than BFRs to partition into the air than in dust, assuming that values of
KOA are accurate and that OPEs follow expected gas-particle parti-
tioning behavior, as reflected in PUF passive sampler collection. A si-
milar difference was observed also for window film/air, with the
logarithms of the partition coefficient reaching a maximum of 1.9 for
OPEs at log KOA 12 compared with 5.64 for BFRs at log KOA 14. Again,
this result is surprising since one would expect similar partitioning
behavior of OPEs and BFRs at the same values of KOA. The difference
seen in partitioning behavior is consistent with the lower sampling rates
for OPEs than for BFRs for the PUF passive air samplers used (0.82 m3/
day for double bowl and 1.6 m3/day for single bowl for OPEs versus
1.6 m3/day and 2.9 m3/day, respectively, for BFRs).

Based on the analysis described above, we hypothesize that equili-
brium between air and dust and between window film and dust was not
reached for compounds with log KOA > 12. Alternatively, since the
total concentration on PUF was used in the calculations, air con-
centrations could have over-estimated the gas phase by capturing also
particle-phase compounds (Abdollahi et al., 2017). OPEs have been
found in high percentages in the particle phase (Sühring et al., 2016b).
The data presented here do not allow for distinguishing between these
two hypotheses.

Using the same approach described in our companion paper (Venier
et al., 2016), we estimated air concentrations using dust and window

film for compounds with log KOA < 12 (see the Supporting Informa-
tion for details on the calculations). Fig. 2 shows the relationship be-
tween the median measured air concentrations and the median gas-
phase concentrations predicted from dust (top) and window film
(bottom) for compounds that appeared to reach equilibrium. For both
window film and dust, the predicted and measured values were corre-
lated (r2 = 0.84 and 0.68, respectively). For both the window film and
dust, the slopes of the linear regression were close to unity
(1.91 ± 0.31 and 1.18 ± 0.31, respectively). The negative values of
the intercepts (−0.60 for window film and −0.28 for dust), albeit not
statistically significant, indicated that, in general, the air concentrations
predicted from either window film or dust are lower than the measured
air concentrations (10–0.60 = 0.25 and 10–0.28 = 0.52). This dis-
crepancy between measured and predicted air concentration might be
due to assuming too large value for the organic matter fraction in both
media or for the thickness of the film layer. However, based on these
results, we recommend that for OPEs with log KOA < 12 that either air,
dust or window films can be sampled, but not all are necessary.

The partitioning analysis suggests that several OPEs compounds (i.e.
those with log KOA > 12) did not reach equilibrium between air, dust
and window film and, differently from BFRs, the three matrices used
here are not equivalent. The partitioning behavior suggests that OPEs
tend to accumulate more in air than dust or window film compared to
PBDEs and BFRs.

3.7. Limitations

OPEs are challenging compounds to measure, as reflected in the
large variability in the measurements of a standard reference material
(see Table S2 and discussion in the Supporting Information). While
different analytical methods between IU and RECETOX could have
contributed to differences or lack thereof, the regional trends are in
agreement with the usage history of FRs (US > CAN > CZ). If dif-
ferences due to analytical methods would be at play here, they would
not affect the partitioning and prediction modeling nor the correlations
or comparisons with BFRs. It should be noted that, although samples in
the three countries were collected in a relatively short time window
(May–August), we acknowledge that seasonal variability might play a
role in the differences we have observed. Hoffman et al. (2017) re-
ported higher exposure concentrations and hence exposures for TDCIPP
and TPHP in the summer than in winter.
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a b s t r a c t

This study is a systematic assessment of different houses and apartments, their ages and renovation
status, indoors and outdoors, and in summer vs. winter, with a goal of bringing some insight into the
major sources of semivolatile organic compounds (SVOCs) and their variability. Indoor and outdoor air
concentrations of polychlorinated biphenyls (PCBs), polybrominated diphenyl ethers (PBDEs) and novel
flame retardants (NFRs) were determined at 17e20 homes in Czech Republic in winter and summer.

Indoor concentrations were consistently higher than outdoor concentrations for all compounds; in-
door/outdoor ratios ranged from 2e20, with larger differences for the current use NFRs than for legacy
PCBs. Seasonal trends differed according to the use status of the compounds: the PCBs had higher
summer concentrations both indoors and outdoors, suggesting volatilization as a source of PCBs to air.
PBDEs had no seasonal trends indoors, but higher summer concentrations outdoors. Several NFRs (TBX,
PBT, PBEB) had higher indoor concentrations in winter relative to summer. The seasonal trends in the
flame retardants suggest differences in air exchange rates due to lower building ventilation in winter
could be driving the concentration differences.

Weak relationships were found with building age for PCBs, with higher concentrations indoors in
buildings built before 1984, and with the number of electronics for PBDEs, with higher concentrations in
rooms with three or more electronic items. Indoor environments are the primary contributor to human
inhalation exposure to these SVOCs, due to the high percentage of time spent indoors (>90%) combined
with the higher indoors levels for all the studied compounds. Exposure via the indoor environment
contributed ~96% of the total chronic daily intake via inhalation in summer and ~98% in winter.

© 2016 Elsevier Ltd. All rights reserved.
1. Introduction

The quality of air in a non-industrial indoor environment (e.g., a
home, school, office, public building) is affected by a wide range of
factors, including pollutants from sources inside the buildings as
well as from outdoor air. Knowledge on the fate and distribution of
indoor air pollutants is crucial since 80e90% of our total life time is
spent in different indoor environments. Moreover, people who are
most susceptible to the adverse effects of air pollutants (e.g. infants,
e by David Carpenter.

L. Melymuk), pbn@nilu.no
elderly, etc.) spend even more time indoors, and thus inhalation of
indoor air can significantly contribute to the total human exposure
to pollutants. Until recently, the focus on indoor air quality has been
on volatile organic compounds (VOCs), inorganics, radon and par-
ticulate matter, and the World Health Organization (WHO)
Regional Office for Europe has published indoor air quality guide-
lines values for these pollutants (WHO European Centre for
Environment and Health, 2010).

A more recent focus is the semivolatile organic compounds
(SVOCs), which also have a plethora of indoor sources. Many
products containing SVOCs are used predominantly in indoor en-
vironments and many indoor sources remain active despite bans
and regulations (e.g., Stockholm Convention). Indoor environments
also contain hydrophobic, sorptive materials that may act as res-
ervoirs and thereby sources of secondary emissions, even after the
removal of primary sources. This may be enhanced by increased
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persistence of these compounds indoors due to limited exposure to
direct sunlight, OH radicals and bacterial activity. In addition,
physical insulation and reduced ventilation in many indoor envi-
ronments may also enhance indoor concentrations. SVOCs are
therefore prone to accumulate and persist in indoor environments,
contributing to long term exposure. Indoor concentrations of many
SVOCs are several times higher than outdoor concentrations
(Menichini et al., 2007; Rudel et al., 2010; Zhang et al., 2011),
emphasizing the importance of the indoor environment as an
exposure route for these compounds. Furthermore, as the compo-
sition of chemicals on the market changes due to regulation, e.g., a
shift from polybrominated diphenyl ethers (PBDEs) to replacement
“novel” halogenated flame retardants (NFRs), the chemicals to
which we are exposed indoors also shifts, and thus may lead to
differences between older and newer dwellings.

With this study we analyse: (i) the relationship between indoor
and outdoor air concentrations, (ii) seasonal variability, and (iii) the
relationship between indoor air concentrations and house charac-
teristics (i.e. year of construction, renovation status, and type of
house) and house contents (e.g., floor type, furniture, electronics).
Moreover, indoor data from Czech Republic increases the knowl-
edge on the global spatial distribution of indoor air measurements
in the less frequently studied area of Central and Eastern Europe.
We focus on SVOCs with links to building materials and/or con-
sumer products that cover a range of legacy and current sources
(Table 1): polychlorinated biphenyls (PCBs), PBDEs and NFRs.

2. Materials and methods

2.1. Sampling site

Air sampling was conducted in residential areas around Brno,
Czech Republic (metropolitan area with a population of 600,000).
The sampling sites were private dwellings located both in the urban
area and nearby semi-rural areas (maximum 40 km from city
centre). The residents were informed about the study and invited to
participate on a voluntary basis.

2.2. Experimental design

Twenty private houses were selected to cover a range of specific
characteristics: (i) house age, (ii) house status, (i.e. original
Table 1
List of compounds.

Compound
class

Compound/congener Primary/possible uses in Czech R

PCBs CB-28, 52, 101, 118, 138, 153, 180 Electrical and industrial equipme
PBDEs BDE-28, 47, 66, 85, 99, 100, 153, 154,

183, and 209
Flame retardant (FR) in polyureth
furniture, roofing, insulation, pip
2004)

NFRs 2,3-dibromopropyl 2,4,6-
tribromophenyl ether (TBP-DBPE)

FR in polypropylene (CECBP, 200

2-bromoallyl 2,4,6-tribromophenyl
ether (TBP-BAE)

Transformation product of TBP-D

tetrabromo-p-xylene (TBX) Additive FR in polymers and resi
pentabromoethylbenzene (PBEB) FR in polyurethane foam, textiles

(Harju et al., 2009; Salamova and
pentabromotoluene (PBT) FR in bulk moulded polyesters (H
hexabromobenzene (HBB) FR in polymers, wood, textiles, e
1,2-bis(2,4,6-tribromophenoxy)ethane
(BTBPE)

FR in thermoplastics, replacemen

Hexachlorocyclopentadienyl-
dibromocyclooctane (DBHCTD)

FR in styrenic polymers (Covaci e

syn- and anti-Dechlorane Plus (s-DDC-
CO, a-DDC-CO)

FR in electrical wires, cables and

1,2-dibromo-4-(1,2-dibromoethyl)
cyclohexane (DBE-DBCH)

FR in polystyrene, polyethylene,
construction or renovated), and (iii) type of house (i.e. apartment/
flat in a multi-unit building, row house, or detached house). Poly-
urethane foam passive air samplers (PUF-PAS) were deployed
concurrently inside and outside the homes for 28 days. The indoor
samplers were deployed in the main living area of the house at
~2 m height and the outdoor samplers on the adjacent balcony or
the garden of the house, with a distance of 0.5e10 m from the
building wall. In three homes, samplers were deployed both in
living rooms and in bedrooms to address spatial variability within
the residence. Two sampling campaigns were carried out to address
seasonal variability: one in summer (JulyeAugust 2010, avg. out-
door air temperature 19 �C) and one in winter (FebruaryeMarch
2011, avg. outdoor air temperature 0 �C).

A questionnaire, completed by the residents at the end of the
sampling, provided additional information on type and age of
building materials (floors, walls, windows, insulation, etc.), type
and age of products in the home (furniture, carpets, electronics,
heating systems, water boiler, fireplaces, etc.), ventilation systems
and frequency of aeration (how often windows are kept open), and
living habits (cleaning, cooking, smoking, etc.). Details of the
buildings and questionnaires are presented in Supplementary In-
formation (SI).

2.3. Passive air sampling

The PUF-PAS disks were 15 cm diameter, 1.5 cm thickness,
424 cm2 total surface area, 0.030 g/cm3 density (type T-3037,
Molitan a.s., Czech Republic), and were deployed in protective
chambers consisting of two stainless steel bowls (upper 30 cm
diameter and lower 24 cm diameter). Methods for PUF-PAS prep-
aration and deployment are described by Bohlin et al. (2014a,b).
Two generic PUF-PAS sampling rates were used to convert sampled
masses to air concentrations: 1.4 m3/day for indoor samplers
(Bohlin et al., 2014b) and 3.5 m3/day for outdoor samplers (Bohlin
et al., 2014a).

Field validations of PUF-PAS have shown good performance for
gas-phase compounds such as PCBs both indoors and outdoors, yet
they have been shown to be a reliable sampling tool for only a
limited number of PBDE congeners (Bohlin et al., 2014a,b; Hazrati
and Harrad, 2007). Consistent results can be obtained for BDE 28,
47, 66, 85, 99, and 100, but the heavier, largely particle-bound BDEs
may not have a consistent sampling rate with the PUF-PAS,
epublic

nt, paints, pre-1984 (Holoubek et al., 2006)
ane foams, electrical and electronic equipment, textiles, carpets, draperies, plastic
ing/ducting/hoses, cables (European Chemicals Agency, 2014; Prevedouros et al.,

9), manufactured in Germany, production ceased in 1980s (Ma et al., 2012)

BPE (Ma et al., 2012)

ns (Venier et al., 2012)
, adhesives, wire and cable coatings, polyester resins, thermoset polyester resins
Hites, 2011)
arju et al., 2009)
lectronics (Salamova and Hites, 2011; Schlabach et al., 2011)
t for octaBDE (Schlabach et al., 2011)

t al., 2011; Riddell et al., 2008)

polymer products (Schlabach et al., 2011)

building insulation (Schlabach et al., 2011)
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particularly in indoor environments with limited air flow, and thus
may have higher uncertainty, notably for BDE-209. Thus, when
discussing seasonal and site-related trends in PBDEs, we exclude
any detected levels of BDE-209, although we note that BDE-209
was detected at levels above the limit of detection (LOD) in 16%
of samples (Table S3).

2.4. Analysis

Laboratory and analytical methods are given in full in the SI and
have been previously published (Bohlin et al., 2014b). The target
compounds are listed in Table 1. Briefly, PUF-PAS were extracted
with dichloromethane (DCM) using automated warm Soxhlet
extraction, cleaned-up via a H2SO4 modified silica column eluted
with 1:1 DCM:n-hexane. Samples were analysed for PCBs using a
gas chromatograph (GC)-mass spectrometry (MS) system (Agilent
6890N GC coupled to Micromass Quattro Micro GC tandem quad-
rupole MS) with a 60 m DB5-MS column. Samples were analysed
for PBDEs and NFRs using a GC-high resolution MS system (Agilent
7890A GC coupled to Micromass AutoSpec Premier sector MS) with
a 15 m DB5 column.

2.5. QA/QC

Two field blanks consisting of pre-cleaned PUFs were collected
for each summer and winter campaign (4 total). These field blanks,
along with laboratory and solvent blanks, were analysed as per the
samples. The LOD was calculated as the average field blanks plus
twice the standard deviation of the blanks. The samples above the
LODwere blank subtracted based on the average of the field blanks.
For compounds that were not detected in the blanks, instrumental
LODs were used.

Further information on QA/QC is given in Table S4.

2.6. Statistical analyses

Statistical Analyses were performed in GraphPad Prism (version
5.00), Microsoft Excel (Microsoft Office 2010), R studio (version
0.99.491 based on R version 3.2.3) and Maplesoft Maple (version
16). Concentrations were not normally distributed, thus non-
parametric tests were used (e.g., Mann-Whitney U-test) at
a ¼ 0.05. For the statistical analyses, values < LOD were substituted
by 0.5*LOD.

3. Results and discussion

3.1. PCBs

3.1.1. PCB air concentrations
PCBs were detected in all but one indoor air sample. Concen-

trations of S7PCB (sum of PCBs 28, 52, 101, 118, 138, 153, and 180)
are presented in Table 2. The variability of the air concentrations
among different indoor sites was relatively small for PCBs (3e10
fold). Mean indoor air concentrations of S7PCB were 89 pg/m3 in
summer (median: 82 pg/m3) and 61 pg/m3 in winter (median:
61 pg/m3). These levels are 4e10 � lower than PCB air concentra-
tions in indoor environments in Canada (Zhang et al., 2011),
Denmark (Frederiksen et al., 2012), France (Alliot et al., 2014), UK,
and Sweden (Bohlin et al., 2008), while comparable to indoor levels
in Mexico (Bohlin et al., 2008) and offices in Czech Republic (Bohlin
et al., 2014b) (Fig. 1).

Mean outdoor air concentrations of S7PCB were 38 pg/m3 in
summer (median: 34 pg/m3) and 17 pg/m3 in winter (median:
19 pg/m3). Thewinter concentrations were consistent with outdoor
air concentrations from urban and rural sites in the Czech Republic
(Bohlin et al., 2014a; Holoubek et al., 2007), Ontario, Canada
(Melymuk et al., 2012), Sweden, UK and Mexico (Bohlin et al.,
2008).

The low indoor air concentrations of PCBs in this study relative
to those measured in regions with known use of PCBs in building
materials (e.g., in building sealants, Frederiksen et al., 2012; Kohler
et al., 2005) supports the hypothesis of limited indoor primary
sources of PCBs in Czech Republic. Moreover, while evidence from
Western Europe and North America suggests PCB-containing
building sealants were typically used in larger concrete buildings
(Klosterhaus et al., 2014; Robson et al., 2010), air concentrations
here do not suggest any difference between the larger prefabricated
concrete residential buildings and single family homes. However,
we caution that with a small sample size, further work is necessary
to confirm this result. In agreement with this, no reports exist of the
use of PCBs in non-military building applications in Czech Republic.
However, although the indoor air concentrations of PCBs in this
study are lower than many other countries, the concentrations are
higher than the indoor air concentrations of PBDEs and NFRs, which
have known indoor use. Moreover, the measured outdoor air con-
centrations of PCBs are similar to those in urban areas in other
countries. We hypothesize while there may be fewer direct sources
to residential indoor environments in this region, some do exist,
and there also exists a similar level of sources to outdoors
compared to other places, e.g., release of PCBs from electrical and
industrial equipment, of which there are documented existing
stocks (Holoubek et al., 2006), and volatilization from a range of
secondary sources. However, it is apparent that the indoor
contamination from PCBs in Czech Republic is not fully character-
ized, and further work to identify possible indoor (undocumented)
sources is needed, especially in non-residential buildings.

3.1.2. PCB congener profiles
In individual houses, the congener profiles did not vary signifi-

cantly between summer and winter (Fig. S1), however the
congener profile differed between houses, ranging from those
dominated by tri-tetra PCBs (e.g., houses 11, 16 and 20) and those
dominated by hepta-hexa PCBs (e.g., houses 3, 4, and 13). The
congener profiles were more homogeneous outdoors (Fig. S1),
dominated by PCBs 28 and 153.

This range of profiles indoors is similar to the Delor technical
mixtures, the PCB technical mixtures produced in the former Cze-
choslovakia (Holoubek et al., 2006). Thus, linear optimization was
used to estimate which Delor technical mixtures could be the pri-
mary contributors to the individual indoor air samples by pre-
dicting the composition of the indoor air samples based on the
known composition of the four Delor mixtures (Taniyasu et al.,
2003), adjusted for vapour pressure, and thereby identifying the
fraction contribution of each Delor to the indoor air samples (de-
tails in SI).

Delors 103 and 106 best approximated the composition of
congeners in air in all in differing combinations (Fig. S2). Houses 3,
4, 13, 14, and 17 had estimated contributions of >80% from Delor
106, while Houses 5e11, and 15 had contributions of 20e40% Delor
103, as well as significant contributions from Delors 105 and 106.
Only two homes had estimated contributions from Delor 104
(~10%) (mainly due to relatively high level of PCB 52 relative to PCB
28). Outdoor air profiles were most similar to Delor 103 and 106
profiles (Fig. S2).

Delor 103 was used as a dielectric fluid in capacitors and as an
insulator, Delor 105 in transformer fluid and Delor 106 primarily as
a paint additive (Table S6). Thus, the dominance of Delors 103 and
106 suggests paints, adhesives, sealants and capacitors as the pri-
mary sources, which is plausible for residential indoor environ-
ments. Delor 104 had minimal production and use as a capacitor



Table 2
Air concentrations (pg/m3) estimated from PUF-PAS in the studied sites (n¼ 17 in summer and n¼ 20 inwinter). DBE-DBCH is the sum of the a, b, g, and d isomers, and DDC-CO
is the sum of the syn and anti isomers.

Compound Parameter Indoor summer Indoor winter Outdoor summer Outdoor winter

S7PCBs Mean ± SD 89 ± 33 61 ± 23 38 ± 13 17 ± 5.9
Median 82 61 34 19
Range 44e160 <LOD-110 26e82 7.5e29

S9PBDEs Mean ± SD 9.1 ± 10 8.5 ± 11 1.8 ± 2.2 0.49 ± 0.21
Median 4.5 5.8 1.3 0.42
Range 1.4e41 0.79e49 0.50e9.7 <LOD-1.1

TBX Mean ± SD 0.076 ± 0.094 0.16 ± 0.11 0.023 ± 0.009 0.028 ± 0.013
Median 0.046 0.10 0.023 0.029
Range 0.020e0.41 0.051e0.36 <LOD-0.036 <LOD-0.055

PBT Mean ± SD 2.1 ± 3.1 3.5 ± 3.1 0.21 ± 0.10 0.11 ± 0.058
Median 1.4 3.0 0.20 0.11
Range 0.22e14 0.32e13 0.065e0.39 0.045e0.21

PBEB Mean ± SD 0.064 ± 0.083 0.10 ± 0.079 0.026 ± 0.070 0.013 ± 0.010
Median 0.041 0.075 0.0082 0.0092
Range 0.007e0.35 0.031e0.37 0.003e0.30 0.004e0.035

HBB Mean ± SD 1.4 ± 1.2 1.7 ± 1.7 0.13 ± 0.072 0.082 ± 0.051
Median 0.94 1.1 0.14 <LOD
Range 0.17e4.4 0.33e5.7 0.041e0.33 <LOD-0.21

TBP-DBPE Mean ± SD 1.5 ± 1.2 1.3 ± 1.2 0.58 ± 0.50 0.25 ± 0.12
Median 1.4 <LOD 0.47 <LOD
Range <LOD-5.7 <LOD-4.8 <LOD-2.2 <LOD-0.75

BTBPE Mean ± SD 0.29 ± 0.39 0.22 ± 0.37 0.062 ± 0.099 0.065 ± 0.13
Median 0.23 <LOD <LOD <LOD
Range <LOD-1.6 <LOD-1.2 <LOD-0.27 <LOD-0.49

DBE-DBCH Mean ± SD 150 ± 450 65 ± 120 96 ± 360 2.2 ± 2.6
Median 32 20 7.8 0.85
Range 6.5e1900 7.7e530 1.7e1500 0.85e12

SDDC-CO Mean ± SD 1800 ± 6900 66 ± 110 53 ± 120 30 ± 52
Median 54 <LOD 15 6.0
Range 13e29,000 <LOD-440 5.1e490 6.0e170

Fig. 1. Comparison between medians and range of indoor air concentrations of PCBs and PBDEs measured in this study with previously published concentrations from Canada
(Zhang et al., 2011), USA (Allen et al., 2007), Mexico (Bohlin et al., 2008), Sweden (Bjorklund et al., 2012; Bohlin et al., 2008), Norway (Cequier et al., 2014), Denmark (Frederiksen
et al., 2012; Vorkamp et al., 2011), France (Alliot et al., 2014) and UK (Bohlin et al., 2008; Harrad et al., 2006).
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fluid (<0.2% of total PCBs produced in former Czechoslovakia,
Holoubek et al., 2006), thus its limited contribution as a source is
expected. No relationships could be found between the Delor
compositions and building parameters such as age, dwelling type,
renovation status or location. This may be due to the limitation of
using only seven congeners to estimate the Delor compositions, or
because the factors contributing to the differences in sources be-
tween the buildings were not captured by the building survey and
questionnaire data. This emphasizes that the sources of PCBs to
indoor environments in the Czech Republic are still not well un-
derstood, despite this being the highest concentration SVOC of the
targeted compounds in these 20 homes, and further work is needed
to determine the plausibility of open indoor sources (paints, seal-
ants) in residential environments.

3.1.3. Indoor-outdoor PCB relationships
Indoor air concentrations of PCBs (both individual congeners

and sum) were significantly higher than outdoor PCB concentra-
tions in both seasons (Mann-Whitney U test, p < 0.05), except in
one home. The higher indoor concentrations resulted in positive
indoor to outdoor ratios (I/O) in both summer and winter (Table 3).
Winter I/O ratios were significantly higher than summer I/O ratios
(Mann-Whitney U test, p < 0.0001), reflecting temperature differ-
ences and the influence of volatilization, and also supporting the



Table 3
Indoor/outdoor (I/O) and summer/winter (S/W) ratios. Ratios were calculated from sites where the compound in question was >LOD in both of the samples in question.

Compound Parameter I/O in summer I/O in winter S/W indoors S/W outdoors

S7PCBs Median 2.4 3.9 1.3 2.1
Range 1.0e3.9 0.41e8.5 0.77e7.8 1.2e3.1

S9PBDEs Median 4.9 13 1.4 2.4
Range 1.7e23 0.23e98 0.32e2.7 0.35e8.8

TBX Median 2.9 4.6 0.58 0.7
Range 0.55e18 1.4e43 0.19e1.3 0.23e1.6

PBT Median 6.7 20 0.60 1.3
Range 1.1e74 2.4e81 0.076e13 0.55e4.1

PBEB Median 6.7 5.0 0.51 0.55
Range 0.078e46 1.1e24 0.099e2.3 0.21e10

HBB Median 6.7 7.3 0.71 0.91
Range 1.8e49 3.5e9.4 0.30e10 0.65e1.2

DBE-DBCH Median 3.1 9.5 1.4 5.2
Range 1.1e29 2.6e46 0.31e5.8 3.4e128

SDDC-CO Median 5.8 6.1 1.7 0.84
Range 1.9e58 0.76e48 0.072e65 0.096e53
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hypothesis that ventilation differences in indoor environments
(e.g., lower air exchange in winter) influence SVOC concentrations
indoors (MacIntosh et al., 2012; Zhang et al., 2009). These ratios fall
in the lower end of the range of I/O ¼ 2e50 previously reported for
PCBs in Europe and North America (Bohlin et al., 2008; Menichini
et al., 2007; Rudel and Perovich, 2009; Schulz, 2012), suggesting
that although some building-related sources of PCBs likely exist,
the relative contribution of these compared to the sources emitting
directly to outdoor air is lower than in many other regions, as also
suggested by the concentrations and congener profiles.

3.1.4. Seasonal variability of PCB concentrations
The indoor concentrations of S7PCB and of all individual con-

geners were significantly higher in summer than in winter (Mann-
Whitney U test, p < 0.01 for S7PCB, Fig. 2a). A similar pattern was
observed in outdoor air; summer outdoor concentrations were
consistently higher thanwinter for all congeners andS7PCB (Mann-
Whitney U test, p < 0.0001 for S7PCB, Fig. 2a). However, the sum-
mer/winter ratios (S/W) were higher and more consistent in out-
door air than indoors (Table 3), indicating stronger seasonal
influences in outdoor air. Temperature-dependent outdoor sea-
sonality is typical for PCBs (Halsall et al., 1995; Holoubek et al.,
2007; Kl�anov�a et al., 2006) due to enhanced volatilization from
both primary and secondary PCB sources at warmer temperatures;
we assume the same influence here as the primary driver of the
seasonal difference in concentrations. It is interesting that this
seasonality is mimicked in indoor air, although clearly seasonal
variations indoors are lessmarked than in outdoor air. This suggests
either an influence of outdoor air on indoor environments, possibly
enhanced in summer due to more ventilation, and seasonal tem-
perature influences acting on indoor environments. The variation in
temperature between summer and winter seasons is much smaller
indoors (differences of 5e10 �C) than outdoors (20e40 �C), but this
may contribute.

3.1.5. Influence of house characteristics on PCB concentrations
Despite the small range of air concentrations observed across

houses, there was a difference between houses built before and
after 1984, the end of PCB use in Czech Republic (Holoubek et al.,
2006). Concentrations of S7PCBs in indoor air in homes built
before 1984 were ~35% higher than in those built after 1984, which
may translate into differences in PCB exposure (Egsmose et al.,
2016), however on a seasonal basis this difference was only sta-
tistically significant in summer (Fig. 3, Mann-Whitney U test,
p < 0.05). This again suggests that while the buildings themselves
may be a source of PCBs, perhaps the PCBs are in materials from the
outside of the buildings rather than directly within rooms, and thus
act as a stronger source at higher temperatures. But the consistently
higher indoor concentrations also suggest that the indoor envi-
ronment may concentrate/accumulate the PCBs. We note that in-
door concentrations of S7PCBs were consistently higher than
outdoor concentrations even for new buildings which we presume
to have no sources of PCBs. In fact, the I/O ratios had no relationship
with building construction date. The status of the house (i.e. in
original form or renovated) also did not affect PCB concentrations;
the year of the original constructionwas the strongest influence on
the air concentrations. The differences in outdoor air near pre- and
post-1984 buildings were not significant compared to the seasonal
differences in outdoor air (Fig. 3).

3.2. PBDEs

3.2.1. PBDE air concentrations
PBDEs were detected in all indoor samples, although the higher

molecular weight PBDEs were rarely detected. Concentrations and
ranges of S9PBDE (sum of BDE 28, 47, 66, 85, 99, 100, 153, 154 and
183) are presented in Table 2. BDEs 28, 47, 99, and 100 were most
frequently detected while BDEs 153, 154 and 183 were only
detected in a limited number of samples (Table S4). Air concen-
trations of PBDEs varied by 20e100 � among different houses; this
range was much higher than that observed for PCBs. Mean indoor
air concentration of S9PBDEs was 9.1 pg/m3 in summer (median:
4.5 pg/m3) and 8.5 pg/m3 in winter (median: 5.8 pg/m3). These
levels are in the lower range of what has been typically reported for
indoor residential environments in North America (Allen et al.,
2007; Zhang et al., 2011) and some European sites (Cequier et al.,
2014; Harrad et al., 2006; Vorkamp et al., 2011) but comparable
to those measured elsewhere in Europe (Alliot et al., 2014;
Bjorklund et al., 2012; Bohlin et al., 2008) as well as in an indoor
office in Czech Republic (Bohlin et al., 2014b) (Fig. 1).

Mean outdoor air concentrations of S9PBDE were 1.8 pg/m3 in
summer (median: 1.3 pg/m3) and 0.49 pg/m3 in winter (median
0.42 pg/m3). The concentrations were consistent with outdoor air
concentrations in Czech Republic (Bohlin et al., 2014a; Jarkovský
et al., 2015), Sweden and UK (Bohlin et al., 2008), while lower
than in Canada (Melymuk et al., 2012; Shoeib et al., 2014), USA
(Salamova and Hites, 2011) and Mexico (Bohlin et al., 2008).

Congener profiles of PBDEs were difficult to evaluate because of
the limited detection of the higher molecular weight PBDEs.
However, the data shows some variability between individual
homes, with higher contributions of penta-to hepta-BDEs in four
homes. The average profiles were similar in summer, both indoor
and outdoor, and winter indoor. Only winter outdoor air had a
different congener profile, with a statistically significant shift



Fig. 2. Concentration ranges for (a) PCBs, (b) PBDEs, and selected NFRs: (c) TBX, (d) PBT, (e) PBEB, (f) HBB, (g) DBE-DBCH, and (h) DDC-CO. Boxes represent medians and 25th/75th
percentiles, and whiskers are 10th and 90th percentiles. Outlying measurements are indicated by points. The x-axis labels indicate the season and location of samples (S ¼ summer,
W ¼ winter, I ¼ indoors, O ¼ outdoors).
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towards heavier congeners (BDE-99 and -100; Fig. S3), attributed to
lower outdoor winter temperatures.

3.2.2. Indoor-outdoor PBDE relationships
The indoor air concentrations of S9PBDEs were significantly

higher than the corresponding outdoor air concentrations in both
summer and winter (Mann-Whitney U test, p < 0.0001), with
positive I/O ratios in both summer and winter (Table 3). As with
PCBs, I/O ratios were significantly higher in winter, suggesting a
stronger indoor-outdoor gradient in winter than in summer, pre-
sumably caused by a combination of increased building ventilation
rates (due to open windows) and increased volatilization outdoors
in summer. Indoor and outdoor concentrations at each site were
significantly correlated (Spearman r¼ 0.52 in summer, and r¼ 0.47



Fig. 3. Differences in PCB concentrations in indoor and outdoor air between buildings constructed before and after the ban on PCB use.

Fig. 4. Relationship between the indoor PBDE concentrations and number of elec-
tronics per room.
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in winter, p < 0.05) suggesting indoor environments acting as a
source to local outdoor environments, particularly in summer.

3.2.3. Seasonal variability of PBDE concentrations
Indoors, therewas no statistically significant difference between

air concentrations in winter and summer. The summer and winter
indoor concentrations were also highly correlated for individual
homes (Spearman r ¼ 0.81, p < 0.0001) suggesting concentrations
are more strongly linked to the specific individual environment
(and presumably the indoor products and materials, discussed
below), and that seasonal influences on PBDE concentrations in-
doors are minimal.

In contrast to the indoor concentrations, summer outdoor con-
centrations were 2.7� higher thanwinter outdoor (Mann-Whitney
U test, p < 0.0001). However, by site the outdoor summer and
winter concentrations were again highly correlated (Spearman
r ¼ 0.76, p < 0.0005), suggesting that outdoor concentrations are
driven by the magnitude of emissions from the local sources (e.g.,
higher emissions from indoor-to-outdoor transfer or from volatil-
ization in summer), but that the distribution of sources stays the
same. The importance of indoor-to-outdoor transfer is also sug-
gested by the I/O ratios; median I/O ratios in summer (4.9) were
significantly lower than in winter (13) suggesting that in summer,
indoor environments are acting as a source and air exchange de-
creases indoor concentrations and elevates outdoor concentrations,
while in winter the reduced air exchange between indoor and
outdoor environments leads to a greater difference between indoor
and outdoor concentrations.

3.2.4. Influence of house characteristics on PBDE concentrations
Although the variability of indoor PBDE concentrations was high

between individual houses, there were no correlations between
PBDE concentrations and building parameters (age, type, renova-
tion status, window material, furniture, flooring, etc.), While the
indoor/outdoor and summer/winter ratios clearly suggest indoor
environments as a major source to outdoors, the amount of
complexity in the materials and products in indoor environments
makes this difficult to quantitatively relate to the presence or
absence of certain products. For example, concentrations of SPBDEs
in building insulation purchased between 2005 and 2010 had a
10,000-fold range, from below detection to >600 mg/g (Vojta et al.,
in prep), suggesting that simple information on the type and age of
building materials or consumer products is insufficient to link to
indoor concentrations. However, elevated concentrations were
found in homes with higher numbers of electronics, based on a
general count of the number of electronic items (e.g., TVs,
computers, stereos). Median concentrations were 3.1 pg/m3, 6.5 pg/
m3 and 8.8 pg/m3 for rooms with one, two, and three or more
electronic items (Fig. 4), however there was only a statistically
significant difference between rooms with one and three or more
electronic items.
3.3. NFRs

3.3.1. NFR air concentrations
Of the 10 targeted NFRs, two (TBP-BAE and DBHCTD) were not

detected in any sample. Concentrations of the detected NFRs are
presented in Table 2. TBP-DBPE and BTBPE were infrequently
detected so we do not discuss their trends in further detail. Syn-
and anti-DDC-CO were quantified separately, but no systematic
variation was observed in the isomer ratios (~37% anti) in relation
to either season or location, so hereafter we discuss DDC-CO as the
sum of both isomers.

As with the PBDEs, large variability existed between different
houses (generally 7e150� differences between highest and lowest
concentration houses). DDC-CO had one very high outlier obser-
vation: summer indoor concentrations in one home were
500 � higher than the median indoor summer DDC-CO concen-
tration. Indoors in winter, median concentrations of DDC-CO were
lower, but concentrations in the same home remained anomalously
high: 30 � higher than the winter indoor median. DBE-DBCH (sum
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of a, b, g, and d isomers) and DDC-CO were detected at the highest
levels; 10e1000 � higher than the other NFRs, and neither
exhibited a significant difference in indoor concentrations between
summer and winter. Mean indoor air concentrations of DDC-CO
were 840 pg/m3 (median: 26 pg/m3) and DBE-DBCH was 100 pg/
m3 (median: 28 pg/m3). TBX, PBEB, PBT, and HBB were at much
lower levels, with concentrations of 0.1e10 pg/m3. NFR levels are
comparable to those in an office in Czech Republic (Bohlin et al.,
2014b) and indoor residential levels in Norway (Cequier et al.,
2014), with the exception of DDC-CO, which was much higher in
the Czech indoor samples, and TBX, which was much higher in
Norwegian samples (Cequier et al., 2014). The levels of individual
NFRs indoors were generally much lower than the banned PCBs,
suggesting indoor “persistence” of legacy SVOCs through contin-
uous primary or secondary sources.

Large spatial variations in NFR concentrations also existed out-
doors, with differences of 5e900 � between sites in summer and
4e50 � in winter. The largest spatial differences were in the
compounds found at the highest concentrations: DBE-DBCH and
DDC-CO. Mean outdoor air concentrations of DBE-DBCH were
96 pg/m3 in summer (median: 7.8 pg/m3) and 2.2 pg/m3 in winter
(median: 0.85 pg/m3). Mean outdoor air concentrations of DDC-CO
were 53 pg/m3 in summer (median: 15 pg/m3) and 30 pg/m3 in
winter (median: 6.0 pg/m3). As indoors, the concentrations of TBX,
PBEB, PBT, and HBB were much lower, with concentrations of
0.01e0.5 pg/m3. The concentrations were generally consistent with
other outdoor air concentrations (Bohlin et al., 2014a; Shoeib et al.,
2014; Venier and Hites, 2008).

3.3.2. Indoor-outdoor NFR relationships
The indoor levels of all NFRs were significantly higher than

outdoor levels in both summer and winter (Mann-Whitney U test,
p < 0.05). Average I/O ratios for NFRs were 2.9e6.7 in summer and
4.6e20 in winter. As with the PBDEs, the I/O ratios suggest that
outdoor concentrations strongly depend on indoor sources: I/O
ratios in summer were significantly lower than in winter, sug-
gesting indoor environments in summer are acting as a source to
outdoors; in winter reduced air exchange between indoor and
outdoor environments led to a greater difference between indoor
and outdoor concentrations.

3.3.3. Seasonal variability of NFR concentrations
Asmentioned above, DBE-DBCH and DDC-CO had similar indoor

concentrations in winter and summer. HBB also had no statistically
significant difference. In contrast, TBX, PBEB, and PBT had higher
indoor concentrations inwinter than in summer (Mann-Whitney U
test, p < 0.05), with winter concentrations two to three times
higher than summer.

Indoors, summer and winter concentrations were generally
correlated (Spearman r > 0.63, p < 0.01 for DBE-DBCH, TBX, PBEB,
and HBB) suggesting that, as with the PBDEs, concentrations are
strongly linked to the specific individual environment (and pre-
sumably the indoor products and materials, discussed below).
Correlations for PBT and DDC-CO were weaker and not statistically
significant (p ¼ 0.1) due to a higher incidence of non-detects for
these compounds.

Outdoors, the seasonal trends contrasted with those indoors.
Summer outdoor concentrations of DBE-DBCH, PBT and HBB were
significantly higher than winter outdoor concentrations (Mann-
Whitney U test, p < 0.01). For TBX, PBEB, and DDC-CO, summer
outdoor concentrations were also higher thanwinter outdoors, but
the differences were not statistically significant. By site, outdoor
summer and winter concentrations were correlated for the high
concentration NFRs: DDC-CO (Spearman r ¼ 0.51, p < 0.05) and
DBE-DBCH (Spearman r ¼ 0.80, p < 0.0001). This suggests that
outdoor levels were driven by the magnitude of emissions from the
local sources but that the distribution of sources stayed the same, as
observed for PBDEs. The lack of correlation for the lower concen-
tration compounds may be due to the higher number of sites with
levels below limits of detection, particularly outdoors in winter.

3.3.4. Influence of house characteristics on NFR concentrations
As with PBDEs, although the variability in NFR concentrations

was high between houses, there were no apparent correlations
between NFR levels and the house parameters (age, type, recon-
struction status, window material, furniture, flooring, etc.). The
most notable range was in DDC-CO and DBE-DBCH; DDC-CO con-
centrations in one homewere ~100� higher than in the homewith
the second highest levels, and DBE-DBCH concentrations in a
different home were 10 � higher than the second highest levels.
DDC-CO is an additive flame retardant in many polymer products,
most notably in electrical wires and cables and plastic building
materials, and can be 10e35% of a product composition (Schlabach
et al., 2011; Xian et al., 2011). DBE-DBCH is an additive flame
retardant commonly used in polystyrene building insulation at ~1%
of composition (Covaci et al., 2011; Schlabach et al., 2011). However
information on electrical products and building materials in the
homes gave no insight into the uniquely elevated levels of these
flame retardants in these two homes. This emphasizes the
complexity and challenges in linking indoor concentrations of FRs
and other SVOCs with specific building materials and/or consumer
products. For example, a 10,000-fold range was observed in con-
centrations of BFRs in televisions from the same country and
similar time period (Gallen et al., 2014). The wide range of flame
retardants in use and the lack of distinctive patterns of use
currently prevent us from expanding beyond broad generalizations
in linking indoor levels with consumer product levels.

3.4. Within-house variability

In order to assess the variability within individual homes, bed-
rooms in three homes were sampled in both winter and summer, in
addition to the living room samples that form the core of this study.
In all cases the within-home variability was less than the between-
home variability, e.g., the typical range of concentrations observed
within a homewas smaller than the typical range of concentrations
observed when comparing different homes. We evaluated the
following hypothesis: that variability between rooms is greater for
compounds with consumer products (electronics, furniture) as
sources rather than building materials or outdoor air.

While these results are based on only three homes, they suggest
that for PCBs, the concentrations were relatively uniform within a
home (Fig. S4), with generally <50% difference between S7PCB
concentrations within the same home. Conversely for PBDEs, while
concentrations in two homes had <50% difference in S9PBDEs be-
tween rooms, in one home concentrations were more than two
times higher in the living room than in the bedroom (Fig. S4). The
differences for NFRs were even more striking. While some homes
had relatively uniform concentrations (e.g., HBB in House 9, Fig. S4),
for other compounds/homes the air concentrations of NFRs differed
more than 10-fold between rooms in the same house (e.g., PBT and
HBB in House 11, Fig. S4). This indicates that compounds with
outdoor or building material sources (in this case PCBs) may have
more uniform concentrations within the house, while compounds
with sources unique to individual rooms (flame retardants) may
have more heterogeneous distributions. Moreover, this suggests
greater spatial heterogeneity in compounds with significant cur-
rent use (NFRs), as has also been observed within an individual
room (Melymuk et al., 2016).

There was no consistent pattern related to room type or season.



Fig. 5. Seasonal differences in estimated inhalation exposure for children and adults. Boxes show median ± standard error, whiskers show 10th and 90th percentiles, and outliers
are shown by points. For summer n ¼ 17 and for winter n ¼ 20 (details in Table S7).
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In some cases the variability in summer was greater and in other
cases winter, and in some cases the living room had higher con-
centrations while in some cases bedrooms.

4. Implications for human exposure

The seasonal differences in the indoor environment are ex-
pected to also lead to seasonal differences in human exposure. To
demonstrate these differences, we estimated seasonal chronic daily
intake (CDI) via inhalation to PCBs and FRs in winter and summer.
CDIi is the time-weighted average exposure to a chemical, for
inhalation intake only. We considered both the differences in
concentrations between summer and winter, both indoor and
outdoor, and the difference in human activity patterns between
winter and summer (Leech et al., 2002; Schweizer et al., 2007;
further described in SI), and average inhalation and body mass
parameters for adults (31e61 year old) and children (3e6 year old)
(US EPA, 2011). Calculations are described further in the SI. Expo-
sure via the indoor environment contributed ~96% of the total CDIi
in summer and ~98% inwinter (Fig. 5), emphasizing the importance
of the indoor air for human exposure. This is related to high per-
centage of time spent indoors (>90%) combined with the higher
indoors levels for all the studied compounds. Moreover, the dif-
ferences between median exposure and high-level exposure (in
this case 90th percentile) were much greater for the current use
compounds than legacy compounds; for example, there were 100x
differences in median and 90th percentile exposure for NFRs, while
PCBs had only 50e60% differences between median and 90th
percentile exposure.

5. Conclusions

Elevated indoor concentrations of PCBs in Czech homes suggest
a diverse set of sources, including indoor and outdoor, primary and
secondary. Indoor sources, while apparently minor compared to
those observed in North America and Western Europe, can
contribute to differences in air concentrations between older and
newer homes. Both indoor and outdoor air concentrations have
seasonal influences; summer concentrations are higher due to
enhanced volatilization at warmer temperatures. The sources may
be linked to the age of buildings, and with more sources in areas
where buildings were constructed before 1984, leading to higher
indoor air concentrations of PCBs. The elevated indoor air concen-
trations relative to outdoor may suggest some use of PCBs indoors
in Czech Republic, which has previously not been identified, in
addition to the presence of secondary indoor sources. This requires
further investigation in both residential and non-residential
buildings.

PBDE sources are primarily in the indoor environment, leading
to higher indoor concentrations. Indoor concentrations are gener-
ally constant throughout the year. The distributions suggest that
indoor environments can be a source to outdoors due to building
ventilation; when windows are open and there is greater air ex-
change between indoor and outdoor environments, the indoor-
outdoor concentration gradient is lower, presumably because in-
door environments are releasing PBDEs to the local outdoor air,
increasing outdoor PBDE air concentrations.

NFRs behave similarly to PBDEs in terms of indoor/outdoor
distributions and seasonal trends, althoughwith evenmore source-
specific heterogeneity between homes due to their on-going use.

It is challenging to identify the specific sources of any of the
compounds from this analysis, however some insight is provided. A
key gap in our understanding of PCB sources relates to the relative
contribution of building vs. electrical/industrial sources. While the
majority of the PCB inventory in Czech Republic is in electrical/in-
dustrial sources, there remains a lack of information about any use
indoors, although the elevated indoor concentrations in pre-1984
buildings suggest this may be worthy of further investigation.
PBDEs and NFRs are known to be related to specific materials, but
the complexity of the range of materials with FRs, and range of
types and levels of FRs used in consumer products make it very
challenging to identify specific products as drivers of indoor levels,
or make generalizations based on building parameters. Linking
indoor concentrations with FR distributions in consumer products,
compound regulations and global market distribution remains a
key gap in our understanding of FRs in indoor environments.
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• DEHP & DEHT dominated phthalate &
alternative plasticizer dust levels, re-
spectively.

• Acceptable risks estimated for anti-
androgenic effects of PEs via dust inges-
tion.

• Uncertainty in toxicity data and other
exposure routes may alter the risk.

• Non-target analysis suggests >50 PEs in
dust; many are ignored in risk
assessment.
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Indoor dust is an important exposure route to anthropogenic chemicals used in consumer products. Plasticizers
are commonproduct additives and can easily leach out of the product and partition to dust. Investigations of plas-
ticizers typically focus on a subset of phthalate esters (PEs), but there are many more PEs in use, and alternative
plasticizers (APs) are seeing greater use after recognition of adverse health effects of PEs. In this studywe use full
scan high resolution mass spectrometry for targeted and suspect screening of PEs and APs in house dust and to
assess the potential risk of human exposure. House dust samples from Eastern Slovakia were investigated and
concentrations of∑12PEs and∑5APs ranged 12–2765 μg/g and 45–13,260 μg/g, respectively. APs were at sim-
ilar levels to PEs, indicating common usage of these compounds in products in homes.
Evaluation of individual compound toxicity combined with human intake via dust ingestion suggested PEs are of
lower priority compared to semivolatile organic compounds such as polychlorinated biphenyls due to their lower
toxicity. However, cumulative risk assessment (CRA) is a more appropriate evaluation of risk, considering the
presences of many PEs in dust and their similar toxic mode of action. CRA based on median toxicity reference
values (TRVs) suggested acceptable risks for dust ingestion, however, the wide range of literature-derived
TRVs is a large uncertainty, especially for the APs. Use of newer TRVs suggest risk from dust ingestion alone,
i.e. not even considering diet, inhalation, and dermal contact. Additionally, screening of full-scan instrumental
spectra identified a further 40 suspect PE compounds, suggesting the CRA based on the 12 target PEs underesti-
mates the risk.
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1. Introduction

Due to human and industrial needs, synthetic materials have be-
come ubiquitous in our lives, and most notably plastic products. Global
production of plastics reached almost 370Mtons in 2019with extensive
usage in consumer products (Plastics Europe, 2020). Plastic materials
contain a wide range of additives to impart the properties needed in
the final products, and this frequently includes plasticizers, forming up
to 55% by weight of the material (Narvaez Rincon and Suarez Palacios,
2015). Phthalate esters (PEs) are the most commonly used plasticizers,
used to improve flexibility and durability in many consumer products
(Kutz, 2017; Stanley et al., 2003). PEs are found in polyvinyl chloride
(PVC) products, toys, flooring, carpets, wall coverings, food packaging,
medical products, glue and paint (ATSDR, 1997, 2001, 2019; Kutz,
2017; Zhang et al., 2020), as well as cosmetics and insecticides, mainly
containing low molecular weight (LMW) PEs such as diethyl phthalate
(DEP) anddimethyl phthalate (DMP) (ATSDR, 1995).Many PEs are con-
sidered high production volume (HPV) compounds: yearly production
and import of bis(2-ethylhexyl)phthalate (DEHP) in the European eco-
nomic area (EEA) is between 104 and 105 t, while that of di-n-butyl
phthalate (DnBP), DEP and DMP is between 103 and 104 t (ECHA,
2018) (Table S1).

Since plasticizers are applied as additives to a product, they can eas-
ily leach out of the product and be emitted to the environment where
the products are used or when they are disposed as wastes, hence PEs
are broadly detected in the global environment (Net et al., 2015). Due
to widespread usage in indoor-related products and physicochemical
properties allowing for significant partitioning to particulates, PEs can
be found ubiquitously in indoor dust, which is an important human ex-
posure route to PEs, especially to high molecular weight compounds
considering their higher abundance in dust than in indoor air
(Giovanoulis et al., 2018) and more specifically for infants and toddlers
(Wormuth et al., 2006).

Exposure to PEs has been associated with negative effects on repro-
ductive and developmental systems, endocrine disruption (Hauser and
Calafat, 2005; Meeker et al., 2009; Swan et al., 2005), allergies and
asthma in children (Ait Bamai et al., 2016; Bekö et al., 2015; Bertelsen
et al., 2013), obesity and cardiometabolic risk factors in children and ad-
olescents (Amin et al., 2018). Due to the evidence of adverse health ef-
fects, especially in children, the use of DEHP, DnBP, butylbenzyl
phthalate (BBP), di-isobutyl phthalate (DiBP), di-isononyl phthalate
(DINP), di-isodecyl phthalate (DIDP) and di-n-octyl phthalate (DnOP)
has been restricted by the European Commission to not exceed 0.1%
by weight of plasticized material in toys and childcare products
(REACH, 2018). The same restrictionwas applied in theUSA, but also in-
cluded di-n-pentyl phthalate (DPP), di-n-hexyl phthalate (DHP) and di-
cyclohexyl phthalate (DCHP), but not DIDP and DnOP (CPSC, 2017).

The restrictions on theuse of legacy PEs has led to the introduction of
alternatives with lower toxic potential. Among these alternative
plasticizers (APs), bis(2-ethylhexyl)terephthalate (DEHT) and bis(2-
propylheptyl)phthalate (DPHP) have yearly production and import vol-
ume up to 106 t to the EEA, while acetyl tributyl citrate (ATBC), bis(2-
ethylhexyl)adipate (DEHA) and 1,2-cyclohexane dicarboxylic acid di-
isononyl ester (DINCH) are individually produced and imported in the
range from 104 to 105 t (ECHA, 2018). The larger production volumes
for APs compared with legacy PEs suggest similar abundance in indoor
environments to the legacy PEs, especially in indoor dust due to their
partitioning coefficients similar to PEs (Bui et al., 2016). Therefore,
their exposure and potential toxicity should be evaluated carefully.
While the APs considered for target analysis in this study have been ex-
amined for developmental and reproductive toxicity, there is limited in-
formation compared to the PEs. ECHA reports no observed adverse
effect levels (NOAELs) based on developmental and reproductive toxic-
ity for DPHP and ATBC and derived no-effect levels (DNEL) based on re-
peated dose toxicity for all APs, except for DINCH which is based on
carcinogenicity (ECHA, 2018). However, despite the perception of
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lower hazard for the APs, ATBC was found to have endocrine disrupting
potential and neurotoxicity (Bui et al., 2016).

Evaluation of the risk associated with indoor exposure is crucial, es-
pecially considering the range of semi-volatile organic compounds
(SVOCs) typically present indoors, with wide variations in concentra-
tions and toxicity. We have previously proposed a framework combin-
ing human intake and toxicity reference values (TRVs) to prioritize
SVOCs for risk assessment (Demirtepe et al., 2019). The framework,
relying on median TRVs reported in literature and by regulatory agen-
cies, enabled a comparative evaluation of risks of individual SVOCs.
However, this framework ignores the possibility of mixture effects
based on chemicals having similar toxicological endpoints. PEs are
known to have common developmental and reproductive health effects
(Howdeshell et al., 2008), particularly anti-androgenic effects (Pelletier
et al., 2018; Radke et al., 2019). Anti-androgenic effects include de-
creased fetal testosterone, reduced anogenital distance, reduced repro-
ductive organ weights, retained nipples, decreased sperm production
and Leydig cell adenomas (Gray et al., 2000; Kortenkamp and Faust,
2010). Multiple PEs are typically present indoors; therefore cumulative
risk assessment (CRA) can more accurately estimate the human expo-
sure risk (Kortenkamp and Faust, 2010; Pelletier et al., 2018).

This study employs ultra-high resolution mass spectrometry
coupled with gas chromatography operating in full scan with the aim
of (i) identifying the concentrations of target PEs and APs in Slovakian
indoor dust, considered representative of European SVOC levels
(Demirtepe et al., 2019), and investigating their associations with
home characteristics, (ii) assessing human exposure to PEs and APs
via dust ingestion, and cumulative anti-androgenic risk of PEs, and
(iii) using non-target screening for the evaluation of unquantified/un-
known compounds with PE structure.

2. Methods

2.1. Sample collection and preparation

Indoor dust samples from 60 homes in Eastern Slovakia were collected
inMarch–April 2015. Details on sampling location are presented in a previ-
ous study (Demirtepe et al., 2019). The dust sampleswere collected using a
household vacuum cleaner with polyester sock inserted in the front of the
vacuumtube andvacuuming1 to 3m2floor surface. The sockwas removed
from vacuum cleaner, packed in aluminum foil, put into a zip-lock bag,
stored in freezer at−18 °C for transport to the laboratory.

The analytical procedure usedwas published previously (Demirtepe
et al., 2019; Jílková et al., 2018; Venier et al., 2016; Vojta et al., 2017;
Vykoukalová et al., 2017), and is briefly described here. Dusts were
sieved with a 500 μm sieve to remove course particles, and ~ 100 mg
were taken for extraction. Dust samples were sonicated three times in
1:1 v/v hexane:acetone, and extracts were split 70:30. The 30% aliquot
was cleaned and fractionated using activated silica column eluted
with DCM (1st fraction), followed by 7:3 v/v acetone:DCM (2nd
fraction). The fractionated extracts were exchanged to nonane and
stored at −18 °C. Concentrations of polychlorinated biphenyls (PCBs),
organochlorine pesticides (OCPs), polycyclic aromatic hydrocarbons
(PAHs), organophosphate esters (OPEs) and halogenated flame retar-
dants (FRs) in these dust samples have been previously reported
(Demirtepe et al., 2019). In this study, 55 of the second fraction extracts
were available for analysis of plasticizers, i.e. 13 PEs and five APs, listed
in Table S1 with CAS numbers and acronyms.

2.2. Instrumental analysis

The extracts were fortified with benzo(e)pyrene-d12 (Wellington
Laboratories Inc., Canada) and PEs and APs were analyzed with a Trace
1300 series gas chromatograph (Thermo Scientific) equipped with 30
m × 0.25 mm × 0.25 μm Rxi5-SIL-MS column coupled to a Q-Exactive
GC Orbitrap (Thermo Scientific). The operation was full-scan
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(70–1000 amu) in EI mode with a mass resolution of 60,000. Injection
was splitless 1 μL at 280 °C. The GC temperature program was 80 °C
(3 min hold), then 7 °C min−1 to 320 °C (23 min hold). Samples were
quantified based on a 15-point internal calibration curve, with R2

greater than 0.99 for all compounds. Mass accuracy was <2 ppm and
the instrument was checked for drift in mass every 12 h during instru-
mental run. The calibration range covered 4 orders of magnitude in
order to include the concentration range expected for some PEs.

2.3. QA/QC

These extracts were not initially extracted for PEs; therefore, the po-
tential for elevated blank contamination was high, especially with the
ubiquitous contamination in a typical laboratory. However, field blanks
(4 vacuum socks) were treated as per the samples. Method detection
limits (MDLs) were calculated as the average of the field blank samples
plus three times the standard deviation of the blanks (ng/sample).
MDLs were converted to μg/g dust by dividing by a nominal sample
amount of 0.1 g. The instrument detection limits (IDLs) were derived
from the lowest concentration of the analyte detected in the calibration
curve. The IDL was used as the MDL for compounds that were not de-
tected in the blanks (Table S2). For compounds having >50% detection
frequency, average blank contamination corresponded to 1.2 ± 0.5%
of mean concentration of each analyte. The average of the blanks was
subtracted from sample values that were > MDL, and values <MDL
were recorded as such. Additionally, indicative method quantification
limits (MQLs) were calculated as the average of the field blank samples
plus ten times the standard deviation of the blanks. Blank levels, MDLs
and MQLs are reported in Table S2.

The 1st fraction extractswere also checked for PEs & APs, but the tar-
get peak areas were lower than 1% of that in 2nd fraction, hence they
were not included in further analysis. DiBP contamination in the calibra-
tion curve was high and calibration for this compound cannot be accu-
rately performed; thus, it is not discussed further in this study.

We analyzedNIST standard referencematerial (SRM) 2585 for PEs &
APs and compared the measured concentrations with previously re-
ported values in seven studies since SRM 2585 is not certified for plasti-
cizers (Table S3). PEs were within the range of SRM values previously
reported, although we measured consistently lower DEHP concentra-
tion than previous studies except for one (Christia et al., 2019). For
APs, only two studies have reported SRM concentrations of DEHT, and
one study ATBC and DEHA. Our values for DEHA and DEHTwere consis-
tent with those of Kademoglou et al. (2018) and Christia et al. (2019),
but for ATBC were significantly greater than those of Christia et al.
(Table S3). The SRM samples were spiked with recovery standards be-
fore extraction and the average recoveries were 95.2%, 80.2% and
81.7% (n = 3) for DMP-d4, DnBP-d4, and DEHP-d4, respectively.

2.4. Data analysis

Statistical analyses were conducted using IBM SPSS 25. For statistical
analysis, values below detection were substituted by √2/2∙MDL.
Table 1
Cumulative hazard quotients calculated with various RPFs. RPFs in bold indicates the reference

References
RPF

DEHP BBP DEP Dn

Benson (2009) 1.00 0.21 0.6
German Federal Environment Agency (2011) 1.00 1.00 0 1.0
Hannas et al. (2011) 0.11
Fournier et al. (2016)a 1.00 0.088 21
Howdeshell et al. (2008) 1.00 0.83 0.9
Gray et al. (2000) 1.00 1.00 0 0.
Varshavsky et al. (2016) 0.61 0.26 0.024 1.0

a Calculated with DEHP as reference since cypermethrin was used as reference in Fournier e
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Shapiro-Wilk normality test showed non-normal distribution for indoor
dust data (p < 0.001) hence non-parametric tests, i.e. Spearman corre-
lation (rs) and MannWhitney U test, were applied. Analysis of variance
(ANOVA) was conducted after log-transforming the data. p < 0.05 was
considered the threshold for statistical significance.

2.4.1. Cumulative risk assessment
Human intake of PEs andAPs via dust ingestionwas calculated using

the daily exposure dose (DED) formula and exposure parameters given
in the SI based on the US EPA Exposure Factors Handbook (U.S. EPA,
2011). Intakes were calculated for median and high (95th percentile)
intake scenarios for a child aged between six and eleven, as dust was
collected from children's bedrooms, and for an adult male. For com-
pounds whose median is <MDL, we used substituted values as
defined above for median scenario. Toxicity reference values (TRVs),
defined as the maximum dose of a compound that a person can be ex-
posed daily without a health risk, were collected as non-carcinogenic
oral doses from literature and regulatory sources (Table S4). Then, for
cumulative risk assessment of PEs, relative potency factors (RPFs) and
reference doses (RfD) were compiled from literature for individual PEs
(Table 1). Since DEHP is the common compound for studies presenting
RPFs, it was selected as the index compound andmedian of its TRVswas
used as RfDDEHP in cumulative hazard quotient (HQ) calculation, given
below (Pelletier et al., 2018):

Cumulative HQ ¼
Pn

i¼1 DEDi � RPFi
RfDDEHP

ð1Þ

where DED and RfD were given in μg/kg/d, and RPFwas unitless.

2.4.2. Screening for suspect PEs
Full scan MS spectra of indoor dust samples, standard mixtures and

blanks were transferred to MS-DIAL software for deconvolution, align-
ment and peak identification (Tsugawa et al., 2015). The details of
MS-DIAL settings and parameters are provided in the SI.

Data fromMS-DIALwere processed using Python Pandas software. A
total of 5412 features were found in samples, standards, and blanks,
though some features are likely to be the same compound separated
by retention time drift. To remove contaminant features found in the
laboratory blanks, the MDL (mean plus 3 times the standard deviation)
of nonane instrumental blanks (n=5) was applied to all samples. Fea-
tures below the MDL were excluded from further study. Each feature
detected byMS-DIAL included a comprehensive list of ions; this was re-
duced to include just those within 10% of the most abundant ion and
then the top 10 of these were retained for preliminary investigation.
Where two ions were detected with less than 0.0005 amu mass differ-
ence, the most abundant was retained in any feature.

The primary structure of PEs is the 1,2-benzenedicarboxylic acid
with multiple possible alkyl side chains (Fig. S1A). Therefore, the
mass 149.0226 (+/− 0.0003 amu), due to protonated phthalic anhy-
dride structure (Fig. S1B), is a characteristic feature and often the
most abundant, with the exception of dimethyl phthalates and the
compound used by the corresponding study.

ΣHQ

Child Adult

median high median highBP DPP

4 1.26 1.1 × 10−2 0.64 × 10−1 1.73 × 10−3 1.00 × 10−2

0 3.00 1.1 × 10−2 0.70 × 10−1 1.79 × 10−3 1.10 × 10−2

1.00 1.2 × 10−3 0.62 × 10−2 1.82 × 10−4 0.97 × 10−3

1.2 × 10−2 0.75 × 10−1 1.81 × 10−3 1.17 × 10−2

6 2.93 1.1 × 10−2 0.69 × 10−1 1.78 × 10−3 1.08 × 10−2

5 1.1 × 10−2 0.64 × 10−1 1.73 × 10−3 1.00 × 10−2

0 0.73 × 10−2 0.47 × 10−1 1.14 × 10−3 0.73 × 10−2

t al. (2016).



Fig. 1.Median DEHP concentrations in indoor dust samples from various continents with
respect to sampling year. The studies reporting these levels are listed in Table S5.
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diphenyl-isophthalates. For dimethyl phthalates, two CH3 groups are
on the alkyl side chain, and the diphenyl isophthalates have two ben-
zene rings, giving characteristic fragments of 163.0382 and
225.0552, respectively. After filtering the ion list for these masses
and eliminating the features corresponding to the targeted PEs, the
remaining features were considered “suspect PEs”.

3. Results and discussion

3.1. Targeted PEs and APs in indoor dust

Nine out of 12 PEs and three out of five APs had >50% detection fre-
quency in dust samples from Slovakian homes. The median concentra-
tion of ∑12PEs was 376 μg/g, with the greatest contribution from
DEHP (80%), followed by DnBP and DnOP. ∑5APs had a median con-
centration of 200 μg/g. DEHTwas the dominant AP, with a mean contri-
bution of 37%. The median concentrations of DEHT, ATBC and DEHA
were higher than that of six frequently detected PEs, indicating abun-
dant use of APs in homes. Descriptive statistics for PEs and APs are pre-
sented in Table 2.

When compared to the SVOCs identified in our previous study
(Demirtepe et al., 2019), the median concentrations of ∑12PEs (376
μg/g) and ∑5APs (200 μg/g) were an order of magnitude greater than
that of ∑14OPEs (12.4 μg/g) and two orders of magnitude greater
than that of ∑27PAHs (2.0 μg/g). This was consistent with previous
publications where PEs were identified at one to two orders of magni-
tude greater concentration than OPEs (Bergh et al., 2011; He et al.,
2016; Luongo and Östman, 2016; Yang et al., 2020, 2019).

The median PE concentrations in indoor dust in this study were
comparable to the concentrations reported in existing publications on
PEs in house dust (Table S5). In most studies DEHP was the most fre-
quently detected compound (>70% of samples) and found at the
highest concentration. DEHP concentrations from literature are com-
pared in Fig. 1 grouped by continent and in Fig. S2 by country. In
Europe, the median concentration across all studies investigated here
was 270 μg/g, with the lowest median observed in Belgium (62 μg/g)
and the greatest in Bulgaria (1050 μg/g). The European median for
DEHP is similar to the median in this study (319 μg/g), and within the
range for other regions (137 μg/g for North America, nNAmer = 6 and
435.5 μg/g for Asia, nAsia = 14; Table S5). Thailand, with the second
highest median concentration of 1739.3 μg/g (Promtes et al., 2019),
has to date no DEHP restrictions (Sedtasiriphokin et al., 2017) though
a new toy safety proposal on DEHP has been proposed in 2020.
Table 2
Descriptive statistics for PEs and APs for Slovakian homes (n = 55, μg/g).

Median Geomean Mean SD Min Max % Frequency

Phthalate esters (PEs)
DEEP <MDL 0.012 0.027 0.064 <MDL 0.43 31
DEHP 319 245 470 524 <MDL 2615 98
DMEP <MDL 0.057 0.072 0.066 <MDL 0.36 18
BBP 2.94 2.81 9.14 16.7 <MDL 87.9 93
DCHP 0.98 1.01 2.34 3.74 0.038 19.4 100
DEP 1.42 1.53 7.36 27.3 <MDL 201 80
DHP 0.19 0.23 0.85 2.20 <MDL 12.3 95
DMP 0.071 0.11 0.37 0.82 <MDL 5.44 96
DnBP 24.3 24.6 78.7 196 <MDL 1160 84
DnOP 13.2 12.6 20.2 20.3 <MDL 119 95
DNP 0.94 0.79 1.52 1.82 <MDL 8.16 96
DPP <MDL <MDL 0.039 0.11 <MDL 0.64 36

Total ∑12PEs 376 309 590 655 11.8 2765

Alternative plasticizers (APs)
ATBC 13.4 14.1 41.5 65.8 <MDL 307 96
DEHA 7.50 6.91 21.2 48.6 <MDL 274 93
DEHT 71.3 66.0 186 629 <MDL 4713 95
DPHP <MDL 33.2 49.5 64.8 <MDL 382 38
DINCH <MDL 45.7 300 1770 <MDL 13,200 33

Total ∑5APs 200 227 597 1870 45.4 13,260
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An important observationwas that DEHP concentrations reported in
indoor dust show a significant decrease over time (n=33, rs =−0.44,
p < 0.05) (Fig. 1). The regulatory agencies in the EU and US prohibited
DEHP use in children's products in 2005 and listed it in the candidate
list for substance of very high concern in 2008 (CPSC, 2017; ECHA,
2020). More recent DEHP concentrations reported in dust from
Europe and North America are generally lower than those in Asia, and
the decrease in reported dust concentrations of DEHP is much stronger
when considering only European and North American records (n=17,
rs=−0.88, p<0.001; Fig. S3). This suggests that stocks and indoor uses
of DEHP are being rapidly removed from indoor environments and that
restrictions in use can be effective in reducing DEHP exposure. Never-
theless, a more in-depth literature survey would be required to make
a definite conclusion on trends observed.

So far, few studies have identified APs in house dust, although we
found AP concentrations to be comparable to PEs (Table S5).Median in-
door DEHT, ATBC and DEHA concentrations from Slovakia were greater
than those from Norway (Kademoglou et al., 2018), Ireland, Belgium
and Netherlands, except for DEHT from Ireland (Christia et al., 2019).
Median DEHT concentrations from Slovakia were also higher than that
from Germany (Nagorka et al., 2011), and within the range of the stud-
ies reportingDEHT inUSA (Hammel et al., 2019; Shin et al., 2020). DEHA
and ATBC concentrations from the US (Subedi et al., 2017) were higher
than those from Slovakia, while DEHA levels from Japan (Kishi et al.,
2018) and Qatar (Nayef et al., 2019) were similar to that from
Slovakia. Finally, median ATBC concentration from Slovakia was higher
than that from China (Tang et al., 2020) and the US (Shin et al., 2020).

3.2. Possible sources of PEs and APs

Spearman's Rank correlations between PEs and APs suggested simi-
lar indoor sources (Table S6). For example, strong correlationswere ob-
served between DEHP, DnOP and DEHA, all of which are known to be
used in wires and cables (ATSDR, 1997, 2019; Lowell Center for
Sustainable Production, 2011) and DEHP and DnBP, which are com-
monly used in furniture (Lowell Center for Sustainable Production,
2011). We also explored the correlations between PEs, APs and OPEs
measured in our previous study (Demirtepe et al., 2019). We found
weak significant correlations for some compounds, such as tri-n-butyl
phosphate correlated with DEP (rs = 0.28, p < 0.05) and DMP (rs =
0.40, p< 0.01) which have common uses as plasticizers in cellulose lac-
quers, plastics, and vinyl resins (Lyche, 2017; PubChem, 2020).

Image of Fig. 1
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A questionnaire provided ancillary information on characteristics of
the Slovakian homes. We hypothesized that presence of PVC flooring
would result in higher PE concentrations in dust, as has been previously
noted (Bornehag et al., 2005). However, no significant difference in in-
dividual PEs and total PE concentrations was found between homes
with (n = 17) and without (n = 33) PVC flooring. A possible reason
can be that the contribution of PVC flooring to PEs found in the dust
may be limited compared to other PE sources in homes, such as furni-
ture, carpets, wires and cables, packaging materials, etc. (ATSDR, 2019,
2001; Lowell Center for Sustainable Production, 2011). On the other
hand,we found that DnBP, DnOP, DEHP,∑PEs, ATBC andDEHThad sig-
nificantly greater concentrations in homes with carpeting (n= 8) than
homes without carpeting (n = 42) (Mann-Whitney U test, p < 0.05);
these compounds are used in carpets (ATSDR, 2001, 1997; US EPA,
2019), which may be acting as a source to indoor dust. Lastly, we ex-
plored the correlations with building age. Only DMP (rs = 0.44, p <
0.05) andDEP (rs= 0.35, p < 0.05) correlatedwith building age, having
greater concentrations in older homes. Additionally, DMP concentra-
tions were significantly higher in homes more than 45 years old than
homes less than 45 years old (one-way ANOVA, F = 2.96, p < 0.05),
which we attribute to past use of DMP as a solvent in insecticides
(Lyche, 2017).

3.3. Exposure and toxicity assessment of PEs and APs

PEs are known or suspected to have a range of health effects includ-
ing altered immune system, developmental and reproductive effects,
endocrine disruption, liver and kidney toxicity (ATSDR, 2019; Mitro
et al., 2016), among which developmental and reproductive effects
have been the most studied on laboratory animals and also in humans
(Johnson et al., 2012; Kay et al., 2014; Wang et al., 2019). On the other
hand, the toxicological information for APs is relatively scarce. Studies
have examined their developmental and reproductive toxicity poten-
tials and carcinogenicity, and APs haveDNELs (ECHA, 2018).Wefirst es-
timated exposure to PEs and APs and compared them with respect to
their individual toxicity; we then evaluated the mixture effects of PEs
via a cumulative risk assessment (CRA).
Fig. 2. Human intake via dust ingestion vs toxicity reference values of indoor SVOCs, PEs and
represent the high intake scenario, and points represent median exposure scenario and med
from Demirtepe et al. (2019).
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The available toxicity reference values (TRVs) for PEs and APs are
given in Table S4. Comparison of median TRVs for PEs revealed the
highest toxicity for DEHP, followed by DnOP, DnBP, DCHP, BBP, DEP,
DMP, while APs have higher TRVs than PEs except for DEP and DMP
(Table S4). DEHP has a large range of TRVs reported, which might be
due to different endpoints used, e.g. ATSDR provided an MRL of 0.1
μg/kg/d for a developmental endpoint and IRIS provided RfD of 20
μg/kg/d for increase in liver weight. Additionally, structure-activity rela-
tionship (SAR) studies showed that straight-chain PEs with four to
seven carbons have higher potency for developmental and reproductive
toxicity, and branching of the side chain and unsaturation of the side
chain increases the potency, while cyclic side chain does not (Li et al.,
2019). Accordingly, DHP, DPP, DnBP should have higher toxic potency
among the straight chain PEs, while DiBP and DEHP should have higher
potency among branched chain PEs (Li et al., 2019). BBP, having amixed
carbon chain in the structure, is equipotent to DnBP and DEHP
(Howdeshell et al., 2008). On the other hand, DnOP does not have de-
velopmental and reproductive toxicity at the highest doses tested (Li
et al., 2019), although has the second lowest median TRV. Hence,
usage ofmultiple endpoints in different toxicity assessments creates un-
certainty in evaluating human risk.

In our previous study, we used TRVs derived from literature and reg-
ulatory sources to evaluate relative toxicities of SVOCs and merged this
information with indoor exposure estimates for prioritization of com-
pound risks (Demirtepe et al., 2019). Using this previously developed
framework, we added PEs and APs into the evaluation from Demirtepe
et al. (2019) (Fig. 2) to compare exposure and toxicity of PEs and APs
to other SVOCs via dust ingestion. The estimated intakes for median
and high intake scenarios and for a child and an adultmale are provided
in Table S7 for individual compounds. The human intake via dust inges-
tion for a child ranged between <0.01 ng/kg/d for DPP and 211 ng/kg/d
for DEHP according to the median intake scenario. DEHP had a two
order of magnitude higher intake than tris(2-butoxyethyl) phosphate,
which had the highest intake via dust ingestion (1.62 ng/kg/d) among
previously reported SVOCs from these same samples (which included
OPEs, PCBs, PAHs, OCPs and halogenated FRs) (Demirtepe et al., 2019).
PEs and APs have higher TRVs (indicating lower toxicity) than PCBs,
APs. Vertical lines represent the range of TRVs reported in the literature, horizontal lines
ian TRVs. The box below the graph shows compounds with no available TRVs. Modified
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OCPs and PBDEs, but similar TRVs tomany PAHs, OPEs andNFRs (Fig. 2).
Hence, although PEs and APs had the highest human intake among
SVOCs, this assessment did not place them among the high priority
compounds for indoor risk assessment, although, as with the OPEs, the
uncertainty regarding the TRVs combined with their high exposures
suggests potential for concern.

Moreover, co-occurrence of PEs in the indoor environment leads to
human exposure to multiple PEs with possible common health effects.
Several PEs affect the reproductive development of fetal male rat via a
common mode of toxicity (Howdeshell et al., 2008), and studies on
the mixture effects of PEs showed that the effect was best predicted
by dose addition (Hannas et al., 2011; Howdeshell et al., 2008). Hence,
CRA was employed to understand the risks associated with the total
PE contamination of indoor dust. We focused on additive anti-
androgenic effects, and calculated the cumulative hazard quotients
(ΣHQ) given in Eq. (1) by using the Tier 2 approach presented by
Pelletier et al. (2018).

ΣHQs were calculated for a child and an adult male for median and
high intake scenarios using the RPFs available for five PEs (Table 1).
ΣHQs were < 1 for each set of RPFs for a child and an adult male for
both scenarios.ΣHQvalues calculated byusingRPFs fromdifferent stud-
ies given in Table 1 were on the same order of magnitude, except for
Hannas et al. (2011) in which only two RPFs were available for PEs. Per-
cent contribution of PEs to ΣHQs was highest for DEHP, i.e. more than
89% for all set of RPFs, followed by DnBP (Fig. 3). This was expected
since DEHP is the dominant PE and has higher RPF than other PEs. Over-
all, the CRA identified nounacceptable risks for children andmale adults
regarding anti-androgenic effects due to indoor exposure via dust
ingestion.

Some uncertainties and limitations are associated with use of the
CRA. First, the CRA results represented only indoor dust ingestion expo-
sure pathway, while dermal contact with dust and inhalation of indoor
air might also contribute to total human exposure to PEs. Additionally,
other SVOCs having anti-androgenic effects, such as p,p’-DDE, BDE-99
(Kortenkamp and Faust, 2010), and benzo(a)pyrene (Fournier et al.,
2016) were identified in the same dust samples but were not included
in this CRA since the first two have no RPFs available. Yet these com-
pounds should also contribute to the ΣHQs. Another important contri-
bution might come from DiBP, which has RPFs ranging 0.15–1.00
(Benson, 2009; German Federal Environment Agency, 2011; Hannas
et al., 2011; Howdeshell et al., 2008). However, DiBP was not quantified
in this study due to high background contamination.

Second, the RPFs derived from different studies may be incompara-
ble since the experimental parameters and uncertainty factors used to
derive reference and benchmark doses might be different (Benson,
2009; Fournier et al., 2016). Subsequently, the differences in specific
Fig. 3. Percent contribution of PEs to ΣHQs calculated by using RPFs from studie
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endpoints such as the decrease in fetal testosterone vs. reduced repro-
ductive organ weights might create uncertainty in comparability of
data. However, the variation in RPFs did not lead to large variations
among calculated HQs since daily exposure dose to DEHP was one to
four orders of magnitude higher than other PEs, i.e. HQs were domi-
nated by DEHP intake. It is also important to note that the median of
available TRVs for DEHP was used as RfDDEHP in the calculation of HQs
(Eq. (1)). If we had used the minimum of reported TRVs, which is 0.1
μg/kg/d, and is also the most recent reported value (ATSDR, 2019), we
would have obtained HQs > 1. Therefore, uncertainty in the TRVs is an
important factor impacting HQ calculation and the CRA. Data available
for many compounds were inconsistent, e.g. DEP was found 21 times
more potent than DEHP according to Fournier et al. (2016) but zero po-
tent according to most of the studies in Table 1. Positive correlations
were found between DEP exposure and effects in human studies, but
no associations were found in most of the animal studies, which might
be explained by co-exposure to other PEs in human studies (NRC, 2008).

This highlights the importance of placing indoor exposuremeasure-
ments into context by acknowledging the differing toxicities and toxic
endpoints of individual compounds, at minimum through a combined
assessment of exposures and TRVs (e.g., Fig. 2), but ideally incorporating
the importance of mixture effects through use of HQs or a similar tech-
nique. Yet in all aspects, the biggest limitation at present remains the
quality and comparability of TRVs, which are lacking for many com-
pounds, or, when present, often have order-of-magnitude ranges, lead-
ing to similar uncertainty in the risk evaluations forwhich they are used.

3.4. Screening for other suspect PEs

Approximately 40 PEs are considered important for monitoring due
to their use and HPV (Staples, 2003), however fewer are regularlymon-
itored. This may be due to the limitations on standard mixtures, instru-
mental detection and sample contamination such as observed for DiBP
in this study. All sample data in this study was collected on a GC-
Orbitrap operating in full scan, allowing for screening of other PEs not
included in the target analysis. MS-DIAL software was used to identify
peaks, deconvolute and group the samples providing the opportunity
to assess the number of peaks which are suspect PEs according to com-
mon PE feature masses. In total 5411 features were identified by MS-
DIAL. After removing features reflecting background contamination,
and selecting only the 10most abundant ions, the features were filtered
for target feature masses (149.0226, 163.0382 and 225.0552, +/−
0.0003 amu), which resulted in 63 features. Of the three masses, only
the 149.0226 mass had any detectable peaks. Removing those features
with low frequency of detection, i.e. < 10% of samples, 48 suspect com-
pounds remained. Based on ion masses and retention times, seven of
s given in the y-axis. * GFEA refers to German Federal Environment Agency.
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thesewere found to correspond to the target PEs already included in the
study, leaving 41 suspect PEs with the protonated phthalic anhydride
structure.

A list of 65 candidate PEs (Table S8) was generated from literature
including the compounds detected by target analysis (n = 13 target
compounds; Table S1). Many more PEs have been published but were
excluded if no published retention time index (RTI) or retention time
(RT) were available and if no GC spectra had been published. From the
list of PEs, 54 had published n-alkane scale RTIs and for the majority
also multiple published RTs were available. Additionally, the methods
using a similar GC column of the current study (30mwith 5% diphenyl)
were given priority. For the remaining compounds, a linear regression
analysis between the RT of corresponding compounds in our target
method and the method in the literature was used to estimate an RTI
value and RT. For most of the remaining compounds more than two
published RTs were used in estimation of RTI.

Using the estimated RT, 12 additional PEswere tentatively identified
(1,2-benzenedicarboxylic acid monopentyl ester (MPeP), 2-{[(4-
methylpentyl)oxy]carbonyl}benzoate, bis(2-ethylhexyl) isophthalate,
bis(4-methyl-2-pentyl) phthalate isomer (BMPP), butyl cyclohexyl
phthalate, diallyl phthalate (DAP), di-n-heptyl phthalate, di-isoheptyl
phthalate, di-isononyl phthalate (DINP), hexyl decyl phthalate,
monomethyl phthalate (MMP), octyl hydrogen phthalate (MnOP)). As
many PEs have the samemasses (149, 150, 105 and 104), confirmation
ionsmay be of relatively low intensity compared to the primary ion, and
many of the protonated phthalic anhydride masses detected were
within 10–20s of each other, a more in-depth study would be needed
to confirm identification.

Among the tentatively identified PEs, a few are particularly notable.
For example, DINP is produced and imported annually between 105 and
106 t in EEA (ECHA, 2018) and is restricted for certain uses (REACH,
2018). Additionally, DINP is an endocrine disrupting chemical at high
doses, although it has a lower toxic potential than others such as DPP
and DEHP (Hannas et al., 2011). Di-n-heptyl phthalate and di-
isoheptyl phthalate have lower production volumes, but a higher toxic
potential than some of our target PEs. SAR studies found that di-n-
heptyl phthalate and di-isoheptyl phthalate have higher potency for de-
velopmental toxicity and testosterone production in fetal testis (Li et al.,
2019). These compoundsmay be of concern if they have high human in-
take via dust ingestion, and if theywere included in overall assessments
of PE mixture toxicity, the mixture toxicity would be higher. Although
we have estimated a low risk based on the set of target analytes in our
study, the presence of more than 40 suspect PEs suggests an underesti-
mation of both human exposure to PEs and the associated PE mixture
toxicity. This suggests for a more complete evaluation of PE exposure
and toxicity, PEswith HPV and higher toxicity potential should be prior-
itized in lists of targeted analysis for indoor dust and other environmen-
tal matrices.

4. Conclusion

This study reports the results of targeted (12 PEs and five APs) and
suspect screening of plasticizers in indoor residential dust. Dust concen-
trations of APs were comparable to, or in some homes even higher than,
the concentrations of PEs. While we found no association of plasticizer
concentrations in dust with presence of PVC flooring, homes with car-
peting had higher concentrations of PEs and APs than homes without,
suggesting carpeting as an important source of plasticizers in dust. We
also found significant correlations between DMP and DEP and building
age, which might be due to past use of these LMW PEs as insecticides
in older homes.

We evaluated the risk of indoor plasticizer exposure via dust inges-
tion by combining toxicity and human intake estimates. DEHP was
found to have the highest human intake but a lower toxicity compared
to other SVOCs, e.g. PCBs and OCPs. However, a cumulative anti-
androgenic risk assessment is more meaningful since mixture effects
7

can prevail when multiple PEs with a common mode of toxicity occur.
CRA estimated acceptable risks for children and male adults, however
the wide range of reported TRVs is a large source of uncertainty and the
biggest limitation in risk evaluation and can directly change whether
the CRA crosses the hazard threshold. Furthermore, inclusion of other ex-
posure routes, especially dietary intake,would lead to higher hazard quo-
tients associated with PE intake. Lastly, more than 40 suspect PEs were
identified through suspect screening, suggesting higher mixture toxicity
if a larger set of PEs is considered. All PEs with high production volumes
and high toxicity potential are recommended to be quantified in indoor
studies, together with APs which have comparable indoor levels to PEs.
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Despite the success of passive sampler-basedmonitoring networks in capturing global atmospheric distributions
of semivolatile organic compounds (SVOCs), their limited spatial resolution remains a challenge. Adequate spa-
tial coverage is necessary to better characterize concentration gradients, identify point sources, estimate human
exposure, and evaluate the effectiveness of chemical regulations such as the Stockholm Convention on Persistent
Organic Pollutants. Land use regression (LUR) modelling can be used to integrate land use characteristics and
other predictor variables (industrial emissions, traffic intensity, demographics, etc.) to describe or predict the dis-
tribution of air concentrations at unmeasured locations across a region or country. While LUR models are fre-
quently applied to data-rich conventional air pollutants such as particulate matter, ozone, and nitrogen oxides,
they are rarely applied to SVOCs.
The MONET passive air sampling network (RECETOX, Masaryk University) continuously measures atmospheric
SVOC levels across Czechia inmonthly intervals. Usingmonitoring data from29MONET sites over a two-year pe-
riod (2015–2017) and a variety of predictor variables, we developed LUR models to describe atmospheric levels
and identify sources of polycyclic aromatic hydrocarbons (PAHs), polychlorinated biphenyls (PCBs) and DDT
across the country. Strong and statistically significant (R2 > 0.6; p < 0.05) models were derived for PAH and
PCB levels on a national scale. The PAHmodel retained three predictor variables – heating emissions represented
by domestic fuel consumption, industrial PAH point sources, and the hill:valley index, a measure of site topogra-
phy. The PCBmodel retained two predictor variables – site elevation, and secondary sources of PCBs represented
by soil concentrations. These models were then applied to Czechia as a whole, highlighting the spatial variability
of atmospheric SVOC levels, and providing a tool that can be used for further optimization of sampling network
design, as well as evaluating potential human and environmental chemical exposures.

© 2021 Elsevier B.V. All rights reserved.
of Science, RECETOX, Kamenice

lymuk).
1. Introduction

Semivolatile organic compounds (SVOCs) are a broad class of atmo-
spheric pollutants that include polycyclic aromatic hydrocarbons
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(PAHs), polychlorinated biphenyls (PCBs), and organochlorine pesticides
(OCPs). An ongoing challenge inmonitoring SVOCs inmany regions is the
lack of sufficient spatial coverage to characterize atmospheric concentra-
tion gradients, identify sources, evaluate human exposure, and assess the
effectiveness of national and international regulations such as the
Stockholm Convention on Persistent Organic Pollutants (POPs). While
concentrations of conventional air quality pollutants such as nitrogen ox-
ides (NOX), ozone (O3), and particulate matter (PM) can be rapidly mea-
sured in “on-line” mode resulting in continuous monitoring, SVOCs
require complex equipment and daily/weekly time resolution for active
air sampling. Widespread use of passive air sampling for SVOCs has
helped to improve spatial coverage, providing a reliable technique to
quantify SVOCs across different site types and conditions without the
use of complex equipment (Bohlin-Nizzetto et al., 2020; Herkert et al.,
2018; Wania and Shunthirasingham, 2020). Yet except for national air
monitoring networks in Czechia (Kalina et al., 2018), Norway (Tørseth
et al., 2012), Spain (Muñoz-Arnanz et al., 2016), and the United
Kingdom (Graf et al., 2016), most countries in Europe have only 1 or 2
long-term SVOCmonitoring sites, withmonitoring of POPs being particu-
larly scarce (Aas and Bohlin-Nizzetto, 2018; Hulek et al., 2014).

Spatialmodelling can be a powerful tool to fill gaps in the geographic
coverage of monitoring networks. Land use regression (LUR) is a spatial
modelling technique that can be used to describe the environmental
distribution of chemical concentrations at unmeasured locations across
a region based on land use and related predictor variables
(e.g., industrial emission records, traffic intensities, demographics).
LUR methods have been used extensively in spatial studies of conven-
tional air quality pollutants such as NOX, O3, and PM (Beelen et al.,
2013; Eeftens et al., 2012; Gulliver et al., 2018; Hoek et al., 2008;
Jedynska et al., 2017, 2014; Lu et al., 2020; Van Nunen et al., 2017), as
well as some volatile organic compounds (Amini et al., 2017). While
these studies typically investigate small-scale spatial variation within
individual cities to evaluate human exposure, some studies have used
LUR models to predict atmospheric concentrations on larger scales,
such as across Europe (de Hoogh et al., 2018, 2016; Vienneau et al.,
2013; Vizcaino and Lavalle, 2018) and even globally (Larkin et al.,
2017). However, due to the greater complexity of measuring SVOCs
and the relative scarcity of permanent monitoring sites compared to
conventional air pollutants, few attempts have been made to apply
LUR models to SVOCs. Some urban atmospheric LUR studies have in-
cluded PAHs, but typically in the context of characterizing PM composi-
tion where the models reflect particle-phase concentrations in air
(Jedynska et al., 2014; Noth et al., 2011; Polidori et al., 2010); only
two LUR studies have considered gas-phase PAHs (Masri et al., 2018;
Noth et al., 2016). Furthermore, to our knowledge there has only been
one previous study to apply LUR methods to atmospheric PCB concen-
trations (Melymuk et al., 2013), and none for OCPs.

The MONET passive air sampling network (RECETOX, Masaryk Uni-
versity) is the largest national SVOCmonitoring network in Europe, and
includes 29 permanent sampling sites spread across Czechia that con-
tinuously measure atmospheric SVOC levels in 28-day intervals
(Kalina et al., 2018). Additional MONET sampling extends across the
rest of Europe as well as Africa (Přibylová et al., 2012; White et al.,
2020). However, the relatively dense spatial coverage of the MONET
network in Czechia (29 sites compared with 1–2 sites in most other
European countries), provides an opportunity to apply LUR methods
to SVOCmonitoring data at a national scale. In this study we use spatial
predictor variables extracted using geographic information systems
(GIS) and two years of passive air sampling data (2015–2017) from
the 29 Czech sites in the MONET network to develop LUR models for
PAHs, PCBs, and the OCP dichlorodiphenyltrichloroethane (DDT). We
demonstrate the strength of LUR for developing generalized national-
scale models of SVOCs that can help to improve sampling network de-
sign for optimal coverage of sources, identify regional differences for
human and environmental exposure assessment, and assist in evaluat-
ing the effectiveness of chemical regulations.
2

2. Methods

2.1. Air sampling

Continuous passive air sampling of SVOCs in Czechia is coordinated
by the MONET network at RECETOX (Masaryk University, Brno) and
has occurred at more than 60 sites across the country since 2006, with
29 sites operating as of 2017 (Fig. 1). These sites cover a wide range of
land types and regions including remote mountainous sites, rural agri-
cultural sites, urban city sites, and industrial sites (Table S1). Air moni-
toring data for all 29 sites were used for model development, covering
a two-year period (July 2015 to June 2017) to reduce the potential influ-
ence of seasonality and variance in atmospheric levels within a single
year, while avoiding the influence of long-term temporal trends previ-
ously identified for SVOCs at some of these sites (Kalina et al., 2018).
Hourly meteorological conditions over the two-year monitoring period
were assessed using the MERRA-2model (Gelaro et al., 2017), as previ-
ously described for passive air sampling studies (Bohlin-Nizzetto et al.,
2020; Herkert et al., 2018; White et al., 2020), and were relatively uni-
form between all 29 sites. Median site temperatures ranged from
7.0–9.4 °C and median site wind speeds ranged from 1.0–2.7 m/s.
Based on continuous monitoring in 28-d passive sampling intervals,
this two-year data selection resulted in 26 samples per site – except
for Churáňov, Rudolice, and Rýchory with only 25, 25, and 24 samples,
respectively – for a total of 750 samples. The sampling periods and de-
ployment dates for all samples at each site included in this study are
depicted in Fig. S1. Ninety percent of sampleswere deployed for exactly
28 d, and 99% were deployed for 26 to 30 d (Fig. S2).

MONET passive samplers consist of two stainless steel bowls con-
taining a 15 cm×1.5 cmpolyurethane foam(PUF) disk and are typically
deployed at 1–2 m above ground level. After the sampling period, PUF
disks are collected and analyzed for a full suite of SVOCs at the
RECETOX Trace Analytical Laboratory. Analytical methods are described
in detail in the Supplemental Materials (SM Section 2 – Analytical
Methods). In this study we examined seven indicator PCBs: 28, 52,
101, 118, 138, 153, and 180; fourteen PAHs: acenaphthylene (ACY),
acenaphthene (ACE), fluorene (FLU), phenanthrene (PHE), anthracene
(ANT), pyrene (PYR), fluoranthene (FLA), chrysene (CHR), benz[a]an-
thracene (BAA), benzo[b]fluoranthene (BBF), benzo[k]fluoranthene
(BKF), benzo[a]pyrene (BAP), benzo[ghi]perylene (BGP), and indeno
[1,2,3-cd]pyrene (IP); and DDT and its degradation products (o,p’-
DDD, o,p’-DDE, o,p’-DDT, p,p’-DDD, p,p’-DDE, p,p’-DDT). Several of
these compounds, particularly the high molecular weight PAHs and
PCBs, were often present within the PUF disks at concentrations below
their instrumental limit of quantification (LOQ, 3.3× the limit of detec-
tion; Table S2). For the purposes of data analysis and model develop-
ment, these left-censored values were substituted by (√2/2) x LOQ
(Antweiler, 2015). Levels of SVOCs measured by passive sampling are
reported in ng per PUF disk per sampling period. Although SVOC levels
from passive sampling are often converted to concentrations (i.e., ng/
m3), this conversion may be biased by a number of sources of uncer-
tainty (Holt et al., 2017). We chose to work with the primary data in
units of ng/PUF/d as these values are still appropriate for spatial assess-
ment and analysis of SVOCs (Kalina et al., 2018). To address atmospheric
levels at a national scale, and in consideration of regulations and policies
that typically address groups of chemicals of concern, we chose to de-
velop simplified models using the sums of SVOC compound classes
(∑7PCB,∑14PAH, and ∑6DDT).

2.2. Predictor variables

Tool functions in ArcGIS Desktop software (v.10.5, Esri) were used to
determine values of predictor variables for all sampling sites, either at
the site itself (e.g., elevation) or in buffer zones of defined sizes (1 km
and 5 km) around each site (e.g., population, traffic density). Both buffer
zone sizeswere examined for buffered variables, and the bufferwith the



Fig. 1. MONET passive air sampling sites in Czechia included in this study. Shading indicates topography, and cities with population > 100,000 people are identified.
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strongest single variable correlation was used in model development.
Atmospheric SVOC levels and most predictor variables were log-
normally distributed and thus log-transformed prior to modelling, ex-
cept for emission point sources and the hill-valley index (HVI). Determi-
nation of the predictor variables is summarized in Table 1 and detailed
in the Supplementary Materials (SM Section 3 – Predictor Variables).

Annual consumption of several heating fuel types (propane-butane,
natural gas, bituminous coal, oil, coke, lignite, and wood) was estimated
for all 6354 administrative units of Czechia based on the relationship be-
tween population and fuel consumption records from a subset of 145 ad-
ministrative units located in the north of the country. This region was
previously used as an input for PAH air concentration modelling (Sáňka
et al., 2014) and is considered representative of the country as a whole,
as it covers a diversity of settlement types (large city of >100,000 people,
as well as smaller villages and towns). Population (counts) and annual
fuel consumption (masses) for each administrative unit were log-
transformed to normalize distributions, and a linear regression was ap-
plied (Fig. S10). The linear relationships observed between the log-
transformed fuel consumption and population (Table S3) were then
used to extrapolate annual fuel consumption in the remaining adminis-
trative units according to settlement size (Fig. S11).

PAH and PCB emission factors for the various fuel types were esti-
mated according to published studies (Tables S4 and S5).While a signif-
icant amount of uncertainty exists in the emission factors due to
differences in heater types, efficiencies, operating procedures and fuel
qualities, they convey the relative differences according to fuel efficien-
cies and emissions (e.g., PAH emissions from lignite burning are 200×
greater than from home heating oil and 2000× greater than from natu-
ral gas). As a result of these findings, coke, lignite, wood, and bituminous
coal were deemed to be the four major domestic fuel types for PAH and
PCB emissions across Czechia. In addition to the consumption of these
four individual fuel types being used as predictor variables inmodel de-
velopment, the sum of all four (total fuel consumption) was also
included.
3

2.3. Model development

Model development followed a similar approach to the standard
LUR method that has previously been applied in atmospheric studies
of PM, NOX, and PAHs (Beelen et al., 2013; de Hoogh et al., 2018, 2016,
2014, 2013; Eeftens et al., 2012; Jedynska et al., 2014). Multiple linear
regression models were derived for atmospheric levels of ∑14PAH,
∑7PCB, and ∑6DDT via a multidirectional stepwise method based on
Akike information criteria (AIC) selection using the stepAIC() function
in R software (v.3.4.2). This function adds and removes predictor vari-
ables iteratively until it identifies a statistically significant final model
that maximizes the explained variance (adjusted R2) in the dependent
variable (atmospheric SVOC levels). However, while the final model
may be statistically significant, individual included predictor variables
may not be, or may only negligibly affect the overall explained
variance. In the previously mentioned LUR studies, individual site- and
compound-specific models were developed to explain as much of the
variance in atmospheric levels as possible. As a result, optimization of
these finalmodels was relatively lenientwith the inclusion of all predic-
tor variables with p-values ≤ 0.10 that each increased the adjusted R2 by
≥0.01 (Beelen et al., 2013; de Hoogh et al., 2014, 2013; Eeftens et al.,
2012; Jedynska et al., 2014). However, our aim was to develop simpli-
fiedmodels for SVOC groups on a national scale to identify themost im-
portant predictor variables. As a result, we used a more stringent
optimization process in which only predictor variables with p-values ≤
0.05 that increased the adjusted R2 by ≥0.05 were retained in the final
models selected by the stepAIC() function. Validation of each optimized
model was performed using a standard leave-one-out cross validation
(LOOCV) method (Beelen et al., 2013; de Hoogh et al., 2014, 2013;
Eeftens et al., 2012; Jedynska et al., 2014). Spatial autocorrelation of
the residuals from each optimized model were subsequently assessed
using the Moran's I statistic (Beelen et al., 2013; de Hoogh et al., 2013;
Eeftens et al., 2012; Jedynska et al., 2014). Finally, normality of residuals
for each optimized model was assessed using the Shapiro-Wilk test.



Table 1
Predictor variables and data sources.

Predictor variable Description and data source

Fuel consumption
(ConsFuel)

See Section 2.2

PAH emissions from local heating
(HeatEmissPAH)
PCB emissions from local heating
(HeatEmissPCB)
PAH industrial source density
(PointSourcePAH)

PM10 industrial source density
(PointSourcePM10)

The European Environmental Agency's European Pollutant Release and Transfer Register (E-PRTR, http://prtr.ec.europa.eu) was used to
estimate industrial air pollution. All pollution sources within Czechia and neighbouring regions of adjacent countries with either PAH, PCB,
or PM10 records were extracted and imported into GIS. Only one official record of PCB sources was identified, thus PCBs were not
considered further. A kernel density function was applied to PAH and PM10 sources, with the emission intensity of pollution sources
selected as the population attribute. The search radius of the kernel density tool was set to 40 km. Rasters were created for both PAH and
PM10 emissions, and the corresponding values were extracted for each sampling site for use as predictor variables (Fig. S3).

PCB concentrations
in soil
(SoilPCB)

Kubošová et al. (2009) used regression trees to predict concentrations of 5 PCB congeners (101, 118, 138, 153, and 180) in soil across
Czechia at a 1 km spatial resolution. Predicted soil concentrations were imported to GIS and average values were extracted for each
sampling site using a 5 km radius buffer.

Traffic density
(DensTraf)

Road traffic density (vehicles/day) was taken from the Country Traffic Census performed by the Czech Roads and Motorways Directorate
(http://scitani2010.rsd.cz/pages/informations/default.aspx) and spatially attributed in GIS. Exact values were available for a subset of roads,
including all major roads. Roads of lower classes without exact values were assigned average values based on roads of the same class. Small streets
inside cities and villages were excluded. A GIS line density tool was used to create a grid of traffic density across the country, and the sum of all
traffic density grid values was calculated in a 1500 m radius buffer around each sampling site (Fig. S4).

Road density
(LengRoad)

Road density was determined using an OpenStreetMap dataset from Geofabrik's server (http://download.geofabrik.de/). Only roads with
car traffic were included in the analysis. The total length of roads within a 1 km and 5 km radius buffer of each sampling site was calculated (Fig. S5).

Building density
(AreadBuild)

Building density was determined using a dataset from Geofabrik's server (http://download.geofabrik.de/). The total percentage of built-up
area within a 1 km and 5 km radius of each sampling site was calculated. It is important to note that this dataset did not include building
heights, only land coverage, which could limit its explanatory potential (Fig. S6).

Population
(Pop)

The population count of each administrative unit in Czechia was taken from ArcData Prague (https://www.arcdata.
cz/produkty/geograficka-data/arccr-500). Administrative units were reshaped in GIS by excluding water bodies and forests to achieve a
more realistic population distribution. The total population was calculated within a 1 km and 5 km radius of each sampling site (Fig. S7).

Land use
(AreaCrop)
(AreaIndus)

The Corine Land Cover 2006 database (http://www.eea.europa.eu/data-and-maps/data/clc-2006-vector-4) was used to determine spatial
coverage of classes 121 (industry) and 211, 221 and 222 (agriculture) within a 1 km and 5 km radius of each sampling site (Fig. S8).

Elevation
(Elevation)

The elevation of each sampling site was acquired using GPS measurement during sampler deployment.

Hill-valley index
(HVI)

To incorporate the effect of topography into the LUR without the use of more complex contaminant air transport models, a ‘hill-valley index’ (HVI)
was developed to quantify the position of each sampling site relative to the elevation of the surrounding terrain. The HVI at each site was calculated
by dividing the elevation of the site by the median elevation of a 1.5 km radius buffer around each site (acquired from Shuttle Radar Topographic
Mission, http://www.diva-gis.org/gdata). Thus, HVI <1 indicates the site is located in a valley, while HVI >1 indicates the site is located on a hill
(see Fig. S9).
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3. Results & discussion

3.1. Atmospheric SVOC levels

Average atmospheric levels of each SVOC compound class were sim-
ilar acrossmost sites. The lowest average levels for PAHs, PCBs, and DDT
were detected at sites in the remote mountainous regions around the
border of the country, many of which were previously identified as
being the least polluted sites in an assessment of Czech background
air monitoring (Kalina et al., 2018), while the sites with the highest av-
erage levels differed by compound class (Fig. 2).

Average atmospheric∑14PAH levels varied over approximately one
order of magnitude, ranging from 14–124 ng/PUF/d at all sites except
Prague Radotin (255 ng/PUF/d) and Věřňovice (394 ng/PUF/d)
(Fig. 2A). Both of these sites are heavily influenced by local sources,
with Prague Radotin located at a cement factory and Věřňovice located
on the Czech-Polish border in the centre of a coal mining and industrial
regionwith significant coal use for domestic heating. Phenanthrenewas
the most abundant individual PAH across all 29 sites, comprising 46 ±
3% of the average ∑14PAH levels, followed by fluoranthene, fluorene,
and pyrene. Together these four PAHs alone comprised 90 ± 3% of the
average ∑14PAH levels at all sites (Table S7).

Average atmospheric ∑7PCB levels ranged from 0.04–0.25 ng/PUF/
d, with only Brno Kotlarska significantly elevated above all others (0.35
ng/PUF/d; Fig. 2B). Similarly, the relative proportions of individual PCB
congeners contributing to ∑7PCB levels were comparable among all
sites, except for a significantly higher average level of PCB 28 at Brno
Kotlarska (Table S8).
4

Average atmospheric∑6DDT levels ranged from 0.03–0.70 ng/PUF/
d across all sites (Fig. 2C) and were dominated by p,p’-DDE (74 ± 7%).
Four of the five sites with the highest DDT levels are located in the
South Moravia region and surrounded by large areas of agricultural
land, reflecting historical agricultural application of DDT. The other
sitewith high levels (Libiš) is located less than 1 km away from a former
pesticide manufacturing plant, suggesting environmental contamina-
tion from past industrial production. This difference in dominant
sources was apparent from the differences in the composition of
∑6DDT, with the four agricultural sites having the highest p,p’-DDE
levels, while Libiš had the highest levels of the other five DDT com-
pounds (Table S9).

3.2. Model development

Statistically significant multiple linear regression models were de-
rived for atmospheric ∑14PAH and ∑7PCB levels across Czechia,
while only a simple linear regression model could be derived for
∑6DDT levels. Of all individual predictor variables, sampling site eleva-
tion was able to explain the greatest amount of variance in the atmo-
spheric levels of all SVOCs, with a moderately strong negative
correlation (adjusted R2 ranging from 0.45–0.49), indicating higher
levels at lower elevations (Table S10). Most background air sampling
sites within Czechia are located in mountainous regions around the
border of the country while large cities are located at lower elevations
towards the centre. As a result, elevation of the sampling sites was
also significantly negatively correlated with most of the other selected
predictor variables: building, crop, and industrial land coverage,

http://prtr.ec.europa.eu
http://scitani2010.rsd.cz/pages/informations/default.aspx
http://download.geofabrik.de/
http://download.geofabrik.de/
https://www.arcdata.cz/produkty/geograficka-data/arccr-500
https://www.arcdata.cz/produkty/geograficka-data/arccr-500
http://www.eea.europa.eu/data-and-maps/data/clc-2006-vector-4
http://www.diva-gis.org/gdata
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Fig. 2. Log-boxplots of atmospheric levels (ng per PUF disk per day) of A)∑14PAH; B) ∑7PCB; and C) ∑6DDT. Levels measured monthly (28-d) by passive sampling over a two-year
period (July 2015–June 2017) at 29 sites across Czechia (n = 24–26 at each site). Boxplots depict the interquartile range (IQR): box upper limit is the 75th percentile, horizontal line is
the 50th percentile (median), box lower limit is the 25th percentile; whiskers above and below depict 1.5 x IQR; data points outside this range (outliers) are depicted as hollow
circles. Sites are listed in order of increasing average level (depicted by triangles).
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population, total fuel consumption, road length, and traffic density
(Table S11). Elevation is therefore a moderately strong predictor of an-
thropogenic activity within Czechia. Population within 5 km of each
sampling site was also significantly correlated with atmospheric levels
of all SVOCs, however the strength of the correlation was much lower
5

than that of elevation (adjusted R2 ranging from 0.10–0.25). Similar to
elevation, population was also significantly correlated with most of
the other selected predictor variables. Since the strong correlation be-
tween atmospheric SVOC levels and site elevation is a result of the spe-
cific topography and population distribution across Czechia, we
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anticipate that population density would likely be a more general pre-
dictor of anthropogenic activity if similar LUR methods were applied
to atmospheric SVOC levels in other countries.

While ∑6DDT was only significantly correlated with elevation and
population, ∑14PAH and ∑7PCB were both significantly correlated
withmany of the other predictor variables to varying degrees. However,
most were not retained in the final models selected by stepAIC, and the
subsequent optimization simplified the models even further. Stepwise
removal of predictor variables that did notmeet selection criteria during
optimization of each model is summarized in Table S12. Overall, the
models for∑14PAH and ∑7PCB were relatively strong (adjusted R2 >
0.60) with no spatial autocorrelation (Moran's I of 0.003 and 0.048, re-
spectively). Conversely, the model explained variance for ∑6DDT was
lower (adjusted R2 = 0.45) and weakly spatially autocorrelated
(Moran's I of 0.142, p < 0.05). Despite this, the LOOCV R2 was <10%
lower than the adjusted R2 for all three SVOC models, indicating stable
models with minimal influence of individual sites (Beelen et al., 2013;
de Hoogh et al., 2014, 2013; Eeftens et al., 2012; Jedynska et al., 2014).
Furthermore, all three final models passed the Shapiro-Wilk test for
normality on model residuals (all >0.95) indicating appropriate log
transformations.

3.2.1. PAH model
The final optimized ∑14PAH model included three predictor vari-

ables – total domestic fuel consumption (sum of lignite, bituminous
coal, coke, and wood), PAH point sources, and the HVI – and explained
nearly 70% of the variance in atmospheric levels (Eq. (1)).

log ∑14PAHð Þ ¼ 0:37 log ConsFuelð Þ þ 0:28 log PointSourcePAHð Þ
−1:83 HVIð Þ þ 2:35

Adjusted R2 ¼ 0:68 p < 0:05ð Þ; LOOCV R2 ¼ 0:62 p < 0:05ð Þ
h i ð1Þ

Surprisingly, neither road length nor traffic density were included in
our final optimized model. Previous LUR models developed for PAHs
have found traffic-related predictor variables to explain a significant
portion of the variance in atmospheric levels (Noth et al., 2016), though
the strengths of the correlations were still generally weaker than those
for other air pollutants (Jedynska et al., 2014; Melymuk et al., 2013).
Melymuk et al. (2013) attributed the weaker explanatory power of
their PAH model to more spatially complex emission sources and dy-
namics, as well as greater uncertainty in passive sampling of heavier
particle-associated compounds. Jedynska et al. (2014) attributed the
poorer performance of their PAH model to a smaller influence of traffic
emissions on atmospheric PAH levels relative to other less characterized
sources, such as wood burning and industrial emissions, for which no
data were available. For our study, enough data were available in
Czechia to provide estimates for both of these primary emission sources,
with total domestic fuel consumption and industrial PAH point sources
both individually explaining modest amounts of the variance in atmo-
spheric levels (30% and 21%, respectively).

Jedynska et al. (2014) also proposed the incorporation of chimney
height into PAHmodels to account for the influence of distance and ver-
tical transport of PAHs from point sources to sampling sites. The atmo-
spheric lifetime of PAHs is generally much shorter than that of other
SVOCs such as PCBs, due to dry deposition of particle-associated com-
pounds as well as photochemical degradation (Lammel et al., 2009).
As a result, atmospheric levels of PAHs are strongly affected by the alti-
tude atwhich emissions occur (such as chimney height;Wu et al., 2006)
and sharply decline with increasing altitude if sources are predomi-
nantly at ground level (Farrar et al., 2005; Tao et al., 2007). Surrounding
topography can therefore significantly compound these effects, with
higher levelsmeasured in the lowest atmospheric layers in valleys com-
pared to those at mountaintops, even when affected by the same local
source (Kalberer et al., 2004). Some influence of this vertical distribu-
tion on atmospheric levels in Czechia is reflected in the ∑14PAH
6

model through the inclusion of the HVI predictor variable. In agreement
with these previous studies, atmospheric PAH levels within Czechia
were significantly negatively correlated with HVI, indicating higher
levels at sampling sites located in valleys compared to those located
on hills or mountaintops.

Overall, themodel is slightly concentration-dependent and overesti-
mates ∑14PAH at the two sites with the lowest atmospheric levels
(Kleť and Churáňov), although it accurately describes the atmospheric
levels at the two most heavily polluted sites (Prague Radotin and
Věřňovice) (Fig. S12). Overestimation of LURmodels for SVOCs has pre-
viously been attributed to the possible removal of emission sources and
the resulting time-dependency of emission estimates (Melymuk et al.,
2013), which may explain the discrepancy at the sites with low atmo-
spheric PAH levels. However, it is also possible that Kleť and Churáňov
are more significantly affected by the negative correlation between ele-
vation and ∑14PAH levels than is captured by the HVI, as they are the
highest altitude sites included in this study (1060 m and 1121 m, re-
spectively). For the remaining sites, there appears to be a tendency for
the model to underestimate concentrations to a greater degree than
those it overestimates, suggesting additional sources of PAHs that are
not reflected in the model. In addition to primary emission sources,
Melymuk et al. (2013) also observed a correlation between atmospheric
PAH levels and proximity to contaminated sites due to high levels of
PAHs in soilwhichmay act as a secondary source to air via volatilization.
National data on PAHs in soilwere not available formodel development,
thus the influence of soil and other secondary emission sources on at-
mospheric ∑14PAH levels in Czechia may be partially responsible for
the remaining variance (~30%) not explained by primary emission
sources and HVI in our model.

3.2.2. PCB and DDT models
Sampling site elevation was strongly negatively correlated with at-

mospheric levels of PCBs and DDT in Czechia andwas the only predictor
variable retained in the final ∑6DDT model (Eq. (2)), and one of two
variables retained in the final ∑7PCB model (Eq. (3)).

log ∑6DDTð Þ ¼ −0:84 log Elevationð Þ þ 1:53
Adjusted R2 ¼ 0:45 p < 0:05ð Þ; LOOCV R2 ¼ 0:37 p < 0:05ð Þ
h i ð2Þ

log ∑7PCBð Þ ¼ −0:99 log Elevationð Þ þ 1:26 log SoilPCBð Þ þ 0:67
Adjusted R2 ¼ 0:62 p < 0:05ð Þ; LOOCV R2 ¼ 0:55 p < 0:05ð Þ
h i ð3Þ

As previously discussed, elevation is strongly negatively correlated
with anthropogenic activity within the country, with high elevation
sites generally characterized by low population density and limited in-
fluence of industry, agriculture, or traffic. Atmospheric levels of PCBs
and DDT at these sites are likely determined by long-range transport
and more influenced by levels in the atmospheric mixing layer of Cen-
tral Europe than local sources (Lammel et al., 2009). This is apparent
from the relative homogeneity in the atmospheric PCB and DDT levels
at the least polluted sites despite large differences in their geographic
locations, suggesting they are capturing the same regional background
level. However, elevation still only explained 47% and 45% of the vari-
ability in atmospheric∑7PCB and∑6DDT levels, respectively, suggest-
ing the influence of local emission sources as well.

Although theproduction anduse of PCBs in Czechia has been banned
since 1984, and despite national efforts to eliminate PCB-containing
devices and waste, PCBs remain in use in thousands of old electrical de-
vices and buildingmaterials, aswell as in surface layers of contaminated
industrial sites (Bláha et al., 2017; Holoubek et al., 2006). Releases from
older products andmaterials remaining in use can still play a significant
role in atmospheric levels; for example, Melymuk et al. (2013) found
that 75% of the variability in urban/suburban atmospheric PCB levels
could be explained by just themass of PCBs in use, storage, and building
sealants within a 1 km radius around each sampling site. Thus, while
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rural and remote Czech sites are likely more influenced by long-range
transport and background levels, urban and surburban siteswith higher
levels such as Brno Kotlarska may still be heavily influenced by nearby
primary emissions or secondary emissions from contaminated soils.

Wewere able to obtain∑5PCB levels in soil across the country from
a previous study (Kubošová et al., 2009). When these soil concentra-
tions were included in the LUR analysis for ∑7PCB as a predictor vari-
able, they were retained in the final ∑7PCB model in addition to
elevation, and resulted in a substantial increase in the model explained
variance (Eq. (3)). Many SVOCs are highly persistent in soils, which can
act as a significant secondary emission source to the atmosphere if con-
ditions favour volatilization (Holoubek et al., 2009). Within Central
Europe, soil generally acts as a sink for high molecular weight (highly
chlorinated) PCBs, but as a source for more volatile (less chlorinated)
PCBs, particularly in summer months when temperatures are higher
(Růžičková et al., 2008). However, soil-air transfer is highly site-
specific and depends on the physicochemical properties of both the
compound and soil, as well the contaminant burden within the soil
and local meteorological conditions (Růžičková et al., 2008). Based on
previous studies of soil contamination across Czechia (Holoubek et al.,
2009; Kubošová et al., 2009; Růžičková et al., 2008) we expect that if
we had spatially distributed records of ∑6DDT in soil, the inclusion of
these soil concentrations into the∑6DDT model would result in a sim-
ilar or greater increase in the explained variance as that observed for the
∑7PCB model, due to the historical application of DDT directly to agri-
cultural land.

3.2.3. Model limitations
There are several limitations to these models related to the LUR

method itself, as well as its implementation for the compounds selected
in this study. Our study was limited to 29 sampling sites, and previous
studies have shown that LUR models developed for air pollutants
based on a small number of sampling sites have poor predictive
power when validated against external datasets, even if both the ad-
justed R2 and LOOCV R2 values are high (Basagaña et al., 2012; Wang
et al., 2012), and suggest LUR models should be developed using at
least 40 (Wang et al., 2012) or even 80 sites (Basagaña et al., 2012). It
should be noted that these authors offered significantly more predictor
variables to their models (76 and 106, respectively, vs. 12 in this study),
and restricting the number of predictor variables offered to LURmodels
can improve the predictive power of models developed using a small
number of sampling sites, though some overestimation of R2 is still ob-
served (Basagaña et al., 2012).

In addition to the small number of sampling sites, the predictive
power of our models is likely also reduced by our decision to develop
models for sum classes of SVOCs rather than individual compounds/
congeners at specific sites as is common in other LUR studies. While
broad LURmodels may bemore valuable for national policy and regula-
tion, the influence of specific sources on individual compounds may be
lost or obfuscated. For example, Melymuk et al. (2013) found that the
distribution of metal refining and processing industries explained 60%
of the variance in atmospheric PCB concentrations, but only for tri-
and tetra-chlorinated congeners, while paint and pigment manufactur-
ing was associated with other congeners. Similar differences can be ob-
served in PAHs, with phenanthrene being the dominant compound in
bituminous coal-, lignite-, and wood-burning emissions, while fluoran-
thene dominates coke-burning emissions (Table S4). Moreover, the in-
fluence of degradation in ambient air and during sampling can be
important for PAHs under certain conditions (Keyte et al., 2013;
Melymuk et al., 2016), however this was not accounted for in our gen-
eralized model for Σ14PAHs.

Site selection is also an important consideration when applying LUR
models on a large spatial scale, rather than for a single city or urban area
as is more common. To optimize their predictive power, models should
be developed using sites that are representative of the population to
which the model will be applied (Wang et al., 2012). For our national-
7

scale models, it was therefore important to include a broad range of
site classifications including remote, rural, suburban, urban, and indus-
trial sites. Although this was achieved to some extent, approximately
two thirds of the sites used in the development of the models were
background rural sites simply due to these sites being more prevalent
in theMONET network. As a result, our LURmodels are likely biased to-
wards rural sites and may be less accurate for more industrial or im-
pacted sites. This is further compounded by the lack of primary and
secondary emission source data within the country, as previously
discussed.

3.3. Model application

To demonstrate the ability of LURmodelling to improve understand-
ing of atmospheric SVOC distributions and optimize design of air mon-
itoring networks, the two relatively strong models (∑14PAH and
∑7PCB) were applied at a national scale using ArcGIS software to esti-
mate levels across Czechia (Fig. 3). Due to the model limitations we
chose to depict atmospheric SVOC levels semi-quantitatively (high to
low) to preventmisinterpretation, however, this still provides sufficient
information to identify suspected emission hotspots and source regions.
The higher granularity of the PAH map reflects the dependence of the
model on local topography (represented by the HVI predictor variable),
suggesting that atmospheric distributions of PAHsmay bemore hetero-
geneous than PCBs. This is supported by the fact that∑14PAH levels in-
clude several highly particle-bound PAHs that have more limited air
transport and thus deposit closer to sources, while PCBs are more vola-
tile and have greater potential for long-range transport. Furthermore,
the ∑7PCB model suggests that secondary emissions (e.g., soil) may
be the major source of atmospheric PCB levels, while PAHs are still pri-
marily affected by on-going primary emissions, with greater diversity of
combustion sources.

In both maps there is a tendency towards higher levels in urban re-
gions compared to rural/background regions, as frequently reported for
these compounds (Cetin et al., 2017; Jamshidi et al., 2007; Melymuk
et al., 2012; Motelay-Massei et al., 2005; Venier et al., 2019). In particu-
lar, the PAH map highlights elevated atmospheric levels in the Ostrava
region, which has been identified as a hotspot of PAH contamination
due to coal mining and heavy industry (Jiřík et al., 2016; Sram et al.,
2013). Industrial emissions in this region are also linked to elevated at-
mospheric PCB levels, as observed in Fig. 3. Higher PAH levels are also
observed in the North Bohemia basin, northwest of Prague, potentially
associated with extensive coal (lignite) surface mining in this area.

In addition to the industrial emissions in the Ostrava region, Fig. 3
also identifies large areas of South Moravia (Morava River basin, south-
east of Brno) and North Bohemia (Prague) as having the highest atmo-
spheric PCB levels across Czechia. In the 1990s, this region of South
Moravia had the highest PCB levels in all environmental matrices across
the country due to the Colorlak paint factory; Colorlak was the primary
consumer of PCBs produced in the former Czechoslovakia and resulted
in PCB-containing paints being heavily used in this region for decades
(Holoubek et al., 2007a). This was also the region most affected by a
major flood event in 1997 that damaged industrial and agricultural
chemical storage facilities and remobilized PCBburdens from sediments
– the largest environmental sink for SVOCs in Czechia (Holoubek et al.,
2007b) – to surface soils and then to air (Holoubek et al., 2007a). Simi-
larly, amajor flood event in 2002 occurred in central Bohemia and led to
significantly increased atmospheric levels of pesticides in the region, in-
cluding DDT (Holoubek et al., 2007a). The success of the LUR-based
maps in identifying known/plausible concentration gradients and hot-
spots reflects well on their utility for sampling design and source
tracking.

However, the PCBmap also shows anarea of highpredicted air levels
northeast of Prague, which corresponds to a protected sandstone land-
scape. The plausibility of this area having high PCB levels is not clear; air
sampling has not been directly performed in the region, but the high



Fig. 3. Application of the LURmodels across all of Czechia, indicating the estimated gradient of low to high atmospheric levels of A)Σ14PAH, (R2 = 0.68), and B) Σ7PCB, (R2 = 0.62). Cities
with population > 100,000 are indicated on the map.
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levels may be an artifact of the soil organic carbon influence on PCB soil
concentrations in the Kubošová et al. (2009) soil model. The cluster
analysis by Kubošová et al. did not distinguish between mountain and
sandstone podzol soils, and it is unclear whether the predicted high
PCB burden of the mountain podzols is also applicable to the sandstone
podzols. This would require further investigation in the form of air and/
or soil sampling. Thus, while there are some clear limitations to the ap-
plication of LUR for predicting atmospheric levels, largely related to the
assumptions of the input data, the application of the PAH and PCB
models across the entire country presents strong evidence of their util-
ity as a tool for better understanding sources and distributions of SVOCs
in air.
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4. Conclusions and policy implications

Broad spatial coverage in airmonitoring of SVOCs remains challenging,
even with the widespread use of passive air sampling. Significant spatial
heterogeneity can exist in concentrations on a small scale (a fewkm) caus-
ing gradients in human exposure, but can also provide crucial information
about point sources. LURmodelling is an ideal tool tobetter understand re-
gional SVOC levels by relying on high density spatial data (population, in-
dustrial land use, topography) to highlight atmospheric gradients of
SVOCs since such spatial data are more widely available than SVOC con-
centrations. We have demonstrated the success of this technique for de-
scribing atmospheric levels of PAHs and PCBs at a national scale for the
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first time.However, the regression equations have not been testedwith an
independent data set, sowe consider thesemodels tobeprimarily descrip-
tive rather than predictive. As such, they are useful to identify specific pre-
dictor variables that correlate with atmospheric levels, and thereby
suggest potential important sources of PAHs and PCBs in Czechia.

The PAHmodel suggests active primary sources, particularly domes-
tic heating, are themost important driver of PAHs in Czech air; thus, re-
ductions to emissions from domestic heating (low-emission boilers,
transitioning away fromwood and coal for fuel) should reduce their at-
mospheric burden. In contrast, the PCB model suggests secondary
sources, particularly emission from soils and sediments, may be a key
driver of levels in Czech air. These sources are much more challenging
to actively reduce and will largely depend on environmental cycling
and the relatively slow process of environmental degradation. This is
consistent with the recently observed increasing environmental half-
lives of PCBs and slowly declining/stabilizing atmospheric concentra-
tions (Graf et al., 2016; Muñoz-Arnanz et al., 2016; Shunthirasingham
et al., 2016), and in contrast to the previously established understanding
(up to ~2010) that primary sources were the main contributor to atmo-
spheric PCB levels (Melymuk et al., 2012; Robson and Harrad, 2004;
Schuster et al., 2010). While the influence of primary vs. secondary
sources likely differs by region/country, recent active reduction of PCB
stocks in many countries in response to the Stockholm Convention
deadline of 2025 for elimination of in-use PCBs (UNEP, 2017) may
have shifted the dominant sources of PCBs to the atmosphere from pri-
mary to secondary. We also clearly show that high quality surrogate
variables covering the range of possible sources (both primary and sec-
ondary) is a necessary part of successful LUR model development for
SVOCs, and a lack of such data, as in the case of our DDTmodel, hinders
the development and use of LUR as a technique.

Knowledge of atmospheric SVOC levels is necessary to assess the ef-
fectiveness of actions for reducing SVOCs in the environment, in partic-
ular the global Stockholm Convention on Persistent Organic Pollutants,
and the Convention on Long-Range Transboundary Air Pollution
(CLRTAP) within Europe. To these ends, it is crucial to monitor back-
ground sites for long-term trends without the influence of local point
sources. At the same time, global monitoring needs to be cost-effective
and sustainable for decades which requires minimizing the number of
monitoring sites needed to capture both temporal trends and regional
gradients in concentrations. LUR modelling can help improve selection
of appropriate background sites, and identify areas influenced by
local/point sources to be avoided in monitoring networks. At the na-
tional and local scales, monitoring is a crucial tool for regulators and
policymakers targeting local air quality and requires a complete over-
view of influences (hot spots, legacy contamination, urban-rural gradi-
ents, agricultural influences, etc.). Thus, LUR modelling can also help
to improve local, targeted air quality monitoring by pinpointing areas
where such impacts would be expected. In both cases, incorporation
of LUR enhances continuous atmospheric SVOC monitoring, which
should include on-going optimization of network design to improve
our understanding of sources and distributions in the longer term.
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ABSTRACT: With current science and policy needs, more attention
is being given to expanding and improving air sampling of semivolatile
organic contaminants (SVOCs). However, a wide range of techniques
and configurations are currently used (active and passive samplers,
different deployment times, different sorbents, etc.) and as the SVOC
community looks to assess air measurements on a global scale,
questions of comparability arise. We review current air sampling
techniques, with a focus on sampling artifacts that can lead to
uncertainties or biases in reported concentrations, in particular
breakthrough, degradation, meteorological influences, and assump-
tions regarding passive sampling. From this assessment, we estimate
the bias introduced for SVOC concentrations from all factors. Due to
the effects of breakthrough, degradation, particle fractions and sampler
uptake periods, some current passive and active sampler config-
urations may underestimate certain SVOCs by 30−95%. We then recommend future study design, appropriateness of sampler
types for different study goals, and finally, how the SVOC community should move forward in both research and monitoring to
best achieve comparability and consistency in air measurements.

■ INTRODUCTION AND BACKGROUND
Recent scientific and policy discussion has addressed air
sampling of semivolatile organic compounds (SVOCs)/
persistent organic pollutants (POPs), particularly regarding
long-term monitoring networks and the data needs of the
SVOC community.1−3 SVOCs are organic compounds with
vapor pressures typically between ∼1 and 10−10 Pa. Many of the
SVOCs are classified as POPs, and are subject to international
agreements and conventions such as the Aarhus protocol on
POPs (1998) under the Convention on Long-Range Trans-
boundary Air Pollution (LRTAP, 1979) (http://www.unece.
org/env/lrtap/) and the Stockholm Convention (SC) on POPs
(2001/2004) (www.pops.int). These conventions aim to
eliminate or restrict the production and emission of a range
of SVOCs, notably organochlorine pesticides (OCPs),
polychlorinated biphenyls (PCBs), polychlorinated dibenzo-p-
dioxins and furans (PCDD/Fs), polybrominated diphenyl
ethers (PBDEs), polycyclic aromatic hydrocarbons (PAHs),
per- and polyfluorinated compounds (PFCs). To provide
information on long-term trends and effectiveness of regulatory
actions, air monitoring strategies have been established,1

including the European Monitoring and Evaluation Programme
(EMEP) for LRTAP compounds (1999) and the Global
Monitoring Plan (GMP) for SC compounds (2008).1

Monitoring networks require appropriate sampling strategies
to provide reliable and broadly comparable air data and current

regional monitoring networks, with differences in sampling
methodology and procedures, cannot adequately provide the
data needed for global assessments, such as the GMP.1

Furthermore, scientific concern is also growing regarding
currently unregulated SVOCs such as endocrine disrupting
compounds (EDCs).4

Beyond the policy demands of international conventions, the
SVOC scientific community also requires air sampling to
understand the fate and transport of SVOCs and to provide
necessary information for scientific models and human
exposure assessments.2 This type of data is often produced
through smaller-scale case studies or local- or regional-scale
monitoring networks. While less standardized than long-term
monitoring networks, some very critical knowledge of SVOCs
has come from case studies, as they allow specific questions to
be addressed in a focused manner. In particular, they provide a
platform for testing samplers (e.g., polyurethane foam (PUF)
passive air samplers,5 XAD-passive air samplers6) and provide
data in vulnerable areas that are not covered by long-term
monitoring networks (e.g., e-waste sites in China7 or Africa,
intensive agricultural regions in India or South America8−10).
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Together, monitoring networks and case studies provide our
information on the global distribution of SVOCs, their
atmospheric transport, fate, and relationship with sources.
However, there are still crucial gaps and biases in this
information which may lead to uncertainties in comparability
of data, namely spatial distribution and temporal coverage of
measurements, and lack of sampling standardization within and
between networks/case-studies. Problems related to spatial
distributions of established networks are discussed by Hung et
al.2 and Klańova ́ and Harner.1 The uneven spatial distribution is
somewhat improved when one considers the contribution of
case studies (Supporting Information (SI) Figure S1b) and
new/planned monitoring networks in Australia, Southeast Asia,
and South America,2 but the issue of data comparability
remains. Additionally, there are discrepancies in the spatial
distribution of measurements and the spatial scale of
concentration variations; SVOCs vary on small scales11−13

and current sampling distributions infrequently address this.
There are also discrepancies in the frequency of sampling at
each site, with some regions having repeated continuous
monitoring capturing seasonal trends and short-term variability,
and others with only one or two reported measurements in the
past ten years (Figure 1). Although individual monitoring
networks are effective at accomplishing their respective goals
(e.g., providing data for modeling exercises, or broad spatial
coverage) the different network structures may lead to
problems with the intercomparability of scientific results.
With increasing international collaboration and data sharing
(e.g., the GMP) the question of inter-network comparability is
brought to the forefront.1 There are a wide range of techniques
used across different networks and case studies, including active
and passive air samplers, and differences in sampling volumes,
sorbents, sampling length and sampling frequencies. There has
never been an agreed mandate to establish standardized
procedures within and between SVOC networks and there is
a lack of quality standard operating procedures for SVOC

sampling. While some studies have assessed comparability
between samplers or sampling networks,14−21 efforts never
went beyond these to address the potential implications. Most
current discussion focuses on the problems related to spatial
distributions, as well as analytical quality assurance and quality
control (e.g., interlaboratory or inter-network compari-
sons14,16,17,22,23), but little attention is given to sampling
artifacts or spatial intercomparability. Herein, we review and
discuss influences on the most frequently used SVOC air
sampling methods/techniques in both established networks and
case studies and analyze how they impact measurements and
thus data comparability. We then make recommendations on
what sampling techniques are appropriate for particular study
goals, how to enhance data comparability, and what is needed
to improve SVOC air measurements.

■ SAMPLING TECHNIQUES

Active Air Sampling Methods. Active air samplers (AAS)
are currently perceived as the most accurate method of
obtaining SVOC air concentrations as they accumulate both gas
and particle phase compounds under a controlled flow. Despite
identified sampling artifacts,24 this technique is almost
unchanged over the past 40 years.25−27

AAS are commonly classified as either high volume or low
volume samplers, with the main differences being the flow rate
and sample collection time. In high volume samplers, flow rates
are typically 15−80 m3/hour16,28,29 yielding total sample
volumes of >400 m3, although there is a large variation in
what is considered a high volume sample. For example, the
Integrated Atmospheric Deposition Network (IADN) typically
collects ∼820 m3 of air at American sites, and ∼350 m3 at
Canadian sites,16 while some Arctic sampling networks collect
up to 13000 m3.30 Low volume air samplers typically have flow
rates of <3 m3/hour.15,31−34 This often results in small sample
volumes (e.g., <200 m3), but low volume samplers can also be
used for longer deployment times, for example, 7−14 days of

Figure 1. Global distribution of PBDE measurements in air (active and passive) from 2003 to 2013, as an example of the unbalanced spatial
distribution of SVOC sampling. Shading is used to aid in visualization of aggregated sampling distribution and frequency. Darker orange indicates a
high density of sampling (e.g., regular sampling over many years), while the lightest orange indicates collection of a single event sample (e.g., ship
cruises). Dots reflect global population density as of 2000 (http://sedac.ciesin.columbia.edu/gpw).
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continuous sampling resulting in air volumes of 500−1000
m3.31−33 Low volume sampling is rarely used in long-term
sampling networks; only the Coordinated Atmospheric
Monitoring Programme of OSPAR and EMEP use low volume
samplers at selected stations.31,35

Environmental parameters and SVOC concentrations vary
widely, for example, very low concentrations in remote/polar
regions or high temperatures in tropical regions, and thus it can
be problematic to use identical sampling configurations in all
locations. The use of different sampling configurations results
in different sampling artifacts. Sampling events can only be
compared if a sufficient measure of accuracy has been reached.
Current sampling procedures/protocols have wide variations in
sampled volumes that may not always reflect the best choice for
the temperature and concentrations in a region, and rather may
simply rely on established sampling protocols not tailored to
specific sampling conditions (Figure 2). While these choices
allow individual networks to have long-term temporal data
continuity, they may reduce the accuracy of results and
comparability between networks or studies. A greater analysis

of the influences of sample volume and sampling media is given
in the following sections.

Passive Air Sampling Methods. Passive air sampling
techniques for SVOCs were introduced in the end of 1990s to
simplify and reduce the costs for air monitoring of SVOCs.
Unlike AAS, passive air samplers (PAS) do not need electricity;
instead chemicals are trapped by diffusive uptake to a sorbent
material. PAS have enabled broader monitoring network
distribution and, as a result, increased the spatial breadth of
SVOC measurements.1,36 Several types of PAS have been
evaluated and used during the last 10−15 years, and a few of
them have received greater attention and been implemented in
monitoring networks (Table 1). Currently, the disk-shaped
PUF−PAS,5 and the XAD-resin based PAS6 are most used in
monitoring networks. Recently, an XAD sorbent-impregnated
PUF (SIP) PAS has also been implemented in the Global
Atmospheric Passive Sampling network (GAPS).37 Other PAS
samplers have been used (e.g., POGs,38 SPMDs39), and new
techniques are under development,40 however these are largely
used in case studies. The available PAS differ in characteristics

Figure 2. Distribution of active air sampling volumes used in measurements of PBDEs from 2003 to 2013. Studies that did not report a sample
volume are excluded. There is a general trend of larger volumes collected in remote areas, particularly the Arctic, however there is also significant
variability in air volumes that is not directly related to the expected concentrations at a given site and this variability may affect what is reported as
concentrations in a given location (e.g., occurrence of either breakthrough or lack of detection).

Table 1. Common Active and Passive Sampling Techniques for SVOCs

sampler high volume sampler low volume sampler double-bowl PUF PAS XAD PAS SIP PAS

type of sampler active active passive passive passive

typical sampling
volume (m3)

600 m3 100 m3 80−400 m3 100−200 m3 100−500 m3

typical sampling
rate/flow rate

15−80 m3/hour <3 m3/hour 0.3−20 m3/day 0.4−0.8 m3/
day

4−12 m3/day

sampling time hours to month days to weeks weeks to months months to
year

weeks to months

gas-phase sorbent PUF, XAD or combination
of PUF, XAD

PUF, XAD or
combination of
PUF, XAD

PUF XAD XAD-impregnated PUF

particle-phase
sampling

GFF or QFF GFF or QFF debatable. inconsistent. with lower
sampling rate than gas-phase (10%).

no debatable. inconsistent. with lower
sampling rate than gas-phase (10%).

use in long-term
monitoring
networks?

yes (inter alia EMEP, IADN,
AMAP, MONAIRNET)

rarely (selected
OSPAR stations)

yes (GAPS, MONET) yes (GAPS) yes (GAPS)
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and applicability, which affects data comparability, as described
below. For an in-depth review of PAS theory and application
we recommend dedicated articles on theoretical framework,41

calibration,42 indoor use,43 new developments and techni-
ques.40,44

■ SAMPLING INFLUENCES
Below, we describe and discuss some of the major sampling
influences for both AAS and PAS. All air sampling techniques
have biases that may affect measurements and thereby also the
comparability of results between different sampling events. We
consider: (i) is the sampling technique accurate−does it
provide the real picture of atmospheric levels of the target
contaminants, (ii) is the sampling technique robust−how
sensitive is it to environmental conditions, and (iii) are data
from different techniques comparable−do we get the same
number when using different sampling techniques and different
sampling approaches? A focus is often on analytical procedures
and intercomparisons of chemical analyses;17,23 comparisons of
sampling procedures/methodologies/techniques are less com-
mon. Yet, given the range of sampling techniques, the
parameters of sample collection (e.g., sorbent type, sample
volumes) should be carefully considered, as they have the
potential to introduce significant biases. A summary of the
advantages and disadvantages of individual sampler config-
urations is given in SI Table S1.
Sampling InfluencesActive Air Sampling. Sampling

Head. The most commonly used sampling heads in AAS are
the TSP (total suspended particulates) and PM10 (particles
with aerodynamic diameter <10 μm). TSP theoretically
includes all airborne particulate matter, although in practice,
the upper particle size cutoff of a TSP sampling head is between
50 and 100 μm, dependent on flow rate and ambient
conditions.45 As a result of new legislations within the
European Union (EU), recently PM2.5 (particles <2.5 μm)
has also been suggested as a sampling threshold for monitoring
networks. Different sampling heads and a specific particle cut-
point can be useful, as particles <10 μm are most important for
atmospheric chemistry and physics46 while particles <2.5 μm
are most relevant for human health and risk assessment
estimates,47 but may result in lower data comparability. The
choice of sampling head should not result in large differences in
reported SVOC concentrations, as the majority of SVOCs are
typically associated with the finest particles (e.g., <1.5 μm),
which are sampled by the TSP, PM10 and PM2.5 sampling
heads.48−52 On average PM2.5 represents >75% of TSP by mass
and most of the SVOCs (>80%) are found in this fraction.51,52

However, there may be circumstances when the use of different
sampling heads leads to very different results, such as
environments with high TSP, or industrial settings where
SVOCs are found on coarser particles.
Sorbent and Filter Type. A range of different sorbent types

are used for sampling gas-phase SVOCs in AAS (e.g., PUF,
XAD, Tenax TA, polydimethylsiloxane), but published data on
SVOCs is dominated by sampling with PUF and XAD, and we
focus our discussion on these. PUF is a low density foam
consisting of a polymer bound by urethane links that has been
used in SVOC air sampling for over 40 years.25 XAD is a
styrene-divinylbenzene copolymer more recently used in AAS,
either independently or in conjunction with PUF. Two types of
XAD are commonly used in SVOC air sampling:53 (i)
Amberlite XAD-2, commonly used in AAS and XAD-
PAS,6,54,55 and (ii) Amberlite XAD-4, in active denuder

samplers and SIP-PAS.56,57 The main difference between
XAD and PUF is sorptive capacity; for equal amounts of
sorbent material, PUF has a much lower capacity than XAD,
largely due to differences in surface area. PUF has a specific
surface area of 0.007−0.035 m2/g while the surface area of
XAD-2 is 300−600 m2/g.53 On a practical basis, this means that
samplers using XAD as the gas-phase sorbent can collect larger
volumes of air before breakthrough occurs (for AAS) or be
deployed for longer periods of time before equilibrium is
reached (for PAS). However, PUF does have the advantage of
lower cost and ease-of-use compared to XAD, as manipulation
of the PUF is simple and blanks are often lower.
There are also differences in the surface bonding of particular

compounds to PUF and XAD.58,59 XAD is a stronger sorbent
for PFCs, current-use pesticides (CUPs), and other emerging
chemicals,59,60 yet the differences are not fully understood, and
research is ongoing. Both sorbents are influenced by temper-
ature and humidity, but the amount of variability introduced by
these parameters is unclear and needs further research.53,59

Generally, they are linked to changes in sorptive capacities,59

and thus effects can be significant when large seasonal shifts are
expected (e.g., monsoon-impacted areas). The choice of PUF
vs XAD should be based on the choice of compound to be
sampled and the sampling parameters, but is often due to
previous regional practices (e.g., PUF is more commonly used
in AAS in Canada and Europe, while XAD is more commonly
used in the U.S.). PUF/XAD combinations are seeing
increasing global use in recent years (SI Figure S2).
Three types of filters are used in AAS for SVOCs: quartz

fiber filters (QFF), glass fiber filters (GFF), and Teflon/Teflon-
impregnated filters. GFF and QFF are most common, and are
perceived to give comparable results,61 although specific studies
assessing differences between them are limited. The recom-
mendations on filter type instead suggest that choice of filter
should consider what, if any, additional analyses will be
completed in conjunction with SVOCs (e.g., PM, SO2, organic/
elemental carbon, or metals).45,62

While the choice of sampling head determines the upper end
of the particle sizes collected on the filter, the lower size cutoff
is related to filter choice, but is more ambiguous. Typical GFFs
or QFFs have a collection efficiency of >99%, but do not often
have a specified fine particle cutoff. Particles <50 nm may pass
through the filter and subsequently be trapped by the gas-phase
sorbent material.63 This might be an issue for ultrafine particles
(typically <100 nm) which are of concern for human
health.64,65 Although numbers of ultrafine particles are high,
their total mass is small and therefore they are challenging to
quantify and require adaptations of current instrumentation or
new sampler types. There is limited information on how
ultrafine particles are distributed within an AAS, and this may
contribute to uncertainty in gas-particle partitioning.

Breakthrough. An important consideration in AAS is what
volume of air can be collected before the sampling medium
experiences “breakthrough”, that is, the loss of compounds
downstream of the sampling medium. This can be a result of a
saturated sampling medium or desorption of compounds from
the sampling medium. Sampling design must achieve the right
balance between collecting sufficient sample for analysis of
lower concentration SVOCs, while not collecting so much
volume as to have breakthrough of more volatile SVOCs. In
breakthrough estimates or controlled experiments <10%
breakthrough is considered an acceptable threshold.66−68
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The key factors affecting breakthrough are (1) type and
geometry of sampling medium, (e.g., PUF vs XAD), (2) target
compound properties and concentration, (3) competition for
the sampling medium (i.e., from other gas-phase compounds),
(4) sample volume, (5) sampler flow rate, (6) temperature, and
(7) humidity. Of these, sampling medium, sample volume and
sampler flow rate are the most easily controlled, and therefore
breakthrough is most often discussed in terms of what sampling
medium and sample volume are appropriate for a given class of
compounds.
Basic chromatographic relationships can be used to estimate

breakthrough,24,67 but given the number of variables influencing
breakthrough, it can be more reliable to conduct small
breakthrough experiments with the exact study configurations.
Results from early breakthrough studies67,68 tend to be used as
an accepted framework for present studies and little
consideration is given to breakthrough in typical sampling
set-ups. Despite this, measurements and calculations suggest
that in a typical high-volume AAS breakthrough of more
volatile compounds (e.g., PCB-28, HCB, HCHs, fluorene) can
occur already at <600 m3.24,34,59,66,68−70 For example, at
tropical temperatures (e.g., around 30°C) a typical high volume
AAS (2 PUF plugs, 600 m3 of air, 24 h) can lose 10−15% of the
PCB-28 due to breakthrough (calculations in SI). However, it
should be noted that this is also highly temperature dependent:
with the same sampling configuration at 5°C the breakthrough
volume is >3000 m3. Many current AAS configurations may
experience breakthrough for lower molecular weight SVOCs,
leading to systematic underestimation of these compounds;
consideration of this is warranted in interpretation of results.
Filter Artifacts. The filter within the AAS (GFF or QFF) can

be the site of two sampling artifacts which influence measured
concentrations: blowoff and filter adsorption. Blowoff is the
volatilization loss of SVOCs from the filter, thereby
disproportionately reducing SVOC filter masses, while filter
adsorption is the adsorptive partitioning of gaseous compounds
onto the filter, increasing the mass of SVOCs on the filter.
This is affected by sampler configurations (e.g., flow rate,

sampling time, filter type) and occurs largely under three
conditions: (i) when there are large variations in the SVOC
concentration in incoming air, (ii) when there are large
temperature variations, (iii) when there is very high particle
loading to filters. Under these conditions, the gas-particle
distribution of SVOCs in the AAS may no longer be in
equilibrium with the influent air, and filter blow-off can occur in
the case of higher temperatures/lower concentrations, or filter
adsorption in the case of lower temperatures/higher concen-
trations. By using a higher flow rate or longer sampling time,
surface-sorbed SVOCs can more easily be stripped from
particles than those that are less available for exchange with the
atmosphere. In large sample volumes or in areas of high PM,
overloading of filters can cause further artifacts. If the filter
becomes physically blocked by PM, sampler flow rates can be
reduced and thus true sample volumes could be lower, resulting
in an underestimate of concentrations.
Filter adsorption and blowoff further vary by compound,

depending on partitioning coefficients, ionic interactions, and
hydrophilicity.71,72 For example, significant filter adsorption was
identified for perfluorooctanesulfonate (PFOS), and certain
perfluoroalkyl carboxylic acids (PFCAs) in a high-volume AAS,
resulting in overestimation of particle-associated fractions by up
to 80%, while other PFCs did not have significant filter
adsorption.24

If filter blowoff/adsorption occurs, bulk air concentrations
may be correctly characterized, but gas-particle partitioning
estimates may be incorrect. This is expected to be most
significant for compounds with short-term temporal variations
in concentrations71 (such as CUPs) which may not be in
equilibrium between the gas and particle phases, and those with
intermediate gas-particle partitioning that vary between largely
gas- and largely particle-associated at ambient air temperatures.

Degradation. Degradation of atmospheric SVOCs occurs as
a natural process, caused by reaction with atmospheric reactive
species, in particular hydroxyl radicals, ozone, and NO3, or by
photolysis (SI Figure S3). Degradation has been found to
significantly affect ambient atmospheric concentrations, notably
for PAHs through reaction with OH, ozone, and NO3,

73,74 for
PCBs and pesticides through reaction with OH,75−78 and for
PBDEs and novel flame retardants (NFRs) through photol-
ysis.79−81 While a sampler should provide a snapshot of the
atmospheric SVOC concentrations which may be already
affected by degradation, there is also the possibility for
degradation to continue within the sampler, as atmospheric
reactive species are drawn into the sampling medium along with
the SVOCs themselves. Within-sampler degradation is an
unwanted sampling artifact that can result in underestimation
of ambient concentrations.
UV radiation has a minimal direct influence on within-

sampler degradation due to the protection provided by the
sampler housings, but there is the potential for degradation due
to ozone, hydroxyl radicals and other atmospheric reactive
species to continue within the sampler. Significant within-
sampler degradation has been observed for PAHs both on
filters82,83 and in gas-phase sorbents.84 Particle-phase PAH
concentrations can typically be underestimated by 20−40% due
to degradative losses on AAS filters, with underestimates >70%
for particularly reactive compounds (e.g., benzo[a]-
pyrene).82,83,85 Gas-phase PAHs may also experience degrada-
tion within the sorbent, with losses of up to 50% due to
reaction with both OH and ozone.84,86

The amount of potential within-sampler degradation
depends on sampling conditions, site conditions, and
compound, but the range of variability due to these factors is
highly uncertain. For example, there are large spatial and
temporal ranges in levels of atmospheric reactive species. On a
global scale, ozone varies by a factor of 2−3, with higher levels
in populated areas,87 while OH varies by a factor of 6, with
higher levels in tropical regions,75,88 and there is potential for
even higher local-scale variability in both ozone and OH.89

Ozone can vary seasonally by a factor of 2 and diurnally to a
lesser extent87 while OH can vary up 10× both seasonally and
diurnally.75,88,90 Given the direct relationship between the
amount of degradative losses and levels of atmospheric reactive
species, within-sampler degradation may be significantly higher
(up to 100%) if the concentrations of atmospheric reactant
species are very high.84,85 This can then affect the temporal
(e.g., summer vs winter) and spatial comparability (urban vs
remote) of measured concentrations. For example, estimates
based on reaction with ozone74,91 suggest that measured
concentrations at an urban site in summer with 60 ppb ozone
would be underreported by 30% due to particle phase reaction
with ozone, while at a remote site in winter with 20 ppb ozone,
there would be minimal within-sampler degradation. While site
and season are very important for degradation, filter and
sorbent type, sampling duration, amount and composition of
PM, temperature and humidity also affect reactive losses.74 The
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length of sampler deployment may have a minor influence on
degradation,74,85 but more characterization of these processes is
needed.
Experimental evidence only exists for PAHs, but within-

sampler degradation should also be of importance for other
reactive SVOCs, according to their susceptibility to degradation
in the atmosphere. Gas-phase compound degradation is largely
via reaction with the OH radical,73,86,92 and thus we expect
other gas-phase compounds with OH reaction rate constants in
the same range as PAHs to also have potential within-sampler
degradative losses (SI Table S2). In contrast, on-filter
degradation is largely through reaction with ozone,82,86 and
thus degradative losses of particle-associated compounds are
important mainly for PAHs (SI Table S3). Based on rate
constants and gas-particle partitioning, we estimate that PAHs,
CUPs and some NFRs may experience significant within-
sampler degradative losses.
Sampling InfluencesPassive Air Sampling. Despite

the benefits and widespread use of PAS1 they are still associated
with challenges and limitations affecting the comparability of
measurements. These are important to recognize and control,
but few of them can be fully quantified in a field deployment
setting.
Calculation of Air Concentrations. The most relevant

limitation of PAS is their lower accuracy compared to AAS.5

PAS have a semiquantitative nature, since air concentrations
can only be derived if an estimated sampling rate (m3/day) is
applied. The sampling rate is specific to the type of sampler
(e.g., sorbent, sampler housing) and the environmental
conditions (e.g., indoor, outdoor, meteorology), and can vary
by orders of magnitude due to these differences.6,93−96 In
theory sampling rates should not vary by compound, but in
practice large variations are found due to compound-specific
behaviors or uncertainties in the methods of determining
sampling rates. For example, measured sampling rates for
PUF−PAS span 3 orders of magnitude (e.g., 0.02−20 m3/
day),32,33,94,95,97−99 and some studies have observed systematic
variations in sampling rates according to compound physical-
chemical properties.32,33,93,100 The choice of using one general
sampling rate or nongeneric sampling rates is an important
current discussion point within the PAS community. The use of
nongeneric sampling rates (such as homologue-specific) can
“correct” for some of the potential errors a general sampling
rate may introduce under certain circumstances. For example,
using a general sampling rate of ∼4 m3/day36,101 vs a
nongeneric sampling rate of 0.3 m3/day for benzo[a]pyrene94

results in 13× concentration differences due to the choice of
sampling rate alone. However, a general sampling rate for all
SVOCs is often used in monitoring networks, as it is unclear
whether the corrective potential of nongeneric sampling rates is
significant considering the semiquantitative nature of PAS. It
may not be a problem when the goal is to study the sum of
compounds but may lead to errors if compound-specific
concentrations or the SVOC fingerprint is of interest. The PAS
community has not yet reached consensus regarding selection
of appropriate sampling rates.
The methods for obtaining sampling rates add an additional

level of uncertainty to their validity. Sampling rates are obtained
from three methods: (1) use of depuration compounds (DCs)/
performance reference compounds (PRCs),102,103 (2) calibra-
tion studies with comparison to (i) continuous low volume
AAS,31,33,104 or (ii) intermittent high volume AAS,18,19,59,105 or
(3) modeling exercises106,107 (e.g., applying a PUF-air

partitioning coefficient). Method (i) is considered most
accurate, and is particularly advantageous when calibrating
compounds with high short-term variability, which could be
biased with intermittent high volume AAS depending on the
timing of sampling.31 DCs account for site-specific environ-
mental conditions but do not cover the full-range of
compounds, as they are not applicable for particle-associated
compounds, and cannot be used for XAD samplers due to their
high sorptive capacity.
PAS for SVOCs are used as time-integrated samplers, and

sampling rates are only applicable when the sampler is in the
linear uptake phase.41,95 The length of the linear uptake phase
varies for compounds within a SVOC class as well as between
classes and it is important to keep deployment times within the
reported linear time frames for each compound. While the
conventional PAS model assumes uniform distribution of a
compound within the sorbent,41,95 recent studies have
identified that kinetic resistance within the sorbent material
may be limiting and as such, model-based calculations may
overestimate the length of the linear uptake phase.59,100,108 This
contention is supported by experimental work.33,93 For
example, penta+hexachlorobenzene and low molecular weight
PAHs and PCBs enter a curvilinear uptake after 6−9 weeks,93

and thus air concentrations from a three-month PUF−PAS
deployment may be underestimates. Furthermore, the length of
the linear uptake phase may be affected by environmental
conditions such as temperature, wind speed and air
concentrations, but this is not yet fully characterized.

Sorbent Material. Two sorbent types are commonly used in
PAS: PUF and XAD. As with AAS, other sorbents have been
used but not applied on a large scale. Their specific
characteristics result in different sampling potentials. The
PUF sorbent has a lower capacity and higher sampling rate than
the XAD sorbent (Table 1).31 Typical deployment times in
established air monitoring networks are months (∼1−4
months) for PUF−PAS36,101,109 and up to one year for XAD-
PAS.6 As a consequence, data from the two samplers are only
comparable if sampling is conducted within the linear uptake
phase of each sampler, and time weighted average concen-
trations from multiple PUF−PAS cover the same sampling
period as XAD-PAS.
Another difference between the two sorbents is the type of

compounds they can sample. While XAD is solely a gas-phase
sampler, PUF is able to accumulate both gas-phase and particle-
associated SVOCs, although particles are sampled with a lower
accuracy and more variable sampling rates.93,97 On the other
hand, PUF−PAS have shown poorer or inconsistent perform-
ance for more volatile and polar SVOCs (e.g., CUPs, PFOS/
PFOA), for which XAD perform well.31,56,59,110 The low
sorptive capacity of PUF−PAS for most PFCs60,110 suggests
different partitioning mechanisms for polar and nonpolar
compounds. The SIP-PAS has been shown to be more effective
for PFCs,56 CUPs,37 methyl siloxanes,111 and phthalates.112

However, consistency with SIP-PAS may be challenging, as
XAD resin can be lost from the SIP disk during sampler
deployment, particularly in windy, outdoor conditions,113

thereby introducing added uncertainties.
PUF disks of different densities (0.021, 0.030, and 0.035 g

cm− 3) are current ly used by different research
groups.36,105,114,115 Although density is included in the
theoretical calculation of PUF-air partition coefficients, the
comparability of results from different densities is not fully
understood. A higher density PUF disk has higher capacity for
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SVOCs and thus a longer linear uptake phase. However, kinetic
resistance within the PUF also differs with density. This can
result in different uptake scenarios, with lower density PUFs
having enhanced rates of SVOC transfer into the interior of the
disk, whereas higher density PUF has a rapidly filling “surface
compartment” and slower filling of the interior of the disk (e.g.,
a two-phase uptake mechanism).114 Additionally, particle
uptake may be enhanced in a lower-density PUF, which
could be a contributing factor in the discrepancies found for
particle associated PAHs (0.1 vs 5.0 m3/day) in different
studies.93,96

Sampler Housing. PAS sorbents are deployed inside a
sampler housing (chamber) to reduce the influence of
environmental factors that affect the performance of the PAS,
such as wind speed and UV radiation. Studies have indicated
that the PAS configuration, including the position of the
sampling media (both PUF and XAD) inside the housing as
well as the alignment of the housing (tight or open), affects
uptake/accumulation and sampling rates.108,116,117

The housings used for PUF−PAS consist of two stainless
steel bowls fixed on a common vertical axis around the PUF
disk. This type of housing may vary slightly in geometry and
deployment. Differences in the bowl geometries do not
significantly affect uptake114 but the way the housing is fixed
results in different uptake scenarios, especially under windy
conditions. A freely hanging sampler housing dampens the
variation in external wind speed and results in small variations
in sampling rates, while a fixed sampler results in up to 3×
higher sampling rates under windy conditions.115,118 The XAD-
PAS housing consists of two parts: an inner stainless steel mesh
tube in which the XAD is placed and an outer larger stainless
steel cylinder acting as a protective shelter.6 Differences in
housing configuration for XAD-PAS and air movement within
the sampler housing also cause significant variation in sampling
rates (up to 50%).108

Degradation. No study has investigated degradation in PAS
in detail. However, it is expected to affect the same compounds
and be related to the same environmental variables as in AAS.
Kennedy et al.119 identified photodegradation when PUF−PAS
were not shielded by a sampler housing and that this is reduced
by the double bowl chamber; typical PAS housings should limit
UV exposure. The long deployment times of PAS and thereby
long exposures to atmospheric reactive species may exacerbate
degradation, both of the SVOCs and the sorbent material itself.
The effect on the structure and uptake capacity of the sorbent is
unknown. Compound-specific degradation may also be a source
of variability in sampler calibrations.
Environmental Factors/Location. The main causes of

variability in PAS are environmental variables (e.g., wind
speed, temperature, air concentrations) and most refinements
to PAS aim to quantify/control these, through calibration of
sampling rates, sampler housing design, use of DCs, etc.
Despite these efforts, environmental factors continue to lead to
bias/errors in estimated air concentrations.
Sampler housings are effective up to wind speeds of 4 m/s as

they maintain the air flow within the chamber at less than ∼1
m/s, which has a minor effect on sampling rates.115 At wind
speeds >5 m/s the sampler housing cannot sufficiently dampen
outdoor winds, resulting in a higher air velocity within the
chamber and a rapid increase in sampling rates.115 This is
supported by results from DCs, which have shown much higher
sampling rates at windy, coastal, and mountain sites.36,99,101 For
XAD-PAS, sampling rates are also significantly higher under

windy conditions.106,120 In contrast to the PUF−PAS, the
XAD-PAS sampling rates double between winds of 0 and 1 m/
s, but the effect on sampling rates is less with higher wind
speed.6,120

Temperature affects PUF and XAD-PAS in similar ways.
Temperature controls the gas-particle partitioning of SVOCs,
thus affecting the sampling rate (discussed below). However,
temperature also affects the sampling medium: for example,
higher temperature leads to higher diffusivity and thus higher
sampling rate95 and higher temperature leads to lower sorptive
capacity and thus shorter linear uptake phase. The effect of
these two factors on the overall sampling rate is complex and
varies by compound,106 but can lead to underestimation of
concentrations in warm/tropical conditions if deployment
times are the same as in colder/temperate regions. Further
complicating matters, variations in temperature also affect
ambient air concentrations (e.g., higher temperature leads to
higher volatilization and thereby higher air concentrations)
which impacts one of the major assumptions of the PAS theory,
that the air concentration is constant.

Particle-Associated Compounds. A big question when using
PAS for SVOCs is their performance for particle-associated
compounds. The XAD-PAS is considered a purely gas-phase
sampler while the PUF−PAS also accumulates particle-
associated compounds. Current findings are not consistent;
some suggest similar PUF−PAS sampling rates for gas- and
particle-phase compounds,33,96,121 others show poorer perform-
ance and up to 100× lower sampling rates for the particle-
associated compounds.93,105 The reason for inconsistent results
is not known but may be related to site characteristics, PUF
types, or analytical differences. High TSP values and high wind
speeds may favor the uptake of particle-associated compounds
to a level similar to gas-phase compounds. Another possible
reason may be differences in PUF density, as mentioned
above.93 The influence of particle-associated compounds on
overall sampling rates can be exacerbated at colder temper-
atures when a higher fraction of SVOCs are associated with
particles. The variable results imply large errors and low
comparability for particle-associated compounds between sites,
and it is difficult to draw a general conclusion that is applicable
to all or most of the sites in monitoring networks.
The ability to use PAS for particle-associated compounds is a

key need of the SVOC community, as regulated and emerging
SVOCs (PAHs, PBDEs, NFRs, PFCs, CUPs) tend to have high
particle fractions. The applicability of PAS for these compounds
is uncertain, and the subject of ongoing research.

■ CHALLENGES AND LIMITATIONS

Implications for Air Sampling. Given the aforementioned
sources of bias and potential error in AAS and PAS, it is clear
that each individual measurement is associated with some
degree of uncertainty which may be a bigger contribution than
the analytical uncertainty. However, more importantly, the
uncertainty, accuracy, and precision of the measured values vary
widely by sampling technique and sampler configuration, and
thus there may be poor comparability between different data
sets.
Key issues for comparability are (i) sampling times, sample

volumes and frequencies, (ii) PUF−PAS assumptions about
particles, (iii) PAS sampling rates, (iv) spatial coverage, and the
associated larger range of environmental variables as sampling is
expanded to more geographic regions.2
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For example, an intermittent AAS can easily be biased for
compounds with short-term temporal concentration variability
(e.g., CUPs, combustion-related SVOCs)31 and a long-term
time weighted average concentration from a PAS cannot
provide information on episodic events. If intermittent sample
timing results in sampling on the same weekday or period of a
month, this can be biased by daily, weekly or monthly activity
patterns (e.g., weekday traffic). This can lead to an over- or
underestimation of concentrations if the sample either
coincides with or completely misses a high concentration
event. Furthermore, as we have moved to measurement of
emerging compounds and lower concentration ranges (pg/m3

and fg/m3 levels), sample collection volumes have been pushed
higher in order to achieve detection, particularly in remote
environments, without thoroughly assessing the associated
breakthrough potentials.
As described earlier, there is much uncertainty in how

particles behave in PUF−PAS. Comparability issues are
introduced because users of PUF−PAS make different
assumptions about the fraction of the particle phase sampled
by the PUF. The assumptions range from treating PUF−PAS as
gas-phase only to assuming 1−10% of particles are
sampled,93,105 to assuming all particles are sampled.96 If
PUF−PAS are treated as bulk samplers when they are only
sampling a fraction of particles, measured values may be biased
low, particularly for higher molecular weight SVOCs.
The systematic variations in PAS sampling rates by physical-

chemical properties identified in some studies,32,33,93,100 reflect
situations where the conventional PAS framework does not
apply, such as when volatile compounds enter the curvilinear
uptake phase, or when only a fraction of atmospheric particles
are sampled. Thus, the use of a general sampling rate may
introduce bias in either the low molecular weight or high
molecular weight compounds and different compound/
congener distributions.33 It is also not well quantified how
much sampling rates differ between different climate zones/
seasons, thus considering the global range of average
temperatures (SI Figure S4), large biases may be introduced
when comparing PAS measurements from very different
regions or seasons.
Spatial distributions of sampling networks further bias our

global knowledge of air concentrations.1,2 While coverage is
somewhat improved when one also considers case studies,
there continue to be areas of the world with limited
measurement coverage (Figure 1). For example, if one
considers available PBDE data for the period 2003−2013,
only 2% of the global land mass is within 100 km of a reported
PBDE air concentration, and 0.1% is within 20 km. By
population, only 30% of people live within 100 km of a
reported PBDE measurement, and only 6% within 20 km.
Southeast Asia has some coverage for PBDEs measured by case
study, but these largely consist of one-time measurements,
thereby limiting temporal information. Additionally, land-based
southern hemisphere sampling is largely PAS (SI Figure S1),
furthering the spatial bias.
Examples of Bias. To demonstrate the potential combined

effects of the aforementioned sampling artifacts and biases, we
estimated the potential errors in measured concentrations for
three typical sampler configurations: (1) a high-volume active
air sampler with GFF or QFF and two PUF plugs, collecting
∼600 m3 of air over 24 h, (2) a PUF−PAS, deployed outdoors
for 90 days, and (3) an XAD-PAS, deployed outdoors for one
year, and two temperature scenarios: 0 and 25 °C. Estimates are

summarized in Table 2 and details are given in SI Table S4.
These estimates have significant uncertainty, due to the very
different data sources, but they emphasize the large possibility
for sampling artifacts to influence measured concentrations.
The estimates suggest combined effects of breakthrough

and/or exceedance of the PAS linear uptake phase lead to large
underestimates in the reported values of the volatile SVOCs,
notably PCB-28, α-HCH, fluorene, PFOS, and by extension,
other SVOCs with similar physical-chemical properties. This
effect also influences XAD-PAS for more volatile SVOCs (e.g.,
α-HCH, fluorene, PFOS) at higher temperatures.59,106 Within-
sampler degradation, although not well-characterized, is also
estimated to contribute to large losses, particularly for fluorene,
benzo[a]pyrene, and chlorpyrifos. Similar degradation is
expected for gas-phase compounds with short reactive
atmospheric half-lives, which includes all PAHs, many CUPs
and some NFRs (SI Table S2). The particle-associated SVOCs
are under-sampled by PUF−PAS and not sampled by XAD-
PAS. Estimates in Table 2 assume PUF−PAS collect 10% of the
total particle fraction, but this may range from 1 to 100%. Thus,
reported concentrations may vary between 15 and 100% of the
actual concentration, depending on the fraction of particles that
is truly collected by the PUF−PAS.
Attention is frequently given to issues of analytical

comparability, but sampling comparability affects many
compounds which we assume have minimal analytical
uncertainties. For example, BDE-209, which has frequently
been identified to have difficulties in laboratory analysis,122 is
“correctly” sampled, for example, 100% of the air concentration
should be captured by a typical high volume air sampler,
whereas PCB-28, a compound that has been consistently
included in global monitoring networks and is one of the seven
typical indicator PCBs, may experience losses of up to 15%
based on breakthrough alone, and thus reported values may be
biased low in many situations.

Problematic Chemicals. Many “emerging” SVOCs have
different physical-chemical properties compared to the legacy
SVOCs and this may introduce challenges in sampling. Current
sampling networks and techniques were developed for legacy
SVOCs and may not be appropriate for providing representa-
tive data on these newer SVOCs. For example, the use of PAS
in the future may be more challenging because target
compounds are either too volatile (volatile methylsiloxanes,
phthalates) or too involatile (CUPs, NFRs) and thus have high
uncertainty in conventional PAS. As a consequence of
regulatory actions, newer compounds are often designed to
be less persistent in the environment, but as a result are also
less persistent in samplers (leading to more within-sampler
degradation) and thus more difficult to correctly quantify.
Degradation is also of concern when measuring nitro- and
other substituted PAHs,123 and existing data on these
compounds is likely an underestimate. The lack of data on
degradation and the potential importance for many emerging
compounds highlights the need for more studies.
Furthermore, we must be aware that chemicals currently

measured by the SVOC community are a small fraction of the
chemicals in use that may be of environmental and/or human
health concern.124 Adding more chemicals to the lists of
analytes without adapting current sampler configurations will
introduce more uncertainty in measured concentrations.
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■ RECOMMENDATIONS AND FUTURE
DEVELOPMENTS

Recommendations to Enhance Comparability. Given
the wide range of potential biases and uncertainties in air
sampling identified above, it is clear that careful consideration
must be given to sampling approaches. This consideration
should first consider the study goals and outcomes. For
example, what sampling designs are best suited to address
global distributions vs data for human exposure assessments vs
source identification, long-term vs short-term trends, and the
target SVOCs? The sampler type, frequency, and sampling
materials should correspond to the specific question and
compounds to be addressed. But ultimately, as the GMP and
other initiatives aggregate international data, study design
should also aim for comparability with global data sets.
Overall, PAS are best for broad spatial coverage and long-

term temporal trends, while AAS are best for short-term
temporal trends and coverage of a broader set of compounds.
When the intended result of a study is long-term integrated
average concentrations (e.g., monthly to yearly scale), and
particularly for largely gas-phase compounds, PAS have a clear
advantage. The simplicity of PAS (no electricity, cheaper) make
them best suited to resolve concentration gradients where levels
vary by orders of magnitude. AAS are recommended when
absolute concentrations are needed, smaller concentration
variations are expected or high time resolution is needed.
AAS are the only choice when gas-particle partitioning is
important or particle-phase concentrations are expected to be
dominant and when short-term trends (hourly to weekly) are
of interest. Because congener/compound ratios can be biased
in PAS, AAS are best for source identification/fingerprinting
techniques. Regulations for human exposure assessment are
often based on particle-associated SVOCs and the best sampler
choice is a low volume AAS providing continuous gas- and
particle-phase concentrations, while PAS are not as well suited.
However, current research continues to demonstrate the broad
applicability of PAS,96,97 and, although they have higher
uncertainty, particularly for particle-phase compounds, the
uncertainty in a temporally integrated PAS could be lower than
uncertainty in intermittent AAS for compounds with daily
concentration variations.
Sorbent choice should be considered with respect to the

length of sampling period and target compounds. In PAS, PUF
is recommended for capturing seasonal trends for stable, legacy
compounds, while XAD-PAS are recommended for longer term
(e.g., yearly, decadal trends)31 and also to cover emerging gas-
phase SVOCs (more polar compounds). In AAS, for best
applicability to a broad range of SVOCs and conditions, we
recommend a combination of PUF and XAD, as this reduces
breakthrough concerns and allows quantification of both polar
and nonpolar SVOCs. While PUF and XAD are the current
focus of the majority of the SVOC community, new sorbents
should be investigated for their applicability to a wider range of
compounds.
Although there is a need for standardization in SVOC air

measurements, with large regional differences and equipment
constraints, implementation of standardization can be challeng-
ing. This could be addressed in the long term through the
development of international standards for SVOC sampling
(e.g., an ISO standard), but in the short term resetting of all
sampling campaigns and networks to the same configurations is
not practical, nor necessarily useful. Many networks have long-

term established techniques and continuation of the same
techniques allows for temporal comparisons. Furthermore,
universal standardization of techniques would not be
appropriate for all regions. For example, sampling in high
temperatures tropical regions may require a different sampling
approach to low temperature polar regions. However, when
different techniques are used it is important for the SVOC
community to understand the biases from techniques/
configurations/approaches. Instead of implementing identical
sampling techniques, data from different sampling configu-
rations may be adjusted using standardization factors. Stand-
ardization factors can account for effects of breakthrough,
temperature differences, wind, etc., and can be tailored to
specific sites/sampler types/seasons/sampling approaches. For
example, if degradation was better characterized, a stand-
ardization factor could be used to account for the under-
estimation caused at sites with high levels of reactive trace
gases. For cases where large sample volumes are needed,
standardization factors can be used to account for losses of the
more volatile SVOCs. In fact, this is already done to a certain
extent when compound-specific sampling rates are used for
PAS; these rates account for nonlinear uptake of volatile
SVOCs and lower sampling of particle-associated SVOCs.
One way standardization factors can be determined,

particularly for long-term monitoring networks, is at “super-
sites” where samplers and sampling approaches from different
networks are used simultaneously.125 Quality assurance
techniques such as spiking samplers with labeled compounds
should also be used periodically across different networks to
further evaluate comparability.
However, standardization factors, once developed, should

not be treated as a perfect solution. Better consideration of
study design should be given in advance of sampler
deployments. There is sufficient theoretical and experimental
knowledge to allow researchers to estimate PAS linear uptake
phases,41,95 gas-particle partitioning of target compounds,126,127

and AAS breakthrough67 in advance of sampler deployment. A
necessary part of sampling campaign should be estimating these
effects and structuring the sampling campaign to reduce these
artifacts. New monitoring networks and case studies should aim
to harmonize, where possible, with existing networks to
maximize data comparability.

Recommendations for Future Work. Extensive exper-
imental, modeling and calibration work has and continues to be
done on PAS techniques with the goal of improving the
accuracy of measured concentrations and better understanding
uptake processes. This should be continued. However, limited
efforts have been made to improve AAS, despite knowledge of
uncertainties from degradation, breakthrough, etc. and this
should be an additional focus.
For PAS, there are some obvious improvements needed,

particularly in the determination of sampling rates. Currently,
sampling rates are determined either with calibration studies or
DCs, but sampling rates could be improved by combining these
two methods. Sampling rates (determined from calibration
studies) could be adjusted according to differential losses of
DCs between sampling sites to account for site-specific
influences. Further studies should also focus on understanding
the performance of PUF−PAS for particle-associated SVOCs
under different conditions and for different PUF densities, to
better understand why current studies obtain inconsistent
results.
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For AAS there are also clear improvements needed,
particularly in the study of breakthrough and degradation.
Current sampling configurations are based on information from
breakthrough studies from 1980s and early 1990s24,67,128 when
different SVOCs were the primary concerns and concentrations
were often higher. Today, larger volumes are used to detect
compounds at the pg/m3 and fg/m3 level, particularly in low
concentration regions (e.g., polar regions, Figure 2) without a
good understanding of the associated impacts (breakthrough,
degradation). Since the use of denuders in conjunction with
AAS has yielded important information regarding the
degradation of PAHs, this avenue should be further investigated
to better understand within sampler degradation for PAHs and
other reactive SVOCs. As the relationship between ozone levels
and degradation appears relatively consistent,85 it may be
possible to estimate SVOC losses based on ozone levels, which
could be especially important in locations/times of year when
losses are expected to be large. Additionally, we should
reconsider the paradigm that AAS provide more accurate
results. We have summarized numerous well-known sampling
artifacts associated with PAS and AAS, but due to limited
experimental evidence, the question of the overall effect of
these artifacts on the accuracy of reported concentrations
remains a rough estimate (e.g., Table 2). The question of the
overall significance of these artifacts on PAS vs AAS could be
addressed with a well-designed PAS-AAS comparison.
In addition, as sampling expands to broader global coverage,

a more thorough understanding of the effect of environmental
conditions/meteorology on both AAS and PAS is needed.
Currently, sampler evaluation and testing is largely performed
in temperate regions; this may limit applicability in more
extreme environments.
There is also room for innovation in sampling techniques.

For example, source regions and the influence of specific air
masses can be assessed using new directional AAS129 and
PAS.130

Finally, the SVOC community must be progressive and
adaptable. How can sampling campaigns be designed to
produce more comparable data without compromising the
data needs of individual networks and case studies? What
compounds are most important to continue monitoring, and
what compounds should be added to global monitoring? We
have established that there are big challenges in comparability
between well-known SVOCs such as PAHs, PCBs, and PBDEs.
These must be addressed, but the SVOC community should
also move forward with air sampling methods that can meet the
future challenges of new chemicals. We must also be prepared
to address the future global developments, as the key questions
in SVOCs shift, e.g., responding to climate change-induced
meteorological shifts and new source balances due to melting of
glaciers and polar ice caps1 and the relationship between
SVOCs and human health impacts, including consideration of
possible synergistic effects.3
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(3) Klańova,́ J.; Diamond, M. L.; Jones, K. C.; Lammel, G.; Lohmann,
R.; Pirrone, N.; Scheringer, M.; Balducci, C.; Bidleman, T. F.; Blah́a,
K.; et al. Identifying the research and infrastructure needs for the
global assessment of hazardous chemicals ten years after establishing
the Stockholm Convention. Environ. Sci. Technol. 2011, 45, 7617−
7619.
(4) Bergman, A.; Heindel, J. J.; Jobling, S.; Kidd, K. A.; Zoeller, R. T.
State of the Science of Endocrine Disrupting Chemicals 2012; Bergman,
A., Heindel, J. J., Jobling, S., Kidd, K. A., Zoeller, R. T., Eds.; World
Health Organization: Geneva, 2012.
(5) Harner, T.; Shoeib, M.; Diamond, M. L.; Ikonomou, M. G.;
Stern, G. A. Passive sampler derived air concentrations of PBDEs
along an urban-rural transect: Spatial and temporal trends. Chemo-
sphere 2006, 64, 262−267.
(6) Wania, F.; Shen, L.; Lei, Y. D.; Teixiera, C. F.; Muir, D. C. G.
Development and calibration of a Resin-Based Passive Sampling
System for Monitoring Persistent Organic Pollutants in the
Atmosphere. Environ. Sci. Technol. 2003, 37, 1352−1359.
(7) Zhang, T.; Huang, Y.; Chen, S.-J.; Liu, A.-M.; Xu, P.-J.; Li, N.; Qi,
L.; Ren, Y.; Zhou, Z.-G.; Mai, B.-X. PCDD/Fs, PBDD/Fs, and PBDEs
in the air of an e-waste recycling area (Taizhou) in China: Current
levels, composition profiles, and potential cancer risks. J. Environ.
Monit. 2012, 14, 3156−3163.
(8) Sharma, B. M.; Bharat, G. K.; Tayal, S.; Nizzetto, L.; Cupr, P.;
Larssen, T. Environment and human exposure to persistent organic
pollutants (POPs) in India: A systematic review of recent and
historical data. Environ. Int. 2014, 66, 48−64.
(9) Leyk, S.; Binder, C. R.; Nuckols, J. R. Spatial modeling of
personalized exposure dynamics: The case of pesticide use in small-
scale agricultural production landscapes of the developing world. Int. J.
Health Geogr. 2009, 8, 17.
(10) Pozo, K.; Harner, T.; Lee, S. C.; Sinha, R. K.; Sengupta, B.;
Loewen, M.; Geethalakshmi, V.; Kannan, K.; Volpi, V. Assessing
seasonal and spatial trends of persistent organic pollutants (POPs) in
Indian agricultural regions using PUF disk passive air samplers.
Environ. Pollut. 2011, 159, 646−653.

Environmental Science & Technology Critical Review

dx.doi.org/10.1021/es502164r | Environ. Sci. Technol. 2014, 48, 14077−1409114087

http://pubs.acs.org
mailto:melymuk@recetox.muni.cz
mailto:bohlin@recetox.muni.cz


(11) Melymuk, L.; Robson, M.; Helm, P. A.; Diamond, M. L. PCBs,
PBDEs, and PAHs in Toronto air: Spatial and seasonal trends and
implications for contaminant transport. Sci. Total Environ. 2012, 429,
272−280.
(12) Hearn, L. K.; Kennedy, K. E.; Hawker, D. W.; Toms, L.-M. L.;
Alberts, V.; Müller, J. F. Spatial mapping of city-wide PBDE levels
using an exponential decay model. J. Environ. Monit. 2012, 14, 643−
650.
(13) Persoon, C.; Peters, T. M.; Kumar, N.; Hornbuckle, K. C.
Spatial distribution of airborne polychlorinated biphenyls in Cleveland,
Ohio and Chicago, Illinois. Environ. Sci. Technol. 2010, 44, 2797−2802.
(14) Simcik, M. F. Air monitoring of persistent organic pollutants in
the Great Lakes: IADN vs. AEOLOS. Environ. Monit. Assess. 2005, 100,
201−216.
(15) Blanchard, P.; Kallweit, D.; Brice, K. A.; Froude, F. A.; Chan, C.
H.; Neilson, M.; Holz, J.; Millat, H. A comparison of European and
North American atmospheric deposition networks: Polycyclic aromatic
hydrocarbons and lindane. J. Environ. Monit. 2006, 8, 465.
(16) Wu, R.; Backus, S. M.; Basu, I.; Blanchard, P.; Brice, K. A.;
Dryfhout-Clark, H.; Fowlie, P.; Hulting, M.; Hites, R. A. Findings from
quality assurance activities in the Integrated Atmospheric Deposition
Network. J. Environ. Monit. 2009, 11, 277−296.
(17) Schlabach, M.; Farag-clement, R.; Hung, H.; Kallenborn, R.
AMAP/EMEP/NCP Inter-Laboratory study for POP Analysis, EMEP/
CCC-Report 7/2011; Norwegian Institute for Air Research: Kjeller,
Norway, 2010.
(18) Gouin, T.; Harner, T.; Blanchard, P.; Mackay, D. Passive and
active air samplers as complementary methods for investigating
persistent organic pollutants in the Great Lakes Basin. Environ. Sci.
Technol. 2005, 39, 9115−9122.
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Kukucǩa, P.; Cupr, P.; Klańova,́ J. Size specific distribution of the
atmospheric particulate PCDD/Fs, dl-PCBs and PAHs on a seasonal
scale: Implications for cancer risks from inhalation. Atmos. Environ.
2014, in press.
(52) Okonski, K.; Degrendele, C.; Melymuk, L.; Landlova,́ L.;
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guidelines for using polyurethane foam (PUF) passive air samplers in
double-dome chambers to assess semi volatile organic compounds in
non-industrial indoor environments. Environ. Sci. Process. Impacts 2014,
Accepted, DOI: 10.1039/C4EM00305E.
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A B S T R A C T

Since their inclusion in the Stockholm Convention, there has been a need for global monitoring of per-
fluorooctane sulfonate (PFOS), its salts and perfluorooctanesulfonyl fluoride (PFOSF), along with other non-
listed highly fluorinated compounds. Passive air samplers (PAS) are ideal for geographic coverage of atmo-
spheric monitoring. The most common type of PAS, using polyurethane foam (PUF) as a sorbent, was primarily
developed for non-polar semivolatile organic compounds (SVOCs) and are not well-validated for polar sub-
stances such as the per- and polyfluoroalkyl substances (PFASs), however, they have been used for some PFASs,
particularly PFOS. To evaluate their applicability, PAS were deployed for measurement of PFASs in outdoor and
indoor air. Outdoors, two types of PAS, one consisting of PUF and one of XAD-2 resin, were deployed in an 18-
week calibration study in parallel with a low-volume active air sampler (LV-AAS) in a suburban area. Indoors,
PUF-PAS were similarly deployed over 12 weeks to evaluate their applicability for indoor monitoring. Samples
were analysed for perfluoroalkyl carboxylic acids (PFCAs), perfluoroalkyl sulfonates (PFSAs), perfluorooctane
sulfonamides (FOSAs), and perfluorooctane sulfonamidoethanols (FOSEs). In outdoor air, 17 out of the 21 PFAS
were detected in more than 50% of samples, with a median ∑17PFASs of 18.0 pgm−3 while 20 compounds were
detected in indoor air with a median concentration ∑20PFASs of 76.6 pgm−3 using AAS samplers. PFOS was the
most common PFAS in the outdoor air while PFBA was most common indoors. Variability between PAS and AAS
was observed and comparing gas phase and particle phase separately or in combination did not account for the
variation observed. PUF-PAS may still have a valuable use in PFAS monitoring but more work is needed to
identify the applicability of passive samplers for ionic PFAS.

1. Introduction

Per- and polyfluoroalkyl substances (PFASs) are a diverse group of
industrial chemicals including perfluoroalkyl carboxylic acids (PFCAs),
perfluoroalkyl sulfonates (PFSAs), perfluoorooctane sulfonamides
(FOSAs) and perflurooctane sulfonamidoethanols (FOSEs). They have
been widely used for over 60 years as surfactants, lubricants, paper and
textile coatings, polishes, food packaging, and fire-fighting foams
(Prevedouros et al., 2006).

PFASs are known for unique physical and chemical properties, their
global distribution in the ocean and the atmosphere, their persistence,
bioaccumulation and potential toxicity (Giesy and Kannan, 2002).
PFASs have been detected globally in a variety of environmental media
(Langer et al., 2010; Shoeib et al., 2010; Gomez et al., 2011; Sun et al.,
2011; Wang et al., 2011; Yang et al., 2011; Codling et al., 2014; Hung
et al., 2016), biota (Giesy and Kannan, 2002), humans (Wu et al., 2017;
Poothong et al., 2017), and have been detected in remote regions due to

long-range atmospheric transport of the PFAS and their volatile pre-
cursors, (Ahrens et al., 2011a,b), or transport via the aquatic system
and marine aerosols (Benskin et al., 2012).

A major concern in human exposure to PFASs is the effect of indoor
exposure and its potential to affect vulnerable groups such as pregnant
mothers and young children (Shoeib et al., 2005). Moreover, since the
listing of PFOS, its salts and their precursors under the Stockholm
Convention on Persistent Organic Pollutants (POPs) in 2009, the need
for consistent and comparable global monitoring is even greater, as
measurement of these compounds is a requirement under the Global
Monitoring Plan (GMP) (Klánová and Harner, 2013).

Previous atmospheric measurements of PFASs were often based on
the use of high-volume (HV) or low-volume (LV) active air samplers
(AAS), usually with polyurethane foam (PUF) and/or polystyrene-di-
vinyl benzene copolymeric resin (XAD) as the gas-phase sorbent
(Ahrens et al., 2011a,b). While AAS can provide information about gas-
particle partitioning and temporal resolution, AAS has limited ability to
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provide the spatial coverage needed to understand global distributions
of PFAS (Koblizkova et al., 2012; Shoeib et al., 2011), particularly in
remote areas, and are often not ideal for indoor locations due to the
disruptive nature of AAS. In human exposure assessment, personal AAS
systems highlight that single location assessment does not reflect actual
human exposure patterns (Padilla-Sánchez et al., 2017). For these
purposes, passive air samplers (PAS) are an alternative. They are silent,
normally far cheaper and require no power supply, so more PAS may be
employed at less cost than one AAS.

Various PAS have been developed thus far, primarily for monitoring
of non-polar semi-volatile organic compounds (SVOCs) in air (Shoeib
and Harner, 2002; Wania et al., 2003), and some PAS have also been
used to quantify more polar compounds such as the PFASs. Recently,
several studies have reported PFAS levels using conventional PUF-PAS
(Chaemfa et al., 2010; Liu et al., 2015), or PUF impregnated with XAD-
2 resin (a sorbent impregnated PUF disk, or SIP) (Schuster et al., 2012;
Ahrens et al., 2013) or with XAD-2 resin alone (Koblizkova et al., 2012).
Reported PFAS concentrations vary between these different PAS
methods (Ahrens et al., 2013), and the comparison of reported con-
centrations could be questionable due to different sampling techniques,
sampling media, in addition to differences in the accuracy and precision
of analytical methods.

This study evaluates the performance of PAS for four PFAS classes
(PFCAs, PFSAs, FOSAs, FOSEs) in outdoor and indoor ambient air by
comparison with concentrations determined using AAS. A sampling
campaign conducted in 2012 and 2013 used LV-AAS and two types of
PAS outdoor (PUF disks and XAD cartridges) and PUF-PAS indoor. The
purpose of this survey was to assess PFAS concentrations and dis-
tributions in air and evaluate PAS performance through determination
of sampler uptake over time. This provides information on how studies
using PUF to quantify PFASs can be interpreted, and whether existing
sampling infrastructure (e.g., global PAS networks using PUF-PAS) can
be easily adapted to include PFAS, given the importance of providing
global monitoring data under the GMP. AAS gas- and particle-phase
fractions were analysed separately, enabling determination of gas-par-
ticle partitioning to complement the interpretation of the PAS perfor-
mance. We determined sampling rates of individual target PFASs for
PUF and XAD-PAS, and make recommendations for monitoring of
PFASs in air via PAS.

2. Materials and methods

2.1. Materials

Twenty-one analytical standards (11 PFCAs, 5 PFASs, FOSA, N-
MeFOSA, N-EtFOSA, N-MeFOSE and N-EtFOSE) and 13 mass-labelled
standards (MPFBA, MPFHxA, MPFOA, M8PFOA, MPFNA, MPFDA,
MPFUnDA, MPFDoDA, MPFHxS, MPFOS, M8PFOS, dMeFOSA,
dMeFOSE) were purchased from Wellington Laboratories Inc. (Guelph,
Ontario, Canada). For details, including full IUPAC names see Table S1
in the Supplementary Information. LC/MS-grade methanol was ob-
tained from Biosolve b.v. (Valkenswaard, The Netherlands). HPLC-
grade water was from Fisher Scientific (Loughborough, UK). Ammo-
nium acetate, used as an addition to the extraction solvent and mobile
phase, was puriss p.a. grade (≥98.0%), and was obtained from Fluka
(Fluka Chemie GmbH, Buchs, Germany). All chemicals and solvents
were used without further purification.

2.2. Air sampling

LV-AAS and PUF-PAS were deployed simultaneously outdoors at a
suburban background site on the roof of the Research Centre for Toxic
Compounds in the Environment (RECETOX) at Masaryk University in
Brno, Czech Republic (49.1782 N, 16.5711 E, Figure S1) between late
April and early September 2013 (18 weeks – see Table S2). Thirty
polyurethane foam passive samplers (OUT-PUF-PAS) were deployed at

the start of the study, consisting of two stainless steel bowls (24 dia-
meter lower bowl and 30 cm diameter upper bowl) surrounding a PUF
disk (15 cm in diameter x 1.5 cm thick, with a density of 0.030 g cm−3,
type T-3037, Molitan a.s., Czech Republic).

A set of triplicate OUT-PUF-PAS was collected at either 1- or 2-
week intervals, generating a total of 10 sets of triplicate OUT-PUF-PAS,
each corresponding to a specific exposure time. An LV-AAS (OUT-LV-
AAS) (Leckel MVS6, Sven Leckel, Ingenieurbüro GmbH, Germany) was
run continuously as a reference sampler to provide weekly time-in-
tegrated concentrations of the targeted PFASs. Sampler flow rates were
2.3 m3 h−1 and each sample duration was one week, resulting in an
average 373.5 m3 (Table S2) per sample and generating 18 sets of re-
ference samples. The sampling train consisted of a Whatman® 47mm ø
quartz fiber filter (QFF, GE healthcare, Chicago, USA) to collect the
particle phase and PUF/XAD/PUF sandwiches with 15 g of XAD-2 resin
as sorbent for gas-phase.

To complement the outdoor PUF-PAS calibration, two other PAS
were evaluated. To provide insight into the influence of sorbent and
sampler choice on PFAS uptake, three XAD-PAS were also deployed in
outdoor air in conjunction with the PUF-PAS calibration. XAD-PAS
have a lower uptake rate and typically require a longer deployment
time to collect sufficient target compound (e.g., 1 year; Wania et al.,
2003), so XAD-PAS were not collected on a weekly basis, but rather
only at 70, 98 and 126 days. The XAD-PAS consisted of steel cartridges
filled by 10 g of XAD-2 resin (OUT-XAD-PAS) (Wania et al., 2003).
Triplicates were not collected as this was only intended to screen the
possibility of using XAD-PAS for shorter durations. Additionally, to
compare PUF-PAS performance in indoor vs. outdoor air, a similar ca-
libration study in indoor air was evaluated. Indoor air samples (IN)
were collected from a university lecture room between late January and
late April 2012 (12 weeks – see Table S3). The indoor samples were
from a carpeted room in a new building (completed in 2011). The in-
door air calibration consisted of PUF-PAS (IN-PUF-PAS) and a reference
LV-AAS (IN-LV-AAS). The PUF-PAS were the same double-bowl PUF-
PAS as used in outdoor air, and the LV-AAS used PUF as gas-phase
sorbent and QFF to collect the particle phase. Triplicate PUF-PAS were
collected every 7 days, and the LV-AAS was run continuously, with
sampling media changed every week. All samples were wrapped in
aluminium foil and stored at −18 C until extraction.

2.3. Extraction and instrumental analysis

Prior to extraction all samples were spiked with labelled standards
(M8PFOA, M8PFOS) to determine recoveries. All samples except XAD-
PAS were extracted with 5mM ammonium acetate in methanol using a
B-811 automated extraction unit (Büchi, Switzerland). PUF/XAD/PUF
sandwiches were extracted as one unit. Extraction consisted of 60min
warm Soxhlet followed by 30min of solvent rinsing and a concentration
step to 1mL under a stream of nitrogen. XAD-PAS were extracted by
sonication (3 times with 30mL MeOH) and concentrated to 1mL. The
concentrated extracts were filtered (nylon membrane, 13mm diameter
and 0.45 μm pore size) and transferred into polypropylene centrifuge
tubes (Alpha Laboratories, UK). The filtrate was concentrated to 0.5mL
under a gentle stream of nitrogen and diluted with 0.5mL 5mM am-
monium acetate in water. Extracts were centrifuged (1800 G, 10min)
and 100 μL transferred to LC minivials for analysis (Labicom, Czech
Republic).

Separation, identification and quantification of target PFASs was
performed using high performance liquid chromatography (UHPLC)
with an Agilent 1290 (Agilent Technologies, Palo, Alto, California,
USA) connected to a QTRAP 5500 mass spectrometer (AB Sciex, Foster
City, California, USA). Chromatographic separation was performed at
20 °C on a SYNERGI 4 μm Fusion RP 80Ä 50mm×2mm column with a
corresponding 4× 2.00mm precolumn (Phenomenex, USA). The flow
rate was 200 μLmin−1, and mobile phases consisted of methanol/5mM
ammonium acetate in water at 55/45 (v/v; A), and methanol (B). The
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gradient elution used for analyte separation has been reported pre-
viously (Karásková et al., 2016), with 10 μL injected onto the column
with mass-labelled standards added automatically via the autosampler
(1 μL of a 100 ngmL−1 solution). The mass spectrometer was operated
in electrospray negative ionization mode (ESI-) using two MRM tran-
sitions for each compound, except PFBA, N-MeFOSE and N-EtFOSE, at
450 °C and ion voltage 4500 V (see Table S1 for ions and conditions for
each compound). Analyst 1.6.1 was used for data integration and
evaluation.

The LV-AAS (indoor and outdoor) was considered a reference
sampler to monitor air concentrations of PFASs, as well as to calculate
average concentrations of each target analyte for PAS calibration.

2.4. QA/QC

Three QA/QC procedures were used: (a) spike/recovery experiment;
(b) monitoring of individual sample recoveries; (c) laboratory and field
blanks.

Prior to deployment, the PUF and XAD-2 resin were pre-extracted
by Soxhlet for 8 h in acetone and 8 h in methanol, dried in a fume
chamber and stored in two layers of aluminium foil and sealed in zip-
lock bags. After exposure, all matrices were wrapped in aluminium foil,
labelled, placed into zip-lock bags and stored at −20 °C until analysis.

The efficiency of the extraction method was tested in a spiking ex-
periment using PUF, QFF and XAD with the addition of native PFASs.
Recovery of native analytes measured in spiked matrices varied from 63
to 113% for PUFs, from 61 to 112% for QFFs and from 75 to 108% for
XAD-2 resins (detailed in Table S4).

Recovery correction was applied to each sample based on the la-
belled compounds added prior to extraction. The average percent re-
covery for those labelled target compounds depended on sampling
matrices, ranging from 47 ± 4.6% for M8PFOA in PUF-PAS to
102 ± 7.3% for M8PFOS in PUF/XAD/PUF-LV-AAS (detailed in Table
S5).

Three PUF-PAS, and 2 QFFs and 2 XAD-2 field blanks were analysed
with each set of PUF-PAS and LV-AAS samples. Results from field
blanks were used to determine method detection limits (MDLs). MDLs
were calculated as the mean blank value plus 3 standard deviations.
When compounds were not detected in any blanks the instrumental
detection limits (IDLs) were used as MDLs. Samples with masses below
MDLs are reported as “<MDL”. √2/2*MDL was substituted if appro-
priate for the statistical analyses being performed (Antweiler, 2015).
For data visualization, GraphPad Prism 5 (GraphPad Software, Inc.,
USA) and Excel 2007 (Microsoft Corporation, USA) were used. The
results were exported to the software program SIMCA 14.0 (Umetrics,
Sweden) for multivariate data analysis. Principle component analysis
(PCA) was used to identify relationships between groups (gas and
particle phase, different PAS types, PAS and AAS bulk samples). PCA
was performed using 50% variable and observational tolerance with
variance scaling.

3. Results and discussion

3.1. Air concentration and composition

All of the 21 target PFASs were detected in at least one OUT-LV-AAS
sample. In the sum of gas and particle AAS (OUTtotalAAS), 17 out of 21
compounds were detected in> 50% of samples, and 13 compounds
in>90% (Table S6). PFUnDA and PFDoDA were detected in< 10% of
outdoor samples and are excluded from further interpretation. The
composition, concentrations, and temporal trends of the 21 target
PFASs in OUTtotalAAS samples are provided in Fig. 1 and additional
data on PFAS concentrations in Table S7.

The range of the ∑21PFASs in OUTtotalAAS samples was
10.4–28.1 pgm−3 with a median of 18.0 pgm−3, and dominated by
PFOS (28% of total PFASs). Ionic PFASs were dominated by PFOS

(median 5.11 pgm−3, range: 1.9–7.68 pgm−3), PFOA (median
2.11 pgm−3, range 1.11–5.47 pgm−3), PFBA (median 1.78 pgm−3,
range 0.08–8.95 pgm−3), and PFHpA (median 1.11 pgm−3, range
0.39–1.89 pgm−3). The total outdoor concentrations of ionic PFASs
were consistent with previous studies, with PFOS the most abundant
compound, followed by PFOA and the shorter chain PFCAs (Barber
et al., 2007; Kim and Kannan, 2007; Stock et al., 2007; Dreyer and
Ebinghaus, 2009; Weinberg et al., 2011a,b; Liu et al., 2015).

Concentrations of the neutral PFASs, ΣFOSA/Es in OUTtotalAAS
samples, ranged from 1.61 to 11.7 pgm−3, and were dominated by N-
MeFOSE (57% of ΣFOSA/Es, 15% of total PFASs) with a median con-
centration of 1.98 pgm−3 and a range of 0.58–7.97 pgm−3. Ahrens
et al., 2011a,b has reported a wide range of concentrations of neutral
PFASs in the atmosphere: the ΣFOSA/Es near waste treatment sites in
Canada ranged from 14.3 to 124 pgm−3 while in the Canadian Arctic
concentrations of ∑FOSA/E ranged from 0.4 to 21 pgm−3. FOSA/Es
concentrations measured in the present study were more consistent
with rural and remote locations than dense urban or waste disposal sites
(Ahrens et al., 2011a,b; Vierke et al., 2011; Weinberg et al., 2011a,b).
Likewise, Barber et al. (2007) reported concentrations of volatile PFASs
from Northwest Europe which are one or two orders of magnitude
greater than in this study. Comparable concentrations of FOSA/Es were
reported by Dreyer and Ebinghaus (2009) during land and sea sampling
from Hamburg and into the North Sea. N-MeFOSE is a perfluorooctane
sulfonamide that was used primarily in carpets and clothing, however,
it should also be noted that the lower concentration observed in this
present study may reflect changes in use pattern, as rapid shifts in PFAS
use have been observed since some compounds became listed under the
Stockholm Convention and others came under greater scrutiny (Butt
et al., 2010).

In indoor air all of the 20 PFASs compounds were detected in at
least one sample. Eighteen out of 20 compounds were detected in all
total gas + particle (INtotalAAS) samples (Table S8). PFHxA and PFHpA
were detected in< 10% of samples, and only in the particle phase, and
are excluded from further discussion.

The median indoor concentrations measured by AAS for PFAS were
more than three times greater than outdoor (Fig. 2,Table S8), and were
dominated by PFBA (∼37% of Σ20PFASs in total gas + particle
(INtotalAAS) samples) and PFPA (22%), associated primarily with par-
ticles. Of the more volatile compounds, N-MeFOSE and N-EtFOSE were
dominant, representing 25% and 12% of Σ18PFASs in gas phase, re-
spectively.

The median concentration measured by INtotalAAS was 76.6 pgm−3

with a range of 41.8–161.6 pgm−3. This is lower than that observed in
a study of German schools for neutral PFASs, where the N-EtFOSA
median concentration was 243 pgm−3, compared to 0.7 pgm−3 in this
study (Fromme et al., 2015). However, in that study the PUF/XAD/PUF
sandwich was used while in our study PUF only was used, which may
have resulted in limited sorptive capacity for gaseous PFASs. In
Norway, a survey of air and house dust for PFAS concluded that
building age, specific furnishings and clothing play a role in indoor
PFAS concentrations (Haug et al., 2011). Thus, the low concentrations
of PFAS in our indoor samples may also be due to the recent con-
struction of the building (2011), and new furnishings with traditional
PFAS-containing materials no longer in use.

3.2. Passive air sampler calibration

3.2.1. Outdoor PAS
Passive sampler performance was evaluated by calculating equiva-

lent air sample volumes for PUF-PAS and XAD-PAS. The equivalent air
volume (Veq, in m3) sampled by PUF disk was determined based on the
ambient air concentration and accumulated mass using equation:

Veq = M/CA (Eq. 1)
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Fig. 1. Gas + particle phase concentrations (pg m−3) of individual PFASs compounds in outdoor air measured by active air sampler (OUTtotalAAS samples) during
outdoor PAS calibration.

Fig. 2. Gas + particle phase concentrations (pg m−3) of individual target compounds in indoor air measured by active air sampler (INtotalAAS) during indoor PAS
calibration (inset figure excludes PFBA and PFPA).
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Where M is the mass of compounds accumulated on the PUF disk (pg),
and CA is the concentration of target compounds in ambient air (pg
m−3), measured with the reference AAS. The Veq values were then
plotted against deployment time to evaluate the uptake characteristics
of the PAS. The linearity of uptake to PAS was tested using least squares
regression. Calibrations were evaluated using only the gas-phase air
concentrations and also using total air concentrations, to provide in-
sight into whether the PAS are sampling gas-phase only or total air.

For air concentrations to be determined from PAS, the sampler
ideally should have consistent uptake of a target compound over time,
and not equilibrate within the sampler deployment period, i.e., a strong
linear relationship between Veq and time with a positive slope. If these
criteria are met, the slope of the least squares regression line is the
passive air sampling rate (Rs, m3 day−1) of the PUF disk for the cor-
responding PFAS (see Table S9). Plots of equivalent air volume and
sampling time are shown in Fig. 3.

For comparison, the sampling rate Rs was also determined based on
individual time points according to Equation (2), where t is the de-
ployment time. Results for this method are shown in Table S10.

Rs = M/CA × t (Eq. 2)

Sampling rates were not evaluated for compounds detected in
≤50% of total LV-AAS samples (PFUnDA, PFDoDA, PFTrDA and
PFHxS).

When calculated Veq values of OUT-PUF-PAS were plotted against
deployment time, a linear uptake (R2 > 0.5) was observed for three
PFAS (PFBA, PFPA and N-MeFOSE) (Table S9, Fig. 3), suggesting that
for these compounds the majority of the variability in the Veq is ex-
plained by deployment time, and thus that the PUF-PAS can perform as
appropriate passive samplers for these compounds. PFHpS, PFOS, FOSA
and N-MeFOSA also had statistically significant linear uptake, but more
scatter in the data and poorer fit of the regression. Despite significant
correlations for seven of the eight PFASs, the magnitude of the slopes,
representing the PAS sampling rates, was different than what is typical
of non-polar compounds in outdoor double-bowl PUF-PAS, which ty-
pically have sampling rates of 2–6m3 day−1 (Bohlin et al. 2014a,
2014b). Slopes for regressions with r2 > 0.5 ranged from 0.692 to

30.4 m3 day−1. For many compounds there was no significant differ-
ence between gas-phase and total sampling rates, however for some
compounds the sampling rates determined based on total air con-
centrations rather than gas-phase only were lower (e.g., PFPA, PFHpS),
suggesting that the PUF-PAS are capturing some fraction of particle-
phase compounds, and thus that they are performing more like total air
samplers rather than gas-phase only.

Ahrens et al. (2013) evaluated the performance of PUF-PAS for a
range of PFASs; in that calibration, PFSAs were found to have consistent
uptake in the PUF-PAS with a sampling rate of approximately 3.9 m3

day−1; this was within the range of what was observed for PFSAs in our
study where sampling rates for PFSAs ranged from 0.45 to 30m3 day−1.
However, Ahrens et al. did not detect any PFCAs by PUF-PAS; this
contrasts with our results where most consistent linear uptake was
observed for the PFCAs (PFBA and PFPA, with sampling rates of 30 and
26m3 day−1, respectively; Fig. 3). Moreover, Ahrens et al. found rapid
equilibration of FOSA, methyl and ethyl FOSAs and methyl and ethyl
FOSEs after a few weeks, whereas we observed linear uptake for at least
100 days for N-MeFOSE, more variable but still increasing uptake for
FOSA and N-MeFOSA, but no linear uptake for N-EtFOSA. N-MeFOSE is
the least volatile of the FOSE/FOSA compounds, which may account for
its better performance in the passive sampler (vapour pressure of
0.0004 Pa compared with>0.002 Pa for other FOSE/FOSA com-
pounds) (Shoeib et al., 2004).

As only three OUT-XAD-PAS were deployed, we did not apply a
least squares regression to the plot of Veq vs. deployment time. To ob-
tain an indication of the sampling rates, the sampling rate was de-
termined based on individual time points for sampling using Equation
(2). The calculated sampling rates are given in Table S10. We con-
sidered the sampling rates reliable if they were consistent between the
three samplers, e.g., if the relative standard deviation of the sampling
rate was less than 30%.

Mean sampling rates for individual compounds ranged from 0.7 m3

day−1 (for PFOS) to 14m3 day−1 (for PFBS) (Fig. 4a). The mean
sampling rate for all consistent PFASs in the XAD-PAS was higher than
the typical sampling rate for XAD-PAS, but still within the range of
what has previously been reported. Overall, the XAD-PAS have lower

Fig. 3. Equivalent air volume sampled by OUT-PUF-PAS outdoors for PFASs over a 126-day deployment. Black points represent calibration against total air; blue
points represent calibration against only gas phase. (For interpretation of the references to colour in this figure legend, the reader is referred to the Web version of this
article.)
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variability in sampling rates and more consistent performance when
compared with previous calibrations for the non-polar compounds (e.g.,
PCBs, OCPs).

However, despite the perception that PUF-PAS sample total air,
while XAD-PAS sample gas-phase only (Melymuk et al., 2014), for both
the XAD-PAS and PUF-PAS, there were no significant differences be-
tween the sampling rates obtained using gas-phase only vs. those using
total air concentrations for either type of sampler (Student t-test,
α=0.05). However, this may be more due to the set of PFASs that were
sufficiently detected in both samplers to enable to determination of
sampling rates. In both sampler types, at least one compound was de-
tected by the LV-AAS in total air but not sufficiently in gas-phase air
(PFBA in PUF-PAS and PFTeDA in XAD-PAS), but was detected in the
passive sampler, suggesting some fraction of particle phase air is sam-
pled by both types of PAS.

Overall, there is contrasting evidence for the applicability of PUF-
PAS for PFASs in outdoor air; and this suggests that the uptake of PFASs
to PUF is not fully understood. The complicating influences could be
poor understanding of PFAS gas-particle partitioning, or sampling ar-
tifacts influencing the reference AAS as well as the PUF-PAS. While
XAD-PAS are perceived to be more appropriate for polar compounds
such as PFAS, they may have limited ability to collect particle-phase
compounds, and thus may not be ideal for certain less volatile PFASs.
However, we have also demonstrated that the XAD-PAS have sufficient
uptake rates for the PFAS to be deployed for shorted time periods (e.g.,
2–3 months) and thus the samplers may be applicable to assess seasonal
trends, at least in non-remote locations.

While the calibration results suggest that PUF-PAS are only appro-
priate for a limited number of PFASs outdoors, we also considered
whether they could be used for qualitative purposes, e.g., detection and
identification of PFASs outdoors. We compared the outdoor air profile
of PFAS captured by AAS and PAS; this indicated some similarity be-
tween samplers but also some notable differences (Fig. 5 and Table S6).
The LV-AAS-total and LV-AAS-gas phase profiles were very similar,
suggesting that the bulk of PFAS in outdoor air was found in the gas-
phase. This supports the appropriateness of XAD-PAS for outdoor air
sampling, as it is generally a gas-phase air sampler. PFBA, PFDS and N-
EtFOSE were not detected in the XAD-PAS but were small contributions
to the gas-phase LV-AAS, while PFTeDA, which was not in the gas-
phase LV-AAS, was detected by the XAD-PAS. Beyond these small dif-
ferences, almost identical sets of PFASs were detected by OUTgas-phase
AAS and OUT-XAD-PAS, however the contributions of compounds
varied distinctly between the two samplers: PFOS and PFOA had higher
contributions in the LV-AAS, while PFHpA and PFBS had higher

contributions in the XAD-PAS. While these discrepancies could be rec-
tified in passive sampler calibration by the use of compound-specific
sampling rates, if generic sampling rates are used different profiles of
PFASs in air would be reported when using active vs. XAD-PAS sam-
pling.

The discrepancies are even larger for the PUF-PAS. The profile in the
PUF-PAS is dominated by PFBA and PFPA, which were two of the
compounds with the most consistent linear uptake in the sampler. In
contrast, PFOA and a number of other PFCAs and PFSAs are not de-
tected by the PUF-PAS, and the contribution of PFOS is much smaller
than in either the LV-AAS or XAD-PAS. Thus, PUF-PAS do not seem to
be appropriate for detection or quantification of a broad range of
PFASs, and may be used for quantification for only a limited number of
compounds. We discuss possible reasons for the discrepancy in fol-
lowing sections.

3.2.2. Indoor PUF-PAS
PAS performance in indoor air differs from that in outdoor air be-

cause of the more stable conditions (e.g., low air movement thus larger
boundary layer in PAS, more stable temperatures) and higher con-
centrations of many compounds of interest. As noted in section 3.1, the
concentrations of PFASs in indoor air were 3× higher than in outdoor
air. These effects have conflicting influences on PAS performance. The
lower air movement should lead to lower sampling rates indoors,
however the higher concentrations and often higher temperatures could
decrease the length of the linear uptake phase of samplers, leading to
faster equilibration.

We examined the uptake of individual PFASs to the triplicate indoor
PUF-PAS, and found large differences in the uptake profiles (Fig. 6).
Unlike in outdoor air, very few compounds had increasing concentra-
tions in the PUF-PAS over time. Only PFBA, FOSA, N-MeFOSE and N-
EtFOSE had positive slopes; the majority of compounds were detected
in the PUF-PAS but had no increase in PUF-PAS concentrations over
time, suggesting rapid equilibration in indoor air. We attribute this to
the higher temperatures compared to outdoor air in this study and
significantly higher indoor air concentrations. These results strongly
suggest that PUF-PAS are not appropriate for PFAS indoors due to the
high indoor concentrations of PFASs and the low sorptive capacity of
PUF for PFASs.

As in outdoor air, we compared the profile of PFASs captured by the
indoor LV-AAS and the PUF-PAS (Fig. 5). The INtotalAAS was domi-
nated by PFBA and PFPA, while INgas-phaseAAS also had significant
contributions form N-MeFOSE and N-EtFOSE. In contrast, while the
PUF-PAS detected almost the same number of compounds as the AAS,

Fig. 4. Comparison of sampling rates for total vs. gas-phase only calibrations for (a) XAD-PAS and (b) PUF-PAS determined according to Equation (2).
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the profile again differed. PFOA was the highest percentage con-
tributor, and notably, PFPA was not detected. As with outdoor air, this
suggests limited use of PUF-PAS for PFASs, considering the lack of
linear uptake for the majority of PFASs indoors, and different overall
compound profiles.

3.3. Assessment of factors influencing PAS performance

3.3.1. Equilibration of samplers with air
PAS and AAS were compared by principle component analysis

(PCA) for all PFAS (gas and particle phase) in outdoor (Figure S2) and
indoor samples (Fig. 7) for the loading and variance. The PCA looks at
all inter-correlated quantitative dependent variables and represents
these as orthogonal variables known as principle components. The

distance between samples indicates the similarity of results. In a
loading plot, the distance from 0 indicates the weight to drive the
variance, with those at greater distance providing greater weight.

In indoor air, we observed a clear temporal shift with indoor PAS
from the 1st sample set after 7 days up to day 21, after which it appears
PAS are at equilibrium with the indoor environment, indicated by the
clustering in the PCA plot (Fig. 7a). Based on factor loading, the equi-
librium of PAS is driven by the uptake of PFPA, PFOA and PFNA, while
INtotalAAS variance is mostly due to concentrations of PFBA that were
∼10 times more abundant in the INtotalAAS, and primarily in the par-
ticle phase, with median PFBA concentrations of 28.1 and 2.8 pgm−3 in
particle and gas phase IN-AAS, respectively. Therefore, a shorter sample
interval for PAS exposure may be applicable for indoor PAS use.

In contrast, outdoor samples show greater differences between PAS

Fig. 5. PFAS distribution in outdoor (OUT) and indoor (IN) air according to different air samplers – showing the average profile measured by LV-AAS, PUF-PAS and
XAD-PAS.

Fig. 6. Uptake to indoor PUF-PAS over 12-week (84-day) sampling period (* indicates significantly non-zero slopes).
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and AAS, and no temporal trend towards equilibrium as was observed
for the indoor samples. This supports what is shown in Fig. 3, as the
majority of PFASs have increasing uptake over time in outdoor air,
while in indoor air the relationship between PUF-PAS mass and time
suggests rapid achievement of equilibrium (Fig. 6). Outdoor AAS have
low variation and neither gas-phase, particle-phase nor total con-
centrations compare well with that observed in PUF-PAS (Figure S2).
Variance observed in outdoor samples were largely caused by con-
centrations of PFOS, PFOA and N-MeFOSE for AAS and PFBA, PFPA and
PFHpA.

3.3.2. Gas-particle partitioning
As one concern in the use of PAS is variable and/or ineffective

particle capture by the PAS, the distribution of compounds between the
gas and particle phase may make PAS less effective for some PFAS.
Furthermore, unlike many POPs such as polychlorinated biphenyls,
PFAS are ionisable and it is therefore expected that their partitioning
behaviour will also be affected by aqueous aerosols (Kim and Kannan,
2007; Ahrens et al., 2013). In the gas phase, PFAS are in their neutral
form while in aqueous solutions they may dissociate to form ionic PFAS.
Studies of atmospheric PFAS sometimes focus only on particle- or gas-
phase, or they treat the two phases as a single sample. For example,
while ionic PFASs have been reported previously (e.g. Barber et al.,
2007; Kim and Kannan, 2007; Stock et al., 2007; Dreyer and Ebinghaus,
2009; Weinberg et al., 2011a,b; Liu et al., 2015), their quantification is
often limited to only the atmospheric particle phase. Given the physi-
cochemical properties of many PFASs, this is not surprising as many of
the ionic PFASs are estimated to be predominantly in the particle phase
(Ahrens et al., 2011a,b). However, in this study the particle-bound
fraction, assumed to be captured by the QFF in the AAS, and the gas-
phase fraction, captured by the PUF/XAD/PUF sandwich, were quan-
tified separately and thus were used for gas-particle partitioning as-
sessment to provide further insight into the observed PAS performance.

Because uncertainties in the sampling of PFAS by PUF sorbent used
indoors, we determine gas-particle partitioning only in outdoor sam-
ples, where XAD was included as a gas-phase sorbent. For indoor

environments, dust has been used as a monitor for particle phase PFAS
(Goosey and Harrad, 2011; Padilla-Sánchez and Haug, 2016; Björklund
et al., 2009; Reiner et al., 2015), though this does not reflect inhalation
exposure. In outdoor air, the most abundant ionic compounds on QFFs
were PFBA (24% of Σ17PFASs in particle-phase) with a median of
1.3 pgm−3, PFOS (20%) with a median of 0.3 pgm−3 and PFOA (9%)
with a median of 0.2 pgm−3, N-MeFOSE was the dominant volatile
PFAS (7% of Σ17PFASs in particle-phase).

The particulate associated fraction of individual PFAS groups was
calculated using equation:

Φ=Cparticle phase/Cparticle+gas–phase (Eq. 3)

The obtained particle-associated fraction (Φ) in outdoor air was
found to be statistically lower for PFASs (p=0.020) and FOSA/Es
(p= 0.002) compared to short-chain PFCAs. Statistical differences
were also observed between long-chain PFCAs and FOSA/Es
(p= 0.008) (Fig. 8).

Fig. 7. Principle component analysis (PCA) of indoor PFAS samples using the total air concentration measured by AAS (blue) and total mass captured by PAS (green).
The insets on each PCA indicate compounds within the dotted region. Figure (a) shows loading of individual air samples, with AAS labelled with “A–collection day”
while PAS are labelled by sample number and the day (D) of collection with 0 as the initial day of PAS deployment and figure (b) shows variance. (For interpretation
of the references to colour in this figure legend, the reader is referred to the Web version of this article.)

Fig. 8. Particle associated fraction of PFASs groups calculated using Eq. (3) for
each individual sampling week in outdoor air samples.
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For several compounds, partitioning can be clearly related to their
physicochemical properties, with the more volatile compounds such as
the FOSA/Es predominantly found in the gas phase (91%), with Φ of
0.06 ± 0.04. In the case of PFCAs, they distribute between both par-
ticles and gas phase. Φ had a wide range, between 0.02 (PFHxA) and
0.94 (PFTeDA). PFASs were also primarily in the gas phase
(Φ=0.07 ± 0.04); except PFHxS, which was predominantly detected
on particles, but as PFHxS was detected in less than 50% of all samples,
this result may have higher uncertainty. PFOA and PFOS, compounds
on which legislative bodies are currently focused, i.e. Stockholm
Convention, are predicted to be more volatile and this is confirmed by
the findings in this study (Φ (PFOA)= 0.08 ± 0.07; Φ
(PFOS) = 0.07 ± 0.04).

In general, the majority of target compounds were associated with
gas phase of ambient air, which is a useful for PAS, considering the
variable or restricted particle-phase uptake (Markovic et al., 2015).
This is similar to the findings of Arp and Goss (2009) who determined
that the majority of PFCAs would be primarily in the gas-phase and that
deposition to filters may be associated with relative humidity, thus
those PFCAs measured on filters may result from vapour phase uptake
rather than particle deposition. Particle-associated compounds in this
study increased with greater compound chain length, in keeping with
what has been seen in other studies (Vierke et al., 2011). However,
when compared to a high volume AAS sampler, the fraction of particle-
bound longer chain PFASs is less in this study than that seen in some
other studies (Ahrens et al., 2012). As a range of related factors influ-
ence partitioning behaviour of atmospheric compounds between gas
and particulate phases, including temperature, humidity, organic
matter content of aerosols, etc., the particle-associated fraction may
shift noticeably based on ambient conditions and this may influence
some of the differences observed in this study.

3.3.3. Uptake behaviour of PFAS on PUF-PAS
The poor performance of PUF-PAS for PFAS has been explored

previously and there are some theories suggesting that the partitioning
of PFAS is different compared to other compounds such as PCBs, OCPs
and PBDEs due to the hydrophilic polar features of PFAS. PUF sorptive
capacity is typically represented by the PUF-air partition coefficient
(log KPUF-Air), estimated based on the octanol-air partition coefficient,
(KOA), as described by Shoeib and Harner (2002) for hydrophobic
nonpolar POPs (Eq (4)).

= −
−

K Klog 0.6366 log 3.1774PUF Air OA (Eq. 4)

Using Eq. (4), log KPUF-Air was estimated for PFASs. Log KOA values
from Lei et al., (2004) for N-EtFOSA, N-MeFOSE, and N-EtFOSE and
Kim et al. (2015) for other PFAS were used. Log KPUF-Air for PFASs
ranged from −0.5 for PFBA to 1.7 for PFTeDA (SI Table S11).

In comparison, PCBs have log KPUF-Air from 1.7 for PCB 18 to 3.7 for
PCB 156 (Shoeib and Harner, 2002), and PBDEs from 2.7 for BDE 17 to
4.6 for BDE 126 (Harner and Shoeib, 2002). Thus, the estimated KPUF-Air

values suggest weaker partitioning of gaseous PFASs to PUF than for the
hydrophobic POPs. Moreover, other studies of the partitioning of PFAS
compounds in the atmosphere have indicated that the gas-particle
partitioning relationships that have been derived for non-polar com-
pounds do not fit well for PFAS compounds based upon their KOA, e.g.,
that partitioning to PUF is even weaker than predicted based on Eq. (4)
(Shoeib et al., 2008). It has been suggested that the carbon-fluorine
chain length, atmospheric moisture content, functional groups and
airborne particles may be key factors in the sorption behaviour of PFAS
to PUF-PAS (Ahrens et al., 2013).

4. Conclusions and recommendations

The use of XAD-PAS as passive air samplers appears to be a useful
tool in the measurement of PFASs but there is still variability between
those compounds detected by active air and passive samplers. PUF-PAS

may have some limited use in characterizing some of the sulfonate
PFAS compounds, but the variable accumulation of many PFASs in this
PAS make it a poor media for long-term monitoring. Moreover, the
qualitative determination of PFAS profiles is not appropriate with PUF-
PAS due to different sorptive capacities for different classes of PFASs.
The use of PUF-PAS indoor environments still needs further exploration
as equilibrium was reached rapidly and more study on the limitations
are needed.

Further study is needed for PUF-PAS applicability for fluorotelomer
alcohols (FTOHs) as well as comparison to other atmospheric PAS
samplers such as ENV+ (Biotage, Uppsala, Sweden) and SIPs. The use
of PAS samplers to predict individual exposure is limited due to the
number of environments to which a person is exposed and personal
passive samplers may be key to this understanding (Padilla-Sánchez
et al., 2017).

In order to fulfil properly global monitoring needs, caution should
be given to interpretation of global distributions of PFASs when based
on PUF-PAS. Considering the weakly significant uptake rates in the
outdoor calibration for PFOS, and better uptake for PFCAs, PUF-PAS
may be acceptable to identify large differences in concentration gra-
dients on global scales (e.g., semi-quantitative/order of magnitude
differences), however they are not able to provide accurate con-
centrations for a broad set of PFASs. XAD-PAS are a more reliable op-
tion which give profiles that more closely resemble those from AAS, and
it may be possible to achieve seasonal resolution with XAD-PAS. Other
PAS options (e.g., SIP-PAS) are also useful for seasonal resolution and
broader compound coverage. Given the importance of establishing re-
liable long-term monitoring for PFASs, passive sampling techniques for
these compounds should continue to be investigated and optimized.
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A B S T R A C T   

Polyurethane foam passive air samplers (PUF-PAS) are the most common type of passive air sampler used for a range of 
semi-volatile organic compounds (SVOCs), including regulated persistent organic pollutants (POPs) and polycyclic 
aromatic hydrocarbons (PAHs), and emerging contaminants (e.g., novel flame retardants, phthalates, current-use 
pesticides). Data from PUF-PAS are key indicators of effectiveness of global regulatory actions on SVOCs, such as 
the Global Monitoring Plan of the Stockholm Convention on Persistent Organic Pollutants. While most PUF-PAS use 
similar double-dome metal shielding, there is no standardized dome size, shape, or deployment configuration, with 
many different PUF-PAS designs used in regional and global monitoring. Yet, no information is available on the 
comparability of data from studies using different PUF-PAS designs. We brought together 12 types of PUF-PAS used by 
different research groups around the world and deployed them in a multi-part intercomparison to evaluate the vari-
ability in reported concentrations introduced by different elements of PAS monitoring. PUF-PAS were deployed for 3 
months in outdoor air in Kjeller, Norway in 2015–2016 in three phases to capture (1) the influence of sampler design 
on data comparability, (2) the influence of analytical variability when samplers are analyzed at different laboratories, 
and (3) the overall variability in global monitoring data introduced by differences in sampler configurations and 
analytical methods. Results indicate that while differences in sampler design (in particular, the spacing between the 
upper and lower sampler bowls) account for up to 50 % differences in masses collected by samplers, the variability 
introduced by analysis in different laboratories far exceeds this amount, resulting in differences spanning orders of 
magnitude for POPs and PAHs. The high level of variability due to analysis in different laboratories indicates that 
current SVOC air sampling data (i.e., not just for PUF-PAS but likely also for active air sampling) are not directly 
comparable between laboratories/monitoring programs. To support on-going efforts to mobilize more SVOC data to 
contribute to effectiveness evaluation, intercalibration exercises to account for uncertainties in air sampling, repeated at 
regular intervals, must be established to ensure analytical comparability and avoid biases in global-scale assessments of 
SVOCs in air caused by differences in laboratory performance.  

* Corresponding author. 
E-mail address: lisa.melymuk@recetox.muni.cz (L. Melymuk).  

Contents lists available at ScienceDirect 

Environmental Science and Policy 

journal homepage: www.elsevier.com/locate/envsci 

https://doi.org/10.1016/j.envsci.2021.08.003 
Received 13 January 2021; Received in revised form 14 July 2021; Accepted 3 August 2021   

mailto:lisa.melymuk@recetox.muni.cz
www.sciencedirect.com/science/journal/14629011
https://www.elsevier.com/locate/envsci
https://doi.org/10.1016/j.envsci.2021.08.003
https://doi.org/10.1016/j.envsci.2021.08.003
https://doi.org/10.1016/j.envsci.2021.08.003
http://crossmark.crossref.org/dialog/?doi=10.1016/j.envsci.2021.08.003&domain=pdf
http://creativecommons.org/licenses/by/4.0/


Environmental Science and Policy 125 (2021) 1–9

2

1. Introduction 

Long-term global data on atmospheric levels of semi-volatile organic 
compounds (SVOCs), including polycyclic aromatic hydrocarbons 
(PAHs) and persistent organic pollutants (POPs), such as poly-
chlorinated biphenyls (PCBs), organochlorine pesticides (OCPs), and 
polybrominated diphenyl ethers (PBDEs), are a fundamental need in 
efforts to reduce emissions and minimize human and environmental 
exposure. This need has been formalized in the requirements of inter-
national actions, such as the Stockholm Convention on POPs (Articles 11 
and 16) implemented through the Global Monitoring Plan (GMP), the 
UNECE Convention on Long-Range Transboundary Air Pollution 
(CLRTAP), and the development of a Global Earth Observation System of 
Systems (GEOSS) to increase our understanding of global processes and 
to underpin decision-making through sharing of accessible, high quality 
interoperable environmental data. 

The GMP has a clear policy mandate to collect comparable, harmo-
nized and reliable information on POP levels in core environmental 
matrices, one of which is ambient air. The Global Observation System 
for Persistent Organic Pollutants (GOS4POPs) is an initiative within the 
Group on Earth Observations (GEO) to increase the availability and 
quality of Earth observation data on POPs, and improve data availability 
and interoperability across POP monitoring networks, providing support 
for international conventions on toxic compounds (Stockholm Conven-
tion, CLRTAP) and on-going international programs (e.g., GMP, Euro-
pean Monitoring and Evaluation Programme (EMEP)). 

Polyurethane foam passive air samplers (PUF-PAS) are widely used 
in international air monitoring of POPs (Borůvková et al., 2015; 
Muñoz-Arnanz et al., 2016; Pozo et al., 2009; Wania and Shunthir-
asingham, 2020) and other semi-volatile organic compounds (SVOCs). 
The spatial coverage and ease-of-use of PUF-PAS has been crucial in 
enabling the development of international air monitoring programs such 
as GAPS (Global Atmospheric Passive Sampling) and MONET (Lee et al., 
2007; Muñoz-Arnanz et al., 2018, 2016; Pozo et al., 2006; Přibylová 
et al., 2012; Rauert et al., 2018; Roscales et al., 2018a; White et al., 
2021), and their use in many individual case studies has greatly 
increased our knowledge of atmospheric levels of SVOCs. Following the 
entry-into-force of the Stockholm Convention in 2004, the GMP was 
established to secure monitoring data in core media (ambient air, breast 
milk, human blood) and became a strong driver for the development of 
passive air sampling programs to address global data gaps, especially 
given the simplicity and relatively low cost of passive air samplers 
(Klánová and Harner, 2013). The first GMP Report (UNEP, 2009) called 
for improved collaboration within and among regions, and establish-
ment of strategic partnerships with expert laboratories and programs to 
address the challenges in setting up new POP monitoring programs that 
can continually adapt to include newly listed POPs. To mobilise such 
data and ensure their interoperability, we must move towards more 
harmonised monitoring frameworks with comprehensive datasets. 
While internal consistency of data within individual programs is 
necessary to assess long-term trends, the comparability of data among 
different programs must also be improved so that datasets can be com-
bined for more effective global assessment. However, despite the 
intended goal of global-scale comparability, differences in analytical 
methods and sampler configurations between institutes and monitoring 
programs may affect performance (Holt et al., 2017; Markovic et al., 
2015; Roscales et al., 2018b) and decrease the comparability of inter-
national monitoring data (Su and Hung, 2010). 

The simple design of the PUF-PAS has led to many individually- 
designed versions around the globe, all following the same original 
PUF-PAS concept (Shoeib and Harner, 2002) of a PUF disk protected by 
a metal double-dome housing, but without standardized geometry. In a 
previous comparison of three samplers, differences in sampler design 
were found to have no discernable effect on PUF-PAS uptake rates 
(Chaemfa et al., 2008), however, today the use of PUF-PAS has greatly 
expanded due to ease of deployment and use, and sampler designs differ 

to a much greater extent. At least 15 different designs are regularly used, 
with differences in dome size and shape, placement of the PUF disk 
relative to the gap between domes, size and density of the PUF disk itself, 
and deployment practices (i.e., fixed versus freely hanging). In addition, 
there are clear differences across laboratories in analytical methodology 
applied to PUF processing and SVOC analysis, which have the potential 
to lead to large variabilities in reported concentrations (Su et al., 2011; 
Su and Hung, 2010). Current efforts to harmonize and synthesize global 
SVOC monitoring combine data collected from different PUF-PAS 
sampler designs and analyzed in different laboratories (e.g., GMP in-
corporates PUF-PAS data from five different air monitoring networks 
globally; Fig. S1), but lack information on how the variability intro-
duced by physical PUF-PAS design parameters compares to the analyt-
ical variability between laboratories. 

To evaluate the comparability of global SVOC data, we established 
an international intercomparison in 2015 to evaluate sources of vari-
ability in PUF-PAS-generated data. Institutes from 12 countries 
(Australia, Brazil, Canada, China, Colombia, Czechia, Germany, Mexico, 
Norway, Spain, Turkey, UK) participated in the intercomparison, 
covering many of the major research groups using PUF-PAS and 
including most of the monitoring networks/laboratories that have re-
ported PUF-PAS data to the Stockholm Convention GMP Data Ware-
house for the 3rd Global Monitoring Report on Persistent Organic 
Pollutants. We note that such an exercise is only possible due to the 
simplicity and small size of the PUF-PAS samplers, whereas a similar 
effort for active air samplers would not be feasible for logistical reasons. 
The PUF-PAS intercomparison consisted of three phases to address the 
following questions:  

o what is the variability introduced by differences in PUF-PAS sampler 
designs and deployment practices? (Phase 1)  

o what is the variability introduced by differences in analytical 
methods/performance between laboratories? (Phase 2)  

o what is the overall variability/comparability between PUF-PAS- 
derived air concentrations for POPs from different programs/labo-
ratories? (Phase 3) 

This study evaluates the variability in SVOC measurements across 
these three phases due to differences in sampler design and laboratory 
performance to assess the comparability of reported SVOC monitoring 
data from PUF-PAS across the globe. 

2. Methods 

Laboratory groups known to routinely use PUF-PAS to quantify 
SVOCs in air were contacted and invited to join the study. In all, the 
study included 15 participating research institutes (Table S1) using 12 
different PUF-PAS sampler designs (Fig. 1). The institutes supplied their 
own PUF disks and PAS housings. PUF-PAS designs differed by housing 
dimensions (dome shape, internal volume, overhang, gap diameter) 
and/or type of PUF disk (details of the individual designs are given in 
Table S2). All equipment was kept separated under strict regimes. The 
PUF disks and housings were pre-cleaned at the Norwegian Institute for 
Air Research (NILU) before deployment in each phase of the study. All 
samples in the intercomparison study were deployed at the same site, 
located in Kjeller, outside Oslo, Norway. The site is semi-rural near grass 
fields, with a mix of residential, and office buildings at a short distance. 
Meteorological parameters corresponding with the deployment periods 
of each study phase are given in Tables S3 and S4. The study was divided 
into three phases, each addressing a key aspect of monitoring data 
comparability, as described below. 

2.1. Phase 1 – different samplers, same PUFs, same laboratory 

The objective of Phase 1 was to isolate and identify the specific in-
fluence of different PAS housings on sampler uptake. For Phase 1, 16 
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passive air samplers (consisting of 12 different designs) were collected 
from the 15 participating laboratories. Each laboratory’s PAS design 
(different housing and installation parameters, but with identical PUF 
disks) were deployed simultaneously at the field site in Kjeller, Norway 
for 80 days from April 1, 2016 to June 13, 2016. Samplers were 
deployed along a 50 m section of a wire fence at a height of 2 m (Fig S2). 
This therefore addressed differences in both sampler design and instal-
lation parameters, including fixed rigid installations for some samplers 
and free-swinging installations for others, following the method of the 
participating laboratory. The PUF disks had a density of 2.70 × 104 g/ 
m3, mass of 5.9 g, diameter of 14.1 cm, and thickness of 1.4 cm. Average 

daily ambient temperature during Phase 1 deployment was 9.2 ◦C (range 
− 4.6 to +28.5 ◦C) and average wind speed was 2.8 m/s (range 1.3–5.6 
m/s) (Table S3). After 80 days, the PUF-PAS were collected, and PUF 
disks and three field blanks were packed individually in pre-cleaned 
aluminum foil and shipped to the Trace Analytical Laboratories of 
RECETOX, Czechia for SVOC analysis. 

All PUF disks were analyzed according to accredited analytical 
methods (ČSN EN ISO 17025: 2018) for 8 PCB congeners (7 indicator 
PCBs + PCB 11), 12 OCPs (chlorobenzenes, hexachlorocyclohexanes - 
HCHs, dichlorodiphenyltrichloroethane and associated metabolites - 
DDX compounds), 29 PAHs and 10 PBDE congeners; compounds are 

Fig. 1. Sampler designs used in the study and their basic dimensions. V indicates volume, G indicates the area of the horizontal gap between upper and lower dome, 
V/G is the ratio of the dome volume to gap area, and overhang is the distance the upper dome extends over the lower dome. 
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listed in Table S5. Full details on the analytical methods used by 
RECETOX can be found in Kalina et al. (2017). Recoveries were tracked 
using deuterated PAHs (d8-naphthalene, d10-phenanthrene, d12-per-
ylene) and non-environmental PCBs (PCB 30, PCB 185) (Table S6). PAH, 
PCB and OCP masses were adjusted for recoveries based on the closest 
corresponding recovery standard. PBDEs were quantified by isotope 
dilution. Method detection limits (MDLs) were determined based on the 
field blanks; MDL=[avg. mass in field blanks]+3*[standard dev. of field 
blanks] (Table S7). If a compound was below detection in all field 
blanks, the instrumental detection limit was taken as the MDL. All re-
sults are reported as mass per PUF disk without conversion to air 
concentration. 

2.2. Phase 2 – same samplers, same PUFs, different laboratories 

The objective of Phase 2 was to identify purely analytical variability 
between laboratories. Fourteen identical PUF-PAS samplers (Sampler 15 
from Fig. 1) were deployed at the Norwegian field site (deployment 
height 2 m) for 81 days from September 11, 2015 to December 1, 2015. 
Average daily ambient temperature during deployment was 5.9 ◦C 
(range -12.0 to +19.6 ◦C) and the average wind speed was 1.9 m/s 
(range 0–4.9 m/s) (Table S4). After 81 days each PUF disk and a cor-
responding field blank were collected, wrapped in pre-cleaned 
aluminum foil and sealed in plastic zip-top bags, packed in a padded 
envelope and sent to the 15 participating laboratories. Participating 
laboratories were asked to analyze the PUFs according to their in-house 
methods and report masses for seven PCB congeners, 10 OCPs, 10 PBDE 
congeners, and 16 PAHs to an Excel template. All results were reported 
as mass per PUF disk without conversion to air concentration. Details of 
the individual methods for each laboratory are given in Table S8. Most 
laboratories used Soxhlet extraction while three laboratories used 
accelerated solvent extraction (ASE) and one used a Büchi system. Seven 
different solvent combinations were used, while only three different 
clean-up methods were used. Not all laboratories reported all sets of 
compounds, resulting in data for PCBs from 11 laboratories, OCPs from 
11 laboratories, PBDEs from 10 laboratories, and PAHs from 9 labora-
tories. Two laboratories that received PUF samples did not report any 
results. 

2.3. Phase 3 – different samplers, different PUFs, different laboratories 

The objective of Phase 3 was to identify the full variability in SVOC 
measurements due to the combined effect of different sampler designs 
and laboratory analyses. This reflects the “realistic” variability that 
would occur between different studies/monitoring networks. In this 
Phase, 14 laboratories sent a PAS housing and PUF disk to NILU, and 
each laboratory’s own PUF-PAS configuration (considering housing, 
PUF disk and installation parameters) was deployed at the Norwegian 
field site (deployment height 2 m), concurrent with Phase 2 from 
September 17, 2015 to December 3, 2015. After 77 days the PUF disk 
and a corresponding field blank were collected and shipped with the 
Phase 2 samples. As with Phase 2, participating laboratories were asked 
to analyze the PUFs for seven PCB congeners, 10 OCPs, 10 PBDE con-
geners and 16 PAHs (Table S5) and report results to an Excel template. 
Laboratories used the same analytical methods as for Phase 2 (Table S8) 
and reported identical sets of compounds, resulting in records for PCBs 
from 11 laboratories, OCPs from 11 laboratories, PBDEs from 10 labo-
ratories, and PAHs from 9 laboratories. Two laboratories that received 
PUF samples did not report any results. 

2.4. Quality assurance/quality control 

Each participating laboratory reported their internal standards, 
instrumental detection limits, and method detection limits for Phases 2 
and 3. 

All PUFs were sequentially pre-cleaned by Soxhlet at NILU 

laboratories with 24 h toluene, 8 h acetone, 8 h hexane, and then dried 
under vacuum. Field blanks were included in all three phases. Each PUF 
disk sample sent to participating laboratories was paired with a field 
blank of the same PUF disk type. PUF disks were only numbered and 
were not separately identified as field blank or sample. All field blanks 
were pre-cleaned at the same laboratory (NILU), using the same method. 
Thus, any variability in levels in the field blanks should be due to 
contamination during transport or laboratory procedures. 

Data received from the Excel template spreadsheets were compiled 
separately for each compound group. Each sampler was assigned a 
number code for Phase 1 data (1–16) and each laboratory was assigned a 
letter code for Phases 2 and 3 data (A–M) to anonymize all results. 
Inconsistencies or missing values in reported data were addressed 
individually with participating laboratories. Data handling and statis-
tical evaluation was done through MS Excel and R software. 

3. Results and discussion 

Twelve different sampler designs were received, differing in dome 
shape, internal volume, overhang, and gap diameter. Not all domes were 
hemispherical (some had a straight-sided conical shape), thus individual 
dome volumes were measured based on the mass of water that could fill 
each dome. Dome gap dimensions and overhangs were measured for the 
assembled sampler design, and the surface areas of the gap between 
upper and lower dome, i.e., the main space for air diffusion into the PAS 
housing, were calculated assuming circular geometry. All sampler 
housings also allowed additional diffusion through holes in the bottom 
of the lower dome, although the number of holes varied from 4 to 8 
depending on the sampler. Samplers and associated indicators of 
sampler geometry are shown in Fig. 1. Internal volumes (V) ranged from 
3340 to 6750 cm3, and surface areas of the gap between upper and lower 
dome (G) from 75 to 171 cm2 (Fig. 1). Differences in the PUF disks were 
smaller, with diameters of 13.2–14.1 cm, thicknesses of 1.1–1.5 cm, and 
densities of 0.020 to 0.031 g/cm3. Full dimensions of samplers and PUF 
disks are given in Table S2. 

3.1. Phase 1 – different samplers, same PUFs, same laboratory 

The objective of Phase 1 was to isolate and identify the influence of 
different sampler designs on sampler uptake by comparing different 
housings fitted with identical PUF disks, deployed simultaneously at the 
same site, and analyzed in a single laboratory. The differences in the 
masses of SVOCs sampled by each PAS should therefore give insight into 
the variability in uptake introduced only by sampler geometry (dome 
sizes, gap and overhang) and deployment (e.g., fixed vs. free swinging). 

Compounds that were below detection limits in 50 % or more of the 
PAS were excluded from further interpretation. This resulted in the 
exclusion of eight of 29 PAHs (naphthalene, biphenyl, acenaphthylene, 
cyclopenta(cd)pyrene, perylene, dibenzo(ah)anthracene, dibenzo(ac) 
anthracene, and anthanthrene), five of 12 OCPs (β- and δ-HCH, and o,p’- 
DDD, p,p’-DDD and o,p’-DDE), two of seven PCBs (PCB-138, PCB-180), 
and six of ten PBDEs (BDE-66, BDE-85, BDE-99, BDE-100, BDE-153, 
BDE-154). Any results <MDL for the remaining compounds were 
substituted with 0.5*MDL for statistical analysis. For PAHs and PCBs, 
this resulted in substitution of 3% of records, and no substitutions for 
OCPs; for PBDEs the substitution was required for 37 % of records, thus 
there is higher uncertainty in the statistical analysis of the PBDEs than 
for the other compound groups. 

We evaluated the variability in the individual samplers by normal-
izing masses measured per compound to the median masses for all 
samplers (Fig. 2a). Compounds were mostly within a relatively narrow 
range, spanning 519–939 ng/PUF for Σ21PAHs (Table S9), 4.86–12.3 
ng/PUF for Σ6PCBs (Table S10), 0.80–2.21 for Σ6DDXs (Table S11), 
2.54–5.50 ng/PUF for Σ4HCHs (Table S11), and 59.5–109 pg/PUF for 
Σ9PBDEs (excluding BDE-209; range for BDE-209 was < MDL–1300 pg/ 
PUF) (Table S12). Individual compound masses were within one order of 
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magnitude of the median for all of the sampler designs, with the 
exception of one record of BDE-209 (Fig. 2a). In general, the variability 
increased with increasing molecular weight of compounds, e.g., high 
molecular weight PAHs and PBDEs had the highest variability. 

Five of the samplers (Samplers 1–5) were identical configurations of 
the commercially available Tisch sampler design (TE-200, Tisch Envi-
ronmental, Cleves, OH). We considered these samplers as replicates and 
used them to assess the typical range of variability between identical co- 
deployed samplers (i.e., due to environmental conditions and laboratory 
uncertainty rather than differences in sampler configuration). These 
Tisch replicates were normally distributed (Shapiro-Wilks test, α = 0.05, 
except for p,p’-DDE, and BDE-47 and 209), so means and standard de-
viations were used to evaluate their distribution. The relative standard 
deviation (RSD) of the five replicates ranged from 1.98 % for acenaph-
thene to 55.6 % for BDE-183 (Table S13). The highest RSDs were 
observed for the higher molecular weight compounds, i.e. 5- and 7-ring 
PAHs and BDEs 183 and 209 (average 22.7 % vs. 8.9 % for all other 
compounds), which likely reflects two possible effects on higher 

molecular weight compounds: (1) higher analytical uncertainty and (2) 
variable sampler uptake of particulates. Lower ambient levels of higher 
molecular weight compounds may lead to greater measurement un-
certainties as MDLs are approached. The larger variability in the uptake 
of particle-bound compounds to PUF-PAS has been extensively discussed 
in other publications (e.g., Holt et al., 2017; Markovic et al., 2015). 
However, we note that the Tisch sampler is reported as having high 
particle infiltration in Markovic et al. (2015), suggesting that even when 
particle infiltration is high, there remains higher variability/uncertainty 
for particle uptake than gaseous compounds. 

The RSD determined from the Tisch samplers was assumed to 
represent the typical uncertainty in a sampler due to environmental 
variability and laboratory uncertainty and was therefore used to flag 
cases when the variability between PAS was beyond the range of typical 
differences between identical samplers. Upper and lower boundaries 
were calculated per compound as the median of all sampler masses ±3 
times the percent uncertainty (Tables S9-S12). We identify the specific 
cases and compounds where variability exceeded these thresholds. 

Fig. 2. Variability in analytes detected by PUF- 
PAS due to differences in (a) sampler geometry 
and installation (Phase 1, n = 16), (b) analytical 
methods between laboratories (Phase 2, n =
13), and (c) combined sampler and analytical 
differences (Phase 3, n = 13). Boxes represent 
the 25th to 75th percentiles, with the median 
(50th percentile) as a horizontal black line. In-
dividual SVOC levels were normalized to the 
median. Whiskers represent ±1.5 times the 
interquartile range (IQR) with individual points 
indicating outliers.   
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No single sampler design had all results within the acceptable range 
(median±3xRSD of Tisch samplers), however most samplers had only a 
few compounds outside of this range (Tables S9-S12), with the Tisch 
samplers (Samplers 1–5) demonstrating the least variability across all 
compound groups (Fig. 3a). A few samplers had more substantial de-
viations from the median values: Sampler 6 measured 24 % lower total 
SVOC masses than the median, with OCPs particularly low; Sampler 13 
recorded 38 % lower total SVOC masses, with OCPs and PCBs particu-
larly low (Fig. 3a); Sampler 8 recorded 11 % higher total SVOC masses 
(Fig. 3a). BDE-209 was substantially more variable than other com-
pounds, with most cases < MDL and five samplers with notably high 
values. 

We also examined the correlation between the measured masses and 
the sampler geometry parameters. The strongest correlation was with 
the overhang distance (i.e. the overlap between the top and bottom 
domes), with a significant negative relationship between overhang dis-
tance and mass of SVOCs collected by the PUF (Spearman ρ of -0.796, p 
< 0.01 for correlation between overhang distance and total SVOCs), e.g., 

larger overhang is correlated with lower mass. This suggests reduced 
airflow to the inside of the sampler housing due to overhang, and 
consequent lower uptake of compounds, especially particle-bound 
compounds (Markovic et al., 2015). Despite large ranges in the other 
sampler geometries (e.g., sampler volumes ranging from 3340 to 6750 
cm3), no other sampler geometry parameters had significant correla-
tions with the mass of SVOCs collected. 

While individual differences were generally small, small systematic 
errors across many individual compounds can lead to significant dif-
ferences in compound group totals, e.g., indicators such as ΣEPA-16 
PAHs and Σ7PCBs, which are frequently applied in policy and effec-
tiveness evaluation. For example, ΣEPA-16 PAHs is 482 ng/PUF in the 
lowest reporting sampler (Sampler 13) vs. 873 ng/PUF in the highest 
(Sampler 10), and for Σ7PCB the mass collected was 2440 pg/PUF vs. 
5120 pg/PUF in Samplers 13 vs. 8. While these are the extremes of the 
set, it does suggest that uncertainties introduced by differences in 
sampler configuration can account for up to 50 % variation in reported 
sample masses. Moreover, it is known that at sites with meteorological 

Fig. 3. Reported SVOC masses normalized to 
median for (a) Phase 1, (b) Phase 2, and (c) 
Phase 3. Phase 1 shows variability between 
different PUF-PAS sampler designs (1–16) 
analyzed at a single laboratory; Phase 2 shows 
variability between co-deployed, identical PUF- 
PAS samplers analyzed in 13 different labora-
tories (A–M); and Phase 3 shows differences in 
co-deployed different samplers analyzed in 
different laboratories (Labs A-M). Samplers 1–5 
in Phase 1 are identical Tisch TE-200 samplers. 
Note the smaller y-axis scale in Phase 1 
compared to Phases 2 and 3.   
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extremes (e.g., coastal sites with very high wind speeds, polar sites) the 
protective effect of the sampler housing on PAS uptake rates is variable, 
and the effects of differences between sampler configurations could be 
exacerbated, leading to variation beyond what was seen in this test case. 

3.2. Phase 2 – same samplers, same PUFs, different laboratories 

Results for Phase 2 indicate the extent of variability between SVOC 
measurements introduced by differences in transport, laboratory 
handling and analysis of PUF disks. Major differences were identified in 
two aspects: field blank contamination and sample masses. 

Field blank masses varied over 2 orders of magnitude, spanning 
187–8260 pg/PUF for Σ7PCBs, <3–640 pg/PUF for HCB, 50–35600 pg/ 
PUF for Σ3HCHs, <50–98400 pg/PUF for Σ6DDXs, 17.9–1670 ng/PUF 
for Σ16PAHs, and <25–3250 pg/PUF for Σ10PBDEs (Table S14). The 2–3 
order of magnitude range in field blanks suggests either errors in anal-
ysis and/or large variations in contamination during transport and 
processing, with the implication being that choices regarding blank 
treatment can have a large impact on reported values. We also note that 
in three cases, masses of PBDEs and DDXs reported in field blanks 
exceeded those reported in the samples (Fig. S2). PBDEs and other flame 
retardants are often identified as a particular challenge for analysis in 
PUF samples due to their prevalence in equipment and electronics, and 
low ambient levels at many locations, including the NILU site in this 
study. 

Despite the significant contribution of blanks to total samples for a 
few laboratories (laboratories A, J, K; Fig. S1), we did not further adjust 
samples for blanks as we had only one field blank per laboratory, and in 
practice many laboratories use blanks only as a quality control in long- 
term monitoring, rather than for data adjustment. 

Phase 2 sample results clearly indicate that the variability due to 
laboratory analysis is much higher than that introduced by sampler 
geometry identified in Phase 1. The Σ16PAH reported spanned 
1830–5870 ng/PUF, a substantially larger span than that observed in 
Phase 1 (Table S15). Variations were even higher for POPs, with re-
ported values spanning 3 or more orders of magnitude: Σ3HCHs span-
ning 283–263000 pg/PUF, Σ6DDX from 171 to 70100 pg/PUF (Table 
S16), Σ7PCBs from 378 to 29300 pg/PUF (Table S17) and Σ10PBDEs 
from 0.35 to 1950 pg/PUF (Table S18). 

We explored whether the choice not to adjust sample masses for field 
blank contamination led to such large ranges, but the effect was limited. 
For example, when blanks were subtracted from measured values 
Σ7PCBs ranged 378–23000 pg/PUF, Σ3HCHs ranged 243–227000 pg/ 
PUF, Σ6DDX ranged 140–14200 pg/PUF, and the range for PBDEs did 
not change, suggesting that the large variability in their reported masses 
is independent of differences in blank contamination. 

As with Phase 1, we assessed the variability by normalizing sampled 
SVOC masses to the median of the whole set of reported masses (Fig. 2b). 
It is clear from the range of the normalized data, with some compounds 
covering a range of ~0.1–1000 around the median, that much greater 
differences in reported masses are introduced by laboratory analysis 
than by differences in sampler design (where the range of normalized 
masses was much less than 0.1–10 times the median, Fig. 2a). We note 
that some of the compounds with the largest ranges in Phase 2 (e.g., PCB 
180, dibenzo[a,h]anthracene, β-HCH) were below detection in Phase 1 
in all samples, which inherently suggests that the variability for these 
compounds is smaller than the LOD. Of the compounds detected in both 
phases, all compounds except chrysene had at least a 2x higher span in 
reported values in Phase 2 compared with Phase 1, and the span of 
values was more than 50x higher for BDE-28, BDE-47 and p,p’-DDT. 

This substantial increase in variability in Phase 2 compared with 
Phase 1 indicates that, due to the uncertainty introduced by analysis in 
different laboratories, close to 50 % of laboratories report SVOC masses 
with order of magnitude differences from a consensus values, i.e., me-
dian of all laboratories (Fig. 3b). We compared the deviations from 
consensus values with the analytical methods used across the 

laboratories (Table S8) but did not find any relationship with the basic 
parameters of extraction method, solvent, clean-up or instrumental 
analysis and the laboratory performance. However, it is clear from the 
difference between Phases 1 and 2 that the sample processing and 
analysis are an important contributor to the differences in the reported 
values between laboratories. We are unable to identify specific method 
influences on performance due to the large differences in methods used 
across the 12 laboratories (e.g., eight different extraction methods), 
which prevents us from making generalizations. 

The differences introduced by analytical methods are higher than 
what has been typically identified by global interlaboratory evaluations 
on POPs, e.g., the UNEP-supported Bi-ennial Global Interlaboratory 
Assessments on POPs (Nilsson et al., 2014; van Bavel et al., 2012; van 
der Veen et al., 2017; Van Leeuwen et al., 2013). However, the Bi-ennial 
Global Interlaboratory Assessments on POPs included injection-ready 
test mixtures and environmental matrices high in organic matter or 
lipid content, or else spiked air samples (Fiedler et al., 2020, 2017; 
Nilsson et al., 2014), with relatively high concentrations. These con-
centrations were higher than what are found in typical rural/remote air 
samples, and many interlaboratory evaluations have reported lower 
precision and accuracy at lower concentrations (Melymuk et al., 2018, 
2015; Su and Hung, 2010). The low concentrations in our samples 
collected from semi-rural Norway likely contributed to the poorer per-
formance in our study. Further, our study captured the full scope of 
variability in sample processing, as laboratories received the PUF ma-
terial, and were required to extract and purify the samples. This con-
trasts with the Bi-ennial Global Interlaboratory Assessments on POPs, 
where laboratories analyzed air extracts not requiring further clean-up 
(van der Veen et al., 2017); the variability introduced from extraction 
and clean-up of complex matrices is a large contributor to the differences 
between laboratories (Abalos et al., 2013; Melymuk et al., 2018; Su and 
Hung, 2010; Van Leeuwen et al., 2013). 

If these differences reflect a recurring deviation by certain labora-
tories, this suggests that international comparisons of SVOC data could 
be highly biased when analyses are performed at different laboratories. 
This does not impact internal reporting within individual laboratories, 
therefore comparability within individual laboratory research studies 
and monitoring programs, (e.g., to assess regional spatial differences or 
temporal changes), should still be valid. Yet when comparisons involve 
merging data from multiple studies/monitoring networks, (e.g., for 
model comparisons), there may be significant biases introduced in the 
interpretation on a global level. This may also apply to data reported 
from active samplers, which typically follow similar methods of labo-
ratory analysis. 

3.3. Phase 3 – different samplers, different PUFs, different laboratories 

Phase 3 gives an indication of overall variability, encompassing 
differences between sampler configurations identified in Phase 1 and 
between laboratory analysis identified in Phase 2. As with Phase 2, large 
differences were observed in both field blanks and reported sample 
masses. Field blanks had a similar distribution and range to those of 
Phase 2 (Table S19) and in two cases the blank mass exceeded that of the 
sample (Fig. S3). As in Phase 2, no blank adjustment was applied to the 
reported sample masses. 

Phase 3 showed variability in sample masses comparable to that of 
Phase 2. The Σ16PAH ranged 1640–5010 ng/PUF (Table S20), a similar 
range to that observed in Phase 2. As in Phase 2, variations were higher 
for POPs, with ranges spanning >3 orders of magnitude: from 247 to 
182000 pg/PUF for ΣHCH, 123–58200 pg/PUF for ΣDDX (Table S21), 
283–25900 pg/PUF for Σ7PCBs (Table S22), and 0.44–3110 pg/PUF for 
ΣPBDEs (Table S23). As with Phases 1 and 2, we assessed the variability 
by normalizing masses to the median of the whole set of reported masses 
(Fig. 2c). The range of the normalized data, covering ~0.001–1000 
around the median, was similar to Phase 2 (Fig. 2b), and much greater 
than Phase 1 (Fig. 2a). 
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Phase 3 combined three factors affecting variability (1) sampler 
design, (2) sample transport and laboratory analysis, and (3) differences 
in PUF disk parameters (size, density; Table S2). While we did not have a 
separate study phase to isolate the influence of differences in PUF disks, 
the similarity of results from Phases 2 and 3 suggest that this is minimal, 
and likely comparable to or less than the variability introduced by 
sampler design. This is supported by previous work identifying 40–60 % 
differences in particle uptake and distribution in high density vs. low 
density PUF disks (Chaemfa et al., 2009), which was a larger range in 
density than that seen within our study. 

As in Phase 2, a large fraction of laboratories reported masses that 
differed by more than one order of magnitude from the median (Fig. 3c), 
suggesting that, when PUF-PAS data are reported by different labora-
tories using different samplers, ~50 % of laboratories are reporting 
values outside the boundaries of acceptable uncertainty, which can 
create a major challenge in the global comparability of SVOC data from 
PUF-PAS monitoring. 

The similarity in the ranges and collected masses between Phases 2 
and 3 suggests the major influence on differences in comparability be-
tween laboratories is sample transport, processing and analytical vari-
ation, and this source of variability overwhelms any smaller differences 
due to sampler design identified in Phase 1. 

4. Conclusions and implications 

Phase 1 of this international intercomparison revealed that varia-
tions in the double-dome PAS housings used by different research groups 
contributes relatively little to uncertainties in sampled masses of PCBs, 
PAHs, PBDEs, and OCPs for a 3-month deployment, with differences in 
reported masses due to PUF-PAS sampler configurations not exceeding 
50 %. Any difference in uptake between samplers appears related to 
differences in airflow into the sampler housing due to the amount of 
overhang of the upper dome over the lower. 

Phase 2 of the study, which assessed uncertainty associated with 
laboratory performance (i.e., each laboratory analyzing the same type of 
sample), showed a substantial increase in uncertainty. Reported masses 
varied by an order of magnitude or greater, with ~10× differences be-
tween individual masses and medians for many compounds, as well as a 
few more extreme outliers (Fig. 2). Phase 3 of the study confirmed the 
results of Phase 2; similar ranges of reported values and large deviations 
from medians for some individual laboratories/compounds show that 
the major influence on comparability between laboratories is sample 
processing and analytical variation, and this source of variability over-
whelms any smaller differences due to sampler design and differences in 
PUF disk size and density. Considering only the three laboratories that 
currently report PUF-PAS data to the Stockholm Convention GMP, the 
variability is lower, but there still exist order-of-magnitude differences 
in reported masses of Σ7PCBs, HCB and Σ6DDX. 

The high level of uncertainty observed in Phases 2 and 3 of this study 
indicates that current global air monitoring data are not directly com-
parable between different laboratories/monitoring programs for most of 
the SVOCs included in this study. However, this does not mean that the 
data are not internally consistent (i.e., within a program using a single 
laboratory) for deriving valid spatial and temporal trends. Yet on a 
global scale, it is clear that merging data from multiple laboratories must 
be done with caution. With current levels of uncertainty, it is not feasible 
to compare results between laboratories/monitoring programs without 
prior assurance of comparability in reported data. It is also clear that the 
uncertainty is not limited to passive sampling but also pertains to active 
air sampling results if similar extraction, clean-up and analytical pro-
cedures are followed. This uncertainty may be due to several factors 
including instrumental methods, sample processing procedures, poten-
tial laboratory contamination due to solvents and other sources, and 
differences in analytical standards (not assessed in the current study). 
Additional uncertainties will also arise if concentrations are adjusted to 
volumetric units (e.g., pg/m3), since slightly different conventions may 

be used among laboratories for estimating effective air sample volumes. 
These uncertainties can be resolved through ongoing participation in 
intercalibration exercises and adoption of best practices. The high 
variability between laboratories means that a crucial part of any efforts 
to integrate and evaluate global spatial patterns of POPs in air must 
require and implement intercalibration to assess and account for un-
certainties, repeated at regular intervals for both active and passive air 
sampling. Some examples of such international repeated intercalibra-
tion exercises already exist, most notably the AMAP/EMEP intercom-
parison exercises (Schlabach et al., 2012; Tkatcheva et al., 2013). 
Establishing such actions as a part of research infrastructure is even 
more necessary given the efforts to mobilize data from additional 
monitoring networks to contribute to global data repositories. 

Effectiveness evaluation of international SVOC actions (Stockholm 
Convention, CLRTAP) relies on the provision of high-quality air moni-
toring data. PUF-PAS are a valuable tool to provide this information, 
particularly given that the slight differences in PUF-PAS sampler designs 
do not greatly affect data comparability. Yet without establishment of 
frameworks to ensure analytical comparability, our understanding of 
global spatial POP distributions will be biased by the regional differ-
ences in analytical performance. 
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and analysis, and Ondřej Sáňka for the GMP site map. Partial funding for 
the participation of the GAPS Network was provided through the 
Chemicals Management Plan (Government of Canada) and the Northern 
Contaminants Program (NCP) and analytical support was provided by 
Cassandra Rauert, Ky Su and Anita Eng. 

L. Melymuk et al.                                                                                                                                                                                                                               



Environmental Science and Policy 125 (2021) 1–9

9

Appendix A. Supplementary data 

Supplementary material related to this article can be found, in the 
online version, at doi:https://doi.org/10.1016/j.envsci.2021.08.003. 

References 

Abalos, M., Abad, E., Van Leeuwen, S.P.J., De Boer, J., Lindström, G., Van Bavel, B., 
Fiedler, H., 2013. Results for PCDD/PCDF and dl-PCBs in the first round of UNEPs 
biennial global interlaboratory assessment on persistent organic pollutants. TrAC - 
Trends Anal. Chem. 46, 98–109. https://doi.org/10.1016/j.trac.2012.11.003. 
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h i g h l i g h t s
� Flame retardant levels in indoor dust varied significantly between and within rooms.
� Up to 1000-fold differences exist in flame retardant levels within the same room.
� Levels of hexabromobenzene were elevated in computer room dust.
� Composite dust samples are recommended due to within-room spatial variability.
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a b s t r a c t

Indoor dust is often used to evaluate levels of organic compounds indoors, particularly for compounds
with indoor sources, such as flame retardants (FRs). Yet there are uncertainties about the type of in-
formation that can be obtained from indoor dust. This study reports detailed dust sampling to assess
spatial variability in indoor dust concentrations, the relationship between FR sources and dust, and the
implications when interpreting dust concentrations. Multiple dust samples were collected from a range
of surface types in three large rooms: a residential flat, a university seminar room, and a university
computer room. Samples were analysed for polybrominated diphenyl ethers (PBDEs), novel halogenated
flame retardants (NFRs) and organophosphate esters (OPEs).

FR levels in dust varied significantly between and within rooms. Levels typically ranged over one order
of magnitude within a room, and up to four orders of magnitude for a few OPEs. The spatial distribution
of FRs related (in some cases) to proximity to sources, surface properties, and dust surface loadings.
Differences also existed between surface and floor dusts, e.g., the contribution of TBOEP to

P
OPEs was

higher in floor than surface dust, which has implications for human exposure assessment; adults typi-
cally have more contact with elevated surfaces, while young children have greater contact with floor
surfaces. Overall, significant spatial heterogeneity exists in indoor dust, even in seemingly homogeneous
indoor spaces, thus hampering comparability between studies and locations when single samples are
collected. Composite samples are strongly recommended to limit the influence of spatial heterogeneity.

© 2018 Elsevier Ltd. All rights reserved.
1. Introduction

Flame retardants (FRs) are chemicals used in electronics, furni-
ture, and buildingmaterials to reduce flammability in order tomeet
ity, Kamenice 753/5, pavilion

lymuk).
y, University of Rhode Island,
fire safety regulations (de Wit, 2002). Two types of organic FRs are
commonly used: (1) halogenated flame retardants (HFRs) and (2)
organophosphate esters (OPEs). HFRs consist of brominated and
chlorinated flame retardants (Bergman et al., 2012), including
polybrominated diphenyl ethers (PBDEs) and so-called “novel”
halogenated flame retardants (NFRs) used as replacements for
banned PBDEs (Betts, 2008). OPEs are used as both FRs and plas-
ticizers and, as with the NFRs, OPE production also increased after
restrictions on PBDEs (van der Veen and de Boer, 2012).

Due to the nature of FR use, high concentrations are found in
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indoor environments, and differences in indoor levels have been
noted between countries (Harrad et al., 2008b; Sj€odin et al., 2008;
Venier et al., 2016; Vykoukalov�a et al., 2017) or within countries
(Karlsson et al., 2007; Stapleton et al., 2008); between types of
buildings (Ali et al., 2011; Cequier et al., 2014; Harrad et al., 2008a);
as well as between rooms within a building (Al-Omran and Harrad,
2018; Kuang et al., 2016; Muenhor and Harrad, 2012; Stapleton
et al., 2008). Comparisons of different rooms in the same build-
ings have identified that measured concentrations are influenced
by the presence of furniture and electronics. For example, Muenhor
and Harrad (2012) suggested that where and when an indoor dust
sample is taken exerts a substantial influence on the level of
contamination detected, and relates to the proximity to potential
sources such as electronics and carpet. Harrad et al. (2009) found
decreasing concentrations of hexabromocyclododecane with
increasing distance from a TV. Al-Omran and Harrad (2018) iden-
tified consistently higher FR concentrations in dust from elevated
surfaces than from floors, and differences in dusts from two areas of
the same rooms. Kuang et al. (2016) identified higher levels of
PBDEs and NFRs in living rooms and bedrooms than in kitchens,
however, this could not be directly linked to any source. Rather, it
was suggested that environmental factors (e.g., higher moisture in
kitchen) lead to lower dust concentrations in kitchens. Thus, a key
question that arises considering all of the indoor spatial differences
between and within buildings is how much of the variation is due
to real differences in the indoor environments, and howmuch is an
artifact of the choice of sampling location within a given room.
Moreover, in broad indoor studies covering many locations, single
dust samples are often considered representative of whole-room or
even whole-building conditions, however, it is not clear whether
this assumption is valid.

To address this question, the main objectives of this study were
(1) to identify the differences in FR profiles and levels obtained by
two sampling methods (wet wipes and vacuuming), (2) to identify
the range of concentrations within individual rooms and thus
identify what effect the choice of sampling location may have on
reported concentrations, and (3) to determine the extent to which
concentration levels are influenced by room type and proximity to
room elements (electronics, furnishings, different usage of the
space, etc.), and identify whether greater heterogeneity in room
furnishings and use leads to greater heterogeneity in indoor dust.
These objectives were addressed by detailed dust sampling (>9
samples per room) in three indoor environments.

2. Methods

2.1. Sampling strategy

Three indoor environments were chosen for sampling. The first
was a residential flat, where the entrance, living room and kitchen
were sampled in March 2014. The second and third were university
classroomseone classroomwithout computers (seminar room - SR)
and one with computers (computer room - CR), sampled in July
2014. The seminar and computer rooms were the same size and
shape and located in the same university building, differing only by
building storey and room equipment. The classrooms are normally
vacuumed 3 times/week and desks are wiped 4e5 times/week, but
sampling took place after the conclusion of the academic year and
there was no regular activity in the lecture room in the two weeks
prior to sampling. Both locations were not vacuumed/dusted for
two weeks prior to sampling.

In the flat, eight vacuum samples were collected from floors,
which included the entrance area, living, dining room, kitchen, and
from the sofa. The flat was not cleaned in the week prior to sample
collection. Ten wipe samples were collected from horizontal
surfaces, including electronics, a chair, and kitchen furnishings, and
one vertical surface (i.e. windows). Samples were also collected
from areas with high dust accumulation (F4, F6, and F14 in Fig. 1),
i.e., places with infrequent cleaning, such as under a sofa and on an
inaccessible window sill. In the classrooms, four vacuum samples
were collected from the carpet and five wipe samples were
collected from desks in both SR and CR. Additionally, six wipe
samples were collected from monitors (all-in-one PCs) and key-
boards in CR. The sampling locations are shown in Fig. 1 and more
details are given in Table S1 in the Supplementary Data.

2.1.1. Sampling
Two dust samplingmethodswere usedewetwipe sampling for

settled dust on smooth elevated surfaces and a vacuum cleaner
with sock insert for floor dust and dust from the sofa.

The wet wipe samples were collected using laboratory kim-
wipes. The kimwipes were pre-cleaned via soxhlet extraction in
dichloromethane (DCM) for 8 h. At the site, the kimwipes were
moistened by approximately 2e3ml of propan-2-ol and were used
to wipe each target surface. Depending on surface area and amount
of dust, 1e5 wipes were used for each surface, and combined into
one sample per surface. The area of the sampled surface was
measured. Wipes were packed in aluminium foil and sealed in a
plastic bag. Wipe samples were transported to the laboratory in a
cooler box and stored at �18 �C until processing.

Dust samples from floors and fabric surfaces (e.g., sofa) were
collected using a household vacuum cleaner with polyester sock
inserts. Socks were precleaned via soxhlet extraction in DCM for
8 h, and before sampling and between samples, the vacuum nozzle
and tube were cleaned with propan-2-ol. To collect each sample, a
polyester sock was inserted into the front of the vacuum tube and
held in place by the vacuum nozzle. Each target surface was vac-
uumed and its area measured. The sock was removed from the
vacuum cleaner, sealed by a plastic cable tie, packed in aluminium
foil and sealed in a plastic bag. Socks were transported to the lab-
oratory in a cooler box and stored at �18 �C until processing.

2.2. Sample extraction and clean-up

The wipes were extracted using automated warm Soxhlet
extraction in a Büchi B-811 automatic extractor, with DCM as the
extraction solvent. Before extraction, samples were spiked with
isotopically labelled (13C) internal standards, including triphenyl
phosphate, BDE 28, 47, 99, 100, 153, 154, 183 and 209, HBB, PBBZ,
syn- and anti-DDC-CO, BTBPE, and DBDPE (all from Wellington
Laboratories, Inc., Guelph, Ontario, Canada, except DDC-CO from
Cambridge Isotope Laboratories, Inc., Tewksbury, MA, USA). The
soxhlet extractionwas cycled for 40min, followed by 20minwhere
solvent was diverted to concentrate the extract. The extract was
then concentrated to less than 10ml and quantitatively transferred
to a vial. Then the extract was split 3:7 by weight (30% and 70%
aliquots) and each fractionwas concentrated to a volume of 1e2ml
by nitrogen flow.

Vacuum-collected dust samples were extracted via sonication.
Before extraction, samples were weighed and sieved with a 500 mm
sieve (Newark Wire Cloth Company, USA) to remove coarse parti-
cles (e.g., hair, large fibres). Approximately 100mg of the sieved
dust was used for extraction. The sock was rinsed with 20ml of 1:1
hexane:acetone (v/v) and this volume was added to the accurately
weighed dust sample and the mass difference between unrinsed
sock and rinsed sock was included to the mass of extracted dust.
Before sonication, the sample was spiked with the same set of in-
ternal standards as the wipe samples. The sample and 20ml of
hexane:acetone were sonicated for 10min, then the sample was
allowed to settle for 20min and the solvent supernatant was



Fig. 1. Sampling locations in flat (F1eF18), seminar room (SR1eSR9) and computer room (CR1eCR14).
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transferred to a vial. An additional 10ml of solvent was added to the
sample and it was sonicated again, allowed to settle and transferred
to the same vial. This step was repeated once more. The extracts
were split 3:7 (30% and 70% aliquots) by weight and each part was
concentrated to a volume of 1e2ml by nitrogen flow.

The 70% aliquot of the extract was cleaned on a sulfuric acid
modified silica column (1 cm activated silica, 5 g silica modified by
sulfuric acid and 1 cm cleaned silica), eluted with 30ml of 1:1
hexane:DCM (v/v). The 30% fractionwas cleaned on a column of 5 g
activated silica and 1 cm sodium sulphate. This aliquot was further
fractionated by elution with 20ml DCM (Fraction 1) followed by
20ml of 7:3 acetone:DCM (v/v) (Fraction 2). Six of the Fraction 1
samples and seven of the 70% aliquots required additional clean up
(see Table S2).

After the column chromatography, 40 ml nonane was added to
the samples, and theywere further concentrated and quantitatively
transferred to gas chromatography vials, and recovery standards
(BDEs 77 and 138) were added. The 70% aliquot was used for PBDE
analysis, the 30% F1 fraction for NFR analysis, and the 30% F2
fraction for OPE analysis.

2.3. Instrumental analysis

Samples were analysed for 10 PBDEs: BDE 28, BDE 47, BDE 66,
BDE 85, BDE 99, BDE 100, BDE 153, BDE 154, BDE 183 and BDE 209;
19 NFRs: TBP-AE, TBP-BAE, TBX, DDCeCOeMA, PBEB, PBT, TBP-
DBPE, HBB, DBHCTD, EH-TBB, BTBPE, syn- and anti-DDC-CO, BEH-
TEBP, DBDPE, a-, and b-, g-, and d-DBE-DBCH, a- and b-TBCO, PBBZ,
TBCT, PBB-Acr; and 17 OPEs: TIBP, TNBP, TCEP, TCIPP, DBPP, BDPP,
TDCIPP, TPHP, EHDPP, TBOEP, CDP, TEHP, o-, m- and p-TMPP, TIPPP,
TDMPP, TDBPP, TBPP. The full compound names and CAS numbers
are given in Table S3.

Details of the instrumental analysis can be found in the
Supplementary Material.
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2.4. Quality assurance/quality control (QA/QC)

Average recoveries for spike-recovery tests are reported in
Table S4 and sample recoveries in Table S5. Field blanks (kimwipes
and vacuum bags) were transported to the field site, manipulated
as per the samples (e.g., wipes were exposed to ambient air but not
directly to sampled materials, polyester sock inserts were inserted
to the vacuum nozzle, but without the vacuum cleaner being on),
and then treated as per the samples for the analytical process. Six
vacuum sock field blanks and six kimwipe field blanks were
collected, three of each from the flat and the classrooms. Solvent
blanks were also analysed: six from Büchi extraction and six from
ultrasonic extraction. Analysis of the blanks demonstrated that the
majority of blank contamination was coming from the field blanks,
so field blanks were used to determine method detection limits
(MDLs). Solvent and field blanks are reported in Table S6. MDLs
were calculated based on the average of the field blank plus three
times the standard deviation of the blanks (Table S7). For com-
pounds that were not detected in the blanks, the instrument
detection limit was used as the MDL. Values < MDL were recorded
as such, and values >MDL were subtracted based on the average of
the blank of the correspondingmatrix. Mass fractionwas calculated
using sample mass (nanograms of analyte divided by grams of
sample mass) and area density was calculated using sample area
(nanograms of analyte divided by square meters of area). For the
purposes of statistical analyses, values below detection were
replaced by √2/2*MDL (Antweiler, 2015). Compounds with low
detection (generally <60% detection frequency in a given matrix/
room) were not used for statistical analysis.

Statistical analyses were performed in Statistica 12, MS Office
Excel 2010 and GraphPad Prism (Version 5).

3. Results and discussion

3.1. Detection and general composition of FRs

Eleven compounds: TBX, DDCeCOeMA, TBCO, TBCT, PBB-Acr,
DBPP, BDPP, o-TMPP, TDMPP, TDBPP, and TBPP, were not detected,
or infrequently detected at low levels with no spatial patterns and
will not be discussed further. In the following text we focus on 10
PBDEs, 14 NFRs and 12 OPEs which were broadly detected
(Table S3). Hereafter,

P
DDC-CO refers to the sum of the syn- and

anti-isomers,
P

DBE-DBCH refers to the sum of the a-, b-, g-, and d-
isomers and

P
TMPP to the sum of m- and p-TMPP.

The FRs in all samples were dominated by OPEs, which were on
average 96% of all FRs, but a number of individual NFRs and BDE 209
were also significant contributors (Fig. 2; for higher resolution of
NFRs and PBDEs see Fig. S1). TCIPP was detected in every sample; it
was the highest contributor in the flat samples (74% of

P
12OPEs)

and, along with TBOEP, was one of the two highest contributors in
classrooms. TCIPP is frequently used in polyurethane foams, as well
as textiles and plastics, while TBOEP is used in floor finish products
(Brandsma et al., 2014). BDE-209 was the highest PBDE, contrib-
uting 78%, 91% and 97% to

P
10PBDEs in the flat, seminar room and

computer room, respectively. For the NFRs, BEH-TEBP and DDC-CO
were predominant in most samples, however, more differences
between rooms/samples were observed, e.g., contributions from
HBB to

P
14NFRs ranged from <1% in the flat and seminar room to

8% in the computer room, while
P

DBE-DBCH contributed 20% to
P

14NFRs in the flat, and less than 1% in SR and CR. BEH-TEBP and
DDC-CO are widely used FRs in polymer materials such as poly-
urethane foam, wire and cable insulation, PVC, polypropylene, ABS,
and epoxy resins (Covaci et al., 2011; Xian et al., 2011). DBE-DBCH is
used in home insulation, wire coatings, fabrics and appliances; and
HBB is used largely on the Asia market in textiles, electronics, and
textiles (Covaci et al., 2011). These differences and possible expla-
nations will be discussed further in the following sections.

Measured mass fractions and area densities of all FRs in indi-
vidual samples are given in Tables S8-S9. Summary statistics are
given in Table 1.

3.2. Differences according to sampling method

The two sampling methods (wet wipes and vacuumed dust)
gave awide range of mass fractions and area densities. As dust mass
fractions could not be obtained from the wet wipe samples, the
differences according to sampling method can only be compared in
terms of area density and percentage composition profiles.

3.2.1. Comparison of area density
The area densities of FRs were highly dependent on the dust

surface loading, i.e., the mass of dust per unit area. The highest area
density (ng/m2) of FRs was observed in wipe samples from areas of
long-term dust accumulation in the flat. This category represents
areas of less frequent cleaning (e.g., top of kitchen cabinets, inac-
cessible windowsill) where dust is more likely to accumulate for a
longer time period, and the dust surface loading is higher. The area
densities in these areas were an order of magnitude higher than the
area densities from surfaces whichwere used/disturbed/cleaned on
a daily basis, and they are likely not representative of typical indoor
human exposure. Moreover, compounds that were below detection
limits in other samples can often be detected in these types of
samples; for example, PBEB was detected only in this type of
sample from the flat, so sampling these types of surfaces could be
good strategy to obtain detectable levels of the broadest set of FRs,
if an objective is merely to identify their presence indoors, e.g.,
when screening for what FRs are in use.

Window wipe samples had lower area densities (~pg/m2) than
other samples (~ng/m2) from the flat. The windows are a vertical
surface with low dust surface loading, as opposed to the other
sampled surfaces, which were largely horizontal, suggesting that
differences in gravitational settling of dust on surfaces strongly
influences the measured levels. Vertical surfaces will have little or
no contribution from settled dust, and will mostly reflect levels due
to partitioning or impaction. Also, analytes on windows may be
more susceptible to photodegradation.

The influence of the dust surface loading can be most easily
identified from the floor dust samples, as for these samples we
could determine the mass of dust per area of floor (Fig. S2). The
floor below the sofa (location F14) was the dustiest place in the flat,
with 3.98 g dust/m2 while the area below the TV table (location
F11) had the lowest dust loading (0.103 g dust/m2), suggestingmore
frequent use and cleaning. The area density of FRs was much higher
at F14 than F11:

P
10PBDEs was 405 ng/m2 at F14 vs 33.2 ng/m2 at

F11,
P

14NFRs was 138 ng/m2 at F14 vs. 33.4 ng/m2 at F11, and
P

12OPEs was 319 ng/m2 at F14 vs 7770 ng/m2 at F11. Moreover, the
area density was strongly correlated with the dust surface loading
(Spearman R's of 0.81e0.98, Table S10), with the exception of
compounds which we hypothesize to have direct nearby sources,
such as BEH-TEBP in sofa upholstery. No such correlation was
observed for mass fraction (ng/g). The lack of relationship with
mass fraction contrasts with the results of Al-Omran and Harrad
(2018), who identified dilution of PBDEs and BEH-TEBP in dust in
areas of high dust loading. The absence of a dilution effect in the flat
suggests that, except in cases of directly adjacent sources (e.g, BEH-
TEBP from sofa), there are sufficient FR sources and sufficient
equilibration of the system to load all dust with similar levels of FRs
and therefore dust loading is the main control on area density of
FRs in dust.

In the classrooms, the locations at the fronts of the rooms (SR6



Fig. 2. Percentage composition of FRs in (a) flat and (b) classroom floor dust and (c) flat and (d) classroom wipes. Samples are labelled according to the sampling locations in Fig. 1.
For dust samples, compounds with mass fraction >500 ng/g in at least one sample are shown individually, and

P
7OPEs,

P
12NFRs, and

P
9PBDEs include all remaining compounds.

For wipe samples, compounds with area density >100 ng/m2 (or >100 ng/sample for electronics) in at least one sample are shown individually, and
P

4OPEs,
P

12NFRs, andP
9PBDEs include all remaining compounds. For better resolution of HFRs see Fig. S1.
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and CR14) had the lowest dust loadings, likely reflecting less use of
these areas of the room. However, overall the dust surface loading
in the classrooms was much more homogeneous than in the flat
(0.062e0.209 g/m2 in classrooms vs. 0.103e3.98 g/m2 in the flat)
due to the greater diversity of activities in the flat, and less sys-
tematic cleaning in homes than in institutional buildings.

Differences in dust loading are not frequently considered when
reporting and interpreting indoor dust, as dust is often reported in
mass fraction (e.g., ng/g), however, there is a question of how
appropriate mass fraction units are to human exposure estimates.
Dust ingestion and dermal transfer from dust are highly uncertain
(Abdallah et al., 2015; Lioy et al., 2002; Wilson et al., 2013), and
some exposure pathways, e.g., particularly dermal exposure, may
be more appropriately evaluated using area density (Lioy et al.,
2002). Moreover, infant and toddler exposure to compounds
through mouthing of objects and ingestion of dust may be signifi-
cantly higher if the dust surface loading is higher. Thus, dust
loading on surfaces should be an important consideration in sam-
pling, both for detection of compounds and evaluations of
exposure.
3.2.2. Comparison of profiles
In the flat, vacuumed dust and wipe samples yielded similar

profiles of FRs (Fig. 2). TCIPP was the primary contributor in most
dust and wipe samples, comprising 11.0e96.0% of the total OPEs,
and CDP was also a significant contributor in both dust and wipes
(0.1e51.9% of total OPEs). However

P
TMPP had a higher content in

wipes than in floor dust samples (on average 2.7% in wipes vs. 0.2%
in dust), suggesting either differences in the surfaces sampled by
wipes vs. by vacuum or differences in the ability of vacuum vs.
wipes to collect dust (e.g., collecting slightly different fractions of
dust).

In the classrooms, the FR profiles had more distinct differences
between vacuumed dusts and wipes. Most notably, TBOEP was the
major contributor to floor dust samples, while in the wipe samples
TCIPP was the highest contributor. The area densities of TBOEP
(Fig. 3b) also reflect these differences. In the classrooms, the
distinct differences in the profiles are more likely due to differences
in the sampled material rather than the sampling technique, and
suggest a source of TBOEP in the carpeted floor, or the trapping of
specific materials in the carpet that are not trapped by the elevated
surfaces, e.g., the carpet captures differently sized particles than
other surfaces.
3.3. Differences between rooms

Average sample compositions by room were compared to
identify the influence of different furnishings and equipment



Table 1
Area density and mass fraction in flat, seminar and computer room. The shaded rows (floors) refer to the same samples, but with different metrics (mass fraction and area
density). Red numbers indicate samples with the relative standard deviation> 100%, indicating a large range in concentrations within the same room.
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within the same building, and differences in buildings and room
types within the same region. The floor dust samples were
compared by mass fraction (ng/g) and wipe samples were
compared by area density (ng/m2).
3.3.1. Seminar vs computer room
The seminar room (SR) and computer room (CR) are identical in

size, shape, location, and building materials, differing only by one
floor, and by the equipment in the rooms. Thus any significant
differences between the two rooms can be attributed to room
equipment, and most likely, to the presence of computers in CR
compared with SR.

Six FRs had differences in detection frequencies between CR and
SR, and of these HBB, EH-TBB, TBP-BAE, TBP-AE, and DBDPE had
higher detection frequencies in CR than SR. Only TNBPwas detected
in 4 of 5 samples in SR and only in 1 of 4 in CR. The most notable
difference between the two rooms was for HBB, which was
detected in all floor dust and wipe samples in CR, but only in two
wipe samples in SR and in none of the floor dust samples. Previous
air sampling suggested computer operation as a source of HBB
emissions in this room (Vojta et al., 2017).

Considering compounds with consistent detection in both
rooms, we compared dust mass fractions for floor dust samples and
area densities for wipe samples from SR and CR with a Mann-
Whitney U test (Tables S11 and S12). BDE 209, BTBPE and PBBZ
had significantly higher mean area densities in CR than in SR, while
TCIPP had significantly higher mean floor dust mass fraction in CR
than in SR and TEHP higher mean in SR. The combination of
detection frequencies and U-tests strongly suggest a source of HBB
in CR that is not present in SR, supporting previous air sampling
(Vojta et al., 2017), and possible differences in sources of TBP-AE,
EH-TBB, BTBPE, DBDPE, TNBP, and TCIPP.
3.3.2. Classrooms vs flat
Greater differences between the flat and classrooms were ex-

pected, given the differences in type and age of building materials,
furniture (desks and computers in the university building and
kitchen equipment, sofa, and TV in the flat), and flooring (carpet in
classrooms, parquet and small rug in flat). Firstly, the suite of
detected FRs differed between the two sites. Five compounds were
detected in the classrooms but not in the flat: PBT, EHDPP, p-TMPP,
and TIPPP.

P
DDC-CO was the only compound that was detected in

the flat but not in the classrooms.
For compounds with consistent detection in both flat and

classrooms, we again compared dust mass fractions for floor dust
and area densities for wipe samples with a Mann-Whitney U test
(Table S13 and S14). The mean mass fractions of BDE 209, TCIPP,
DBDPE, and TBOEP were higher in the classrooms. Conversely,



Fig. 3. Area density of (a) HBB, (b) TBOEP, (c) TCIPP and (d) DBDPE in flat and classroom floor dust and wipe samples. Horizontal lines show mean and whiskers show standard
deviation.
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BTBPE,
P

DBE-DBCH, TIBP and TNBP were higher in the flat. In
wipes, 12 compounds were significantly higher in the flat
(Table S14).

Fig. 3 shows room comparisons for HBB, TBOEP, TCIPP, and
DBDPE based on area densities (ng/m2) of all samples. TBOEP and
DBDPE had on average higher levels in the classrooms than the flat,
but it is apparent from Fig. 3 that this was only due to the elevated
levels in floor dust, not on surfaces. This suggests the carpet as a
likely source of TBOEP and possibly DBDPE. Interestingly, TBOEP is
mostly used in floor polish (Brandsma et al., 2014; Cristale et al.,
2016; van der Veen and de Boer, 2012), and these rooms were
fully carpeted, however it is also used in rigid and flexible poly-
urethane foam (Cristale et al., 2016; van der Veen and de Boer,
2012), and in plastics and rubbers (van der Veen and de Boer,
2012). DBDPE has similar usage to BDE 209: in textiles, poly-
propylene and other polymeric materials (Covaci et al., 2011). Thus,
the high levels of these compounds on classroom floors may be due
to carpet materials or carpet backing, and with releases exacer-
bated abrasion of the carpet material during use and vacuuming.
However, DBDPE also had higher area density in the flat in surface
wipe samples than in floor dust from the flat or surface wipes from
the classrooms. While TCIPP had a higher mass fraction (ng/g) in
the classrooms, the higher area density (ng/m2) of TCIPP was in the
flat (Fig. 3c), and the elevated levels were particularly notable in the
wipe samples. This difference suggests differences in the fractions
of TCIPP on individual particles, e.g., small particles with high levels
of TCIPP in the classrooms, such as from building-specific abrasive
sources (floor or wall materials, insulation, thermoplastics and
polyurethane foam) (Kemmlein et al., 2003; Liesewitz, 2000).

3.4. Spatial variability within rooms

To further address the objective of the study, we examined the
small-scale spatial differences in the rooms, and based on these,
identified how dust sampling can be adjusted to either capture or
minimize these differences, as befits the study objectives.

Area densities and mass fractions in the rooms typically ranged
over one order of magnitude in different samples from the same
room. The magnitude of small-scale spatial variation is shown for
selected FRs through roommaps of the flat and CR (Fig. 5) according
to area density, mass fraction, and percentage composition. More
details are given in Table 1 and in Tables S8 and S9. Much of the
heterogeneity in the area densities and sample composition does
not appear to be directly linked to obvious sources, such as 5�
higher area densities of

P
DDC-CO in one side of the computer

room compared with the other (CR12 vs. CR13), or 3e5-fold
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variation in individual PBDE congeners, even amongst the hard
floor samples from the flat.

However, in some cases, we can relate the spatial differences to
sources like electronics or foam in the sofa according to the spatial
distribution in the room. In the flat, the contribution of BDE 209 to
P

10PBDEs decreased with increasing distance from the TV by 13%
(Fig. 4a), which supported the hypothesis of electronics as a source
of BDE 209. BEH-TEBP had a similar profile to BDE 209, with an even
larger decrease; from 74% to 5% of

P
14NFRs (Fig. 4b), except in the

kitchen, where the contribution was 70%, which could indicate
another source in this area. BEH-TEBP is often used in combination
with EH-TBB in Firemaster 550 as an FR in foams with a ratio of 1:4
BEH-TEBP:EH-TBB, but also independently in applications such as
cable insulation (Covaci et al., 2011). In the flat, the area density of
BEH-TEBP was one order of magnitude higher than EH-TBB, sug-
gesting independent usage in electronics rather than as Firemaster
550 in foams, which agrees with the dependence on distance from
the electronics. However, the trends in BDE 209 and BEH-TEBP
were only observable in the floor dust; wipe samples did not
show any pattern. This could be due to additional confounding
factors that challenge the interpretation of wipe samples, such as
debromination of selected FRs via photodegradation on the win-
dows, or higher temperatures on electronics surfaces selectively
degrading certain compounds. Moreover, all floor areas had lower
levels of BEH-TEBP (whether in ng/m2 and ng/g) than the sofa
surface (Fig. 5aec), which could lead to underestimation of expo-
sure via dust if only floor dust is measured. The decreasing per-
centage contribution of BEH-TEBP to

P
14NFRs with increasing

distance from the TV shown in Fig. 4 is also visible in Fig. 5c.
However, the sofa (F13), armchairs (F5), carpet (F12) and floor
below sofa (F14) dust have high contributions of BEH-TEBP, which
suggests foam in upholstered furniture as another source.

TCIPP and also HBB displayed strong spatial gradients that may
be related to source proximity (Fig. 5). For TCIPP, areas of long term
dust accumulation (F4, F6) had the highest area densities (Fig. 5d),
as seen for BEH-TEBP. Also similarly to BEH-TEBP, the sofa (F13) and
floor below sofa (F14) had high area densities, but in contrast to
BEH-TEBP, the TV and DVD (F1 and F2) had low area densities of
TCIPP. This suggests spatial distributions influenced by the use of
TCIPP in foams (Stapleton et al., 2009), but not in electronics. TCIPP
on the kitchen floor (F18) had a high mass fraction but low area
density compared with other locations. The dust loading is low on
the kitchen floor, but the small amount of particles that are there
have a high mass of TCIPP. This contrasts with location F14 (below
sofa), where the comparison of area density and mass fraction
suggests there is a high particle loading but with lower amounts of
TCIPP on the particles. This demonstrates how the combined effects
of room use/cleaning patterns and proximity to sources complicate
interpretation of indoor dust levels.
Fig. 4. Spatial variability of (a) BDE 209 as a fraction of
P

10PBDEs and (b) BEH-TEBP as a
HBB in the computer room had the highest values on the floor in
the corner of the room (CR14) in all units (area densityeng/m2;
mass fractioneng/g and percentage content - %) (Fig. 5gei). This
could be due to more limited tracking of particles from outside to
the front of the room (like soil from shoes), and thus higher
contribution of within-room particle sources with elevated levels of
HBB. The comparison between SR and CR (section 3.3.1) identified
consistently higher levels of HBB in CR than in SR, suggesting
computers as a source, however from the room maps the source is
not as clear. The keyboards and monitors (CR1eCR6) had a wide
range of percentage content of HBB (Fig. 5i), and thus this does not
clearly indicate either the PCs or keyboards as HBB sources. We also
expected greater homogeneity in floor dust in terms of both ng/m2

and ng/g, as the carpet is uniform throughout the room; however,
nearby samples, e.g., CR11eCR13, had more than 2� differences in
levels. This might be caused by roomventilation patterns (windows
are opened only on left side of room), but no reason is clear.
4. Conclusions and recommendations

To evaluate small scale spatial differences in indoor dust, two
types of indoor environments were evaluated: a residential flat and
two classrooms (one with and one without computers); and two
types of sampling methods were chosenevacuum and wipe sam-
ples. Distinct differences between the flat and classrooms were
observed for 12 compounds: BDE 209,

P
DDC-CO,

P
DBE-DBCH,

DBDPE, TIBP, TNBP, TCIPP, PBT, EHDPP, TBOEP, p-TMPP and TIPPP.
Comparison of seminar room and computer room levels suggested
a computer-related source of HBB. Individual rooms demonstrated
significant within room variability in FR levels in dust, both in mass
fractions (ng/g) and area densities (ng/m2). Levels typically ranged
over one order of magnitude within a room, with larger ranges for
the OPEs than PBDEs. Spatial variability in the flat was expected due
to the heterogeneity in furniture and room usage, and cleaning
frequencies. Spatial patterns suggested the TV, sofa and uphol-
stered chairs, and possibly kitchen appliances as possible sources of
FRs. Smaller spatial differences were expected in classroom sam-
ples, as furnishing and room use are more homogenous, but we
observed differences between nearby locations (same carpet, same
sampled method) with no clear explanation.

When there are very strong differences in sources between
rooms (e.g., HBB between computer and seminar room) then the
difference can be observed regardless of where the samples are
taken, but more subtle differences are overwhelmed by selection of
sampling location. For example, within the flat, if single samples
were collected to represent the whole room (as is typical practice
when comparing levels across many buildings), significant bias
could be introduced in the reported values. The mean level of BEH-
TEBP in the flat is 195 ng/g, but if we collected a single sample from
fraction of
P

NFRs in floor dust relative to distance from a potential indoor source.



Fig. 5. Maps of area densities, mass fraction and percentage content of a-c) BEH-TEBP and d-f) TCIPP in flat and g-i) HBB in CR.
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an area in the dining room (e.g., F17) we would report only 7 ng/g;
while based on the area around the TV table (e.g., F11) we would
measure 418 ng/g, e.g., 60-fold differences in reported levels based
only on location of floor sampling within the room. If extrapolated
to estimate human exposure to dust in the home, this would thus
result in 60-fold differences in exposure to BEH-TEBP simply due to
the location of sample collection within the home.

Moreover, this only considers the difference between floor
samples; clear differences also exist between surfaces and floors
(e.g., TBOEP in classroom desks vs. floor), which could lead to over-
or underestimation of exposure due to usage of the location (i.e.
children play more on carpet, but adults have more contact with
raised surfaces, e.g., desks). Additionally, we observed that the
range of surface dust loading influences levels; as a result, area
density and mass fraction do not correlate in many cases, and thus
careful consideration should be given to selection of the dustmetric
most appropriate to the study goals.
The strategy of the sampling depends on the goal of the
research. If simply detecting a wide range FRs is a goal, it is ideal to
sample in areas with high dust loadings, such as areas of long term
dust accumulation. However, this strategy would be inappropriate
for exposure assessment; rather, dust exposure is best assessed
with a focus on most frequently used areas of an indoor environ-
ment, and this should be given careful consideration because there
is significant spatial heterogeneity, even in seemingly homoge-
neous indoor spaces. When single samples are collected, composite
samples are strongly recommended to limit the influence of spatial
heterogeneity. Dust is an accessible and useful matrix to evaluate
indoor concentrations of compounds of concern, and a necessary
component of exposure assessment, however, to obtain coherent
and comparable data it is necessary to make appropriate choices in
sampling method, sampled area and metric for sample
interpretation.
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